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Abstract

Urbanization substantially alters the distribution and cycling of phosphorus (P) and nitrogen (N),
with widespread consequences for aquatic ecosystems and the communities that rely on them.
Cities concentrate human activities that generate an excess10f\Np, which are then

transported via impervious surfaces and stormwater networks to local surface waters. Such
excess nutrient loading degrades water quality and contributes to eutrophication in local and
downstream ecosystems. This dissertation focusélsrea key processes that drive nutrient
availability in urban aquatic ecosystems: sediment P mineralization and denitrification in
stormwater ponds and shallow lakes, and nutrient inputs to stormwater from urban tree litterfall
in the MinneapolisSt Paulmetropolitan region. First, | use sediment incubations to demonstrate
that the mineralization of organic P, an undramined process in aquatic research, can be an
important mechanism mobilizing bioavailable P from orgaith sediments common in urban

lentic systems. Furthermore, increasing temperatures exacerbated sediment P release, suggesting
that warming may further destabilize sediment P. Second, | explored denitrification across
diverse urban lentic sites and found reduced denitrification ragegwith exceptionally high

road salt inputs and high concentrations of total P. Road salt salinization drastically alters water
column mixing, while high total P is associated with the loss of macroptBd#s of these

factors may reduce N removal edgilities by limiting the availability of reactants for denitrifiers.
These findings underscore the differing drivers of urban P and N cycling, which challenge our
ability to mitigate the effects of both. To that end, the final component of my reseansk<$amn

a possible shared point of management for P and N: litterfall from street trees. Using datasets to
estimate nutrient inputs from street tree litterfall at the watershed scale derived from intensive
street sweeping, | found that litterfall inputeduently comprise a substantial fraction of total
watershed nutrient exports, especially during the fall and spring and in watersheds with high
street canopy cover. Efforts aimed at removing street tree litterfall may therefore meaningfully
reduce nutrientbading to urban waters. Taken together, this body of work demonstrates that
cities pose unique challenges but also opportunities for maintaining the integrity of surface
waters. In an increasingly urban world, continuing to develop our understandireydyfrtamic
relationships between urbanized landscapes and their waters is essential for maintaining the

integrity of surface waters at local and global scales.
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Chapter lintroduction

The rapid expansion of cities and their populations makes the study of urban waters
critically important. The prevalence of urban watenscseasing as catchments and shorelines
are newly or more intensively urbanized. Additional urban waters are created as novel water
bodies are constructed for functional or aesthetic purposes (Larson & Grimm, 2012). The
fraction of the global populationving in cities and relying on urban surface waters is expected
to reach 75% by 205@@aeumleret al, 2021). Urban surface waters provide essential services
like drinking water, food, water retention and flood mitigation, filtration, climate buffering,
transportation, recreation, community, and cultural and spiritual meaning. Similarly, urban
waters provide critical habitat for the organisms that increasingly live in or interact with cities
(Everard & Moggridge, 2012; Grimm et al., 2008). As urbanizatioghttens the importance of
urban surface waters, it also intensifies the threats they face.

Urban surface waters aggregate materials from and reflect conditions in their watersheds,
resulting in novel combinations of stressors. They receive pollutants such as coarse particulates,
heavy metals, hydrocarbons, pesticides, and road salt (Everardy§ridge, 2012; Grimm et
al., 2008; Novotny et al., 2008). Additionally, they experience higher temperatures compared to
their nonurban analogs due to effects of the urban heat island and their connections to high heat
capacity infrastructure (Grimm et a&2008; Kaushal et al., 2010).

One of the most potent threats faced by urban surface waters is eutrophication, driven by
excess P and N. Eutrophication is associated with high algal production, an increased risk of
toxic algal blooms, persistent bottom water anoxia, fish kills, redrededbility of drinking
water supplies, and overall diminished water quality (Ansari & Gill, 2014). Phosphorus and N
enter and move through cities in intersectd.i
inherent properties as well as the urban enwiremnt. Broadly, inputs of P and N to cities are
linked to fertilizer application, fossil fuel combustion, deposition, and pet waste (Hobbie et al.,
2017). A substantial fraction of incoming nutrients are transported with stormwater over
impervious surfaceand through extensive drainage networks to receiving surface waters
(Hobbie et al., 2017). As a result, surface waters aggregate nutrients from the urban landscape,
making surface waters particularly vulnerable to eutrophication while also being imsitetant

of nutrient processing.



Over the last several decades, the study of how cities alter aquatic nutrient cycles has
intensified, but our understanding of these concepts is still emerging. Of particular interest is
understanding the determinants of P and N availability in urban waters, including the internal
processes that remove bioavailable nutrients and mitigateeffesits locally and downstream.

My dissertation research focuses on nutrient cycles in urban lentic ecosysées and
stormwater ponds in the MinneapolisSt Paul metropolitan region in easintral Minnesota,
USA. Located in the upper Mississippi RiNmasin, this region is wateich with over 1,000
lakes and 13,000 ponds.

My dissertation research explores three key topics relevant to lentic ecosystem P and N
availability and cycling: 1) the role of biological mineralization in mobilizing sediment P across
a range of sediment characteristics and in the context of warmitige #jctors contributing to
variation in denitrification rates and efficiencies in sediments across a diversity of urban lentic
systems, with a particular focus on capturing the effects of road salt salinization for N removal,
and 3) quantifying nutrienbputs from street tree litterfall at the watershed scale to investigate
their contributions to and relationships with stormwater P and N. The findings presented here
contribute to our understanding of lentic ecosystem nutrient cycling in cities and peyond

highlight critical research needs, and identify opportunities for effective nutrient management.
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Chapter2: Sediment phosphorus release in orgarab urban lentic
ecosystems is linked to microbial metabolism and sensitive to warming

Summary

Sedi ment phosphorus (P) release hinders storm
downstream eutrophication. Previous work identified that abiotic processes, such as those driven
by redox conditions, may not account for all observed P mobilized fland sediments. We

focus on the role of microbially mediated P mineralization, aiming to understand how this
understudied process connects to pond characteristics and conditions. Working in the
MinneapolisSt. Paul, MN, USA Metropolitan Area, we used dincsediment slurry incubations

to measure rates of P release, microbial respiration, and acid phosphatase (AP) activity across
four temperature treatments (20, 25, 30, 35 C) in 20 stormwater ponds and 5 lakes representing a
range of sediment propertiesgothesized to influence biotic P mineralization. We found that

high rates of P release were accompanied by high rates of microbial respiration and AP activity,
all of which were positively related to incubation temperature and sediment organi@dmatter

clea indications of biotic control of P mobilization. Our findings suggest that unmitigated

warming in cities and their waterbodies may threaten the stability of sediment P, especially in the

organicrich sediments common in stormwater ponds.

Introduction
Background
Urban stormwater ponds are ubiquitous features in urban landscapes. Initially designed to
slow and retain storm flows, these ponds were quickly recognized as potenspbtsfor
ecological functions, including mitigating eutrophication of downstreafase waters by
retaining phosphorus (P) carried in stormwater (Frost et al., 2019; Williams et al., 2013;
Woodcock et al ., 2010) . Mass balance and moni
potential to trap stormwater P, but considerable variatiovhigther and how much P ponds
retain has motivated research into mechanisms and drivers of stormwater pond P retention (Clary
et al., 2020).



Initial research on pond P retention focused on sedimentation of particulate P, a dominant
form of P in stormwater and stormwater ponds, but the-teng fate of P in sediments is
uncertain. Pond morphologies and flow paths that increase water resideesaltow a greater
fraction of particulate P to settle to sediments. However, sediment P in ponds, as in lakes, may
not be permanently retained (Song et al., 2017; Taguchi et al., 2020). Release of previously
deposited sedimentary P, or internal loadiag reduce pond retention capacity (Bostrom et al.,
1988; Orihel et al., 2017).

The dissolution of R complexes under anoxic conditions, an abiotic process well
documented in lakes, contributes to internal P loading from sediments in stormwater ponds
(Sgndergaard et al., 2003). Despite shallow depths, ponds can experience fredjsastaaned
periods of anoxia that trigger the release of reslmsitive P (Song et al., 2017; Taguchi et al.,
2020). Indeed, anoxia has been linked to higher dissolved water column P concentrations and
reduced P retention in ponds. Further, intact sedirnore experiments confirm that anoxic
conditions promote P flux from stormwater pond sediments (Taguchi et al., 2020). However,
there remains a large amount of unexplained variation in P release from sediments in field and
laboratory studies, suggestingechanisms other than4Pedissolution and drivers other than
anoxia influence sediment P release (Taguchi et al., 2020).

Phosphorus mineralizatiédnthe microbially mediated conversion of orgaRiénto
soluble inorganidPd likely contributes to sediment P release in lentic ecosystems. Biotic P
mineralization is frequently a direct result of biotic activity, facilitated byaoigms that
synthesize enzymes required to hydrolyze P from OM. It is logical, given high rates of microbial
activity in sediments, that biotic P mineralization would contribute meaningfully to sediment P
mobilization (Bostrom et al., 1988), and prior r@sd supports this. For example, Qian et al.
(2011) found that sterilizing sediments reduced rates of P release, and Song et al. (2017) found
increases in water column total dissolved P were accompanied by increased phosphatase activity
and rapid declinem sediment organi®. Despite the potential importance of biotic P
mineralization, it remains undeepresented in the literature relative to other mechanisms of
sediment P mobilization (Hupfer & Lewandowski, 2008). Studies that have centered on lentic
saliment biotic P mineralization have predominantly been silaide studies or spanned a

narrow range of sediment properties (Li et al., 2018; Liu et al., 2023; Markovic et al., 2019;
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Shinohara et al., 2017). Further, very few assessments have incorporated stormwatdmuponds (
seeSong et al., 2017; Taguchi et al., 2020). As a result, uncertainties remain regarding the
stability of sediment organiE across site and sediment conditions and what that means for P
retention in lentic ecosystems.

Our work addresses this gap by exploring sediment P mobilization alongside microbial
and enzymatic activities across a range of sediment characteristics in urban freshwaters, focusing
predominantly on stormwater ponds. Not only are ponds important sigesyaling in urban
environments, they are also highly variable in factors expected to influence microbial activity
and biotic P mineralizati@n sediment organic matter (OM) properties and tempe@taraking
them ideal systems for study. Our work does ttehapt to directly disentangle abiotic and biotic
mechanisms of sediment P release (Bostrom et al., 1988), instead we assess how P release and
microbial activity respond to each other as well as temperature and sediment properties that are

known to drive Iotic activity.

Sedimenpropertiesas drivers of sediment P mobilization
Microbial metabolic activities rely on access to necessary substrates. Sediment organic

matter (OM) provides electron donors and nutrients necessary for microbial respiration. Thus,
sediments rich in OM likely will be able to support higher rates of sedimerobial respiration

and sediment P release. Investigating the role of OM is particularly important in stormwater
ponds. While pond sediments vary in OM content, with site age being an important determinant,
they tend to be rich in OM. Relatedly, orgaR forms (organid®) dominate in stormwater

influent, pond water columns, and pond sediments, suggesting that a large fraction of-the total
pool may be susceptible to liberation via biotic mineralization (Frost et al., 2019; Song et al.,
2017; Taguchet al., 2020). Taguchi et al. (2020) found labile orgd&hmontent in sediments to

be just as important a predictor of sediment P loss as1szttsitive P.

It is not only the quantity but also the quality of OM that influences rates of biotic P
mineralization: microbial activities respond to the degradability and elemental composition of
sediment OM (Bastviken et al., 2003; Davidson & Janssens, 2006; Gud&s2@12). Organic
matter quality is expected to vary considerably in stormwater ponds given the diversity of OM
sources (e.g., algal, macrophyte, terrestrial) and the degree of processing that OM undergoes

prior to reaching sediments (related to si@tth, retention time, and upstream conditions in the
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stormwater network). Sediments of low quality for microbial decomposition, such as those with
high C:N and C:P ratios might be expected to support lower microbial activity and biotic P

mineralization rates.

Temperature as a driver of sediment P mobilization
Temperature is a primary regulator of microbial (Gudasz et al., 2012) and enzymatic

activity (Shaw & Cleveland, 2020). The effects of temperature on sediment P mobilization are
often studied or discussed in the context of reslemsitive P: warming indirdg mobilizes P by
increasing microbial activity and sediment oxygen demand, inducing anoxia in bottom waters
and the rapid dissolution of sedimentF¢Sgndergaard et al., 2003). However, by facilitating
higher rates of respiration and enzymatic actsitivarming can directly increase sediment P
release via biotic mineralization (Jensen &
effects on biotic mineralization may be particularly pronounced when sediment OM properties
support higher microbial maolism (Zhang et al., 2015).

The effects of elevated temperatures are increasingly relevant as global climate change
and urban heat island effects warm cities and their ecosystems (Grimm et al., 2008). Stormwater
ponds are particularly susceptible to experiencing elevated tempedieresshallow depths,
high turbidity, and connections to paved stormwater infrastructure with a high heat capacity
(Hester & Bauman, 2013). Therefore, there is a pressing need to better understand the

implications of warming for the stability of sedimdhin urban lentic ecosystems.

Research on the role of sedimentation and ressimsitive sediment P has yielded key
insights into pond P retention, but has largely ignored the role of biotically mediated
mineralization despite suggestions that it may be important. We used anoxic $eflimgn
incubations to determine the influence of sediment characteristics (OM content and C:nutrient
stoichiometry) and temperature on biotic P mineralization, with a goal of refining our
understanding of the mechanisms and drivers of sediment P mutili2&4/e tested the

following hypotheses:

1) If sediment P release is from biotic mineralization, we expected that P release rates

would correlate with microbial respiration and AP activity.



2) We expected that sediments with high OM content would support higher rates of
microbial respiration and AP activity. If P release is from biotic mineralization, we also
expect OM rich sediments to have higher rates of P release.

3) We expected that sediments with higher C:N or C:P ratios, indicating more recalcitrant
OM, would have lower microbial and enzyme activity, as well as lower P release rates
should biotic mineralization be important. We also expected that OM quality would
mediate the effects of OM quantity by weakening the effects of OM content in
sediments with higher C:N or C:P ratios.

4) If sediment P release is from biotic mineralization, we expected that P release rates
would respond positively to increased incubation temperatures. We further expected
that warming would mediate the effects of sediment properties on biotic P
mineralization by increasing microbial metabolism and demand for substrates and

strengthening the influence of OM quantities or qualities on P release rates.

Methods

Studysites

We selected study sites to capture a gradient of sediment properties, especially sediment organic
matter quantity and quality. Our study sites consisted of 19 ponds with permanent standing pools
and 5 lakes. Lakes were included in an attempt to extenéégtad sediment organic matter,
phosphorus, and redox characteristics. Ponds include natural and constructed stormwater ponds
as well as two smaller, lentic water bodies (Almg and BrOKk). All sites were located in the
MinneapolisSt. Paul, MN, USA Metroddan Area (Figure2.1). For each site, we compiled

attributes related to site morphology. All site attributes were directly measured or estimated from
satellite imagery and are summarized in Tablgsite-specific attributes are included in Table
S2.1).Site anoxic factor is an indicator of sediment oxygen exposure. Calculated from site
bathymetry and water column oxygen profiles following Janke et al. (2022), it represents the
fractional number of days per year where sediments are overlaid by anoxi¢disgelved

oxygen < 2mg/L). When data were available, all dissolved oxygen profiles from-Jdngust

were used in calculating the anoxic factor

f
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regime. Statistical analyses that included anoxic factor were conducted separately for all sites

and for only those sites with extensive monitoring (>2 years of monitoring).

Figure 2.1. Location of studysites

Study sites (points) were located within the MinneagBtisPaul metropolitan region, Minnesota,
USA. The triangleindicates Lake McCarrons, the source of common water ussiiment
phosphoruseleasencubations.

Samplecollection preparation, and analysis
Sampling events were primarily Juhéugust of 2021 and 2022. Two sampling dates

occurred in September 2022 (TaBl&). At each sampling event, we collected sediment

samples, surface water grab samples, and hypolimnion water samples when sites were stratified
using a Kemmerer water sampler. We also collected profiles of water temperature, dissolved
oxygen, and specificonductance using a Hach portable meter, conductivity cell, and dissolved

oXygen sensor.



Table 2.1. Summary of gudy site physical attributes and key sediment properties.

Site properties Sediment properties
Max Site  Site

Size depth DO temp Anoxic OM Total-P

(ac) (f) (mgl) (C) factor % CN C:P (ugL)
Mean 36.0 17.1 1.7 19.6 0.3 18 20 187 1397
Median 0.42 57 0.1 21.1 0.2 17 18 157 1092
St. Dev 755 309 3.6 6.0 0.3 11 8 114 1214
Minimum 0.02 0.8 0.0 5.6 0.0 1 10 17 435
Maximum 256.82 1400 134 29.8 1.0 50 47 471 6182

Summary includes lakes and ponds.

DO = bottom water dissolved oxygen at the time of sampling; Site temp = bottom water temperature at the
time of sampling; OM = organic matter; C = carbon; N = nitrogen; P = phosphorus; Anoxic factor = index
from 07 1 with high values indicating more fregpt sediment anoxia.

Sediments for P release incubations were collected via an Eckman dredge from the
deepest portion of each site. For sites too shallow to dredge or sampled by study partners, a
plastic tube (diameter 6 cm) was pressed into the sediment to collect a sinadindexbre. For
both methods, care was taken to save only the surface sediments up to 5 cm. Multiple sediment
samples were homogenized (>3 subsamples) to ensure sufficient material for incubations and
analyses. Sediments were stored in plastic bags withggen, in the dark, and at 4 C. Loss on
ignition analyses, used to identify sediment organic matter content, were started on wet
sediments within 48 hours (Heiri et al., 2001). At the same time, a sediment subsample was
frozen for subsequent assessmdrataidd phosphatase enzyme activity and another subsample
was oven dried at 60 C overnight. Dried sediments were ground and homogenized for analysis of
sediment total C and N content, total P, and P fractions. Sediment C and N content were
measured using@ostech ECS 4010 CHNSO Elemental Analyzer (Costech Analytical
Technologies Inc). These values, along with sediment total P, were used to calculate molar C:N,
C:P, and N:P.

Sediment total P and P fractions were extracted from dried sediments following a method
adapted from Psenner (1988) and Engstrom (2005). Total P was extracted@itmH HCI
and treated with sodium metabisulfite before being analyzed for soluble reactive P (SRP) using
molybdate colorimetry. For P fractions, serial digestions were used to extract{bosaly and
CaCQ-P ( f e x ¢ FPaon gENakvalctien), FeP (NaHCQ and NaS:04 extraction), AIP

(NaOH extraction), and miner&l (HCI extraction). Laibe organicP was extracted from the Al
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P fraction using KS:Os (Engstrom, 2005; Psenner 1988). Extracts were analyzed for soluble
reactive P (SRP) using molybdate colorimetry. Residual orgamias calculated as the
difference between total P and the sum of all other fractions. Total ofigasithe sum of the
labile and residual organte fractions. Redo® is the sum of exchangeaiiteand FeP.
Water samples were filtered within 24 hours through aagheed 0.45 um poigize filter
and analyzed for SRP, total dissolved P (TDP), dissolved organic C (DOC), and total dissolved
N (TDN). SRP and TDP were analyzed using molybdate colorimetry. DOCRNd&sa&mMples
were acidified and measured on a Shimadzu TCQfalyzer equipped with a

chemiluminescence detector (TNMunit, Shimadzu Corporation).

Sediment P releasecubations
Sediment slurry incubations were used to measure the rate of P release and microbial

respiration. Incubations were started within 48 hours of sediment collection. Twenty grams of
sediment and 120 mL of filtered common watere added to 125 mL glass Wheaton media
bottles. We ensured incubated sediments were representative of the collected sample by
frequently homogenizing the sediment sample and avoiding anomalous coarse organic material.
Sediments were incubated with commveaiter rather than site water to control for differences in
starting water chemistry. Common water was collected fromstezre of Lake McCarrons, St.
Paul, MN (Figure2.1), which is known to have low SRP water concentrations. Lake McCarrons
water was filered in the field through a 0.45 um filter, stored in the dark at 4 C, and used within
one week of collection. A subsample of common water was analyzed for SRP, confirming
background SRP concentrations were below detection for all incubations.

Incubation bottles were tightly sealed with caps fitted with butyl septa, vigorously
shaken, and purged of oxygen by flushing with helium og&$ (used when helium was
unavailable). This marked the starting time for each bottle. Establishing anoxia at the onset
mimicked site conditions and limited variation due to differences in microbial oxygen
consumption. Incubation bottles were kept indaek until destructively sampled at 2, 24, 48,
and 72 hours. An additional 120 hour time point was afllesites with especially low
sediment organic matter content (SemNw and PnOak) to account for potentially lower reaction
rates. Bottles destructively sampled at 2 hours were incubated at 20 C. We applied a temperature

treatment to all other time poiniacubating bottles at either 20, 25, 30, or 35 C. Each time point

11



and temperature had three bottle replicates. The 25 C temperature treatment was dropped for
sites with insufficient sediment (Almg, BrOk, PnOak, ResCircW, TRckN). Statistical analyses
were performed with and without the 25 C treatment, and missing obeasvdid not

meaningfully affect findings.

To sample sediment incubations, bottles were first vigorously shaken to equilibrate the
headspace with the sediment slurry. Headspace gas samples were collected through the septa and
stored in crimped and evacuated Agilent gas vials. Gas samples wemedralya gas
chromatograph for £ CO: and CH. Any incubation bottles with headspacgdpeater than 5%,
which may reflect a compromised incubation seal, were omitted from the data. Incubation water
was allowed to settle for at most one hour before dewaintto centrifuge tubes and centrifuging
at 4000 RMP. The supernatant was filtered through a 0.45 um filter and stored frozen until
samples were analyzed for SRP using molybdate colorimetry.

To calculate rates of P release and microbial respiration, we ultimately used only the final
(72 or, when available, 120 hour) time point for each site, as SRP concentrations in bottles
sampled at earlier times were often below the detection limit. Th&RWconcentrations below
detection at the final time point were replaced with half the detection limit for rate calculations.
Rates of P release and microbial respiration were calculated for each bottle as the mass of P
(ng/gram dry sediment) or the suh@O.-C and CH-C (pg/gram dry sediment) divided by the
sampling time for each (hours), respectively. Bottle replicates were averaged to produce final

estimates of P release ratesréfee) and microbial respiration rate (Resge).

Acid phosphatase enzyme activity assays
We performed acid phosphatase (AP) enzyme fluorimetric assays on thawed wet

sediments following a microplate method outlined in Marx et al. (2001). Sediments were
amended with Methylumbelliferyl Phosphate substrates and buffered to pH 6.8, similar to the
pH measured in sediment incubations. To correspond with sediment incubations, we applied a
temperature treatment (20, 25, 30, and 35 C) to enzyme assays. We incubated one microplate,
containing eight replicate sample wells, at each temperature treatmeath study site. Each
microplate was incubated at the assigned temperature for two hours and then read at 365 nm

excitation and 450 nm emission on a microplate reader. Only sites sampled in 2022 were

12



analyzed for AP activity. The addition of substrates means AP activity represents potential

activity under conditions when substrates are readily available.

Calculatingtemperaturesensitivity
How P-rate, Resgate, and AP activity responded to incubation temperature varied

across sites, appearing linear in some instances and exponential in others. We fit regression
models to untransformed and ognsformed rates to assess linear and exp@ieealationships

with temperature, comparing model fits using coefficients of determination.-fade Pwve fit

these models to untransformed andiansformed rates using AkriiaBheili Sen

nonparametric regression (Helsel & Helsel, 2012; Julian & H&623). This method allowed

for a more accurate incorporation of below detection values and is applicable to small datasets
(Helsel & Helsel, 2012). This method produces a slope, intercept, measures of model fit
(Kendall s t au) , Regressian slgéesdsronolifiearsnodgliits Wereasedas e .
expressions of linear temperature sensitivity. Regression slopes from exponential model fits were
used to calculat®10temperature sensitivity for-Rate, Resgate, and AP activity at each site

folowi ng van 0t Hof f:
0 Q eqg. 1

whereQ10is the temperature sensitivitgj s Eul er 6 § isnhe siopeefrom thea n d
exponential model relating rate to incubation temperature (Davidson & Janssens, 2006).

Statisticalanalyses
We used bivariate (BV) mixedffects regression analyses to assess relationships between

P-rate, Respate, and AP activity, pooling all temperature treatments and including site as a
random intercept to account for rodependence of observations (Pimbest al., 2021). We

also included an incubation temperature interaction term to assess whether temperature mediates
relationships between measured processes.

We used multivariate (MV) mixedffects regression and the nime R package to identify
proximate drivers of fate, Respate, and AP activity (Pinheiro et al., 2021). All three response
variables were logransformed to meet model assumptions, and all leadeluded site as a
random intercept. Incubation temperature was included as a main effect and in interactions with

sediment properties. Candidate predictors were sediment and site properties hypothesized to be
13



important or those that emerged as important in BV regression (results not shown). If two
candidate predictors were highly correlated (
the predictor more strongly correlated with the response variablé nedgessions or the
variable that was collinear with the fewest other predictors. Candidate variables that were
considered but omitted were sediment tdtatotal organid?, residual organi®, C content, and
N content, as well as P fractions expressefdacent of totalP. To assess whether the effects of
individual predictors differed with warming, we included interactive terms between sediment
properties and incubation temperature. Main effects included as continuous variables in the
initial full modd were: incubation temperature, sediment %OM, C:N, C:P, labile organic
redoxP, anoxic factor, and site dissolved oxygen concentration, with interactions between
incubation temperature and all main effects.

We used two methods to identify optimum models for each response variable: manual
backwards selection following Zuur (2009) and Fieberg (2024) using maximum likelihood ratio
tests and AICc to identify an optimum model, and 2) automatic model selectiangBd&, 202 2) .
Both methods arrived at the same set of significant predictors in the optimum model. We report
the output from the automatic model selection here. Variables included in all final models had
variance inflation factors below three.

Finally, we further tested relationships among site characteristics and temperature by
relating site linear temperature sensitivity &wlvalues to sediment properties using BV linear
regression (R Core Team, 2021). As these were bivariate analyses, we could test all predictors of
interest regardless of colinearity: sediment %OM, total orgBniabile organid?, redoxP, C:N
ratio, and CP ratio as well as site anoxic factor, dissolved oxygen concentration, and
temperature at the time of sampling. Flbstatistical models, we checked assumptions and
performed logtransformations of response and predictor variables to meet model assumptions.
Unless otherwise noted, the threshold for significance wasdye < 0.05. All statistical analyses
were performéd in R (R Core Team, 2021).
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Results
Sedimenincubationfindings

Most incubations measured at the final time point showed SRP accumulation in
incubation water, indicating sediment P release. The average rate of sediment P release ranged
from <0.01 to 0.14 pg/g/hour at 20C (mean 0.03; sd 0.04; FRR)yelncreasing incubation
temperature significantly increasedde in 20 of 24 sites (Figur&3). At 35 C, Prate ranged
from <0.01 to 0.62 pg/g/hour (mean 0.13; sd 0.16). Of the four sites where temperature had no
significant effect on Rate, Alam and CentPark had lei(though not the lowest}Rate across
temperature treatments (< 0.02 pg/g/hr), TRckS had an inconsistent response to temperature, and
SemOld had slightly higher rates with incidences of elevateddat lower temperatures
(Figures2.2, 22.1). Of those that showed a significant effect of warming, temperature increased
P-rate linearly in nine sites and exponentially in ten sites. The differences in goodness of fit
between linear and exponential models were minimal (mean differenceR3 Qdj6). As a
result, we use only the linear temperature response values for P. P temperature sensitivity values
ranged from G 37.4 ng P/g/hr/degree C.

The accumulation of gaseous £&hd CH in incubation headspace indicated active
microbial respiration in all incubations. Average respiration rates varied across sites and
temperature treatments from 0.02.87 pg/g/hour at 20 C (mean 0.29; sd 0.2) to 694
pg/g/hour at 35 C (mean 1.1d 4.1). Increased incubation temperature significantly increased
microbial respiration in all but one site (Almq), and all but two sites increased exponentially with
temperature (FigureZ®2). ResprateQl10ranged fran 1.2- 3.5 (mean 2.4, sd 0.7).
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Figure 2.2. Phosphorus release rates under fouemperature treatmentsin all study sites
Rates of sediment phosphorus (P) release, measured as the accumulation of soluble reactive P in
sediment incubations. All temperature treatments and bottle replicates are shown. Asterisks indicate
sites where rates of P release were significantly highereleévated incubation temperature. Open
symbols indicate samples whose soluble reactive P concentrations were below instrument detection.
Data are displayed on a ldd scale.

Acid phosphatase activity measured 44491.4 nmol/g/hour at 20 C (mean 173.3; sd
119.1) and 126.1792.6 nmol/g/hour at 35 C (mean 372.1; sd 199.2). Warming significantly
increased AP activity in all but one site (TRckN). Exponential relationshipsebat&P activity
and temperature out performed linear relationships in only three sites with many sites showing a
dip in AP activity from 20 C to 2& (Figure 2.3). The differences in goodness of fit between
linear and exponential models were minimal (me#ierence in adR? 0.08). As a result, we
use only the linear temperature response values for AP, which ranged fi26n 3
nmols/g/hr/degree C.

Sediment P release rates had significant positive relationships with microbial respiration
(margR? 0.34; figure2.3a) and AP activity (margR? 0.58 ; figure2.3b). Resprate and AP
activity were also positively correlated (m&g0.38 ; figure2.3c). None of these relationships

were mediated by warming, as temperature interaction terms were not significant (results not
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shown). There were also no relationships between temperature sensitivity estimatatepf P

Resprate, and AP activity (results not shown).
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Figure 2.3. Relationships between measured sediment processes

Sedimenphosphorus (P) release rate vs. a) microbial respiratiofifradRee s p . mangiaatRe=0 ;

0.34; conditionaR? = 0.83)and b) acid phosphatase (AP) enzyme act{vitgrginalR? = 0.58;

conditionalR? = 0.85) c¢) AP activity vsResp.rate(marginalR? = 0.38; conditionaR? = 0.65)

Each point represents the average of incubation replicates. Circles indicate study sites designated

as ponds, triangles indicate | akes. Model s incl u
random intercept. All slopes wesegnificantly different from zero @ualue < 0.05).

Sedimenproperties
Study sites represented a gradient of sediment organic matter quantitg@d), molar

carbon:nitrogen (C:N 1047), carbon:phosphorus (C:P1471), and sediment tot&l (~ 435/
6180 mg/kg). There was considerable variation in sediment P fractignsg#.4), with the

total organieP pool comprising between 252% (mean 50%; sd 10%). Labile orgaRicended

to comprise a smaller fraction of tofal(range ~0 26%, mean 7%, sd 8%) compared to residual
organicP (range 14 62%, mean 40%, sd 14%3edoxP, composed almost entirely of-Pg
ranged from 7 41% of totalP (mean 15%, sd 7%). The exchange#&bfeaction was less than
7% of totatP (mean 1.5%) in all sites.

Lakes were included to aid in broadening the ranges of sediment properties, but there
were few significant differences in measured sediment properties between ponds and lakes.
Ponds contained significantly greater fractions of minBrahd smaller fractits of residual
organicP relative to lakes {test; pvalue < 0.05; Figur@2.4). Sediment C:N was slightly higher
in ponds compared to lakestésst, pvalue < 0.1) due, in part, to significantly lower N content in

pond sediments-{est, pvalue < 0.05).
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Figure 2.4. Sediment phosphorus fractions

Top: Concentrations of total sediment phosphorus (TB)and key sediment P fractions for each

site. The upper portion of theaxis is compresseérom left to right, the order of bars is: Total

P, residual orgP, labile orgP, and redoyP.

Bottom Sediment P fractions as percent of sediment total P for eachrsite bottom to top, the

order of bar sections is: residual gPglabile orgP, redoxP, minP, and alP. When only four

sections are present, the labile orgdpifraction was zero.

AOrgo indicates an organic fract iPoassunedtolsei ti ve t
less accessible to microorganisms than labileRarghe sum of labile orf and residual or&

represents total organe.  fi RPedd oixs t h e -lBounthP, ® bourld to cadcrirh y
carbonate,andirecbound P, and is sensitivePd oi £ halngmisnum
bound ;0 i Mi-bounchker al

Sedimenpropertiesas drivers of measured processes and temperature sensitivities
Multivariate modeling of all study sites revealed thatf responded positively to

incubation temperature and sediment %OM and negatively to anoxic factor ZIalieure

2.5). There were five other models within two AICc units and all included similar significant
effects of incubation temperature and %OM. When models included only sites where estimates
of anoxic factor incorporated two or more years of summer monitoringigh#éicant negative

effect of anoxic factor persisted (results not show@sults from MV models that included only
ponds were highly similar to those for all sites (TahB).
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Table 2.2. Parameter estimates from the optimum multivariate mixed model for
phosphorus (P) release ratanicrobial respiration rate, and acid phosphatase activity.

Parameter estimates

Sed. Sed.
Incu. Sed. Sed. lab. redox- %OM x AF x C:N x Marg. Cond.
Temp %OM AF CNN orgP P temp temp temp n R R?
All sites
P release rate* 0.09 0.08 -2.36 85 0.45 0.90
Respiration rate* 0.05 0.04 -0.02 0.002 85 0.46 0.93
AP activity™ 0.06 0.03 0.003 38 048 0.76
Only ponds
P release rate* 0.08 0.12 -2.72 65 0.55 0.89
Respiration rate* 0.07 0.02 0.01 0.001 65 0.69 0.94
AP activity™ 0.05 0.10 23 0.75 0.80

Modeling was performed using all sites and only ponds. Bold values significant at p < 0.05.
Candidate variables that did not appear in any optimum model are not listed but are describtedtin the
Asterisks indicate variables log transformed prior to modeling. Number of observations included in each

model (n), marginal (Marg.) Rand conditional (Cond.)¥alues are listed. Incu. temp = incubation

temperaturgC); Sed. %0OM = sediment percent organic ma#é&r= Anoxic factor;Sed. C:N = sediment

molar carbon to nitrogen ratio; Sed. lab.-&rg sediment labile organP ;

with incubation temperature.
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Figure 2.5. Drivers of phosphorus release rates in sediment incubations
Sediment phosphorus (P) release rates vs. each of the three significant predictors (p < 0.05) that
appeared in the optimum multivariate model. Shading represents the 95% confidence interval.
Models included observations from all sites (i.e., lakes andg)avith site as a random intercept.

Model output can be viewed in table 2.

cates

Sediment oxygen exposure may mediatate temperature sensitivity as a positive

interaction between incubation temperature and anoxic factor emerged as important in MV
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models (Table.2). Comparing Rate temperature sensitivity (i.e., the linear slope between P
release rate and incubation temperature) to sediment properties showecdhtka& more
sensitive to warming in sediments rich in OM and org&hand sediments with highexdoxP
(Table2.3; Figure2.6). The proportions of total sediment P in organic and resmsitive forms

were not significant predictors of P temperature sensitivity (TaB)e

Table 2.3. The mediating effects of site and sediment properties on the temperature
sensitivity for phosphorus (P) release rates, microbial respiration rates (Resp.), and
acid phosphatase activity (AP).

Temperature sensitivity

P* Resp.* AP*

- Anoxic factor
& | Site DO
Site water temp  -0.10 -0.08
% OM 0.36
C:N 0.25 -0.22
C.p* 0.07
+« | Total org-P* 0.20 0.40
£ | Labile org-P* 0.15 0.22
E Redox-P* 0.12 0.22
% total org-P
% labile org-P
% redox-P

P and AP temperature sensitivity are the slopes from linear relationships with incubation temperature.
Resp. temperature respons&ik0. Values are coefficients of determination (&%) from bivariate
regression models. Negative values indicate a negative relationship. Bold values indaate $0.05;
unbolded values indicatevalue < 0.1. Asterisks indicate log transformed vareHl¥O: dissolved

oxygen; temp: temperature; OM: organic matter; C: carbon; N: nitrogen; org: organic
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Figure 2.6. Phosphorus temperature sensitivity vs. sediment percent organic matter.
Phosphorus temperature sensitivity is the slope of the linear relationship between phosphorus
release rates and incubation temperature. Open symbols represent sites where incubation
temperature had no significant effect on P release rate. ModBf ad).36, trendline significant
atp <0.05.

Sediments varied in the degree to which P release rates, microbial respiration, and AP
activities responded to warming. When compariAgpR (the slope of the linear relationship
between P release rate and incubation temperature) to sediment progergeB\Wuregression,
we saw similar results to those described for rates above. In sediments with greater OM and total
organicP, warming led to greater increases in P release rates.

The optimum MV model for Respate included significant positive effects of incubation
temperature, sediment %OM, and a sediment C:N x incubation temperature interaction, whereby
higher C:N sediments were more sensitive to warming (TaR|d-igure 2.4). These were the
only significant predictors in all models within two AICc units of the optimum model. When
focusing on pond sites, which tended to have higher sediment C:N ratios, the C:N and
temperature interaction was eliminated. Anoxic factor dicappéar in any Respate top
models. BV regression analyses of Resie temperature sensitivity confirmed the positive
effect of C:N (Table.3).

The optimum model of AP activity included significant positive effects of incubation

temperature and sediment %OM (TabI2; Figure 2.5). Anoxic factor did not appear as a
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predictor of AP activity in any models. AP was more sensitive to increased temperature in
sediments high in organte (Table2.3).

Discussion
We expected that if biotic mineralization contributes to the sediment P mobilization, rates
of dissolved P accumulation in incubations would 1) be positively related to microbial
respiration and AP activity, 2) increase in sediments rich in OM, 3) deass@sesediment
C:nutrient ratios were high, and 4) increase with temperature. Additionally, we expected that
temperature would mediate relationships between measured processes and interact with sediment
properties to shape P mobilization. We found sufficeupport for these hypotheses (namely, 1,
2, and 4) to conclude that biotic P mineralization and its drivers contribute meaningfully to

sediment P mobilization.

Sediment Pnobilizationwas associated with microbial and enzymatic activity
Phosphorus release rate was positively correlated with-Résand AP activity in

sediment incubations, supporting an association of P mobilization with microbial metabolism.
These findings align with the few other studies that have compared sedimebilRation and
respiration [Liikanen et al. (2002) in a boreal lake, Taguchi et al. (2020) in MSP stormwater
ponds] and P mobilization and phosphatase activity [ZhiJiang et al. (2012) in subtropical
wetlands]. The associations between measured procgsseidependent of incubation
temperature, suggesting that these relationships exist even without warming.

Some of the variation in observed relationships betweettePand Respate and Rate
and AP activity was likely driven by differences in P immobilization. A fraction of freed P can
be immobilized in microbial biomass and would not be captured by measotieof P in
incubation water. Whether freed P is immobilized or released to the environment depends on
microbial metabolic demands. Building on the work of McGill and Cole (1981), McConnell et
al. (2020) outlines that biotic P mineralization may be drivg a need for P, C, or both. When P
is exclusively limiting, biotic P and C mineralization are decoupled, and P is hydrolyzed from
OM without the simultaneous respiration of C. The positive relationship betwesta Bnd,

especially, AP activity with Rep-rate confirms coupled biotic P and C mineralization in

22



sediment incubations. What remains uncertain is the extent that biotic P mineralization is driven
by a microbial demand for P.

Measurable AP activity in study sediments may indicate P limitation. Indeed, numerous
studies have found that phosphatase activities decrease when bioavailable P increases (Fujita et
al., 2017; Hill et al., 2010; Jansson et al., 1988). However, phospkgtakesis and biotic P
mineralization can be driven exclusively by a need to acquire C as dephosphorylation appears to
greatly aid C acquisition from OM (McConnell et al., 2020). Consequently, some studies report
that biotic P mineralization and phosplssactivity proceed even when bioavailable P is
abundant (Allison & Vitousek, 2005). We similarly saw no effect of site bioavailable P
concentrations on-Rates, Resjpates, or AP activities. That said, the use of common water in
incubations could negate effect of site P availability, and the relatively short duration of
incubations compared to the reported halflife of phosphatases would challenge our ability to see
an influence of newly freed P on P mobilization (Jansson et al., 1988). While we tghect
biotic G- and Rdriven mineralization c@ccur in study sediments, a thorough investigation is
beyond the scope of this work. Understanding the metabolic demands driving biotic P
mineralization, including how biotic P mineralization responds to Radoigty, has implications

for internal P loading in lentic ecosystems and should be the focus of future research.

Sediment properties akiversof measured processes
Sediment OM quantity (as %OM) was among the best predictorsrate® and AP

activities in MV modeling. The importance of sediment %OM was only surpassed by incubation
temperature in Respate models. Organic matter provides necessary electrons omtedota
microbial metabolism and the synthesis of phosphatase enzymes. The clear importance of OM
guantity further supports coupled biotic mineralization of P and C in our sites. Contrary to our
expectations, the effects of OM quantity on measured presegsre not affected by sediment
C:nutrient ratios nor did sediment C:nutrient ratios independently influence measured processes.
However, sediment C:N interacted with temperature to affect microbial respiration, discussed in
depth below.

Concentrations of sediment P fractions likely have implications for the relative
importance of P mobilization mechanisms: sediments high in orffamay be susceptible to

biotic mineralization while redeinduced dissolution may be important when re@ox
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dominates. However, our ability to assess the isolated or relative influence of each P fraction was
complicated by strong correlations among them
for redoxP and total organi® was 0.9. It was no surprigbhen, that we observed similarly
positive effects of total organte and redo¥P concentrations on-Rtes and Respates in BV
analyses (p < 0.05). Taguchi et al. (2020) also found similarly positive correlations offredox
and labile organi®® concentrabns with sediment P release rates. In MV modeling, we saw no
clear indications that any P fractions were primary drivers of measured processes. These findings
emphasize that concentrations of individual sediment P factions may not be useful indicators of
dominant sediment P mobilization processes (Sgndergaard et al., 2003).

There were indications that sediments from sites with greater oxygen exposure (i.e., low
anoxic factor) experienced higher#tes, though effects were slight. Incubations were anoxic,
so this relationship may reflect ways that site redox conditionssat®&ment properties. For
example, sediments with more frequent or recent oxygen exposure may have a larger pool of Fe
P that could rapidly dissociate under incubation anoxia. Oxygen exposure can also facilitate the
downward migration of P into sedimentdhiah could increase the initial P concentrations in
homogenized sediment samples (Wang et al., 2022). Nonetheless, we did not see any significant
relationships between measured sediment properties and site anoxic factor or bottom water
oxygen concentratian Site oxygen exposure could also affecates by altering microbial
abundance or structure (Zhang et al., 2015). Similarly, the starting concentration of phosphatase
enzymes may be higher in sediments with frequent or recent oxygen exposure duerto high
aerobic metabolism, though no measures of oxygen correlated with AP activities in our study.
These potential indirect effects of oxygen exposure on P mobilization would augment the well
established, direct effects that oxygen has on internal P loading.

We did not vary redox conditions in sediment incubations, so it is unknown how changes
in oxygen would directly alter the rates and relationships observed. The introduction of oxygen
to sediments could increase microbial activity, potentially increasidmplygis of organid?
(Bastviken et al., 2003). Conversely, aerobic respiration may be accompanied by a greater
demand for P, increasing P immobilization relative to biotic mineralization (Bastviken et al.,
2003; McConnell et al., 2020). Additionally, tbgidation of Fe(ll) to Fe(lll) could increase the

capacity of sediments to bind P, reducing the fraction of hydrolyzed P released to porewaters
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(Jensen & Andersen, 1992). In fact, Likaanen (2002) observed negligible sediment P release
from lake sediment cores under oxic conditions even when subjected to increased temperature,
attributing the finding to sediment binding capacity. We did not medlseaneinding capacity of

study sediments, but we expect that the adsorption of freed P to sediments could contribute
additional variation to the relationships between rates of P release and microbial respiration,

though binding capacity is expected to & in anoxic incubations.

Warming increases P release rates
Increased incubation temperature significantly increased P release rates, further

supporting that P mobilization is microbialigediated in study sediments (Bostrom et al., 1988).
Warming increases P mobilization via biotic mineralization by increasinghbiéd metabolism

and demand for C and/or P, thereby increasing phosphatase synthesis. Warming also increases
biotic P mineralization by increasing phosphatase activity (Davidson & Janssens, 2006). These
mechanisms are supported by the observed significar®ases in Resgtes and AP activities

with higher incubation temperature.

Warming enhanced rates of all measured processes but did not alter the relationships
among them. We expected that higher incubation temperature would increase microbial and
enzymatic activities, enhancing the role of biotic mineralization for P releasstrandthening
P-rate relationships with Regpte and AP activity. Instead, P release is associated with
microbial and enzymatic processes even at lower temperatures (Liikanen et al., 2002); P release
via biotic mineralization does not depend on warming.

Comparing temperatures sensitivities reported here and elsewhere reveals similarities and
a need for more research, particularly in stormwater ponds. OusrResplOvalues (mean 2.4;
sd 0.7; range 1.23.5) aligned with those reported from similar temperatures in boreal lake
sediments (mean 2.3; sd 0.4; Liikanen et al. (2002)), streambed sediments (rarg;0.1
ComerWarner et al. (2018)), and sediments fronpical freshwaters (single reported value of
2.5). Gudsaz et al. (2012), found that thfeefof warming from 0 to 27 C on leigansformed
biotic C mineralization rates across 219 lakes was 0.036, which is similar to the effect of
temperature on legransformed Respates in our MV models: 0.05.

Very few studies have estimated the temperature sensitivity of AP activity or biotic P

mineralization in aquatic ecosystems and, to our knowledge, none have included stormwater
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ponds. Hui et al. (2013) estimated AR0to be 1.7 using phosphatase kinetic information from
a wide range of ecosystems. Liikanen et al. (2002), measuring P release in anoxic intact sediment
cores from a boreal lake, reported an avef@g@of 2.9 (sd0.5). Referencing the work of
Kamp-Nielsen (1975), Jensen and Andersen (1992) ré&pboivalues for aerobic sediment P
release of 4.2 and 23 under anaerobic conditions. We do not re@tr®for P-rate or AP
activity, as relationships betweerr&e and temperature across sites were not consistently
exponential. Fate temperature sensitivities in our study did tend to be higher and more variable
than those estimated for microbial respiratidhis finding is consistent with those reported in
Jensen and dersen (1992), who attributed high P temperature sensitivities relative to losses
from the inorganic F& pool as microbial respiration depleted oxygen in sediment couves.
incubations were purged of oxygen at the onset in an effort to reduce this effect, but this indirect
effect of temperature on sediment P release could be factor in our incubations, as well.
Additional assessments into P release temperature sensitivity are needed.

Our findings indicate that warming reduces the stability of sediment or§aimcreases
biotic mineralization, and may further exacerbate internal and downstream eutrophittion.
estimated that one degree of warming increased P release rates under anoxic conditions by 9%,
with a large amount of siim-site variation. We expect that some of this variation was driven by

differences in sediment properties, though our findings gbomclear patterns.

Interactions between temperature and sediment properties
Rates of phosphorus release were more sensitive to warming in sediments rich in organic

matter. This pattern was driven primarily by those sediments with greater than 20% OM with the
exception of one site (Jose) that has high %OM but comparatively less®Ry As described
above, sediments with higher OM are able to support higher rates of microbial activities and P
release. The lack of relationship between Redp temperature sensitivity and sediment %0OM,
however, could suggest some decoupling of d@nvith warming.

Indicators of OM qualit$ sediment C:N and C&were not significant main effects in
P-rate, Respate, or AP activity in MV models but may be important mediators of the effects of
warming. The degradability of OM substrates is a known regulator of micrelsgitation
temperature sensitivity (Gudasz et al., 2012; Jane & Rose, 2018). The carbon quality temperature

hypothesis states that because more recalcitrant OM has a higher activation energy, it will
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respond more strongly to increased temperature (Fierer et al., 2005; Q. Wang et al., 2019; Wen et
al., 2024). In support of this, we found that Rezies in sediments with higher C:N ratios (often

an indication of low OM degradability (Gudasz et al., 20¥&re significantly more sensitive to
increased incubation temperature and an interaction between incubation temperature and C:N
was a significant predictor of Resate. The effects of C:N on Resgte temperature sensitivity

did not transfer to fateor AP activity or were not captured with elemental ratios. Additional
measurements of sediment OM quality and its effects on biotic P mineralization are needed,
particularly in stormwater ponds where OM characteristics are highly variable.

The effects of warming on P release rates may change as a warming event persists due to
changes in substrate availability (McConnell et al., 2020). As warming increases microbial
metabolism, P may become more limiting and immobilization may exceed biogcatization.

Critical questions remain regarding how substrate availability and temperature interact to
determine biotic P mineralization contributions to internal P loading and should be the focus of

future study.

Conclusions & implications for management

Biotic mineralization is not the only mechanism of P release in our incubations or site
sediments. There is no question as to the importance of-seahsitive P for internal loading in
lentic ecosystems (Ding et al., 2016), and anoxia would facilitateelbase of rede® in our
incubations. Further, some sediment P may be lost due to diffusion or desorption, particularly in
homogenized sediments, though sediment exchangPadatent was low (all <7%; mean
1.5%). Differentiating the mechanisms of imak P loading is a persistent challenge (Hupfer &
Lewandowski, 2008), and we are not able to quantify the relative contributions of each. Instead,
the relationships we observed between P release rates and microbial and enzymatic activities,
sediment OM, ath temperature make it clear that biotic mineralization contributes meaningfully
to P release under anoxic conditions and add to our understanding of the conditions that affect
the stability of sediment P. Our findings add to a growing body of evidencetiratal P
loading is not only driven by redox conditions but also by complex factors that affect microbial

metabolism. This understanding is critical for the management of excess P in urban freshwaters.
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Efforts to promote P retention in stormwater pond and lentic ecosystem sediments should
consider the role of biotic P mineralizatidgrortunately, some common strategies used to
stabilize redoxsensitive P may also be effective for reducing P loading from biotic
mineralization. Strategies that increase sedimdnnhBing capacity (e.g., iron or aluminum
amendments or designing and manggdonds to promote aerobic conditions) can prevent the
transport of P mobilized by any mechanism to overlying water. Similarly, particular attention
should be paid to sites where high OM content can support higher rates of microbial activities
that drivebiotic P mineralization as well as the reducing conditions needed for the dissolution of
Fe-P. What is gained by more explicitly considering biotic mineralization as a key component of
sediment P release is an emphasis on the role of temperature. Bffartgate warming in
urban water bodiésincluding designing stormflow networks to reduce contact between
stormwater and high heat capacity paved surfaces or addressing the pressing problem of
warming in cities more broaddywould help prevent any stimulatoeffects of elevated
temperatures on sediment P loading and improve the ability of urban sediments to retain P.
Further, as water bodies in cities and beyond experience more frequent and prolonged periods of
warming, additional research into how elevatstperatures alter the stability of sediment P
within the context of other global change factors, such as excess nutrient loading, is of critical

importance.
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Chapter3: Denitrification rates and efficiencies in urban lentic systems
are linked to trophic status and sediment oxygen exposure

Summary

Denitrification (DeN) in small lentic ecosystems like stormwater ponds and lakes is expected to
contribute meaningfully to nitrogen (N) removal in urban watersheds, ameliorating the effects of
excess N locally and downstream. However, the site charaicetisat promote high DeN rates

and efficiencies, defined as the release of inert dinitrogen gas over the potent greenhouse gas
nitrous oxide (NO), are presently unclear. We used amended and unamended DeN enzyme
assays with and without acetylene to measates of DeN and 20 production, respectively,

from 22 stormwater ponds and lakes in the Minneag&tlif?aul metropolitan region, Minnesota,
USA. Ponds and lakes were selected to vary in factors that we hypothesized would influence
DeN, including sediment oxygen exposurigiate concentrations, and chloride inputs. DeN and
N20 production measured in assays unamended with carbon and nitrate, representing
background rates, were negligible in nearly all sediments. Rates of DeN in assays amended with
carbonand nitrate, representing potentials, were highly variablei (@5mg N n?hr 1), as

were rate®f N2O production (0.1 24 mg N m2 hr-1) and the proportion of DeN products as

N20 (N20 yield; 21 79%). Large lakes (> 45 ha) had significantly higher amended rates of DeN
compared to small lakes (> 5 ha) and ponds (< 5 ha). Amended total DéNQ@nakes were

al so significantly higher in sediments coll ec
compared to deeper center habitats (depth ran§el600+ cm). Comparisons to sediment and

site properties revealed that amended DeN rates weriécsgtly higher in sites with lower
concentrations of total phosphorus and reduced road salt iApueided DeNvasless efficient

(i.e., moreN20 was produced as a fraction of total DeN) when dissolved oxygen concentrations
in overlying water were high. While a large amount of variation in amended DeN rages, N
production, and bD yields remained unexplained in our study (>70%), our findsuggest that
variables that broadly reflesediment oxygen exposure am@ctant availabilitalter the ability

of urbansediments to remove N.
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Introduction
Background

Cities are highly altered, dynamic ecosystems that challenge our ability to adequately
characterize their key nutrient flows. Of particular interest is nitrogen (N), whose distribution
and cycling has been dramatically modified by anthropogenic actiwtiessonsequences for
human and ecological well being (Galloway et al., 2008). Much of the anthropogenic N in cities
enters stormwater where it can be transported to surface waters (Hobbie et al., 2017). In excess,
N can contribute to the eutrophicationusban waters in both inland and coastal regions (Bratt et
al., 2020; Elser et al., 2007). At the same time, urban waters may be able to remove some excess
N via denitrification, thereby mitigating its effects locally and downstream.

Denitrification is the sequential reduction of nitrate @@ gaseous nitric oxide (NO),
nitrous oxide (NO), and dinitrogen (B, which can then be released to the atmosphere
(Davidson & Seitzinger, 2006). Each step requires specific enzymes synthesized by a diverse set
of microorganisms as part of anaerobic metabolism with organic carbon (C) as a common
electron donor. While theelease of any gaseous denitrification products removes bioavailable N
from ecosystems (ther ebhandanelioratesithb effects ofgxcdsoN, N fr
the form in which it is released has environmental implications. The production of #iert N
highly preferred; in many ways, it represents a reversal of the rampant anthropogenic creation of
reactive N that contributes substantially to excess N in global ecosystems (Galloway et al.,
2008). In contrast, tropospherie® is a powerful greenhouse gas, and high rates of its release
may have negative implications for global climate (Ravishankara et al., 2009). In addition,
stratospheric D can be photoxidized to NOx and contribute to ozone destruction. Decades of
research in soils and sedimenés lievealed denitrification to be widespread but highly
heterogeneous, occurring whenever and wherever requirements are met (Bernhardt et al., 2017;
Davidson & Seitzinger, 2006; Pifachoa & AlvarezCobelas, 2006). Compared to total
denitrification, feweistudies have considered the relative proportion of denitrification products
(Adenitrification efficiencyo).

The sediments of urban shallow lakes and stormwater ponds may$otobf N
removal via denitrification. Sediments in small aquatic ecosystems tend to contain abundant

denitrification reactants N and C, support abundant and diverse denitrifier conesyuamd
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sustain necessary reducing conditions (Bernhardt et al., 2008; Hall et al., 2016; S. Seitzinger et
al., 2006). Indeed, rates of potential denitrification or emissions of denitrification products in

urban sediments and stormwater infrastructure tend todagey than or comparable to

sediments in nonurban systems (Bauduin et al., 2024; Beaulieu et al., 2011; Bettez & Groffman,
2012; Blaszczak et al., 2018; Ginger et al., 2017). Despite a broad ability to support
denitrification, considerable unexplained iaéion in DeN rates and efficiencies in urban

sediments remains (Blaszczak et al., 2018). Urban water bodies are shaped by interacting human
and norhuman processes in ways that may inhibit or promote denitrification rates and
efficiencies. Understandingé drivers of DeN within urban water bodies is critical for

understanding urban N cycling.

Controls on denitrification in urban lentic ecosystems
The amount of available reactants regulates denitrification rates and efficiencies. Urban

lentic waters can receive abundant N and C from their catchments, especially if they are
integrated into the stormwater network (Finlay et al., 2024). Nutriehinputs can also

encourage internal primary production, which supplies autochthonous labile C that can enhance
denitrification (Fork & Heffernan, 2014). An abundance of reactants in urban waters may
facilitate high total DeN rates, but may decrease effayePrior work has found that incomplete
denitrification is more likely to occur when NGs abundant as it is more energetically favorable

to reduce N@ over NO, especially if the ratio of N©to labile C is high (Beaulieu et al., 2011,
Firestone et al., 1979; G. Wang et al., 2021; Weier et al., 1993). When rates of denitrification are
sufficiently high, NO may accumulate faster than it can be reduced leadingdodlease.

Relatedly, N@ may directly inhibit the activity of the #D-reductase enzyes responsible for
reducing NO to N (Bakken et al., 2012).

Stratification and mixing regimes in lentic ecosystems regulate denitrification rates and
efficiencies through effects on reactant availability. In deep, seasonally stratified lentic
ecosystems, denitrification rates in hypolimnetic sediments can slogttasmbwvater N@ and
labile C become depleted (Deemer et al., 2011). Mixing replenishes reactants from upper layers
to sediments. In shallow systems, it is assumed that reactants are less likely to become depleted
due, in part, to frequent mixing and sheordiffusion distances. That said, prolonged

stratification has been observed even in relatively shallow urban ponds due to site morphology
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and sheltering, high salt concentrations in northern regions, and ergdmsediments with high
sediment oxygen demand (Song et al., 2013). As a result, reactants in sediments of shallow water
bodies may become limiting as they do in deeper systems.

Sediment redox conditions are iamportant driver of denitrification rates and efficiencies
(Rysgaard et al., 1994). Reducing conditions are required for denitrification, and the presence of
oxygen rapidly inhibits denitrifying enzymes and shifts the microbial community to aerobic
metaboilsm (Bakken et al., 2012). That said, environments that support oxidizing and reducing
conditions in close proximity can have especially high rates of denitrification due to coupled
nitrification-denitrification. In sediment pore waters, microbial metawmolrapidly depletes
oxygen while oxygenated overlying waters and/or macrophyte roots can replenish oxygen and
create interstitial sites able to support aerobic activities, including nitrification (Benelli et al.,
2020). As a result, aerobic-meineralizaton of ammonium and nitrification convert organic N to
NOs, which can be rapidly denitrified. Even when denitrification is uncoupled from nitrification
(e.g., in sediments with persistent overlying hypoxia), the ability to nitrify may be important for
replenishing N@ as it increases the fraction of total system N available to be denitrified. We
expect a systemods cNangoaNOd to be esperiallg imponaatintour study a ni ¢
sites as a majority of incoming N is in organic forms (Janke et al., 2017). Therefore, sediments
that are exposed to oxygen may have higher rates of denitrification. At the same time, coupled
nitrification-denitrification may result in greater® yield because of high NCavailability, as
described above. Additionallgompared to the other denitrifying enzymesONeductases are
especially sensitive to oxygen (Bakken et al., 2012). The dynamic oxygen conditions in
interstitial porewaters overlaid by oxic waters may be sufficient to prevent the reductie® of N
to Na.

A final component that may shape denitrification rates and efficiencies in urban lentic
sediments in northern cities is salinization. Anthropogenic salinization is a global phenomenon
with contextspecific causes and consequences (Herbert et al., 20tH5)d Muaters in northern
climates are experiencing salinization due to the widespread use of road salts (Dugan et al.,
2017). Hundreds of thousands of tonnes of road salt are distributed on roads, sidewalks, and
parking lots each winter to maintain safe a&fiicient transportation in winter and are washed

into local lakes and streams with snow melt. For example, there is ample evidence that the use of
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road salt is driving surface water salinization and elevateith @le MinneapolisSt Paul

metropolitan region (MSP; Novotny et al. 2008). Stormwater pond monitoring in MSP has found
that peak Clconcentrations range from background levels to over ~20 mg/L (unpublished data)
with variation driven by the fraction of paved surfaces in a catchment. Prior work assessing the
effect of salinization on N cycling is dominated by studies of estuariesoastat wetlands

(notable exceptions include (Kim & Koretsk¥013; Laverman et al., 2007; Robert Hamersley et
al., 2009). This literature reports conflicting results regarding the mechanisms andlgystiem
effects of salinization on N cycling and N removal (Herbert et al., 2015; Mosier & Francis, 2010;
Rysgaarcet al., 1999; S. P. Seitzinger et al., 1984). Road salt inputs could represent a substantial,
novel stressor to inland denitrifiers and may directly inhibit their function (Wang et al., 2014).
High salt inputs may also reduce denitrification reactantaitity as salinization strengthens

water column density gradients, stratification and anoxia (Novotny et al., 2008), potentially
limiting reactant delivery via mixing and nitrification. Additionally, elevated concentrations of
Na" ions may interrupt N@® production via nitrification by displacing NFifrom sediments

(Duan & Kaushal, 2015).

Sediments in small lentic ecosystems can support high rates of denitrification, suggesting
that shallow lakes and stormwater ponds may be important for alleviating excess N within and
downstream of cities. However, we expect that variation in reactaréalailigio driven by
redox conditions, mixing, and salinity, among otldeli&ely alter denitrification rates and
efficiencies. We used denitrification enzyme assays to measure rates of total denitrification and
N20 production. By relating DeN anc@ producion to site characteristics, we aimed to
explore patterns in potential (i.e., amended) DeN rates and efficiencies in dynamic urban lentic
ecosystems. Our focus on amended incubations means we assessed how site conditions structure
denitrifier communities rad dictate their ability to perform DeN and remove N. We expected
higher total denitrification rates to be associated with 1) high Bi@centrations, 2) higher
dissolved oxygen concentrations, which promote coupled nitrificalgmtrification, and 3)
lower salinity, measured as specific conductance. We further expected ge€atgeld under

4) high NQ& concentrations and 5) higher dissolved oxygen concentrations.
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Methods

Studysites
Study sites were located in the Minneapdts Paul metropolitan region (MSP) in central

Minnesota, USA (Figur8.1). We sampled 14 ponds with permanently wet pools (< 5 ha), seven
small lakes (5 45 ha), and four larger (> 45 ha) lakes. Site designations were based on surface
area and informed by Richardson et al. (2022). Sites were selected to capture a ratigesof se
oxygen exposure, nitrate concentrations, and chloride inputs (Faplé-or each site, we

classified the mixing regime based on kihedge of the site and prior monitoring of water

column temperature, dissolved oxygen, and conductivity. Thirteen of the sites seasonally stratify

and 12 are polymictic.

/N0 10 20km

Figure 3.1. Location of study sites
Study sites (points) were located within the MinneagstisPaul metropolitan region, Minnesota
(inset), USA.

Sampling events occurred between September 5 and October 6 in 2019 and August 22
and October 5 in 2022 (Tabl&3). Five sites were sampled in both years. In MSP, these
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sampling dates span the transition from summer to autumn. Fro/Augigst to midOctober,

both years saw large changes in temperature with daily highs ranging from 2 and 3 to 30 and 32
degrees C in 2019 and 2022, respectively. Compared to 2019, 2022exa$ shghtly warmer
and substantially drier. Between April 1 and November 1, air temperatures in 2022 averaged 16

compared to 15 degrees F in 2019. Total precipitation was 41 cm in 2022 compared to 86 cm in
2019, deviating from 1992020 climate normalBy -11 and +7 cmrespectively (MN DNR).

Table 3.1. Summary statistics of key sediment and site properties

Surface Sample

area depth AveTP Cond. Est.CI DO NO;’
ha cm He/L us/cm g/l He/L pe/L
Edge & center
n=37
Mean 16 420 88 1869 625 2901 182
Median 1 220 63 413 121 1115 8
Stdev 30 763 79 5145 1780 3272 728
Min 0 30 12 153 31 0 0
Max 104 4267 342 30600 10566 9900 4191
Edge,n =9
Mean - 30 - 309 85 5214 232
Median 30 - 325 90 5500 23
Stdev 0 - 196 68 3224 534
Min 30 - 153 31 2200 0
Max - 30 - 744 235 9900 1531
Center,n =32
Mean 537 - 2326 783 2046 180
Median 232 - 555 170 400 6
Stdev - 837 - 5809 2010 2889 794
Min - 60 - 217 53 0 0
Max - 4267 - 30600 10566 9300 4191

Edge sediments are all estimated to have a depth of 30 cm. Surface area and average total
phosphorus concentrations (Ave TP) are-katel variables and are not summarized for individual
sample locations. The remaining variables reflect conditions omgrggdiments at the time of

sampling and were measured from surface waters for edge sediments and bottom waters for center

sediments. Specific conductance (Cond.) was used to estimate chloride concentration3.(Est. CI
DO indicates dissolved oxygen and N®dicates nitrate concentratiomstefers to the number of

observations.

Field andlaboratorymethods

During each sampling event, we measured dissolved oxygen, specific conductance, and

temperature profiles using a Hach portable meter, conductivity cell, and dissolved oxygen

sensor. The deepest profile reading was used as the sample depth. Condudtdioisythef
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concentration of all dissolved ions present but has been demonstrated to be a reliable indicator of
chloride concentrations in MSP waters, especially at higher conductivity values (Herb, 2017). To
facilitate comparisons with other studies, we used theumimnity-chloride linear relationships
developed for MSP stormwater ponds (Herb, 2017) to estimate chloride concentrations (reported
as neos)t.. ClI

We collected surface water grab samples and deep water samples using a Van Dorn
sampler. We collected sediments from the deep
dredge. To characterize withgite variation and extend the gradient of sedinogggen
conditions, nearshore (fiedgeodo) sedi ments were
sediments were less than 30 cm deep and were sampled by pressing a polycarbonate tube into the
sediment. For both sediment collection methods, care wasttakeaserve only the top 5 cm of
the sediment profile. From each sample location, we collected and consolidated at least three
sediment samples to ensure sufficient material for incubations and that sediments were
representative of each site.

Unfiltered water samples were stored at 4 C for use in denitrification incubations.
Subsamples for water chemistry were filtered through @aghed 0.45 um GF/F filter within 24
hours of collection. Filtered samples for B@nd NH* were stored frozen until thawed and
analyzed on a SmartChem 170 discrete analyzer by the cadmium reduction and phenol
hypochlorite methods, respectively. M@alues above zero but below the detection limit of 10
Hg/L were replaced with one half the detection limit (5 pg/ledighents were stored in sealed
plastic baggies without oxygen in the dark at 4 C. Within 24 hours of sediment collection, we
started loss on ignition on sediment subsamples to characterize bulk density and organic matter
content (Heiri et al., 2001). Totgphosphorus (TP) was included as an indicator of site trophic
status. We averaged summer surface water TP concentrations collected during prior summer
monitoring (Juné August) between 2016 and 2022. TP is the sum of total dissolved P and
particulate P gantified on a whole water sample using a persulfate digestion and analyzed
colorimetrically. A summary of key site characteristics is in T8deand sitespecific values

are in Table S.1.
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Denitrification enzyme assays
We chose to measure denitrification using denitrification enzyme assays (DEA). The

widespread use of DEA in lentic ecosystdatlitates comparisons with the denitrification
literature where urban systems remain underrepresented. Additionally, DEA allows for the rapid
assessment and high replication necessary to reveal patterns within our highly variable and
dynamic study systenturther, the weltlocumented limitations of this method do not hinder its
usefulness in assessing patterns across conditions, which was our primary goal (Dodds et al.,
2017; Groffman et al., 2006).

We used DEA with and without acetylene to measure total denitrification rates and rates
of N20O production, respectively. Measuring the final denitrification produgtis\hotoriously
challenging as high atmospheric concentrations can readily contaminate samples (Groffman et
al., 2006). Acetylene blocks the activity of enzymes that perform the final step of denitrification,
resulting in the release of easily measure® Mstead of Mgas. Therefore, incubations treated
with acetylene represent total deffitation (DeN) as all denitrification products are released as
N20. Incubations not treated with acetylene represent ofyfModuction as the fraction of
denitrification products converted teM:mains unmeasured. We note that nitrification may also
produce NO: ammonia oxidation, facilitated by ammonia monooxygenase enzymes, can
produce byproducts that are then converted20 Wa chemodenitrification (Wrage et al., 2001).
Both the acetylene treatment and the anoxic conditions maintained in akfietigowould
inhibit this enzyme (Dodds et al., 2017). Therefore, we do not expect this pathway to be a
meaningful source of XD in our incubations.

We crossed the acetylene treatment with a carbon + N amendment treatment. Incubations
amended with carbon and N (160 pL of 2M glucose and 160 pL of 1.8M potassium nitrate)
represent potential denitrification rates when these reactants are were limidinigusmeflect
the upper bound of rates as determined by the influence of site conditions on the denitrifier
abundance and activity. Incubations without amendments represent rates of denitrification and
N20 production under ambient substrate availabilityportantly, all incubations were treated
with chloramphenicol (160 pL of 0.77 M) to prevent the denitrifier community from

synthesizing new enzymes in response to incubation conditions (Dodds et al., 2017).
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Incubations were performed within 48 hours of sediment collection. We combined 40 g
of homogenized sediment and 40 mL of unfiltered overlying water (surface water for edge
sediments and mixed sites, bottom water for center sediments) into 125 mL Whedi@mn me
bottles sealed with caps fitted with butyl septa. Incubations were flushed with heliungas N
to establish anoxic conditions. Incubation anoxia removes the effect of differences in sediment
oxygen demand and ensures alO\production is via denitiication. Incubation bottles were
kept in the dark at room temperature (~20 C) and agitated throughout the incubation period. Prior
to samping, bottles were shaken vigorously to equilibrate sediment slurries with the headspace.
Incubation headspace was sded through the septa at 20 minutes and 3 hours. Gas samples
were stored in sealed, evacuated agilent gas vials and analyzed on a gas chromatogs@ph for N
and Q. Headspace fvas measured as an indicator of the quality of the incubation bottle and
gas val seal and sample integrity. Headspaeaw@raged 0.29% (median 0.21%). No bottles
met the method criterion ¢& 5%) to be omitted from the analysis.

Denitrification and NO rates were calculated as the difference between the second and
first time point divided by the time elapsed. All bottle replicates were averag@dyidld, or the
proportion of denitrification products as®, was estimated as the average rate2Gf produced

divided by the average total denitrification rate.

Dataanalyses
We first related totaDeN to rates of BO production using a mixed effects bivariate

(BV) model. We compared tot&leN to NO yields qualitatively as the nandependence of

these variables made regression analysis inappropriate. We also used BV mixed effects models

to assess how DeN rate, rate @fON\oroduction, and PO yields differed by sample location

(edge vs. center), site type (pond, small lake, and large lake) and mixing regime (stratified vs.
polymictic). In the case of site type, where the nunabeategories exceeded two, we conducted
pairwise comparisons using the Aemmeanso R pa
probability of a type | error associated with multiple pairwise comparisons (Fieberg, 2024;

Lenth, 2024). Additionally, we comped the water and sediment properties between edge and

center sediments using BV mixed effects models using the full data set as well the subset of sites

with both center and edge observations.
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We performed mixed effects multivariate (MV) modeling to assess the importance of key
site characteristics on DeN rate, rate e@©ONproduction, and PO yield. Models included all
years and sample locations and only observations without missing values. We selected predictor
variables based on prior knowledge of drivers of denitrification, ensuring predictors were not
highly correlated (Pearson correlatiooefficient < 0.7). The candidate predictors were: water
temperature, dissolved oxygen, specific conanice, N@, NH4*, and TP. Following Zuur
(2009) and Fieberg (2024), we used manual backwards selection, maximum likelihood ratio
tests, and AICc to identify the optimum model for each response variable. We additionally used
automatic model s el e ethodsarived & the sanoe@ptimiZninddel) . Bot
We report the output from the automatic model selection here. Variables included in all final
models had variance inflation factors below three. To prevent model overfitting we limited the
number offinal predictors to 10% of the number of observations. We repeated the MV analyses
for only center sediments.

Measured N®@ concentrations ranged widely, and over 60% of observations were below
detection. To facilitate an assessment ofsN&ffects, we separated the below detection (< 10
pg/L) and exceptionally high N©values (> 500 pg/L) into low and high categories,
respectively, with the remaining observations classified as mediugnchi@entrations (10 50
Hg/L). We performed BV mixed effects modeling for all measured response variables with NO
classification as a categorical predictor.

We incorporated fisited as a random interce
independent observations. We explored the inclusion of year in MV models as an additional
random effect to account for variation due to climatic differences between 2019 and 2022
Models fit with a random intercept for site and year did not perform better (difference in AlCc >
4) than models fit with only site as a random effect, so year was excluded. We did not include
year as a fixed effect in MV models as any effect of yeareathue to climatic differences would
be confounded by differences in sampling methods between years (e.g., only ponds were
sampled in 2019; no edge sediments were sampled in 2022). Additionally, we explored the
inclusion of Aday dikedgffecato assess whetlleY samginheldtes as a
accounted for any variation in response variables. Day of year never emerged as a significant or

meaningful predictor in optimum models or those within 2 AlCc units and was excluded from
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initial full models. Further, day of year was not significantly correlated with any response

variables in BV analyses (results not shown).

Results
Patternsof denitrification

Amended total denitrification rates were highly variable, ranging from 0.5to 47 mig N m
2hr-1 (mean 12, sd 12; TabB82). Rates of amended:® production (as mg N #hr?) ranged
from 0.1 to 23.8 (mean 4.7, 8&6). On average, amendedNyield was 33% but was also
highly variable (sd 23%; rangei 279%). Rates of amended DeN were positively related to
amended BO production accounting for 78% of the variation in amendgd tdtes (Figure

3.2). Amended NO yield did not appear to change with changes in amended total DeN rates,

though these variables were not independent so no statistical analyses were performed (Figure

32).

Table 3.2. Summary of total denitrification rates, rates of NO production,
and N20 yieldson a per area basis

Amend- Sample
ment Variable location n Mean Median Stnd Dev Min Max
All 39 11.68 8.27 12.04 0.54 47.23
C+N  Total-DeN Center 30 8.43 4.18 10.35 0.54 47.23
Edge 9 22.50 26.42 11.32 5.86 38.80
All 31 4.69 3.18 5.60 0.01 23.83
C+N N20-rate  Center 22 3.34 1.64 5.33 0.01 23.83
Edge 9 8.01 7.04 5.04 2.65 18.88
All 31 0.33 0.32 0.23 0.02 0.79
C+N N20-yield Center 22 0.31 0.28 0.26 0.02 0.79
Edge 9 0.38 0.38 0.14 0.18 0.60
All 39 1.253 0.001 6.102 0.000 36.422
None Total-DeN Center 30 1.220 0.001 6.648 0.000 36.422
Edge 9 1.361 0.000 4,075 0.000 12.228
All 31 0.063 0.004 0.316 0.000 1.764
None N20-rate Center 22 0.007 0.005 0.011  0.000 0.048
Edge 9 0.201 0.003 0.586 0.001 1.764
All 31 0.07 0.00 0.21 0.00 0.89
None N2O-yield Center 22 0.08 0.00 0.24 0.00 0.89
Edge 9 0.05 0.00 0.09 0.00 0.23

Total denitrification rates (TotdDeN) and NO rates (NO-rate) are expressed on a per area basis (mg N m
2hrY). NoO yields (NO-yield) are the proportion of TotfleN products released as® calculated as
N.O-ratedivided by TotalDeN. Summaries of amended (C+N) and unamended incubations are shown.
Summaries were performed on all observations as well as each sample location: sediments collected from
the center of each site an dOcmw dedp). Maduastespressedloh epert e d
mass basis can be found in Tab&2S
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With the exception of one site that had very high ambient nitrate concentrations,
unamended incubations showed very little DeN (max 0.08 mg?Nr) or NoO production
(max 0.05 mg N mhr?). The outlier site was a stormwater pond sampled two years after
construction (2019 Bell Pond; tabl8.%). This site had an unamended DeN rate of 36.4 mg N m
2hr-1in center sediments, comparable to the highest rates measured in amended incubations.
This was likely due to elevated nitrate in 2019 following cormsibn likely due to extensive
landscape disturbance around the pond (4191 ug/k-ND more than six times greater than the
next siteds vsaN)anemoftedh@rothred grdets ofdh@gnitude greater than the
medianN@concentration in our data. Unamended tot
also high at 12.2 mg N #hr L. Interestingly, unamendecb® production at this site was not
correspondingly high with no measurablgONn center sediments and 1.8 mg Nt in edge
sedimentsResampling center sediments in the Bell pond in 2022 revealed far lower unamended
DeN (< 0.01 mg N mhr-1) and no change ind®, as well as lower N©concentrations (4.9
Hg/L NOs-N). Given the unusually high NOconcentrations, the 2019 observations from this
site were removed from all statistical analyses except a BV analysis using binsed NO
Additionally, given overall very low rates in unamended incubations, the following results

reported and discussed are from amended incubations.
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Figure 3.2. N2O rate and yield compared to total denitrification (DeN) rate.
Left) Rates were measured via denitrification enzyme assays amended with carbon and nitrogen. Points
and bars represent the averages and standard deviations of incubation replicates. Circles indicate center
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sedi ments, triangles represent edge sedi ments (
model output (conditional and margina R0.78) and was significantly different from zero (p < 0.05);

line shading represents the 95% confidence interval. A dashed 1:1 line is included for comparison. Right)
N0 vyield, or the proportion of denitrification products a®Nwas calculated by dividing the average

rate of NO production by the average total DeN rate. Observations are not independestaistical

tests were performed. Symbols are the same as in the left panel.

Effects of site properties

The larger lakes in our dataset (surface area > 45 ha) had significantly higher rates of
amended total DeN measured in center sediments compared to smaller lakes and ponds. We did
not see a significant difference in amende®Mates or yields (Figur&3). In contrast, mixing
regime appeared to be important for amendgd hte and yields, with both significantly higher
in the center sediments of polymictic sites compared to seasonally stratified sites 3Eyure
There was no difference in amended total DeN rates measured in center sediments between

seasonally stratified and polymictic sites.
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Figure 3.3. Amended total denitrification rate (DeN), NO production and

N20 yield vs. site type

Site type(pond, small lake, larger lakdetermined by surface aréanly sediments collected

from the center of each site are included. Letters denote significant differences (p < 0.05). No
N2O data were collected when small lakes were sampled in 2022, and there were no significant
differences between ponds and large lakes in ameng@ddtes or yields. Rates are displayed on
a log10 scale.
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Figure 3.4. Amended total denitrification rate (DeN), NO production and N20 vyield

in seasonally stratified (Strat) and polymictic (Poly) sites.

Only sediments collected from the center of each site are included. Asterisks indicate a significant
difference (p < 0.05). Rates are displayed on alldgcale.

Edge sediments supported significantly higher rates of amended DeN (mafginal R
0.30; conditional R= 0.51) and MO production (marginal R= 0.26; conditional R= 0.43)
compared to sediments collected from the center of each site (Bigur&his pattern held when
considering only those sites with paired observations from both edge and middle sediments and
when all sites were considered. Including sampling location drove an overall effect of depth;
removing edge sediments removed any ¢fdéclepthon amended DeN and:® rates despite a
wide range of center sediment depths (60 ct® m). Amended PO yield was not significantly
different between center and edge sediments. The water overlying edge had lower specific
conductivity (p < 0.05) compared to water overlying center sediments, and there were no
differences in N@ or NHs* concentrations. At the time of sampling, the water overlying edge
sediments was also warmer (p < 0.1) and had higher DO concentrations (p < 0.05), though these
differences cold change overnight. Additionally, edge sediments had significantly lower percent

organic matter (p < 0.05).
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Figure 3.5. Within-site variation in total amended denitrification rate,

N20 production and N2O yield.

Edge sediments were O 30 cm deep; center sedi men
depth is indicated by symbol color, expressed on a log scale. Asterisks indicate a significant

difference between edge and center sediments. Rates are displayled-a0 acale.

Models that included both center and edge sediments showed rates of amended total DeN
were negatively related to TP concentrations and overlying water specific conductance (Table
3.3; Figure3.6). Total P was the only significant predictor in the optimum MV model and in all
models within two AICc units (p < 0.05). There remained a large amount of unexplained
variation with the optimum model accounting for ~18% of amended total DeN variance. Thes
same patterns emerged when modeling was repeated with only those sites with assg@iated N
data (results not shown), confirming that the subssite$ used to model2® rates are
representative of broader total DeN in our study. Focusing on center sediments, only the
significant negative relationship between amended total DeN and TP concentrations persisted
(Table3.3), and TP was the only significant predictor in all models within two AICc units (p <
0.05). Conductivity had no effect on center sediment amended total DeN rates, suggesting that
the effect across all sites was driven by low conductivity values anddtigthin edge sediments

as wellas exceptionally high conductivity values in a few center sediments.
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Table 3.3. Parameter estimates from the optimum multivariate mixed model for total
denitrification rate (Total DeN), rate of N2O production (N20 rate), and the
proportion of DeN products as NO (N20 yield).

Parameter estimates
TP* Cond* DO* NO;* NH,™ Sed OM Temp Marg. Cond.
wg/l  pS/cm  pg/L pg/L pg/L % c n R R
Center & edge
Total DeN* -0.51 -0.35 35 018 0.8
N,O rate* -0.85 0.39 27 018 0.18
N,O vyield 0.05 27 014 0.14
Center
Total DeN* -0.53 27 017 082
N,O rate* (-0.87) 19 0.14 050
N, 0 yield (0.05) 19 013 0.14

All predictors included in the full model are listed. Parameter estimates are included for all predictors that
appeared in the optimum model; bold values were significant (p <; @@&pold values were significant

at p < 0.1; values in parentheses were not significant (p >Mdbels were performed on pooled center

and edge sediments and on only center sediments. Asterisks indicate log transformed values. Number of
observations (n), the marginat Marg. R), and conditional R(Cond. R) are listed. P: total

phosphorus; Cond: specific conductance; DO: dissolved oxyges=Nttrate; NH*" = ammonium; Sed

OM = sediment organic matter; Temp = overlying water temperature at the time of sampling

Rates of amended2R production were best captured by a model with a negative effect
of TP concentration and positive effect of dissolved oxygen (TaBjd-igure3.7). These
predictors were marginally significant (p < 0.1). A large fraction of the variation@ N
remained unexplained, as the optimum model only accounted for 18% of the variance. Dissolved
oxygen was also the only predictor in the optimum model for amengled/iid (Table3.3;
Figure3.8). Increasing oxygen in overlying waters appears to increzBghbdudion,
indicating diminished DeN efficiency. Nonetheless, the effects of oxygen relied on the inclusion
of edge sediments, which tended to have higher dissolved oxygen concentrations. Models of
center sediment amendedrates and yields had no significant predictors.

Site NG concentration had no effect on amended total DeN rates, rate®of N
production, or MO yields in MV models. However, binning N@oncentrations gave some
support to our hypothesis that BM@oncentration influences DeN and@production. BV
assessments of all sample locations (Fi@®gand only center sediments (Fig@r&0) showed

amended total DeN and® rates increased from the low to medium to highsNsategories,
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though the significance varied and considerable withiregory variation exists. Patterns across

amended BD yields were less consistent.
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Figure 3.6. Significant predictors of amended total denitrification (DeN) rates.

Rates of amended Debs. total phosphorus (TP) concentration and specific conductance, an indicator
of road salt inputs. In both panels, circles represent center sediments; triangles represent edge
sediments. The trendline represents output from multivariate modeling of edniertal DeN (solid

line indicates pvalue < 0.05; dashed line indicatesglue < 0.1); line shading represents the 95%
confidence interval. All values log transformed prior to modeling, ai@l fdtes converted to pg/L to

facilitate log transformation. Humodel output is presented in Tal3e.
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Figure 3.7. Best predictors of amended bO rates.

Amended NO rates vs. site total phosphorus concentration and dissolved oxygen concentration in
overlying water. Total phosphorus was averaged from summer monitoring records. Dissolved oxygen
was measured in the water column at the time of sampling, with hypolimeadmgs paired with

center sediments (circles) and surface readings paired with edge sediments (triangles). The trendline
represents multivariate model output (dashed lines indicate p < 0.1); line shading represents the 95%
confidence intervalAll values log transformed prior to modeling, angONrates converted to pg/L to
facilitate log transformation. Full model output is presented in TaBle
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triangles represent edge sediments. Letters denote significant differences (p < 0.05). Rates are
displayed on a lod.0 scale.
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Figure 3.10. Amended total denitrification rate (DeN)N20 production

and N20 yield vs. nitrate in center sediments.

Nitrate concentrations measured in water overlying sediments were classified as low (< 10 ug/L),
medium (10 50 pg/L), and high (> 500 pg/L). Only sediments collected from the center of each
site are included. In all panels, circles represent center sptlintriangles represent edge
sediments. Letters denote significant differences (p < 0.05). Rates are displayed-@0 adabp.

Discussion
Total denitrification

Our findings confirm that urban sediments have the potential to support high rates of N
removal via denitrification (Hohman et al., 2021). Comparing our findings to previous work in
urban sediments shows general agreement but emphasizes the substaiital ratotal DeN
rates. While we observed rates as high as 8.5 pug IN-§(Table 3.2), our mean potential DeN
was 1.2 pug N g hrt which wassimilar to other studies using DEA in urban systems. Bettez and
Groffman (2012) reported an average amended DeN of 1.07 pghidn urban wet ponds
while Larson and Grimm (2012) reported 0.2.8 pg N g* hrtin urban lakes and ponds.
Blaszczak et al. (2018) found substantially higher potential DeN in stormwater ponds across

cities (0.42 37.6 ug N ¢ hr?), positing that the difference could be due to omitting acetylene
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in their incubations. However, Ginger et al. (2017) applied acetylene inhibition to measure
denitrification potentials in shallow lakes across land use types and found some of the highest
areal rates in the aquatic literature. Areal DeN rates spanrie@78mg N n¥ hr! (mean 412)

from urban lakes in MSP, which were generally higher than rates tunbam lakes (2 461 mg

N m2 hr) (Ginger et al., 2017). These values are notably higher than potential areal DeN in our
study: 0.5/ 47.2 mg N n? hr?, but it is unknown how these values compare to the per mass
values reported by Blaszczak et al. (2018). Additionally, Hohman (2021) reported average N
fluxes from 0.72 1.46 mg N ? hrtin stormwater pond sediment cores amended wite NO

(no acetylene). The large degree of variation among studies employing similar methodology may
be attributable to the inherent heterogeneity in denitrification rates or the dynamic and varied
nature of urban ecosystems.

We were able to attribute only a fraction of the variation in DeN in our study to sediment
and site properties. Overall, sample location (e.g., edge or center) alone accoudféd f the
variation in amended total DeN while MV models captured only 19%. Contrary to our
expectations, amended total DeN in study sediments was unaffected by amhieamidNO
oxygen concentrations. Amended total DeN was negatively associated with both site TP and

conductivity. Below we explore the potential mechanisms drithege associations.

Effects of nitrate on denitrification
Despite finding no effect of ambient N@oncentrations, N©availability is

undoubtedly an important regulator of amended total DeN rates in our study systems (Hohman et
al., 2021; Pifiddchoa & AlvarezCobelas, 2006; S. Seitzinger et al., 2006). The substantial
increase in total DeN between unamended incubatiothshedse amended with N(points to
limitation of DeN by NQ@ availability, though some of this response could be due to the carbon
addition. Further, the notably high unamended Datds in Bell Pond were associated with
uncommonly high N® concentrations. Most tellingly, amended total DeN increased steadily in
sites with higher N® categorizations, though considerable variation in rates at low (i.e., below
detection) N@ concentrations exists. Study sites low in N€uggests coupled nitrificatien
denitrification could be important in these sediments (Seitzinger et al., 2006).

Most N that enters study sites is organic (Finlay et al., 2024) and needs to be mineralized

and oxidized into N® before it can be removed via DeN. Evidence for coupled nitrification
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denitrification is abundant in aquatic sediments and is driven hy &N@ilability and redox
conditions (S. Seitzinger et al., 2006). We expect the proximity of nitrification to sites of
denitrification may account for some of the elevated amended total DeN in edge sediments as
they tended to have higher overlying dissoleagigen content and therefore presumably

relatively high rates of nitrification. Many of the variables discussed below may regulate DeN by

altering NQ availability, including its prodction via nitrification.

Effects of chloride on denitrification
Site conductivity, a reliable proxy for chloride contamination via road salt in our study

sites, emerged as an important predictor of DeN. This negative relationship was driven by four
observations in three sites (one site sampled in both 2019 and 20&2) were highly

impacted by chloride (conductivity: 65080600 uS/cm; est. CI2.37 10.6 mg/L). Removing

the four highest chloride observations eliminated the effect of conductivity despite the
conductivity of remaining observations spanning an ooflenagnitude (~150 1500 pS/cm;

est. Ci: 0.021 0.5 mg/L).

The lack of DeN response across most conductivity values in our study suggests some
degree of salt tolerance in denitrifier communities in inland urban lentic ecosystems. Studies in
estuarine environments have demonstrated that denitrifiers possessittheoaleisist or rapidly
adapt to large changes in salinity (Lee & Francis, 2017; Santoro, 2009). Our findings lend
evidence that inland denitrifiers are also flexible. Nonetheless, Wang et al. (2014) found that
denitrifier activity in an inland stream rdoe inhibited by compounding urban stressors such as
chloride and heavy metals. Additionally, we collected samples during a period when chloride
concentrations are expected to be at their minimum in MSP. Therefore, our findings are relevant
only to basehe chloride concentrations and do not reflect responses to peak salinity. Hale and
Groffman (2006) measured denitrification potentials under peak salinitie=ig&d to 2 ppt)
from Baltimore streams with a history of road salt and found that rate®tdahange. Future
work should address whether our study sediments are similarly resilient to salinity when chloride
peaks.

The highest conductivity values in our data, which drove the negative correlation
between chloride and DeN, could exceed some threshold of denitrifier chloride or pollutant

tolerance. The four extreme baseline conductivity values exceeded spring peatticibiegu
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measured in other study sites (max 4000 uS/cm where spring data were available) and exceeded
peak salinities in the Hale and Groffman work described above (2006). This degree of
salinization may directly interfere with denitrifiers by inducing osmoticsst(&'elasco et al.,

2018). Additionally, site conductivity could be an indicator of not only road salt inputs but also
inputs of other urban pollutants thateocur with road salt. Sites most strongly impacted by

road salts tend to drain catchments witbager road densities and pavement cover (Novotny et
al., 2008). These land cover types are also associated with higher heavy metals, hydrocarbons,
and other pollutants known to inhibit microbial growth and function (Simpson et al., 2022). Prior
research o the effects of heavy metals on denitrifiers are mixed (Blaszczak et al., 2018; S. Y.
Wang et al., 2014), and additional work on the effects of urban pollutants on microbially
mediated ecosystem functions is needed.

Elevated sodium ions that accompany road salt inputs may inhibit DeN indirectly by
displacing NH* from sediments and reducing rates of nitrification (Herbert et al., 2015;
Laanbroek & Bollmann, 2007; Novotny et al., 2008). lon displacement is expected to be most
impactful for DeN in sediments at oxamnoxic interfaces where DeN is linked to NKia
aerobic nitrification (Duan & Kaushal, 2015). Two sites with the highest observed conductivity
values (HarMar and StBizW) had some of the highest'Bincentations in overlying water.
However, these sediments were frequently exposed to reducing conditions including at the time
of sampling, so DeN in these sediments is less likely coupled to nitrification. By reducing
nitrification, ion exchange may exacerbB®s" limitation, though the extent of the effects of ion
displacement on DeN observed in incubations is unclear.

Another mechanism underlying the relationship between DeN and conductivity is
prolonged limitation of DeN reactants in bottom waters in sites with particularly high
conductivities. Chloride may be an indicator of this reactant limitation or directly loot&rto it.

The persistence of elevated chloride throughout the summer may indicate longer residence times,
lower storm volumes, and reduced bottom water flushing, consequences of site morphology and
hydrology (Herb, 2017). These effects could compountd reitluced mixing frequency driven

by strong salinduced density gradients to reduce delivery of DeN substrates as well as inhibit
nitrification by prolonging anoxia and reducing nitrate supply. Taken together, these conditions

would severely limit the avability of reactants in center sediments and reduce the abundance or
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function of denitrifiers. We do not see strong support for this hypothesis as removing edge
sediments from the analysis removes the effect of conductivity on amended total DeN. Further,
we did not see an effect of site mixing regime on amended DeN ratds. ixing
classifications were based on water column monitoring and would capture an effect of high
chloride, these systems are highly dynamic and a more formal assessment of mixing frequency is
needed. Chloride effects on mixing remains a primary hygsighn need of more study.

Regardless of the mechanism, it appears that sites that retain high quantities of road
salt® one potential benefit stormwater ponds could provide in northern clinatey be
limited in their capacity to remove N via denitrification but uncertainties rerBaitter
understanding the relationship between DeN and chloride pollution can inform deunesam
around what functions to prioritize and how to manage sites to accomplish diverse water quality
goals (Koch et al., 2014).

Reduced denitrificationnderelevated total phosphorus
We found that sites enriched in P had a reduced ability to remove N via DeN. This

finding aligns with a recent assessment of N and P retention in over 5,000 global lakes (Wu et al,
2022). While higher P concentrations can promote DeN activity in some thkes are limits to
the stimulatory effects of P on DeN. As P enrichment and eutrophication worsened, N depletion
mechanisms (including sedimentation and DeN) were inhibited (Wu et al., 2022). This work
focused on larger lakes (median surface area ~ap@ur findings suggest that eutrophication
can worsen DeN capacities in smaller lentic systems as well. It is unclear whether the potential
mechanisms driving this relationship between TP and DeN would also be similar among diverse
lentic systems.

Sites with high total P may experience reduced-io&M potentials due to heightened
competition for N when P is abundant. Denitrifiers compete fog Mih algae, macrophytes,
and others in the benthic community (R@iahoa & AlvarezCobelas, 2006; RisgaaRkterson,
2003). Veraart et al. (2011) found that uptake by floating and submerged plants, not
denitrification, was responsible for a majority oftefacolumn N@ reductions in a microcosm
experiment. Racchetti et al. (2017) found that competiticwdren denitrifiers and macrophytes
was alleviated by high N€availability in the water column, which was generally low in our

study sites. N® limitation of amended total DeN in high TP sites may be exacerbated by
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reduced macrophyte cover and stronger anoxic conditions that prevergr@uction via
nitrification.

Total P is a broad indicator of lentic ecosystem trophic status, and its negative correlation
with total amended DeN may be capturing an effect of dominant plant communities. Lentic
ecosystems dominated by submerged macrophytes tend to have lower TRedomplanse
dominated by phytoplankton or floating macrophytes, primarily duckweed. We did not collect
data on plant community cover or biomass, but field observations suggest that study sites follow
this general trend. Further, prior work in MSP confirimet stormwater ponds with duckweed
had significantly higher TP concentrations than those without duckweed (Rabaey & Cotner,
2022) as duckweed facilitates anoxic sediment P release. We posit that submerged and floating
macrophytes may have differentialefts on total amended DeN with macrophytes associated
with higher and floating macrophytes associated with lower DeN through effects on sediment
oxygen exposure and reactant availability.

At lower TP concentrations, systems are more likely to be dominated by macrophytes.
Radial oxygen loss from roots adds oxygen to sediments, creating conditions that allow for
aerobic nitrification to produce NfOin close proximity to interstitial anoxic sites where it can be
rapidly denitrified (Christensen & Sgrensen, 1986). Rooted macrophytes may also increase C
available for denitrification by facilitating the sedimentation of organic matter and directly
providing labile C to sediments (Christensen &&mwen, 1986). Additionally, by attenuating
wave action macrophytes may increase retention of all DeN reactants in sediments and increase
DeN reaction times (Benoy & Kalff, 1999; Saunders & Kalff, 2001). Indeed, prior work in lentic
systems observed highBeN in sediments with macrophytes (Christensen & Sgrensen, 1986;
Ginger et al., 2017; Saunders & Kalff, 2001). Similarly, Benelli et al (2020) observetb&l10
increase in nitrification and DeN in the presence of macrophytes compared to bare sediments.
The effect of macrophytes was only observed under eutrophic conditions with authors citing
reduced competition between macrophytes and denitrifiers as a contributing factor. Further,
variation among macrophytes in how deeply roots extend into sedimentiegtree that they
release oxygen or C from roots, their growth rate, and their nutrient requirements results in
meaningful specie®-species differences in how they shape nitrifier and denitrifier communities
and function (Benelli et al., 2020; Gordoraét 2020; Wu et al., 2021).
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At higher TP concentrations, study sites were dominated by floating plants like
duckweed, which form thick surface mats that can shade out macrophytes. If, as discussed above,
macrophytes enhance DeN, the loss of rooted macrophytes would itself dimilNskbiliges.
The loss of macrophytes also reduces water column oxygen, and duckweed mats may further
strengthen anoxia by inhibiting gaseous exchange with the atmosphere (Rabaey & Cotner, 2022).
Prolonged anoxic conditions can reduce DeN by preventin§aation and the production of
NOs in systems that may already have limiteddNO

Taken together, we see evidence that urban lentic ecosystems with low TP
concentrations have a greater capacity to remove N, perhaps driven by differences in the
dominant plant community. This finding aligns with Ginger et al. (2017), who concluded that
increased denitrification associated with macrophyte cover drives reductions in N in clear water
(low TP) compared to turbid (high TP) lakes. Additionally, recent stormwater pond research in
MSP has identified that duckweedminated sites may representriuqu e At ypeo of st
pond whose characteristics and functional capacities deviate from ponds dominated by
macrophytes or phytoplankton (Rabaey & Cotner, 2022). In particular, they are characterized by
poorer water quality and depleted oxygen. Ouulteontribute to this emerging understanding,
finding that duckweedlominated systems have a reduced capacity to permanently remove N. A
diminished capacity to denitrify means a greater fraction of N may remain in the system.

A reduced ability to remove N via denitrification in high TP lentic ecosystems could
mean more N available for primary productivity. In other words, reduced DeN could generate a
feedback that contributes to stabilizing a eutrophic state. This would depehd degree that N
limits primary production in study systems, but N limitation ofioatation by N and P are not
uncommon in MSP lakes (Bratt et al., 2020). Whether reduced DeN results in more bioavailable
N would also depend on the ability of a syst® convert abundant yet less bioavailable organic
N into forms available for uptake. As a result, future research should consider the role of N

mineralization and nitrification for providing bioavailable N in urban lentic systems.

Denitrification efficiency
Our findings suggest that urban waters have the capacity to be source€stoftNe

atmosphere with denitrification efficiency varying substantially among sites and sediments.

Rates of NO production in our study were higher than those reported in Blaszczak et al. (2018).
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They reported amendec® production ranging from 0 to 1.7 pg N gr' compared to 0 3.7
ug N g! hrt (mean 1.24) in our study sedimentaeON\also comprised a small fraction of total
amended DeN products, averaging 4% and reaching a maximum of 39% across all sites. Our
estimates of amendec® yields in MSP were far higher, averaging 33% (maximum of 79%).
Amended rates of #D production increased alongside total amended DeN, which is
consistent with other findings (Beaulieu et al., 2011; Blaszczak et al., 2018). Total amended DeN
alone explained more variation ir® production than the top MV model (78% compared to just
18%). As a result, we expect the same mechanisms discussed above for amended total DeN to
also influence amended:@ rates. In support of this, TP concentration was a meaningful
predictor of amended® rates in our study. We found no eviderthat systems with high
potential total amended DeN are inherently less efficient as amen@edidd did not appear to
worsen as rates of amended total DeN increased. We found support for our hypothesis that
dissolved oxygen regulates amendefNields but found no evidence that B@ffects NO

yields.

Effects of site properties on®
Oxygen appears to reduce denitrification efficiency in urban sediments, increasing the

fraction of denitrification products emitted asON Not only was site dissolved oxygen an
important predictor of amendec® rates and yields, sites classified as polymictic also had
higher amended XD rates and yields. 20-reductases are the most oxyggamsitive of the
denitrifying enzymes and may be inhibited at lower oxygen concentrations compared to the other
enzymes, resulting in20 production and release (Beauliet al., 2011; Knowles, 1982; Wrage
et al., 2001). Our findings suggest that oxygen may block the transcription and/or function of
N20-reductases in study sites with recent or more frequent sediment oxygen exposure and that
this inhibition persists even in anoxic incubations.

Nitrate can also suppress the activity eONeductases, and denitrifiers may
preferentially reduce N©over NO when NQ and sufficient C are available (Bakken et al.,
2012; Firestone et al., 1979). An effect of NEncentrations on XD yields has not consistently
been observed (Beaulieu et al., 2011; DelVecchia et al., 2023; Liu et al., 20C&dWia &
Elser, 2010; Weier et al., 1993), and we did not see an effect ofch@entration on amended

N20 yields. Results from Bell pond were especiatlgiesting, where the highest MO
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concentrations and some of the highest total DeN rates in amended and unamended incubations
were accompanied by no measurabi®Nroduction. In other words, totBleN under the

highest N@ concentration in our dataset was 100% efficient. Measures of overlying water
concentrations may not capture N@vailability in pore waters, especially if denitrification is
coupled to nitrification. Additionally, Bakken et al. (2012) emphasizes that denitrifying

microbial strains vary in their sensitivity to oxygerQN and other environmental factors. Some

of the unexplained variation in amendegONoroduction (and total DeN) in our study may be

due to differences in denitrifier community composition. Additional work to characterize

denitrifier community structure across urban sediments is needed.

There is still uncertainty regarding whether conditions that promote high rates of N
removal via DeN simultaneously reduce DeN efficiency in urban lentic systems. The only
variable to significantly affect amended®lyield, dissolved oxygen, was never a significant
predictor of total amended DeN in our study sediments but could be contributing to the elevated
activities in edge sediments, particularly if DeN is coupled with nitrification. If so, there may be
a potenial tradeoff between N removal and® production but we cannot make that conclusion
based on these findings alone. More work is needed to identify and compare drivers of both DeN
and NO rates.

We expect that the observed range of potentiél Helds captures actual variation in
DeN efficiency across urban sediments, but wheth€r Yelds as high 79% would be realized
as actual emissions from sites is unlikely. Field surveys:0fénissions from small lentic
ecosystems, including stormwater ponds, frequently report low or below detection values
(Bauduin et al., 2024; Rabaey & Cotner, 2022). Beaulieu et al. (2011), me&stiNpgnd
1 1™N20 after a'>N-tracer addition, found the greatesiONemissions in urban streams compared
to other land use types but overall <1% of denitrified N was releasegDasAN with total DeN
estimates, estimates ot® production and PO yield from amended incubations represent an
upperbound when amplreactants are available. We also acknowledge methodological reasons
why even these upp&ound NO production or yields could be high. M@an suppress -
reductase, meaning NGimendments in our incubations may amplipgONelease and,
therefore, yields. PO production may also be higher than those measured using other methods

due to shaking incubation bottles prior to sampling headspace gases, which rel€aesN
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porewaters when it may otherwise have been further denitrified. We expect the effects of both

limitations to be consistent across samples and would not affect overall relationships observed.

Intra-site variability indenitrification
Consistent with the heterogeneous nature of DeN, we saw highsitlispatial

variation in DeN even in systems where less than two meters separate edge and center sediments
(Saunders & Kalff, 2001). Consistent with previous work, edge sediments hdctaigly

higher potential totaDeN compared to center sediments (Bruesewitz et al., 2012; Grantz et al.,
2012; Saunders & Kalff, 2001). Edge habitats integrate the characteristics discussed above that
support high DeN. Specifically, reactants are deé#ddo edge sediment pore waters with

frequent wind and wave action augmented by macrophytes, inputs from riparian areas, and/or
high rates of nitrification (Bruesewitz et al., 2012; Cook et al., 2006; Kuwae et al., 2006). While
we did not observe significadifferences in N® and NH* concentrations overlying edge and

center sediments and edge sediments had lower percent organic matter compared to center
sediments, these values do not reflect reactant availability in pore waters or carbon degradability.
Any potential adverse effects of high chloride or other pollutants are expected to be most
prevalent in deeper regions, which is confirmed in our data. In addition, the higher temperatures
we observed in shallow regions can increase microbial activit@sgding nitrification and DeN
(Saunders & Kalff, 2001). These findings underscore the importance of incorporating spatial

variation into assessments of the denitrification and N removal capabilities of ecosystems.

Inter-site variability in denitrification
Large lakes had significantly higher amended total DeN rates compared to smaller lakes

and ponds. This was contrary to expectations, but reflects nuanced denitrifying conditions in
small lentic systems. Many sites receive high inputs of N from their svegds but most are in
organic forms inaccessible to denitrifiers and while they may be shallow, they frequently
experience persistent anoxia (Finlay et al., 2024; Holgerson et al., 2022; Janke et al., 2022).
Together these conditions would result in Nidnitation of DeN as the aerobic conditions
required to convert organic N to N@ia nitrification are not supported. Others have found DeN
to be NQ' limited in stormwater ponds for these reasons (Goeckner et al., 2024; Hohman et al.,
2021) As a result, sediment oxygen exposure and mixing patterns may be important determinants
of N removal capacity in small lentic systems. We did not see an efféat ofiking regime on
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amended total DeN, but highequency monitoring of these dynamic sites could better capture

mixing frequency and duration.

Conclusions

We observed the highest rates of amended DeN in systems with low TP concentrations
and conductivity values (i.e., road salt inputs), as well as in edge sediments and in center
sediments from the largest systems sampled. In other words, center sedinmests&lo
eutrophic and chloridenpacted systems were less capable of removing N via DeN. Numerous
potentially interacting mechanisms may underpin these findings and are detailed above.

One shared possibility that we think is particularly likely is that amended DeN rates in
our study were limited by the interacting effects of mixing, sediment oxygen exposure, and
reactant availability. Elevated TP concentrations and road salt inputssaaded with reduced
mixing and stronger bottom water anoxia. Smaller lentic systems may experience more
prolonged bottom water anoxia and infrequent mixing compared to edge sediments or center
sediments in larger systems. In our systems where ill®arce and organic N is abundant,
persistent anoxia inhibits aerobic nitrification and limits DeN reactant availability. Mixing
regime and dissolved oxygen concentrations in overlying water had no effect on amended DeN
rates in our study, but these varialiegy not capture sediment oxygen and mixing regimes in
these dynamic and variable systems.

Nevertheless, measures of sediment oxygen exposure emerged as important determinants
of N20 yields. We found the greatest@lyield from sediments with higher dissolved oxygen
concentrations in overlying water and from sediments collected from sites designated as
polymictic. Given this finding, clarifying the role of sediment oxygen exposure for urban lentic
system DeN rates drefficiencies should be prioritized. Until then, our findings suggest that
efforts to maintain clear water, or lower TP, statesnmaller urban lentic ecosystems will benefit

their ability to remove N.
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Chapterd: Urban street tree litterfatlan bea key driver of stormwater
nutrient concentrations and yieldsoughout the year

Summary

Street trees in urban environments can be important conduits for nutrients; they take up nutrients
from soils and deposit them onto streets in the form of litter. These nutrients can rapidly enter
stormwater in dissolved and particulate forms, contributngutrophication of receiving waters.

Our goal was to quantify the contribution of street tree litterfall to stormwater phosphorus (P) and
nitrogen (N) at the watershed scale. Using data from-fiegfuency street sweeping programs in

the MinneapolisSt. Paul Metropolitan Area (MSP), we demonstrate that fractional canopy cover
over the street is a powerful indicator of litterfall inputs to streets and can be used to predict street
tree litterfall inputs of total N and P at the watershed scale. Comparaaiicted litterfall total
nutrient inputs to observed stormwater nutrient data from MSP watersheds revealed that litterfall
inputs were a significant predictor of stormwater total N and P concentrations and yields across
seasons. We further predicted theer contributes an average of 60% of stormwater total P and
69% of stormwater total N yields during the snfree season, with the greatest contributions in

the spring and fall. Predicted contributions from litterfall ranged greatly between watersheds
(=07 185% for total P and ~0149% for total N) likely due to variation in land use and land cover
metrics and nutrient retention with the stormwater network. These findings reveal the outsized
effects of street trees on stormwater nutrient loadingsagdest that targeting street litterfall may

be a powerful tool to address excess nutrients in urban freshwaters.

Introduction

Urban waterd flowing and norflowing, inland and coastdl ar e some of ci ti e
vital features, providing essential services for human and ecological communities (Lowe et al.,
2022). As city populations and footprints continue to grow, the number gudtance of urban
waters increases (Grimm et al., 2008). At the same time, these systems face numerous stressors
from the urban environment.

Urban watersheds can export high levels of nitrogen (N) and phosphorus (P) to urban

waters resulting in eutrophication. Eutrophication decreases water clarity, produces more
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frequent and larger algal blooms, shifts aquatic plant communities and food webs, disrupts
oxygen regimes, and limits recreation and other forms of use (Ansari & Gill, 2014). Nitrogen is
of increasing concern in both coastal regions and inland areasydtes$ are sensitive to P, and
many systems can exhibit N and Rlieoitation (Elser et al., 2007). Further, the nutrients that
originate, flow through, and affect urban waters also have implications for downstream or
connected systems at regional and gldzales.

Considerable efforts have been made to understand and address eutrophication in urban
waters and downstream. The Clean Water Act spurred interventions that targetespaat
pollution, successfully reducing nutrient concentrations and improving dlantgny urban
waters (Stets et al., 2020; Topp et al., 2021). Nonpoint sources such as stormwater continue to
affect water quality in citiesd coastal and
Efforts to reduce nutrient loading from stamatter are complicated by the heterogeneity and
complexity of urban environments and stormwater networks, as well as the inherent differences
of N and P sources and cycling. Previous work found that urban N and P differ in their primary
sources, pathwaysnd controlling factors (Carle et al., 2005; Hobbie et al., 2017). What
emerges from this complexity are different and sometimes competing management strategies.
For example, encouraging infiltration of stormwater might increase P retention while
exacerbatig N export via groundwater (Hobbie et al., 2017).

One common conduit for both N and P to move from land to surface water are trees
planted adjacent to roadways, hereafter street trees, which may offer opportunities for targeted
and efficient nutrient removal from roads in watersheds where street tresram®n. Street
trees accumulate nutrients from soils and deposit them directly onto the landscape, including
streets, as leaves, flowers, seeds, and other litterfall (Janke et al., 2017). In street gutters,
stormwater or snowmelt enable rapid leaching @@cbmposition of organic matter (Hobbie et
al., 2013; Kaushal & Belt, 2012). Given the imperviousness of streets, there are very few
opportunities for infiltration or uptake, and mobilized nutrients and remaining litter are
transported through stormwaiafrastructure to receiving waters.

There is growing evidence that trees play a role in N and P loading to stormwater. Time
series data of stormwater show pulses of N and P in the spring and fall, which correlate with

phenological events like tree flowering and leaf drop (Janke et al.,.2@4®rial intercepted by
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street sweeping also shows similar seasonal patterns as stormwater with pulses of organic matter,
N, and P in the spring and fall (Hobbie et al., 2023; Kalinosky, 2015). Further, sweeper material
often contains a high proportion of organic matter (Hobba.e2023; Kalinosky, 2015;

Sorenson, 2013). And swept material from residential settings, where canopy cover tends to be
higher, had higher organic matter and TP relative to material from an industrial setting

(Sorenson, 2013).

Explicitly incorporating street trees in assessments of stormwater nutrient dynamics
confirms a relationship between canopy cover over streets and stormwater nutrient loading. In
watersheescale multivariate modeling, street canopy cover emerged as aypradictor of N
and P concentrations in stormwater (Janke et al., 2017). Kalinosky (2015) also found strong
correlations between percent canopy cover and the concentrations and mass of N and P in
material collected via street sweeping.

While percent canopy cover is a useful proxy for assessing the role of street trees in
contributing nutrients to surface waters, it has limitations. First, there are uncertainties around the
proportion of urban canopy litter that falls into streets veysinds, where nutrients may be
processed and transported differently (Kalinosky, 2015; McDonnell et al., 1997). Second, using
canopy cover as a predictor of stormwater nut
contributions from their indirect effects mon-tree or soil inputs. For example, higher canopy
cover could increase stormwater nutrient concentrations directly through an increase in litter or
indirectly through an increase in erosion from shaded, poorer quality turf grass (Bierman et al.,
2009).

There is a need to directly quantify the contribution of street trees to N and P inputs to
streets and stormwater. Theoretically, this can be achieved by collecting all litterfall deposited
onto streets with sufficient frequency to minimize loss of mdtanid nutrients to stormwater.

Selbig et al. (2016) used this approach, removing all street detritus from a residential catchment
with 17% street canopy cover in Madison, WI, from April to November. They observed
substantial reductions of stormwater TP dilexports in the cleaned catchment relative to a
catchment that was not cleaned. They attributed 84% of stormwater TP and 74% of stormwater
TN loads to the removed street debris, including litterfall, across the-saeweriod and

revealed nuances beten seasons and nutrients. While this study added important support for
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the role of street trees in urban nutrient dynamics, it could not separate the effects of litterfall
from other material removed from streets (e.g. soils), nor could it explore the contribution of
trees to stormwater nutrients across watersheds thatnv/trgir tree canopy cover over streets.

To further refine our understanding of the relationship between street trees and
stormwater nutrients, we leveraged highguency street sweeping data that differentiates coarse
organic matter to estimate the mass of P and N inputs to streets and storfromastreet tree
litterfall under differing canopy cover conditions throughout the year. We linked these
predictions to comprehensive data on waterstgade stormwater nutrient yields to quantify the
fraction of nutrient loading coming from street se&his analysis enabled us to 1) estimate the
proportion of stormwater N and P exports that are contributed by street trees and are therefore
available for relatively efficient removal (and prevention from entering stormwater) through
street sweeping, 2gfine our understanding of how and when street trees affect stormwater
nutrient concentrations and yields, and 3) explore the watershed characteristics that mediate the

role of street trees in stormwater nutrient loading.

Methods
Studyareaand time periods

Street sweeping routes and stormwater watersheds were located in the Minft&apolis
Paul Metropolitan Area (MSP) in central Minnesota, USA. The climate of this region is typical
of the Upper Midwest with large variation in temperature and precipitationghout the year.
This work spans the snefree period (April I October 31) when precipitation averages 27.1
inches, with Juné August being the wettest months (Palecki et al., 2021). Season drives the
phenology of street trees with flowering and leaf occurring Aprili May with senescence and
leaf drop occurring SeptembieiNovember. Street trees and street sweeping programs are
managed by 113 individual municipalities (population > 1000) within the MSP, leading to a
patchwork of objectives and magement strategies across the region.

To understand how litterfall contributions to stormwater nutrients vary with season and
tree phenology, we focus on three periods of active litterfall: summer (JuAedust 31),
fall+spring (September L October 31 and April 1 May 31), and snoviree (April 1 T October
31). We combined the spring and fall seasons to allow for realistic comparisons to observed
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stormwater nutrient data. A portion of fall litter typically overwinters in streets, and its associated
nutrients do not appear in stormwater until spring thaw and precipitation events (Bratt et al.,
2017). By combining the spring and fall seasons, wegnteaverestimating nutrient

contributions from spring litterfall and underestimating contributions from fall litterfall.

Streetsweepinglataset
Data on the N and P concentrations and loads in swept materials from four cities were

used to estimate the amount of P and N that the siveet canopy deposits onto streets as
litterfall (Hobbie 2023). Samples from street sweepers were collected frdn@@0D12 from

four sweeping routes in Prior Lake, MN and from 24 additional routes in Forest Lake,
Minneapolis, and Roseville, MN in 2019 (Hobbie et al., 2023). All streets on study routes were
curbed.

Details of the collection, preparation, and analysis of street sweeping samples have been
published in Kalinosky (2015) and Hobbie (202B)» summarize, a sample of the material
collected by a street sweeper during regular street sweeping operations was collected within 24
hours of the conclusion of a sweeping event. To ensure a representative sample, samples were
collected after the sweptaterial was dumped (and therefore mixed) and compared against
visual estimates of the fraction of soil and plant congmts in the larger pile. Samples were
separated into fine (< 2 mm) and coarse (O 2
was added to deionized water and agitated to isolate floating (i.e., organic) material and remove
adhered soil particles he coarse and fine fractions were analyzed for total P (TP) and N (TN).

Inputs of TN and TP from the street canopy via litterfall appear mainly in the coarse
fraction, the focus of this work. Kalinosky et al. (2015) reported significant positive relationships
between the average percent canopy cover over the street andrfeefizion loads but not
with the fine fraction loads. We acknowledge that the fine fraction might have contained some
nutrients that originated from the coarse fraction and street trees, as litterfall in streets can be
ground into fines by physical disbance such as vehicle traffic or by weathering. To assess the
likelihood of significant litterfall contributions to the fine fraction, we compared C:N ratios of
the fine and coarse organic fractions and found a significant difference across all months
(coarsex =28.4 + se 0.44, n = 574; fike=51.2 £ se 1.56, n = 562tdsti < 0.05). This

suggests the fine fraction was mainly sibérived. However, it is also possible that fines from
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litterfall were more processed than intact, coarse litter (i.e., had leached more N). Adding an
estimate of fine organic matter into our analyses did not substantially alter our results. Given
these considerations, we use only data from the coarse ofigantion here.

Methods used to derive percent canopy cover over the street for each sweeping route are
detailed in Janke et al. 2017 and Hobbie et al. 2023. Briefly, shapefiles from the Twin Cities
Metropolitan Area (same as MSP in our studyWldter Urban Tree Canopy €er Classification
(Knight et al., 2017) and the Metro Regional Centerlines Collaborative Local Centerlines
(MRCC Collaborative, 2018) were overlain to isolate canopy cover directly overhanging streets
and calculate the total area of overhanging canopyaalstreet area. We then divided the total
overhanging canopy area by total street area and multiplied by 100 to produce percent street

canopy cover.

Selectingstreetsweeping routes and estimating cumulative masses of N and P
We selected sweeping routes with the longest records and most frequent sweeping to

ensure that the cumulative material collected from street sweeping events reasonably reflected
contributions from litterfall into streets. We first selected sweeping routbobservations that
spanned each time period of interest. A route
range of start and end dates for a given period to limit underestimating cumulative masses of N
and P (Tablé.1). We next selected rtes with relatively frequent sweeping so that we could
assume minimal material was removed from streets via-otshto storm drains in between
sweeping events. We determined that routes with an average sweeping frequency of 17 days or
fewer captured thevidest range of street canopy cover scenarios with the most frequent
sweeping possible (Tabde?2). We calculated average sweeping frequencies by averaging the
number of days between each sweeping event for each period. We acknowledge that some
leaching ad particulate transport likely occurred between sweepings and, as a result, our
cumulative masses of litterfall nutrients are likely conservateeRrediction uncertainties in
Sl).

To calculate the cumulative mass of TN and TP from the coarse organic fraction of each
qualifying route, we summed all loads over each period. Total cumulative loads from multiple

years, when available, were averaged by period.
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Table 4.1. Date ranges for each study period.

Study period Start date Start date allowance End date  End date allowance

Spring April 1 March 21 — May 5 May 31 May 17 — May 31
Summer June 1 June 1 — June 12 Aug 31 Aug 20 — Aug 31
Fall Sept 1 Sept 1 — Sept 15 Oct 31 Oct 17 — Nov 14
Snow-free April 1 March 21 — May 5 Oct 31 Oct 17 — Nov 14

To be included in this work, street sweeping routes and stormwater monitoring stations
had to have a first and last observation within the allowed ranges. Data had to qualify
for both the spring and fall periods to be included in the Fall+Spring period.

Table 4.2. Streetsweepingroutes that meet selection criteria for each study period
model, ordered by fractional street canopy cover.

Summer models Fall+Spring models Snow-free models
Frac
street Ave No. Ave No. Ave No.
Route canopy sweep sweep Mass Mass sweep sweep Mass Mass sweep sweep Mass Mass
City ID  cover freq events TP ™ freq events TP TN freq events TP ™
Prior Lake L2 0 17 6 0.00 0.17 12 16 0.10 0.73 16 18 0.10 0.80
Prior Lake L4 1 7 14 0.03 0.47 21 8 0.09 0.88 8 34 0.12 1.32
Prior Lake M2 6 13 8 0.06 0.63 12 14 0.29 1.93 14 20 0.34 2.56
Forest Lake F2 6 16 6 0.02 0.36
Forest Lake SH 7 14 7 0.02 0.27
Forest Lake SRC1 7 16 6 0.05 0.60
Forest Lake F3 8 14 7 0.03 0.32
Prior Lake M4 12 7 13 0.14 1.54 20 7 0.39 2.90 7 33 0.53 4.44
Forest Lake F1 17 14 7 0.07 0.79
Prior Lake Ha 19 7 13 0.16 1.40 20 8 0.72 5.21 8 33 0.88 6.61

Ave sweep freq = average sweeping frequency in;ddyssweep events = number of individual
street sweeping eventdass TP = Mass of total phosphorus in coarse organic fraction (kekoyrb
Mass TN = Mass of total nitrogen in coarse organic fraction (kgfkeomfy Empty cells indicate a
route not included in that perioddéds model

Stormwaterdataset
We assembled stormwater event volume data and event TP, TN, dissolved inorganic

NOs and NQ (NOx), and Total KjeldahN (TKN) concentration data measured from watershed
outflows by MSP watershed management organizations. These observed stormwater data do not
include coarse particulate organic matter, which may be derived from street tree litter. A subset

of watersheds wh extensive data and subsurface drainage (i.e., no stream channels) was selected
for study (Table 8.1; seeFinlay et al., 2023 for details). These watersheds have separate

sanitary sewer and stormwater infrastructure, no septic systems, and theiastreatbed.

Watershed attributes known or predicted to influence stormwater nutrient dynamics were
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provided by monitoring agencies or calculated using publicly available spatial datasets. A full list
of watershed attributes may be found in Finlay et al. (2024) but include land use and land cover
metrics (e.g. fractional residential, industrial, undepeth waterbody, and total impervious
surface covers), indicators of the degree of urbanization (e.g., population density, road density,
development age), and estimates of soll infiltration capacity and erodibility. Most relevant to this
work are estimatesf street canopy cover, which were derived using 2015 data from the Twin
Cities Metropolitan Area-Meter Urban Tree Canopy Cover Classification (Knight et al., 2017)
and Twin Cities Metro Area Road Surface Area (Ma$garts, 2023) shapefiles and in a mam
similar to estimates of street canopy cover over sweeping routes (Hobbie et al., 2023; Janke et
al., 2017).
Concentrations designated as below detection, or censored, were adjusteéd using
substitution (Ganser & Hewett, 2010)substitution was found to result in bias far lower than
standard substitution methods for censored data, which have been shown to distort signals and
lead to erroneous conclusions (Ganser & Hewett, 2010; Helsel & Helsel, 2012). Following the
procedure olined in Ganser & Hewett (2010), we calculated a common limit of detection for
each nutrient, then generated a unique-beteectionfactor for each nutrient at each monitoring
station. Censored values were corrected using thesédottas and used alongside uncensored
observations in calculations and analyses.
When TN concentration was not directly reported, it was calculated as the sum of NOx
and TKN concentrations. The Como 3 monitoring station was missing NOx concentrations
meaning its TN concentrations and yields are slightly underestimated (NOx concestratio
comprised on average 19% + se 0.17 of TN concentrations in stations with both values reported).
Stormwater nutrient loads were either directly reported by an organization or calculated
by multiplying total event volume and event mean concentration. When calculating loads, we
estimated missing concentrations from known storm events by averagingathnmm i ng st at i
event concentrations three weeks before and a
observations from that month (Janke et al., 2017). These estimated concentrations were only
used to calculate loads, not when working directly wihrmwater concentrations. Watershed
stor mwater nutrient yields were calcul ated by

each qualifying watershed, we calculated average stormwater TP and TN concentrations and
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cumulative stormwater TP and TN yields for each period. When multiple years from a station
gualified, mean concentrations and cumulative yields were averaged to account for year to year

variation.

Selectingstormwatermwatersheds
To ensure concentration and yield data were representative of each time period (summer,

fall+spring, and snoviree), we selected only monitoring stations whose first and last observation
fell within the start and end dates for each period (Té4file The allowable date range for the
first spring observation was extended due to delayed onset of monitoring in some watersheds,
resulting in some watersheds missing a fraction of spring nutrient export. We do not expect these
missing data to affect ouinflingsas watersheds with delayed spring monitoring also happen to
have some of the highest TP and TN yields. We selected stormwater data from22d¥3to
match the street canopy cover estimates from 2015. Qualifying watersheds and their monitoring
periods ardisted in Tablet.2. The range of average fractional canopy cover over the street in
gualifying watersheds (~035%) was representative of the broader MSPi (48%).
Building and applying sweeping models

To ultimately predict street litterfall contributions to stormwater N and P for all
watersheds for which we had estimates of stormwater nutrient export, but not measurements of
litterfall TN and TP, we constructed simple linear regression models relatpgrtonal
canopy cover over the street to cumulative loads of TP and TN in the swept coarse fraction for
each of the three time periods for the street sweeping routes reported in Hobbie et al. (2023). We
explored the inclusion of sweeping frequency iesthmodels, which others found to be an
important predictor for TP and TN loads (Hobbie et al., 2023; Kalinosky, 2015). Our
multivariate models affirmed that sweeping frequency had a significant influence on cumulative
TP and TN loads in the swept coarsgcfion over a given time period, but AIC model selection
did not show a significant difference between models with and without sweeping frequency.
Therefore, we omitted sweeping frequency as a predictor here. This allowed our models to be
more readily apied to watersheds that spanned multiple municipalities and, therefore, sweeping
programs.

We used these models to predict street litterfall contributions to nutrient yields for
watersheds lacking measurements of litterfall inputs to streets. By inputting average proportional
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canopy cover over all streets and the total curb distance for each stormwater watershed, we
calculated a predicted TP and TN litterfall input for each period at the watershed”sedis§
kg N or P krif) (Egn. 1, wheren s the slope ant is the yintercept). These values represent our
best estimate of the total nutrients that trees adjacent to streets deposited onto streets in a
watershed.

We amended these total estimates to account for any nutrients that would have been
removed by typical street sweeping operations, which occurred once betweBtaroidand
mid-April and again in early tanid-October in study watersheds. We again built simple linear
regression models relating percentage canopy cover over the street to the March and October
coarse organic TP and TN loads (Figu#elSTable S4.2 For these models, we selected only
those routes that were swept | east frequently
recovered during typical sweeping. Using these models, we predicted the amount of material
removed by typical street swaag (once in the spring and once in the fathm each watershed
given its total curb distance and average street canopy cover. We corrected the fall+spring and
snowfree estimates of street tree nutrient inputs by subtracting the material typically removed by

sweeping events in the spring and fall.

0 Qi - Equation 1

We divided the predicted litterfall TP and TM#&ss$red) delivered to streets by the
observed cumulative TP and TN stormwater yietitssérved cumulative stormwater yield, kg N
or P km?) for each watershed across each period, to calculate the proportional contribution of
street trees to stormwater P and N exp®tsrred) (EQN. 2). These proportions were then
related to watershed characteristics to explore variables that influence or mediate the connection

between street trees and stormwater.

~

OIirE Equation 2

Statisticalanalyses
We assessed relationships between inputs from street tree litterfall and observed

stormwater nutrient concentrations and yields using bivariate linear regression models (R Core
Team, 2021; U = 0.05). St or mwat etstostredisrande nt c o
81



other connected impervious surfaces. Yields are a function of both concentration and runoff
volume, which is closely linked to the intensity of stormwater drainage, indicated by street
density. Thus, variation in yields is highly influenced by differencegatershed structure as
well as factors that affect concentration, so may be expected to have a more complex relationship
to canopy inputs (Janke et al., 2017).

To explore how watershed characteristics mediate the relationship between street litter
and stormwater, we related the predicted proportion of stormwater nutrients associated with
street litter (oPropered) to watershed attributes for each period of interest using bivariate linear
regression models (R Core Team, 2021; U = 0.0
those we hypothesized would be important given previous work and our understanding of the
urban stormwater system. Predictors were: wagetslevelopment age, population density, road
density, erodibility, fractional land use and land cover categories (lawn, impervious surface,
rooftop, surface water, industrial, residential, urban, undeveloped). We additionally used
bivariate linear regressn to assess how predicted proportion of stormwater nutrients associated
with street litter compared to cumulative stormwater total suspended solid yield, a measure of
erosional inputs, for each period of interest averaged across years. Variables eseé to d
predicted proportions were not assessed (fractional canopy cover over the street, road length, and

watershed area).

Results & Discussion

Our work expands understanding of the relationship between street trees and stormwater
nutrients byusing street canopy cover to estimate street tree litterfall inputs at the watershed
scale and quantifying the fraction of stormwater nutrient yields that can be attributed to street
tree litterfall. This novel approach confirms that street trees haved dnd significant effect
on stormwater nutrient concentrations and that litterfall contributes a substantial fraction of N
and P to stormwater, especially in watersheds with high street canopy cover. Our findings
suggest that stormwater networks likedyain some fraction of litterfall nutrients and emphasize
that street trees can be an important focal point for managing excess N and P in cities and urban

surface waters.

82



Percent street canopy cover strongly predicts litterfall inputs of TP and TN to streets.
Across streesweeping routes, cumulative TP and TN in the coarse organic fraction

recovered via street sweeping were strongly predicted by street canopy cover across all periods.

Relationships were strongest for the srioge period, followed by the falspring period, and

the summer period (Figurel). Model slopes for the fall+spring period were greater than those

in the summer period, reflecting the greater mass of TP and TN recovered during these seasons.

The intercepts of these relationships wereratear zero, supporting our assumption that most of

the litter represented in these models was associated with canopy cover adjacent to and over the

street. However, we acknowledge that 1tize litter, for example grass clippings, might have

contributedsome material or may account for some variation during the summer period.
Predictions of total litterfall inputs from the fall+spring and srioge periods were

corrected to account for the amount of litter removed during typical spring and fall street

sweepings (Figure&2). We estimated that typical biannual street sweeping remoesegge

of 29% of TP and 27% of TN from the sndmee estimates and 36% of TP and 36% of TN from

the fall+spring estimates of litterfall N and P inputs to streets (all se = <0.02). Correcting for

material removed by typical street sweeping resuih predictions of net litterfall TP and TN

inputs to streets available for downstream transport at the watershed scale.

Street trees have direeffectson stormwater TN and TP concentrations and yields via litterfall
inputs.
Predicted litterfall inputs to streets were a significant predictor of mean stormwater TP

and TN concentrations across all study periods (simple linear regressainep< 0.05, Figure

4.2). Janke et al. (2017) found similarly strong correlations using percent street canopy cover as a
predictor of stormwater concentrations in MSP, though it was unclear whether the strength of

this effect was due to direct effects through litterfall inpurtgdirect effects on turf quality

erosional inputs. Our use ofgaticted litterfall inputs as a predictor confirms that street trees

have a direct effect on stormwater through litterfall inputs to streets or that predicted litterfall
inputs are correlated with any indirect effects of street trees on stormwater nutrient

concentrations.
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Figure 4.1. Average cumulative TP {op row) and TN (bottom row) in the
coarse litter fraction vs average percent canopy cover over the street.
Only frequently swept routes are
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May 31), and snovfree (April 1- October 31) periods. Grey shadingigates the 95%

confidence interval. All models have avplue < 0.05.
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Street trees were especially important determinants of stormwater TP concentrations

across the snodfree period. Predicted litterfall inputs were more strongly correlated with
stormwater TP concentrations (ekfj= 0.51) compared to TN (af§?> = 0.36). The fall+spring
period appeared to drive the relationship for TP, showing a markedly stronger correlatigh (adj

= 0.52) compared to the summer period-@¢tF 0.10). This was not the case for TN, which

showed similar relationships with litterfall inputsrihg the fall+spring (adR? = 0.28) and

summer periods (adR? = 0.21). This aligns with previous work that found canopy cover tended

to have a greater influence on stormwater P compared to N, particularly in the fall (Bratt et al.

2017; Janke et al., 2017; Selbig, 2016).
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Figure 4.2. Predicted mass of litterfall TP ¢op row) and TN (bottom row)

inputs to streets on a watershed area basis vs observed mean stormwater

TP and TN concentrations for each period.

Horizontal error bars represent the 95% confidence interval around each prediction. Vertical error
bars represent the standard error around each mean, calculated when data from multiple years
were available. Open points asatersheds (B>ale and MLK) that were excluded from

regression analyses due to especially high erosional inputs. Solid trend line indicalies ¢
0.05.Values on plots are the adjustetfét that model

Stronger relationships betwelktterfall inputs and TP concentrations may be due to P
being more readily lost from litterfall to stormwater compared to N. Nutrient loss from litterfall
is dictated by the microbial community (e.g., metabolic and nutrient requirements), litter
charactestics (e.g. ratio of carbon to nutrients and soluble vs. insoluble nutrient forms), physical
processes (e.g., fragmentation), and the solubility of N and P. These factors culminate in notable
differences between N and P, with P being more readily lostlitrfall via leaching and
decomposition, likely because it can be stored as inorganic P in vacuoles within leaves (Hobbie
et al., 2013). Similarly, P is more readily lost from #toze litter, such as grass clippings, which
may account for some of thdditional variation in summer TP concentrations (Timmons et al.,
1970). Other sources (e.g., wet and dry deposition, chemical fertilizers) and retention pathways

(discussed below) that tend to be more prevalent for TN compared to TP in our study area may
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also drive additional variation in the relationships between litterfall TN inputs and stormwater
TN concentrations (Hobbie et al., 2017; Janke et al., 2017; Selbig, 2016).

Litterfall inputs were positively correlated with stormwater nutrient yields, though these
relationships were weaker compared to those for concentrations (Bigur€his was expected;
stormwater nutrient yields respond to variables that affect nutrient concentrations (as litterfall
inputs do here) but are especially sensitive to variables that affect runoff volumes. Street density,
for example, is often correlatedth stormwater nutrient yields (Hobbie et al., 2017; Janke et al.,
2014; Y:Y. Yang & Lusk 2018) and shows positive trends with TP (thougialpe < 0.1; ad]
R?=0.16) and TN yields ¢(walue < 0.05; adR? = 0.26) in our dataset during the snfree
season. The fact that predicted litterfall inputs emerge as a driver of yields despite the often
overwhelming importance of variables affecting runoff volumes is a reflection of their outsized
effects on stormwtar nutrient concentrations. A comprehensive assessment of the drivers of
stormwater N and P concentrations and yields is the focus ofmmgsearch in MSP and may
provide additional insight into the importance of litterfall and street trees relative to other

nutrient sources and landscape variables.

Street tree litterfalcontributesa substantial proportion of stormwater TP and TN exports
throughout the year.
We estimated the proportion of stormwater nutrient exports from litterfall inputs to streets

at the watershed scale by relating the predicted mass of litterfall TP and TN to observed
stormwater nutrient yields (Eqgn. 2). Predicted litterfall inputs of TdPTx to streets accounted

for a majority of stormwater nutrient yields during the srfose season (Figuee4). We

predicted that net litterfall contributed on average 18 kgtdnTP (se + 3.4, n = 18) and 138
kg/kn? of TN (se + 26, n = 17) to streetsrihg the snowfree period, comprising on average

60% (se + 12%) of observed stormwater TP and 69% (se + 12%) of stormwater TN yields.
Selbig (2016) may be the only other work that quantified litterfall effects on stormwater nutrient
export at the watershestale. They attributed reductions of 84% and 74% in TP and TN loads,
respectively, to the removal of street litterfall and other debris. These values represent a single
watershed with moderate street canopy cover (17%), and are in line with our predittion

litterfall contributions to stormwater nutrients.
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Figure 4.3. Predicted mass of litterfall TP (toprow) and TN (bottom row)

inputs to streets on a watershed area basis vs observed mean stormwater

TP and TN yields for each period.

Dotted line is the 1:1 line. Horizontal error bars represent the 95% confidence interval around
each prediction. Vertical error bars represent the standard error around each mean, calculated
when data from multiple years were available. Triangles indwatersheds (MLK, Dickerman

Park, and Franklin) that were excluded from regression analyses because they represent vastly
different land use from all others in our dataset. Solid trendline indicatekip < 0.05, dashed
trendline indicateswalue < 0.10Values on plots are the adjustetfét that model

Litterfall nutrient contributions to stormwater occurred primarily during the fall+spring
period. We predict litterfall inputs contributed on average 14 kP (se + 2.7, n = 16) and
100 kg/kn? of TN (se + 19, n = 15) to streets in the fall and spring, comprising on average 89%
(se £ 16%) of observed stormwater TP and 115% (se + 22%) of observed stormwater TN yields
during this period (Figurd.2). This aligns with the phenology of tree litter drop and mirrors
seasonal trends observed in previous wWadakke et al., 2017; Kalinosky, 2015; Selbig, 2016).
We were unable to reliably assess differences between the fall and spring seasons due to
nutrients from litterfall deposited onto streets in the fall not reaching stormwater outflows until
spring. Priowork has observed the highest mass of litterfall TP and TN in the fall (Hobbie et al.,

2023; Selbig, 2016; Kalinosky, 2015). We expect spring is still an important period for litterfall
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inputs to stormwater as spring litter (e.g., flowers) appears to more readily leach nutrients
compared to fall litter (e.g., leaves) (Hill et al., 2022).
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Figure 4.4. Mean proportion of stormwater TP and TN yields associated with street
litterfall.

Proportions are calculated by dividing the predicted net litterfall mass of TP and TN by observed
cumulative stormwater P and N yields from select Twin Cities watersheds. Dashed line highlights
a proportion of 1.0.
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We found that street tree litterfall may be an important source of nutrients in the summer,
however the magnitude of litterfall inputs was lower compared to those deposited in other
seasons. We predicted litterfall inputs contributed on average 4 kgfki® (se + 0.8, n = 18)
and 42 kg/kriof TN (se £ 7.2, n = 17), comprising 37% (se + 12%) of observed stormwater TP
and 40% (se + 8%) of observed stormwater TN yields. Similarly, Selbig (2016) found that
removing street debris reduced summer TP exports by 36%, but saw no significant change in
summer TN export. Trees can drop flowers and leaves during the summer months, and storms
and organisms that inhabit street trees can also dislodge leaves into streets.

The relatively predictable timing and location of street tree litterfall inputs to stormwater
present a unique opportunity to quantify inputs from a single source on the watershed scale.
Inputs from other, more diffuse sources are challenging to captareénd) few opportunities to
compare litterfall inputs to other sources of stormwater TN and TP. Prior efforts to identify
sources of stormwater P and N have measured rates of nutrient release from urban features (e.g.,

lawns, roofs, or pavement) into rufof estimated contributions from known sources (e.qg.,
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atmospheric deposition). Accurately scaling these estimates to the watershed and relating them to
watershed TP and TN export is challenging given the spatial and temporal heterogeneity of the
urban environment. Stable isotopes have been used to pamitiares of nitratéN in
stormwater at the watershed scale; isotope methods for P source identification are less
established and to our knowledge have yet to be applied to urban stormwater (Glibert et al.,
2019). Atmospheric deposition and N fertilizer aomsistently identified as contributing the
greatest proportion of stormwater nitrfdeexports, though estimates vary widely between
studies and across study catchments (Jani et al., 2020; Kaushal et al., 2011; Y. Y. Yang & Toor,
2016). Estimates of sourcentributions to stormwater nitrate are rarely related to TN exports
and therefore lack important context, especially when stormwater can be dominated by other N
forms. For example, in MSP on average 77% of stormwater TN (IQRi 788%b) is organieN
(Finlay et al., 2023). Yang and Toor (2016), working in residential catchments in Florida, USA,
were one exception; they reported +125% of stormwater TN from atmospheric deposition,
~6%1 25% from chemical fertilizer, and ~3%413% from organicand so#derived nitrate.
Reported estimates of source inputs to stormwater vary widely across catchments and studies,
regardless of method, andrdindings are no different.

We observed considerable variation in the predicted proportional litterfall contributions
to stormwater TN and TP exports across watersheds. We expected some of this variation to be
driven by watershed attributes (e.g., street density) known to affestiotimewater nutrient yields
from which proportions were derived (Eqn. 2). However, no watershed attributes were
significantly correlated with the proportion of stormwater yields from predicted litterfall inputs
(simple | inear r e g rofeespscied relationshipsrefloctsthé heterogereiy | a c
of urban watersheds and complex, often covarying, interactions between landscape attributes.
There are indications that the proportional inputs from litterfall may shift with changes in street
canopy ceer. Because our predictions are derived from street canopy cover (Egn. 1 and 2), these

relationships are discussed qualitatively.

Sources and transport of stormwater nutrigmbay shift with differences in watershed street
canopy cover anthnd use
Litterfall inputs may contribute a greater fraction of stormwater nutrient yields as street

canopy cover increases, indicated by the convergence of trend lines in&Fg8®ormwater TP
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and TN yields remained high in watersheds with low litterfall inputs. This is most apparent in
watersheds with fractional street canopy cover less than 1% (represented with triangles in Fig 4)
but persists when those watersheds are excluded. This tregebtaiglternative nutrient sources

or transport dynamics at low canopy cover and a shift toward litterfall as street tree cover, and
landscape features that covary with street trees, increase.

Watersheds with low street canopy cover tended to have higher impervious surface area
and road densities, characteristics associated with high runoff volumes and nutrient inputs from
erosion and deposition. A high degree of imperviousness and road covemiater infiltration
and interception by vegetation, resulting in higher runoff volumes, peak storm flows, and storm
velocities that more effectively move soils and particulate matter, which contain N and P, from
the landscape into stormwater and thtogtprmwater networks to outlets (Janke et al., 2014;
Miguntanna et al., 2013; Simpson et al., 2022). These erosional inputs join N and P inputs from
deposition and, in the case of N, vehicle fossil fuel combustlmoth also associated with high
imperviousiess and road cov@ro increase stormwater nutrient concentrations and yields
(Bettez et al., 2013; Simpson et al., 2022). These mechanisms are likely driving the persistently
high TN and TP yields at low street canopy cover. In support of this, we obdsbate
watersheds with low predicted proportions of stormwater TN and, especially, TP yields from
litterfall had significantly higher stormwater yields of total suspended solids, an indicator of
erosional inputs (Figuré.6).

As street canopy cover increases, mature trees and the lawns and vegetation that tend to
accompany them replace impervious surfaces, reducing stormwater volumes and altering nutrient
sources. Permeable surfaces such as lawns can reduce stormwater \gelcisuogging
infiltration and storage of stormwater and nutrients in soils or plant tissues (Simpson et al.,
2022). Decreased stormwater flows also increase residence time of nutrients in the watershed,
increasing opportunities for uptake or removal viagieiochemical processes (Hale et al., 2014).
There is evidence that adding trees to permeable surfaces further enhances stormwater volume
and nutrient reductions. Tree canopies may intercept and direct precipitation away from
impervious surfaces to soil:yéddeep tree roots may encourage infiltration. Trees can also store
water in their tissues and transpire it to the atmosphere (Berland et al., 2017). These effects of

trees on runoff volumes are often studied at the tree scale with uncertainties arouhdyhow

9(



scale to the watershed (Baker et al., 2021). However, Janke et al. (2017) found that increasing
street canopy cover reduced nutrient yields via stormwater volume reductions but only at low
street densities. Increasing tree cover and permeable surfacesdueg runoff volumes and
nutrient inputs from some sources and pathways, such as erosion and overland flow, while

activating or increasing inputs from other sources, such as from litterfall (Simpson et al., 2022).
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Figure 4.5. Predicted net mass of litterfall inputs of TP and TN to streets

in select Twin Cities stormwater and observed stormwater nutrient vs

street canopy cover (averaged by watershed) for each period of interest.

Both predicted net mass of litterfall inputs and stormwater nutrient yields are on a watershed area
basis.Note the compressedaxis. The summer (June- August 31), fall+spring (September 1
October 31 and April 1 May 31), and snoviree (April 1- October 31) periods are shown. Three
watersheds represented by triangles (MLK, Dickerman Park, Franklisybstantively different

from all others (dominated by impervious surface cover anet@sidential land use) and are

omitted from trendlines. No ststical output for predicted litterfall and canopy cover

relationships are shown as these variables are not independent. None of the relationships between
percent street canopy cover and observed stormwater yield were significant (p > 0.05).
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Figure 4.6. Predicted mean proportion of stormwater TP (op row) and

TN (bottom row) yields associated with street litterfalivs. mean observed

stormwater total suspended solids yields

Total suspended soliggeldshave been logransformed. Vertical error bars represent the

standard error around each mean, calculated when data from multiple years were available. Solid
trend lines indicate-palue < 0.05. Three watersheds (MLK, Dickerman Park, Franklin; indicated
with triangles) had higher impervious surface cover aneresidential land use compared to all
others Values on plots are the adjustetif® thatmodel

We caution, however, that urban watersheds do fall along a simple gradient from high

imperviousness to high canopy cover; variation in land use and land cover characteristics exist

across canopy cover values. This complexity challenges our ability tafydeaiterns,

particularly for stormwater nutrient yields. Future work to collect and incorporate nutrient yield

data from additional watersheds across land use types would improve our ability to capture and

understand interactions between key watershadackeristics such as street canopy cover and

street density.
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Nutrient retention maynediatethe effect of street trees on stormwater nutrient loading.
Predicted litterfall inputs that exceeded observed stormwater nutrient yields (i.e.

predicted proportions >1.0) likely resulted from watershed nutrient retention or underestimation
of stormwater nutrient yields. Watershed nutrient retention, or the remmbratrients from

stormwater upstream of outflows, would reduce stormwater nutrient yields relative to nutrient
inputs. There are numerous opportunities for N and P retention within the stormwater networks
of our study watersheds. Stormwater networksigealide surface waters, wetlands, and

stormwater infrastructure like ponds and sumps that can trap and bury N and P in their sediments
(Janke et al., 2022; Kloiber, 2006), as well as connections to groundwater where N and P may be
lost via infiltration (Jake et al., 2014). Any sites within stormwater networks that support anoxic
conditions (e.g., those with high moisture) may support high rates of N removal via

denitrification (Bettez & Groffman, 2012; Blaszczak et al., 2018). Urban watersheds tend to
morereadily retain N compared to P as there are fewer retention mechanisms for P (Hobbie et
al., 2017), which may explain why we attributed greater proportions of stormwater TN to

litterfall compared to TP (Figu4). P lacks a transformation pathway analogous to

denitrification (Djodjic, 2004). Further, the prevalence of particulate forms of P facilitates

retention in soils outside the stormwater network, but P in stormwater has few opportunities to
interact with sils (Hobbie et al., 2017). Nutrient retent is undoubtedly occuring in our study
watersheds, and future work to incorporate the presence and distribution of retention sites will
better reflect controls on nutrient transport in stormwater.

Underestimation of nutrient exports in stormwater could also have led to predicted
litterfall inputs that exceeded stormwater nutrient yields. Stormwater monitoring captures
nutrients that can be measured from water samples; it does not include nutetaistt
watersheds in coarse organic material (Bannerman et al., 1993; Selbig, 2016, Chapman et al.,
2024). Nutrients remaining in coarse material are less bioavailable (until released during
decomposition or consumption processes) but can still be tdedghrough stormwater
networks, joining dissolved forms of N and P as exports of nutrients to surface waters. Our
predicted masses reflect all N and P in litterfall regardless of pending transformations, but we
relate these to observed stormwater N Rnaeld data that may be missing a substantial fraction

of N and P remaining in litter. Compared to N, P is more readily lost from litterfall (Hobbie et
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al., 2013), suggesting that a smaller fraction of the predicted litterfall TP inputs would exit the
watershed as unaccounted for coarse organic material. We are unsure of the extent to which the
omission of coarse litter undercounts exported nutrientsthekfore, how it affects our
predicted proportions of litterfall inputs.

It is unlikely that overpredicting litterfall inputs to streets inflated predicted proportions
of stormwater from litterfall inputs. A full discussion of prediction uncertainties can be found in
thesupplemental materialsiere, we highlight that we are most likely underestimating litterfall
N and P inputs to stormwater due to incomplete capture of litterfall nutrients. The average
sweeping frequency for qualifying routes was 12 days, with the highest frequency beirsg 7 day
(Table4.1). During years whenrget sweeping data were collected, there were on average three
days between precipitation events for the summer, fall+spring, andfse@weriods (results not
shown, data source: Minnesota Department of Natural Resources). Rain events undoubtedly
facilitated nutrient and litter loss to stormwater between sweeping intervals, lowering the amount
of measured coarse litterfall N and P in our models, and resulting in underestimating litterfall N
and P inputs. Given the rapid loss of P from litter, we may pecgsly underestimating litterfall
P (Hobbie et al., 2013).

Conclusions

We found 1) canopy cover is a powerful indicator of litterfall inputs to streets, 2) in
watersheds with >5% canopy cover, litterfall has strong positive effects on stormwater TP and
TN nutrient concentrations which translate to positive (though less yéiegts on stormwater
TP and TN yields, 3) street tree litterfall inputs of TP and TN comprise a substantial fraction of
stormwater nutrient yields throughout the year but especially in the fall+spring period, 4)
litterfall may comprise a greater progort of stormwater TN and TP yields in watersheds with
high canopy cover, and 5) litterfall nutrient inputs to streets can exceed watershed nutrient
exports, suggesting nutrient retention in stormwater networks or coarse litter.

Given that the effects of street trees on stormwater are substantial, seasonally predictable,
and similar for N and P, we conclude that street trees may be a powerful focal point for
managing excess nutrients in cities. Others have shown that more frefeensweeping has

immense potential for reducing litterfall N and P inputs to stormwater (Hobbie et al., 2023;
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Kalinosky, 2015; Selbig, 2016). Our results underscore this, showing that over 70% of litterfall
TN and TP in streets during the snénee period remains after typical biannual street sweeping.
Our work contributes to a growing set of resources usefth@me developing street sweeping
programs, or other communibased street litter removal programs, aimed at maximizing

nutrient export reduction while minimizing costs and burdens to the community. Our models can
be used to estimate net litterfall TP aid inputs to streets for other noftbmperate cities

where street canopy cover data are available, thereby highlighting areas where reductions via
sweeping may be most effective.

Finally, though street trees present an important opportunity to reduce nutrient loading to
stormwater, inputs from litterfall do not represent new sources of N and P to the watershed.
Reducing allochthonous N and P inputs to urban watersheds and cldsngiutrient cycles,
which includes keeping litterfall nutrients on the landscape, are essential to truly addressing

excess nutrient loading to cities.
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Appendix 1:Chapter2 Supplemerdl Materials

Table S21. Study site physical attributes and key sediment properties.

Site properties Sediment properties
Max  Site Site

Age Size depth DO temp Anoxic oM Total-P

Site ID mo. yr. (years) (ac) (fy  (mgll) (C) factor % C:N CP  (un)
Alam 7 2022 =70 2.89 7.4 0.04 16.8 0.78 (5) 201 189 231.8 1303.0
Almg 8 2022 >70 9.36 5.8 3.68 232 0.00(1) 170 103 1421 13836
BizN 8 2021 30 0.46 11.5 0.08 214 0.01(4) 257 176 226.3 15347
BizW 7 2021 30 0.38 13.0 3.81 258 0.01(2) 229 255 2540 14740
BrOk 8 2022 >70 15.50 8.9 0.33 201 - 247 1341 60.2 61824
CentPrk 7 2021 =70 0.27 0.8 0.12 241 1.00(1) 149 166 1894 763.0
Char 7 2022 41 2.29 48 0.15 220 0.63(3) 16.7 143 2526 952.0
HrMr 8 2021 20 0.16 7.9 0.02 212 0.26 (3) 312 474 3604 12491
g Larp 7 2021 3 0.16 49 0.21 223 0.21(1) 176 329 1435 11815
g Mryind 7 2021 3 0.60 4.9 0.23 244 0.52(2) 7.2 269 87.0 B888.7
o PnOak 8 2021 1 0.37 1.0 1057 242 0.00(1) 1.1 14.8 17.2 4348
ResCircE 7 2021 12 0.02 25 0.09 209 1.00(1) 290 266 326.2 1336.1
ResCirceW 7 2021 12 0.04 25 0.09 209 1.00(1) 100 152 1704 674.1
ResWds 8 2021 4 0.04 1.5 134 29.8 0.00(1) 7.6 180 1234 718.1
SemNw 7 2021 1 0.15 25 7.47 18.8 0.00(1) 34 202 19.6 685.3
SemOld 7 2021 30 0.23 1.6 0.12 18.8 0.10(1) 106 263 66.8 723.0
TRckN 7 2022 5 0.20 25 0.31 249 0.00(1) 44 241 1444 516.8
TRckS 8 2021 5 0.33 5.6 0.73 228 0.01(3) 9.7 176 1325 10018
VonHan 8 2022 30 0.74 9.8 0.03 16.6 0.19(1) 76 219 1697 705.0
Como 6 2021 =70 68.00 15.0 0.01 181 0.40(7) 297 189 128.0 34257
g Elmo 9 2022 >70 256.82 140.0 0.25 56 0.50(1) 164 211 4708 759.7
ﬁ Joha 8 2022 =70 197.51 43.0 0.0 93 034(1) 296 131 2851 14319
= Jose 8 2022 =70 105.33 44.0 0.0 107 0.21(1) 500 152 3655 17748
Sqr 9 2022 =70 203.05 68.0 0.0 74 0.32(10) 240 121 128.2 24345

Sampling month (mo.) and year (yr.)

Age = estimated site age in 2022; DO = bottom water dissolved oxygen at the time of sampling; Site temp =
bottom water temperature at the time of sampling; OM = organic matter; C = carbon; N = nitrogen; P =
phosphorus; Anoxic factor = index froni @ (hunber of monitoring years that inform calculations) with high
values indicating more frequent sediment anoxia.

10C



Alam Almg BrOk CentPrk Char

. ’ e 0.021 . . [
0.02 . 4 o .
o 0.02] .7 05 LI 0.05 Vi
[ ] P
0.01 ’4’ L ] [ 0.014 _'___,_._
* =" 0.011 - . .
- .
g o o o o0 | ¥ ° | kilo o gon¥ Y °
Como HrMr Joha Jase
® o 0
— . o 0.407 0.10 »
£ 050 e
] . 0.20 o ,/o
: 0.204 ’
Q « 0.05 e
o
=~ H 3/
nc'n . | 0,0043/ ' )
=]
S
) Larp Mryind PnOak ResCircE ResCircW
© o ® ®
—
o 0.04 | e .
% e 0.02 ] 0.20 /’ 0.02 /'
3 :
T 002 R | 4 *
; l : 0.01 . s .
E 0.00 5/ 8 0.00 / o 0.004C
=
o
8 ResWds SemNw SemOld Sqr BizN
= ° o ® ®
(o}
+— 0.01 0.051 0.10 ’
= . 0.104 L e 040
(0] r /' L] Y °
_go.oo' : / '005.,-f*'. . 050 s~
o (N . Y
D = L] . e 0.00% .S
20 25 30 35
BizW TRckN TRckS VonHan
o 0.024 e 004 []
0.30 hd s
. ° )
0011 ° . ® 01 Il Linear models
[ ] . 0.021a R Exponential models
0.20 . .
™ [ ] . ] .
R S B - 1)
20 25 30 35 20 25 30 35 20 25 30 35 20 25 30 35

Incubation temparture (C)

Figure S2.1. Sediment phosphorus release rates vs incubation temperature

Sediment phosphorus (P) release rates measured at the conclusion of incubations (72 hours or 120 hours)
vs. incubation temperature for each study site. Each point represents a bottle replicate. Open symbols
indicate concentrations below the detection liRiaick lines indicate linear models, orange lines indicate
exponential models. Exponential models fit using ATS. Solid lines indicate a significant relationship (p <
0.05); dotted lines indicate insignificant relationship (p > 0.85}erisks indicate &s where the ad}?

of the exponential model was greater than theRadjf the linear model.
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Figure S2.2. Microbial respiration rates vs incubation temperature

Microbial respiration rates, measured as the accumulation pa@®OCH at the conclusion of

incubations (72 hours or 120 hours), vs. incubation temperature for each study site. Each point represents
a bottle replicate. Black lines indicate linear models, orange lines indicate exponential models. Solid lines
indicate a signitant relationship (p < 0.05); dotted lines indicate insignificant relationship (p > 0.05).
Asterisks indicate sites where the-&djof the exponential model was greater than theR&dijf the linear

model.
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Figure S2.3. Acid phosphatase activity vs incubation temperature
Acid phosphatase (AP) activity, measured in enzyme activity assays, vs. incubation temperature for each
study site. Solid lines indicate a significant relationship (p < 0.05); dotted lines indicate insignificant

relationship (p > 0.05Asterisks indicate sites where the-&djof the exponential model was greater
than the adR? of the linear model.
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Figure S2.4. Drivers of microbial respiration rates and phosphataseenzyme activity

Sediment microbial respiration rates (a, b) and acid phosphatase activities (c, d) vs. each of the significant
predictors (p < 0.05) that appeared in the optimum multivariate raedts models. Panel (a) includes

the significant interaction between ifi@tion temperature and sediment C:N ratio, which was modeled as

a continuous variable but is binned for visualization. Shading represents the 95% confidence interval.
Models included observations from all sites (i.e., lakes and ponds) with site as a atedoapt. Model

output can be viewed in the main text in tabl&
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Appendix 2:Chapter3 Supplemerdl Materials

Table S3.1. Key site and sample properties.
site site Surface Sample Sample Sample S le Mix. Dom. MV
type area date year location depth Reg Plant AveTP Cond.  Est.Cl DO NO;" mod.
ha cm pg/L pS/fem pg/L /L /L
Sep-5 5019 Edge 30 169 36.5 3700 197 vy
Ala pond 1.2 Center 225 Strat Dckwd 241 550 168.3 300 197 y
Oct-6 2022 Center 225 332 92.9 180 3.08 y
Almg pond 3.8  Aug-22 2022 Center 177 Poly  Phyt 157 230 57.6 3680 1071 y
Amow pond 01 Oct-6 2022 Center 175 Poly  Mix 100 294 79.7 5400 523 y
Edge 30 308 846 9900 1530.80
Oct-6 2019 Ph 66
Bell pond  0.04 ¢ Center 94 Poly vt 317 87.7 6800 4191.30
Oct-5 2022 Center 94 Mix 168 217 53.1 650 4.94  y
BlkHwk lake 188  Aug-22 2022  Center 372 Poly  Mix 31 413 1209 960 424 vy
BrOak lake 63  Aug-22 2022  Center 271 Poly  Macr 103 1463 484.2 330 429 vy
Carlson  lake 53 Aug-22 2022  Center 610  Strat  Mix 26 a0s 118.1 390 327 y
Edge 30 ‘ 342 96.3 2800 1115 y
ClevRose pond 0.9 Sep-5 2019 Center 159 Poly  Mix 144 349 96.3 3500 472 y
ColPk pond 06 Oct-4 2022 Center 120 Poly  Mix 135 768 2437 6300 609.52 vy
Eimo  lake  103.9  Sep-12 2022  Center 4267  Strat Phyt 23 430 126.8 0 -y
Fish lake 123  Aug-22 2022  Center 1030  Strat  Mix 41 591 1825 220 746 vy
Edge 30 351 99.4 7300 3126 vy
Sep-22 2019
GrpBim  pond 12 P Center 170 Paoly  Phyt 78 350 99.1 6400  33.01 vy
Oct-4 2022 Center 170 1496 4956 9300 199 y
Edge 30 228 569 5600 1451 vy
HarMar  pond 0.1 Sep-22 2019 Center 240 Strat  Macr 59 30600 105656 500 1710y
Hay lake 93  Aug-22 2022 Center 302 Paly  Mix 25 381 1098 1120 217y
Edge 30 744 2354 8800  50.07 vy
HmDepN ‘pond 02 Oct-6 2018 . g4 St Phvt 52 gea0 20720 8800 3119y
Joh lake 858  Aug-29 2022  Center 1311  Strat  Phyt 26 11445 374.0 0 000 vy
Jose  lake  47.0  Aug-29 2022  Center 1341  Strat  Phyt 91 5593 1715 0 000 vy
leMay lake 148  Aug-22 2022  Center 442  Strat  Mix 29 942 303.9 170 6.63 v
Edge 30 153 305 2300 2091 vy
MarStps  pond 0.1 Sep-22 2018 Center 220 Strat  Mix 71 370 106.0 100 059 vy
Oct-4 2022 Center 220 241 614 1110 1163 vy
Morth  lake 83  Aug-22 2022 Center 415 Poly  Phyt 35 1047 340.3 360 772y
SemNew pond 0.1 Oct-5 2022 Center 60 Poly  Phyt - 348 984 2130 1112
Square lake 822  Sep-12 2022  Center 2073  Strat Phyt 12 6118 189.7 0 -y
OcL6 5019 Edge 30 545 166.6 8300  25.48 y
StBizW pond 0.2 Center 396  Strat  Phyt 52 10210  3510.7 400 977 vy
Oct-5 2022 Center 396 6560  2247.8 140 9.77 _y
VillaPk pond 0.8 Oct-6 2022 Center 75 Poly  Mix - 1157 378.3 -~ 3807
Edge 30 292 790 2200 000 vy
WmSt d 03 Sep-22 2019 Strat  Dckwd 342
mst pon P Center 225 fat e 770 2444 100 000 vy
i Dom. Planto indicates rough estimates of

macrophytes, Phyt = algae and phytoplankton, Mix = no clear dominant type and often a mix of

macrophytes and duckweed or algae, Macr = submerged macropgfugesge total phosphorus

concentrations (Ave TP) is a sitevel variable calculated from monitoring records. The remaining

d o mi

nant

variables reflect conditions as inferred from sampling of water overlying sediments at the time of sediment
sampling. Surface watealues are paired with edge sediments and bottom water values with center
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sediments. Specific conductance (Cond.) was used to estimate chloride concentration3.(B&t. Cl
indicates dissolved oxygen. NGndicates nitrate concentrations, and any value below 10 ug/L (italicized)
AMV mod.

is below detection.
multivariate models.

Table S3.2. Summary of total denitrification rates, rates of NeO production,
and N20 yieldson a per mass basis

A Ayo

in

t he

Amend- Sample
ments Variable location n Mean Median Stnd Dev Min Max
All 39 1.21 0.55 2.02 0.07 8.46
C+N  Total-DeN Center 30 1.31 0.48 2.24 0.07 8.46
Edge 9 0.88 0.57 0.99 0.11 3.39
All 31 0.35 0.15 0.70 0.00 3.74
C+N N20-rate  Center 22 0.34 0.13 0.78 0.00 3.74
Edge 9 0.36 0.16 0.51 0.05 1.66
All 31 0.33 0.32 0.23 0.02 0.79
C+N  N20-yield Center 22 0.31 0.28 0.26  0.02 0.79
Edge 9 0.38 0.38 0.14 0.18 0.60
All 39 0.030 0.000 0.140 0.000 0.880
None Total-DeN Center 30 0.030 0.000 0.160 0.000 0.880
Edge 9 0.030 0.000 0.080 0.000 0.240
All 31 0.000 0.000 0.010 0.000 0.030
None N20-rate Center 22 0.000 0.000 0.000 0.000 0.000
Edge 9 0.000 0.000 0.010 0.000 0.030
All 31 0.02 0.00 0.09 0.00 0.50
None N20-yield Center 22 0.02 0.00 0.11 0.00 0.50
Edge 9 0.02 0.00 0.05 0.00 0.14

0

col

Total denitrification rates (TotaDeN) and NO rates (NO-rate) are expressed on a per mass basis

(ug N g dry sedimerithrl). N,O yields (NO-yield) are the proportion of TotédeN products

released as M, calculated as MD-rate divided by TotaDeN. Summaries of amended (C+N) and
unamended incubations are shown. Summaries were performed on all observations as well as each
sample location: sediments collected from the center of each site and sediments collected along the
cm deep) .

edy e

(0 30
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Appendix 3:Chapterd Supplemerdl Materials

Table $A.1. MinneapolisSt. Paul metropolitan area stormwater monitoring stations (or
Awat er shedso) that meet selection criteria f
nitrogen (TN) concentration and yield analyses, ordered by fractional street canopy cover.

Frac

TP concentration TN concentration TN yield TN yield street Devel. Road

Sum- Fall+ Snow- Sum- Fall+ Snow- Sum- Fall+ Snow- Sum- Fall+ Snow- <Canopy Area Age density Frac Frac
Watershed mer Spring free mer Spring free mer Spring free mer Spring free cover  (km’) (years) (kmkm’) Imp. Res.
Dickerman Park X X x X X X X X X X X X 00 0.0 60 6.7 0.7 0.0
Franklin X X X x X X b4 x X X X b 0.2 0.00 89 193 07 0.0
MLK X X X X X X X X X X X X 0.7 0.00 82 19.6 07 0.0
MS 1 X X X X X X X X 4.6 5.30 21 8.3 0.4 0.2
Site 9 Lyndale X X X X X X 47 010 61 7.2 0.8 0.1
Hampden X X X X X X x X X X X X 6.2 0.00 104 28.0 05 07
Site 7 Park X X X X X X 6.9 0.10 89 26.0 0.7 04
‘Winter Inf X X 8.0 0.10 88 9.2 0.7 0.1
24th/EIm N X X 8.1 0.00 59 115 0.8 0.0
24th/Elm S. X X 84 0.00 48 80 07 0.0
Powers Trees X X X X 85 0.10 29 118 03 1.0
Wakefield L. outfall X X 9.0 0.10 44 14.8 04 0.4
Hidden Falls X X X X X X 11.3 1.00 63 27 0.7 0.1
MS2 X X X X X X X X 11.3  29.80 26 97 04 06
Greeley St. X X x 125 010 59 15.7 0.5 0.8
Hillcrest Knoll X x 15.4 0.20 70 221 0.5 086
Parkers L. X X hd X X X 15.8 0.80 38 79 0.5 0.5
William St. X X X X 16.0 020 53 89 04 0.9
StAlbans X X X X X X X X X X X X 162  0.10 92 26.0 06 0.7
Trout Brook E. X X X x X X x X X X X X 16.3 3.30 72 14.6 05 06
Trout Brook Outlet X X X X X X X X X X X X 170 3170 a2 13.3 05 05
St. Anthony Park X X X X X X X X X X X X 17.3  13.80 20 12.9 06 0.3
Colby West Trib. X X 18.5 1.60 36 104 0.3 0.9
Maryland Pond X X X x X X 18.8 010 aa 231 05 06
5t Paul Park X X 19.1 8.00 60 5.2 05 0.3
Site 4 PP X X X X X X 21.0 11.20 102 22.0 0.6 0.6
Trout Brook W. X X X X X X X X X X X X 211 21.00 78 1.9 04 0.6
Cenfral Ravine X X X 4 215 1470 36 88 04 06
Site 10 SA X X X X X X 21.8 340 65 123 04 0.6
Upper Villa Inlet X X X X X X 220 1.30 65 6.8 04 0.7
B-Dale Outlet X X X X X X X X X X X X 221 1.30 65 6.8 04 0.7
Como 3 X X X X X X X X X X X X 222 210 101 13.3 04 0.3
Site 6 UMN X X x X X X 226 310 91 13.1 06 0.3
Phalen Creek X X X x x X x x X X X x 23.1 5.80 107 205 05 06
Site 11 CHF X X X X X X 23.3 8.10 68 10.8 08 04
East Kittsondale X X X X X X X X X X X X 25.2 4.50 99 21.9 0.5 0.7
Golf Course P. inlet X X X X X X 29.9 0.60 86 18.2 0.4 0.8
Site 1 NE x x X x x X 30.2 B850 79 148 05 05
Arlington-Hamline X X X X X X X X X X X X 31.3 020 96 18.7 04 08
Como 7 X X X X X X 3.4 1.20 90 182 04 0.7
Mooney Lake 2 X X X X X X 3.8 060 46 9.9 0.3 0.9
Site 6 Aldrich X X X X X X 332 000 104 174 06 1.0
Newport X X X X X X 332 580 38 386 04 04
Beacon X X X X 4 X X X X X X X 35.0 0.80 106 229 0.5 0.9
Parkers Lake S. X X X X X X 36.1 1.00 55 8.4 0.3 0.9
Site 8a Pershing X X X X X X 674 0.00 47 - 0.3 0.0
Victoria p.3 X 285 0.0 103 26.4 04 1.0
No. | Mean 43 38 38 41 37 37 18 16 18 17 15 17 19.2 41 7141 141 05 05
Standard deviation 121 73 245 66 01 03
Minimum 0.0 0.0 210 27 03 00
Maximum 67.0 320 1070 280 08 1.0

TP = Total phosphorus; TN = Total nitrogen; Frac = Fractional; Imp = Impervious surface;
Res = Residential; Devel Age = Development age from 2024
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Figure $4.1. Typical street sweeping models.
Models used to estimate the mass of litterfall nutrients removed from streets during typical street
sweeping based on the average percent canopy cover over the street for a given wakershed.
average mass of TP and TiNthe coarse litter fraction were recovered during spring and fall
street sweeping events selected to reflect biannual street sweeping that typically occurs in each
study region (Spring: March-1April 30; Fall: October 2 November 30). Only infrequemtl
swept routes were included (sweeping frequency C
confidence interval. Error bars represent standard error around the mean, calculated when data
from multiple years were availabllodel output is included imableS4.2.

Table S4.2. Model output for typical sweeping models.

Response Var. Period Intercept Slope Adj-R2 p-value

TP Spring  -0.004  0.003 0.32 0.03
TP Fall 0.057 0.006 0.19 0.06
TN Spring  -0.021 0.033 0.33 0.02
TN Fall 0.294 0.044 0.22 0.05

Response variables (Var.) are total phosphorus (TP) and total nitrogen (TN) in kgfciMiodels are
simple linear regressiomslating the average mass of TP and TN in the coarse litter fraction to the average
percent canopy cover over the street for each route. Models can be viewed in Figure S4.1.
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Figure $4.2. Reductions in litter-associated nutrient loaddue to typical

spring and fall street sweeping.

The full height of the bar represents the total predicted TP and TN from litterfall,
averaged for all watersheds. Tih@tomportion of each bar represents average nutrients
that remain after typical street sweeping.

Prediction uncertainties
Predicted litterfall N and P inputs were derived from models built using street sweeping

data. We assume that sweeping events were sufficiently frequent to intercept litterfall nutrients
that typically enter stormwater. Here we consider methodologicdhtioms that could have
affected our results, namelhetherlitterfall was lost to stormwater prior to being captured by
sweeping, leading to an underprediction of litterfall inputs, and whether sweepers captured
litterfall that would not typically entestormwater, leading to an overprediction of litterfall

inputs.

It is most likely that we are underestimating litterfall N and P inputs to stormwater due to
incomplete capture of litterfall nutrients. The average sweeping frequency for qualifying routes
was 12 days, with the highest frequency being 7 days (Table @hgbe years when street
sweeping data were collected, over 85% of measurable precipitation events (>0.01 inches) in
MSP occurred within 7 days of a prior rain event, and over 95% of events occurred within 12
days. On average, there were about three ldetygeen precipitation events for the summer,
fall+spring, and snoviree periods (results not shown, data source: Minnesota Department of

Natural Resources). Rain events undoubtedly facilitated nutrient and litter loss to stormwater
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