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Abstract

Urbanization substantially alters the distribution and cycling of phosphorus (P) and nitrogen (N),
with widespread consequences for aquatic ecosystems and the communities that rely on them.
Cities concentrate human activities that generate an excess of P and N, which are then
transported via impervious surfaces and stormwater networks to local surface waters. Such
excess nutrient loading degrades water quality and contributes to eutrophication in local and
downstream ecosystems. This dissertation focuses on three key processes that drive nutrient
availability in urban aquatic ecosystems: sediment P mineralization and denitrification in
stormwater ponds and shallow lakes, and nutrient inputs to stormwater from urban tree litterfall
in the Minneapolis-St Paul metropolitan region. First, I use sediment incubations to demonstrate
that the mineralization of organic P, an under-examined process in aquatic research, can be an
important mechanism mobilizing bioavailable P from organic-rich sediments common in urban
lentic systems. Furthermore, increasing temperatures exacerbated sediment P release, suggesting
that warming may further destabilize sediment P. Second, | explored denitrification across
diverse urban lentic sites and found reduced denitrification rates in sites with exceptionally high
road salt inputs and high concentrations of total P. Road salt salinization drastically alters water
column mixing, while high total P is associated with the loss of macrophytes. Both of these
factors may reduce N removal capabilities by limiting the availability of reactants for denitrifiers.
These findings underscore the differing drivers of urban P and N cycling, which challenge our
ability to mitigate the effects of both. To that end, the final component of my research focuses on
a possible shared point of management for P and N: litterfall from street trees. Using datasets to
estimate nutrient inputs from street tree litterfall at the watershed scale derived from intensive
street sweeping, | found that litterfall inputs frequently comprise a substantial fraction of total
watershed nutrient exports, especially during the fall and spring and in watersheds with high
street canopy cover. Efforts aimed at removing street tree litterfall may therefore meaningfully
reduce nutrient loading to urban waters. Taken together, this body of work demonstrates that
cities pose unique challenges but also opportunities for maintaining the integrity of surface
waters. In an increasingly urban world, continuing to develop our understanding of the dynamic
relationships between urbanized landscapes and their waters is essential for maintaining the

integrity of surface waters at local and global scales.
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Chapter 1: Introduction

The rapid expansion of cities and their populations makes the study of urban waters
critically important. The prevalence of urban waters is increasing as catchments and shorelines
are newly or more intensively urbanized. Additional urban waters are created as novel water
bodies are constructed for functional or aesthetic purposes (Larson & Grimm, 2012). The
fraction of the global population living in cities and relying on urban surface waters is expected
to reach 75% by 2050 (Baeumler et al., 2021). Urban surface waters provide essential services
like drinking water, food, water retention and flood mitigation, filtration, climate buffering,
transportation, recreation, community, and cultural and spiritual meaning. Similarly, urban
waters provide critical habitat for the organisms that increasingly live in or interact with cities
(Everard & Moggridge, 2012; Grimm et al., 2008). As urbanization heightens the importance of
urban surface waters, it also intensifies the threats they face.

Urban surface waters aggregate materials from and reflect conditions in their watersheds,
resulting in novel combinations of stressors. They receive pollutants such as coarse particulates,
heavy metals, hydrocarbons, pesticides, and road salt (Everard & Moggridge, 2012; Grimm et
al., 2008; Novotny et al., 2008). Additionally, they experience higher temperatures compared to
their nonurban analogs due to effects of the urban heat island and their connections to high heat
capacity infrastructure (Grimm et al., 2008; Kaushal et al., 2010).

One of the most potent threats faced by urban surface waters is eutrophication, driven by
excess P and N. Eutrophication is associated with high algal production, an increased risk of
toxic algal blooms, persistent bottom water anoxia, fish Kills, reduced reliability of drinking
water supplies, and overall diminished water quality (Ansari & Gill, 2014). Phosphorus and N
enter and move through cities in intersecting yet distinct ways, shaped by each nutrient’s
inherent properties as well as the urban environment. Broadly, inputs of P and N to cities are
linked to fertilizer application, fossil fuel combustion, deposition, and pet waste (Hobbie et al.,
2017). A substantial fraction of incoming nutrients are transported with stormwater over
impervious surfaces and through extensive drainage networks to receiving surface waters
(Hobbie et al., 2017). As a result, surface waters aggregate nutrients from the urban landscape,
making surface waters particularly vulnerable to eutrophication while also being important sites

of nutrient processing.



Over the last several decades, the study of how cities alter aquatic nutrient cycles has
intensified, but our understanding of these concepts is still emerging. Of particular interest is
understanding the determinants of P and N availability in urban waters, including the internal
processes that remove bioavailable nutrients and mitigate their effects locally and downstream.
My dissertation research focuses on nutrient cycles in urban lentic ecosystems—Ilakes and
stormwater ponds—in the Minneapolis-St Paul metropolitan region in east-central Minnesota,
USA. Located in the upper Mississippi River basin, this region is water-rich with over 1,000
lakes and 13,000 ponds.

My dissertation research explores three key topics relevant to lentic ecosystem P and N
availability and cycling: 1) the role of biological mineralization in mobilizing sediment P across
a range of sediment characteristics and in the context of warming, 2) the factors contributing to
variation in denitrification rates and efficiencies in sediments across a diversity of urban lentic
systems, with a particular focus on capturing the effects of road salt salinization for N removal,
and 3) quantifying nutrient inputs from street tree litterfall at the watershed scale to investigate
their contributions to and relationships with stormwater P and N. The findings presented here
contribute to our understanding of lentic ecosystem nutrient cycling in cities and beyond,

highlight critical research needs, and identify opportunities for effective nutrient management.

Works Cited

Ansari, A. A, & Gill, S. S. (Eds.). (2014). Eutrophication: Causes, Consequences and Control:
Volume 2. Springer Netherlands. https://doi.org/10.1007/978-94-007-7814-6

Baeumler, A., D’Aoust, O., Das, M.B., Gapihan, A., Goga, S., Lakovits, C., Restrepo Cavadid,
P., Singh, G., Terraza, H. (2021). Demographic Trends and Urbanization. Washington, DC:
World Bank. doi:10.1596/978-1-4648-1112-9

Everard, M., & Moggridge, H. L. (2012). Rediscovering the value of urban rivers. Urban
Ecosystems, 15(2), 293-314. https://doi.org/10.1007/s11252-011-0174-7

Grimm, N. B., Faeth, S. H., Golubiewski, N. E., Redman, C. L., Wu, J., Bai, X., & Briggs, J. M.
(2008). Global Change and the Ecology of Cities. Science, 756.
https://doi.org/10.1126/science.1150195



Hobbie, S. E., Finlay, J. C., Janke, B. D., Nidzgorski, D. A., Millet, D. B., & Baker, L. A.
(2017). Contrasting nitrogen and phosphorus budgets in urban watersheds and implications
for managing urban water pollution. Proceedings of the National Academy of Sciences, 1-6.
https://doi.org/10.1073/pnas.1618536114

Kaushal, S. S., Likens, G. E., Jaworski, N. A., Pace, M. L., Sides, A. M., Seekell, D., Belt, K. T,
Secor, D. H., & Wingate, R. L. (2010). Rising stream and river temperatures in the United
States. Frontiers in Ecology and the Environment, 8(9), 461-466.
https://doi.org/10.1890/090037

Larson, E. K., & Grimm, N. B. (2012). Small-scale and extensive hydrogeomorphic modification
and water redistribution in a desert city and implications for regional nitrogen removal.
Urban Ecosystems, 15(1), 71-85. https://doi.org/10.1007/s11252-011-0208-1

Novotny, E. V., Murphy, D., & Stefan, H. G. (2008). Increase of urban lake salinity by road
deicing salt. Science of the Total Environment, 406(1-2), 131-144.
https://doi.org/10.1016/j.scitotenv.2008.07.037



Chapter 2: Sediment phosphorus release in organic-rich urban lentic
ecosystems is linked to microbial metabolism and sensitive to warming

Summary

Sediment phosphorus (P) release hinders stormwater ponds’ ability to store P and mitigate
downstream eutrophication. Previous work identified that abiotic processes, such as those driven
by redox conditions, may not account for all observed P mobilized from pond sediments. We
focus on the role of microbially mediated P mineralization, aiming to understand how this
understudied process connects to pond characteristics and conditions. Working in the
Minneapolis-St. Paul, MN, USA Metropolitan Area, we used anoxic sediment slurry incubations
to measure rates of P release, microbial respiration, and acid phosphatase (AP) activity across
four temperature treatments (20, 25, 30, 35 C) in 20 stormwater ponds and 5 lakes representing a
range of sediment properties hypothesized to influence biotic P mineralization. We found that
high rates of P release were accompanied by high rates of microbial respiration and AP activity,
all of which were positively related to incubation temperature and sediment organic matter—
clear indications of biotic control of P mobilization. Our findings suggest that unmitigated
warming in cities and their waterbodies may threaten the stability of sediment P, especially in the

organic-rich sediments common in stormwater ponds.

Introduction
Background

Urban stormwater ponds are ubiquitous features in urban landscapes. Initially designed to
slow and retain storm flows, these ponds were quickly recognized as potential hot-spots for
ecological functions, including mitigating eutrophication of downstream surface waters by
retaining phosphorus (P) carried in stormwater (Frost et al., 2019; Williams et al., 2013;
Woodcock et al., 2010). Mass balance and monitoring studies confirmed stormwater ponds’
potential to trap stormwater P, but considerable variation in whether and how much P ponds
retain has motivated research into mechanisms and drivers of stormwater pond P retention (Clary
etal., 2020).



Initial research on pond P retention focused on sedimentation of particulate P, a dominant
form of P in stormwater and stormwater ponds, but the long-term fate of P in sediments is
uncertain. Pond morphologies and flow paths that increase water residence times allow a greater
fraction of particulate P to settle to sediments. However, sediment P in ponds, as in lakes, may
not be permanently retained (Song et al., 2017; Taguchi et al., 2020). Release of previously
deposited sedimentary P, or internal loading can reduce pond retention capacity (Bostrom et al.,
1988; Orihel et al., 2017).

The dissolution of Fe-P complexes under anoxic conditions, an abiotic process well-
documented in lakes, contributes to internal P loading from sediments in stormwater ponds
(Sendergaard et al., 2003). Despite shallow depths, ponds can experience frequent and sustained
periods of anoxia that trigger the release of redox-sensitive P (Song et al., 2017; Taguchi et al.,
2020). Indeed, anoxia has been linked to higher dissolved water column P concentrations and
reduced P retention in ponds. Further, intact sediment core experiments confirm that anoxic
conditions promote P flux from stormwater pond sediments (Taguchi et al., 2020). However,
there remains a large amount of unexplained variation in P release from sediments in field and
laboratory studies, suggesting mechanisms other than Fe-P dissolution and drivers other than
anoxia influence sediment P release (Taguchi et al., 2020).

Phosphorus mineralization—the microbially mediated conversion of organic-P into
soluble inorganic-P—Iikely contributes to sediment P release in lentic ecosystems. Biotic P
mineralization is frequently a direct result of biotic activity, facilitated by organisms that
synthesize enzymes required to hydrolyze P from OM. It is logical, given high rates of microbial
activity in sediments, that biotic P mineralization would contribute meaningfully to sediment P
mobilization (Bostrom et al., 1988), and prior research supports this. For example, Qian et al.
(2011) found that sterilizing sediments reduced rates of P release, and Song et al. (2017) found
increases in water column total dissolved P were accompanied by increased phosphatase activity
and rapid declines in sediment organic-P. Despite the potential importance of biotic P
mineralization, it remains under-represented in the literature relative to other mechanisms of
sediment P mobilization (Hupfer & Lewandowski, 2008). Studies that have centered on lentic
sediment biotic P mineralization have predominantly been single-lake studies or spanned a
narrow range of sediment properties (Li et al., 2018; Liu et al., 2023; Markovic et al., 2019;



Shinohara et al., 2017). Further, very few assessments have incorporated stormwater ponds (but
see Song et al., 2017; Taguchi et al., 2020). As a result, uncertainties remain regarding the
stability of sediment organic-P across site and sediment conditions and what that means for P
retention in lentic ecosystems.

Our work addresses this gap by exploring sediment P mobilization alongside microbial
and enzymatic activities across a range of sediment characteristics in urban freshwaters, focusing
predominantly on stormwater ponds. Not only are ponds important sites of P cycling in urban
environments, they are also highly variable in factors expected to influence microbial activity
and biotic P mineralization—sediment organic matter (OM) properties and temperature—making
them ideal systems for study. Our work does not attempt to directly disentangle abiotic and biotic
mechanisms of sediment P release (Bostrom et al., 1988), instead we assess how P release and
microbial activity respond to each other as well as temperature and sediment properties that are

known to drive biotic activity.

Sediment properties as drivers of sediment P mobilization
Microbial metabolic activities rely on access to necessary substrates. Sediment organic

matter (OM) provides electron donors and nutrients necessary for microbial respiration. Thus,
sediments rich in OM likely will be able to support higher rates of sediment microbial respiration
and sediment P release. Investigating the role of OM is particularly important in stormwater
ponds. While pond sediments vary in OM content, with site age being an important determinant,
they tend to be rich in OM. Relatedly, organic P forms (organic-P) dominate in stormwater
influent, pond water columns, and pond sediments, suggesting that a large fraction of the total-P
pool may be susceptible to liberation via biotic mineralization (Frost et al., 2019; Song et al.,
2017; Taguchi et al., 2020). Taguchi et al. (2020) found labile organic-P content in sediments to
be just as important a predictor of sediment P loss as redox-sensitive P.

It is not only the quantity but also the quality of OM that influences rates of biotic P
mineralization: microbial activities respond to the degradability and elemental composition of
sediment OM (Bastviken et al., 2003; Davidson & Janssens, 2006; Gudasz et al., 2012). Organic
matter quality is expected to vary considerably in stormwater ponds given the diversity of OM
sources (e.g., algal, macrophyte, terrestrial) and the degree of processing that OM undergoes

prior to reaching sediments (related to site depth, retention time, and upstream conditions in the



stormwater network). Sediments of low quality for microbial decomposition, such as those with
high C:N and C:P ratios might be expected to support lower microbial activity and biotic P

mineralization rates.

Temperature as a driver of sediment P mobilization
Temperature is a primary regulator of microbial (Gudasz et al., 2012) and enzymatic

activity (Shaw & Cleveland, 2020). The effects of temperature on sediment P mobilization are
often studied or discussed in the context of redox-sensitive P: warming indirectly mobilizes P by
increasing microbial activity and sediment oxygen demand, inducing anoxia in bottom waters
and the rapid dissolution of sediment Fe-P (Sgndergaard et al., 2003). However, by facilitating
higher rates of respiration and enzymatic activities, warming can directly increase sediment P
release via biotic mineralization (Jensen & Andersen, 1992; Zhang et al., 2015). Warming’s
effects on biotic mineralization may be particularly pronounced when sediment OM properties
support higher microbial metabolism (Zhang et al., 2015).

The effects of elevated temperatures are increasingly relevant as global climate change
and urban heat island effects warm cities and their ecosystems (Grimm et al., 2008). Stormwater
ponds are particularly susceptible to experiencing elevated temperatures due to shallow depths,
high turbidity, and connections to paved stormwater infrastructure with a high heat capacity
(Hester & Bauman, 2013). Therefore, there is a pressing need to better understand the

implications of warming for the stability of sediment P in urban lentic ecosystems.

Research on the role of sedimentation and redox-sensitive sediment P has yielded key
insights into pond P retention, but has largely ignored the role of biotically mediated
mineralization despite suggestions that it may be important. We used anoxic sediment slurry
incubations to determine the influence of sediment characteristics (OM content and C:nutrient
stoichiometry) and temperature on biotic P mineralization, with a goal of refining our
understanding of the mechanisms and drivers of sediment P mobilization. We tested the

following hypotheses:

1) If sediment P release is from biotic mineralization, we expected that P release rates

would correlate with microbial respiration and AP activity.



2) We expected that sediments with high OM content would support higher rates of
microbial respiration and AP activity. If P release is from biotic mineralization, we also
expect OM rich sediments to have higher rates of P release.

3) We expected that sediments with higher C:N or C:P ratios, indicating more recalcitrant
OM, would have lower microbial and enzyme activity, as well as lower P release rates
should biotic mineralization be important. We also expected that OM quality would
mediate the effects of OM quantity by weakening the effects of OM content in
sediments with higher C:N or C:P ratios.

4) If sediment P release is from biotic mineralization, we expected that P release rates
would respond positively to increased incubation temperatures. We further expected
that warming would mediate the effects of sediment properties on biotic P
mineralization by increasing microbial metabolism and demand for substrates and

strengthening the influence of OM quantities or qualities on P release rates.

Methods

Study sites

We selected study sites to capture a gradient of sediment properties, especially sediment organic
matter quantity and quality. Our study sites consisted of 19 ponds with permanent standing pools
and 5 lakes. Lakes were included in an attempt to extend gradients in sediment organic matter,
phosphorus, and redox characteristics. Ponds include natural and constructed stormwater ponds
as well as two smaller, lentic water bodies (Almg and BrOk). All sites were located in the
Minneapolis-St. Paul, MN, USA Metropolitan Area (Figure 2.1). For each site, we compiled
attributes related to site morphology. All site attributes were directly measured or estimated from
satellite imagery and are summarized in Table 2.1 (site-specific attributes are included in Table
S2.1). Site anoxic factor is an indicator of sediment oxygen exposure. Calculated from site
bathymetry and water column oxygen profiles following Janke et al. (2022), it represents the
fractional number of days per year where sediments are overlaid by anoxic water (dissolved
oxygen < 2 mg/L). When data were available, all dissolved oxygen profiles from June - August

were used in calculating the anoxic factor for a more integrated assessment of a site’s oxygen



regime. Statistical analyses that included anoxic factor were conducted separately for all sites

and for only those sites with extensive monitoring (>2 years of monitoring).

Figure 2.1. Location of study sites

Study sites (points) were located within the Minneapolis-St. Paul metropolitan region, Minnesota,
USA. The triangle indicates Lake McCarrons, the source of common water used in sediment
phosphorus release incubations.

Sample collection, preparation, and analysis
Sampling events were primarily June — August of 2021 and 2022. Two sampling dates

occurred in September 2022 (Table 2.1). At each sampling event, we collected sediment
samples, surface water grab samples, and hypolimnion water samples when sites were stratified
using a Kemmerer water sampler. We also collected profiles of water temperature, dissolved
oxygen, and specific conductance using a Hach portable meter, conductivity cell, and dissolved

0Xygen Sensor.



Table 2.1. Summary of study site physical attributes and key sediment properties.

Site properties Sediment properties
Max Site  Site

Size depth DO temp Anoxic OM Total-P

(ac) (f) (mgl) (C) factor % CN C:P (ugL)
Mean 36.0 17.1 1.7 19.6 0.3 18 20 187 1397
Median 0.42 57 0.1 21.1 0.2 17 18 157 1092
St. Dev 755 309 3.6 6.0 0.3 11 8 114 1214
Minimum 0.02 0.8 0.0 5.6 0.0 1 10 17 435
Maximum 256.82 1400 134 29.8 1.0 50 47 471 6182

Summary includes lakes and ponds.

DO = bottom water dissolved oxygen at the time of sampling; Site temp = bottom water temperature at the
time of sampling; OM = organic matter; C = carbon; N = nitrogen; P = phosphorus; Anoxic factor = index
from 0 — 1 with high values indicating more frequent sediment anoxia.

Sediments for P release incubations were collected via an Eckman dredge from the
deepest portion of each site. For sites too shallow to dredge or sampled by study partners, a
plastic tube (diameter 6 cm) was pressed into the sediment to collect a small sediment core. For
both methods, care was taken to save only the surface sediments up to 5 cm. Multiple sediment
samples were homogenized (>3 subsamples) to ensure sufficient material for incubations and
analyses. Sediments were stored in plastic bags without oxygen, in the dark, and at 4 C. Loss on
ignition analyses, used to identify sediment organic matter content, were started on wet
sediments within 48 hours (Heiri et al., 2001). At the same time, a sediment subsample was
frozen for subsequent assessment of acid phosphatase enzyme activity and another subsample
was oven dried at 60 C overnight. Dried sediments were ground and homogenized for analysis of
sediment total C and N content, total P, and P fractions. Sediment C and N content were
measured using a Costech ECS 4010 CHNSO Elemental Analyzer (Costech Analytical
Technologies Inc). These values, along with sediment total P, were used to calculate molar C:N,
C:P, and N:P.

Sediment total P and P fractions were extracted from dried sediments following a method
adapted from Psenner (1988) and Engstrom (2005). Total P was extracted with H202 and HCI
and treated with sodium metabisulfite before being analyzed for soluble reactive P (SRP) using
molybdate colorimetry. For P fractions, serial digestions were used to extract loosely-bound and
CaCOs-P (“exchangeable-P”, NH4Cl extraction), Fe-P (NaHCO3 and Na2S204 extraction), Al-P

(NaOH extraction), and mineral-P (HCI extraction). Labile organic-P was extracted from the Al-
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P fraction using K2S20s (Engstrom, 2005; Psenner 1988). Extracts were analyzed for soluble
reactive P (SRP) using molybdate colorimetry. Residual organic-P was calculated as the
difference between total P and the sum of all other fractions. Total organic-P is the sum of the
labile and residual organic-P fractions. Redox-P is the sum of exchangeable-P and Fe-P.

Water samples were filtered within 24 hours through a pre-ashed 0.45 pm pore-size filter
and analyzed for SRP, total dissolved P (TDP), dissolved organic C (DOC), and total dissolved
N (TDN). SRP and TDP were analyzed using molybdate colorimetry. DOC and TDN samples
were acidified and measured on a Shimadzu TOC-L analyzer equipped with a

chemiluminescence detector (TNM-L unit, Shimadzu Corporation).

Sediment P release incubations
Sediment slurry incubations were used to measure the rate of P release and microbial

respiration. Incubations were started within 48 hours of sediment collection. Twenty grams of
sediment and 120 mL of filtered common water were added to 125 mL glass Wheaton media
bottles. We ensured incubated sediments were representative of the collected sample by
frequently homogenizing the sediment sample and avoiding anomalous coarse organic material.
Sediments were incubated with common water rather than site water to control for differences in
starting water chemistry. Common water was collected from near-shore of Lake McCarrons, St.
Paul, MN (Figure 2.1), which is known to have low SRP water concentrations. Lake McCarrons
water was filtered in the field through a 0.45 um filter, stored in the dark at 4 C, and used within
one week of collection. A subsample of common water was analyzed for SRP, confirming
background SRP concentrations were below detection for all incubations.

Incubation bottles were tightly sealed with caps fitted with butyl septa, vigorously
shaken, and purged of oxygen by flushing with helium or N2 gas (used when helium was
unavailable). This marked the starting time for each bottle. Establishing anoxia at the onset
mimicked site conditions and limited variation due to differences in microbial oxygen
consumption. Incubation bottles were kept in the dark until destructively sampled at 2, 24, 48,
and 72 hours. An additional 120 hour time point was added for sites with especially low
sediment organic matter content (SemNw and PnOak) to account for potentially lower reaction
rates. Bottles destructively sampled at 2 hours were incubated at 20 C. We applied a temperature

treatment to all other time points, incubating bottles at either 20, 25, 30, or 35 C. Each time point
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and temperature had three bottle replicates. The 25 C temperature treatment was dropped for
sites with insufficient sediment (Almg, BrOk, PnOak, ResCircW, TRckN). Statistical analyses
were performed with and without the 25 C treatment, and missing observations did not
meaningfully affect findings.

To sample sediment incubations, bottles were first vigorously shaken to equilibrate the
headspace with the sediment slurry. Headspace gas samples were collected through the septa and
stored in crimped and evacuated Agilent gas vials. Gas samples were analyzed on a gas
chromatograph for Oz, CO2 and CH4. Any incubation bottles with headspace O greater than 5%,
which may reflect a compromised incubation seal, were omitted from the data. Incubation water
was allowed to settle for at most one hour before decanting into centrifuge tubes and centrifuging
at 4000 RMP. The supernatant was filtered through a 0.45 um filter and stored frozen until
samples were analyzed for SRP using molybdate colorimetry.

To calculate rates of P release and microbial respiration, we ultimately used only the final
(72 or, when available, 120 hour) time point for each site, as SRP concentrations in bottles
sampled at earlier times were often below the detection limit. The few SRP concentrations below
detection at the final time point were replaced with half the detection limit for rate calculations.
Rates of P release and microbial respiration were calculated for each bottle as the mass of P
(ng/gram dry sediment) or the sum of CO2-C and CHas-C (ug/gram dry sediment) divided by the
sampling time for each (hours), respectively. Bottle replicates were averaged to produce final

estimates of P release rates (P-rate) and microbial respiration rate (Resp-rate).

Acid phosphatase enzyme activity assays
We performed acid phosphatase (AP) enzyme fluorimetric assays on thawed wet

sediments following a microplate method outlined in Marx et al. (2001). Sediments were
amended with 4-Methylumbelliferyl Phosphate substrates and buffered to pH 6.8, similar to the
pH measured in sediment incubations. To correspond with sediment incubations, we applied a
temperature treatment (20, 25, 30, and 35 C) to enzyme assays. We incubated one microplate,
containing eight replicate sample wells, at each temperature treatment for each study site. Each
microplate was incubated at the assigned temperature for two hours and then read at 365 nm

excitation and 450 nm emission on a microplate reader. Only sites sampled in 2022 were
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analyzed for AP activity. The addition of substrates means AP activity represents potential

activity under conditions when substrates are readily available.

Calculating temperature sensitivity
How P-rate, Resp-rate, and AP activity responded to incubation temperature varied

across sites, appearing linear in some instances and exponential in others. We fit regression
models to untransformed and log-transformed rates to assess linear and exponential relationships
with temperature, comparing model fits using coefficients of determination. For P-rate, we fit
these models to untransformed and log-transformed rates using Akritas—Theil-Sen
nonparametric regression (Helsel & Helsel, 2012; Julian & Helsel, 2023). This method allowed
for a more accurate incorporation of below detection values and is applicable to small datasets
(Helsel & Helsel, 2012). This method produces a slope, intercept, measures of model fit
(Kendall’s tau), and tests of significance. Regression slopes from linear model fits were used as
expressions of linear temperature sensitivity. Regression slopes from exponential model fits were
used to calculate Q10 temperature sensitivity for P-rate, Resp-rate, and AP activity at each site

following van ’t Hoff:
Q10 = eF*10 eq. 1

where Q10 is the temperature sensitivity, e is Euler’s number, and £ is the slope from the

exponential model relating rate to incubation temperature (Davidson & Janssens, 2006).

Statistical analyses
We used bivariate (BV) mixed-effects regression analyses to assess relationships between

P-rate, Resp-rate, and AP activity, pooling all temperature treatments and including site as a
random intercept to account for non-independence of observations (Pinheiro et al., 2021). We
also included an incubation temperature interaction term to assess whether temperature mediates
relationships between measured processes.

We used multivariate (MV) mixed-effects regression and the nime R package to identify
proximate drivers of P-rate, Resp-rate, and AP activity (Pinheiro et al., 2021). All three response
variables were log-transformed to meet model assumptions, and all models included site as a
random intercept. Incubation temperature was included as a main effect and in interactions with

sediment properties. Candidate predictors were sediment and site properties hypothesized to be
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important or those that emerged as important in BV regression (results not shown). If two
candidate predictors were highly correlated (Pearson’s correlation coefficient > 0.7), we chose
the predictor more strongly correlated with the response variable in BV regressions or the
variable that was collinear with the fewest other predictors. Candidate variables that were
considered but omitted were sediment total-P, total organic-P, residual organic-P, C content, and
N content, as well as P fractions expressed as percent of total-P. To assess whether the effects of
individual predictors differed with warming, we included interactive terms between sediment
properties and incubation temperature. Main effects included as continuous variables in the
initial full model were: incubation temperature, sediment %OM, C:N, C:P, labile organic-P,
redox-P, anoxic factor, and site dissolved oxygen concentration, with interactions between
incubation temperature and all main effects.

We used two methods to identify optimum models for each response variable: manual
backwards selection following Zuur (2009) and Fieberg (2024) using maximum likelihood ratio
tests and AICc to identify an optimum model, and 2) automatic model selection (Barton, 2022).
Both methods arrived at the same set of significant predictors in the optimum model. We report
the output from the automatic model selection here. Variables included in all final models had
variance inflation factors below three.

Finally, we further tested relationships among site characteristics and temperature by
relating site linear temperature sensitivity and Q10 values to sediment properties using BV linear
regression (R Core Team, 2021). As these were bivariate analyses, we could test all predictors of
interest regardless of colinearity: sediment %OM, total organic-P, labile organic-P, redox-P, C:N
ratio, and C:P ratio as well as site anoxic factor, dissolved oxygen concentration, and
temperature at the time of sampling. For all statistical models, we checked assumptions and
performed log-transformations of response and predictor variables to meet model assumptions.
Unless otherwise noted, the threshold for significance was p-value < 0.05. All statistical analyses

were performed in R (R Core Team, 2021).
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Results
Sediment incubation findings

Most incubations measured at the final time point showed SRP accumulation in
incubation water, indicating sediment P release. The average rate of sediment P release ranged
from <0.01 to 0.14 pg/g/hour at 20C (mean 0.03; sd 0.04; Figure 2.2). Increasing incubation
temperature significantly increased P-rate in 20 of 24 sites (Figure S2.1). At 35 C, P-rate ranged
from <0.01 to 0.62 pg/g/hour (mean 0.13; sd 0.16). Of the four sites where temperature had no
significant effect on P-rate, Alam and CentPark had lower (though not the lowest) P-rate across
temperature treatments (< 0.02 pg/g/hr), TRckS had an inconsistent response to temperature, and
SemOld had slightly higher rates with incidences of elevated P-rate at lower temperatures
(Figures 2.2, S2.1). Of those that showed a significant effect of warming, temperature increased
P-rate linearly in nine sites and exponentially in ten sites. The differences in goodness of fit
between linear and exponential models were minimal (mean difference in adj-R? 0.06). As a
result, we use only the linear temperature response values for P. P temperature sensitivity values
ranged from O - 37.4 ng P/g/hr/degree C.

The accumulation of gaseous CO2 and CHa in incubation headspace indicated active
microbial respiration in all incubations. Average respiration rates varied across sites and
temperature treatments from 0.02 - 0.87 pg/g/hour at 20 C (mean 0.29; sd 0.2) to 0.07 - 5.4
pg/g/hour at 35 C (mean 1.1; sd 1.1). Increased incubation temperature significantly increased
microbial respiration in all but one site (Almq), and all but two sites increased exponentially with
temperature (Figure S2.2). Resp-rate Q10 ranged from 1.2 - 3.5 (mean 2.4, sd 0.7).
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Figure 2.2. Phosphorus release rates under four temperature treatments in all study sites
Rates of sediment phosphorus (P) release, measured as the accumulation of soluble reactive P in
sediment incubations. All temperature treatments and bottle replicates are shown. Asterisks indicate
sites where rates of P release were significantly higher with elevated incubation temperature. Open
symbols indicate samples whose soluble reactive P concentrations were below instrument detection.
Data are displayed on a log-10 scale.

Acid phosphatase activity measured 44.9 - 491.4 nmol/g/hour at 20 C (mean 173.3; sd
119.1) and 126.1 - 792.6 nmol/g/hour at 35 C (mean 372.1; sd 199.2). Warming significantly
increased AP activity in all but one site (TRckN). Exponential relationships between AP activity
and temperature out performed linear relationships in only three sites with many sites showing a
dip in AP activity from 20 C to 25 C (Figure S2.3). The differences in goodness of fit between
linear and exponential models were minimal (mean difference in adj-R? 0.08). As a result, we
use only the linear temperature response values for AP, which ranged from 3 - 26
nmols/g/hr/degree C.

Sediment P release rates had significant positive relationships with microbial respiration
(marg-R? 0.34; figure 2.3a) and AP activity (marg-R? 0.58 ; figure 2.3b). Resp-rate and AP
activity were also positively correlated (marg-R? 0.38 ; figure 2.3c). None of these relationships

were mediated by warming, as temperature interaction terms were not significant (results not
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shown). There were also no relationships between temperature sensitivity estimates of P-rate,

Resp-rate, and AP activity (results not shown).
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Figure 2.3. Relationships between measured sediment processes

Sediment phosphorus (P) release rate vs. a) microbial respiration rate (“Resp. rate”; marginal R? =
0.34; conditional R? = 0.83) and b) acid phosphatase (AP) enzyme activity (marginal R? = 0.58;
conditional R = 0.85). ¢) AP activity vs. Resp. rate (marginal R? = 0.38; conditional R? = 0.65).
Each point represents the average of incubation replicates. Circles indicate study sites designated
as ponds, triangles indicate lakes. Models include all temperature treatments and “site” as a
random intercept. All slopes were significantly different from zero (p-value < 0.05).

Sediment properties
Study sites represented a gradient of sediment organic matter quantity (~1 — 50%), molar

carbon:nitrogen (C:N 10 — 47), carbon:phosphorus (C:P 17 — 471), and sediment total-P (~ 435 —
6180 mg/kg). There was considerable variation in sediment P fractions (Figure 2.4), with the
total organic-P pool comprising between 22 - 62% (mean 50%; sd 10%). Labile organic-P tended
to comprise a smaller fraction of total-P (range ~0 - 26%, mean 7%, sd 8%) compared to residual
organic-P (range 14 - 62%, mean 40%, sd 14%). Redox-P, composed almost entirely of Fe-P,
ranged from 7 - 41% of total-P (mean 15%, sd 7%). The exchangeable-P fraction was less than
7% of total-P (mean 1.5%) in all sites.

Lakes were included to aid in broadening the ranges of sediment properties, but there
were few significant differences in measured sediment properties between ponds and lakes.
Ponds contained significantly greater fractions of mineral-P and smaller fractions of residual
organic-P relative to lakes (t-test; p-value < 0.05; Figure 2.4). Sediment C:N was slightly higher
in ponds compared to lakes (t-test, p-value < 0.1) due, in part, to significantly lower N content in

pond sediments (t-test, p-value < 0.05).
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Figure 2.4. Sediment phosphorus fractions

Top: Concentrations of total sediment phosphorus (Total-P) and key sediment P fractions for each
site. The upper portion of the y-axis is compressed. From left to right, the order of bars is: Total-
P, residual org-P, labile org-P, and redox-P.

Bottom: Sediment P fractions as percent of sediment total P for each site. From bottom to top, the
order of bar sections is: residual org-P, labile org-P, redox-P, min-P, and al-P. When only four
sections are present, the labile organic-P fraction was zero.

“Org” indicates an organic fraction sensitive to mineralization, with residual org-P assumed to be
less accessible to microorganisms than labile org-P. The sum of labile org-P and residual org-P
represents total organic-P. “Redox-P” is the sum of loosely-bound P, P bound to calcium
carbonate, and iron-bound P, and is sensitive to changes in redox conditions. “Al-P” is aluminum-
bound P; “Min-P” is mineral-bound P.

Sediment properties as drivers of measured processes and temperature sensitivities
Multivariate modeling of all study sites revealed that P-rate responded positively to

incubation temperature and sediment %OM and negatively to anoxic factor (Table 2.2; Figure
2.5). There were five other models within two AICc units and all included similar significant
effects of incubation temperature and %OM. When models included only sites where estimates
of anoxic factor incorporated two or more years of summer monitoring, the significant negative
effect of anoxic factor persisted (results not shown). Results from MV models that included only

ponds were highly similar to those for all sites (Table 2.2).
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Table 2.2. Parameter estimates from the optimum multivariate mixed model for

phosphorus (P) release rate, microbial respiration rate, and acid phosphatase activity.

Parameter estimates

Sed. Sed.
Incu. Sed. Sed. lab. redox- %OM x AF x C:N x Marg. Cond.
Temp %OM AF CNN orgP P temp temp temp n R R?
All sites
P release rate* 0.09 0.08 -2.36 0.06 85 0.45 0.90
Respiration rate* 0.05 0.04 -0.02 0.002 85 0.46 0.93
AP activity™ 0.06 0.03 0.003 38 048 0.76
Only ponds
P release rate* 0.08 0.12 -2.72 0.06 65 0.55 0.89
Respiration rate* 0.07 0.02 0.01 0.001 65 0.69 0.94
AP activity™ 0.05 0.10 23 0.75 0.80

Modeling was performed using all sites and only ponds. Bold values significant at p < 0.05.

Candidate variables that did not appear in any optimum model are not listed but are described in the text.
Asterisks indicate variables log transformed prior to modeling. Number of observations included in each
model (n), marginal (Marg.) R?, and conditional (Cond.) R? values are listed. Incu. temp = incubation
temperature (C); Sed. %OM = sediment percent organic matter; AF = Anoxic factor; Sed. C:N = sediment
molar carbon to nitrogen ratio; Sed. lab. org-P = sediment labile organic-P; “x temp” indicates an interaction
with incubation temperature.
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Figure 2.5. Drivers of phosphorus release rates in sediment incubations
Sediment phosphorus (P) release rates vs. each of the three significant predictors (p < 0.05) that
appeared in the optimum multivariate model. Shading represents the 95% confidence interval.

Models included observations from all sites (i.e., lakes and ponds) with site as a random intercept.

Model output can be viewed in table 2.

Sediment oxygen exposure may mediate P-rate temperature sensitivity as a positive

interaction between incubation temperature and anoxic factor emerged as important in MV
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models (Table 2.2). Comparing P-rate temperature sensitivity (i.e., the linear slope between P

release rate and incubation temperature) to sediment properties showed that P-rate was more

sensitive to warming in sediments rich in OM and organic-P and sediments with higher redox-P

(Table 2.3; Figure 2.6). The proportions of total sediment P in organic and redox-sensitive forms

were not significant predictors of P temperature sensitivity (Table 2.3).

Table 2.3. The mediating effects of site and sediment properties on the temperature
sensitivity for phosphorus (P) release rates, microbial respiration rates (Resp.), and
acid phosphatase activity (AP).

Temperature sensitivity

P* Resp.* AP*

- Anoxic factor
& | Site DO
Site water temp  -0.10 -0.08
% OM 0.36
C:N 0.25 -0.22
C.p* 0.07
+« | Total org-P* 0.20 0.40
£ | Labile org-P* 0.15 0.22
E Redox-P* 0.12 0.22
% total org-P
% labile org-P
% redox-P

P and AP temperature sensitivity are the slopes from linear relationships with incubation temperature.
Resp. temperature response is Q10. Values are coefficients of determination (adj-R2) from bivariate
regression models. Negative values indicate a negative relationship. Bold values indicate p-value < 0.05;
unbolded values indicate p-value < 0.1. Asterisks indicate log transformed variables. DO: dissolved
oxygen; temp: temperature; OM: organic matter; C: carbon; N: nitrogen; org: organic
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Figure 2.6. Phosphorus temperature sensitivity vs. sediment percent organic matter.
Phosphorus temperature sensitivity is the slope of the linear relationship between phosphorus
release rates and incubation temperature. Open symbols represent sites where incubation
temperature had no significant effect on P release rate. Model adj-R? = 0.36, trendline significant
atp <0.05.

Sediments varied in the degree to which P release rates, microbial respiration, and AP
activities responded to warming. When comparing P-tempR (the slope of the linear relationship
between P release rate and incubation temperature) to sediment properties using BV regression,
we saw similar results to those described for rates above. In sediments with greater OM and total
organic-P, warming led to greater increases in P release rates.

The optimum MV model for Resp-rate included significant positive effects of incubation
temperature, sediment %0OM, and a sediment C:N x incubation temperature interaction, whereby
higher C:N sediments were more sensitive to warming (Table 2.2; Figure S2.4). These were the
only significant predictors in all models within two AlICc units of the optimum model. When
focusing on pond sites, which tended to have higher sediment C:N ratios, the C:N and
temperature interaction was eliminated. Anoxic factor did not appear in any Resp-rate top
models. BV regression analyses of Resp-rate temperature sensitivity confirmed the positive
effect of C:N (Table 2.3).

The optimum model of AP activity included significant positive effects of incubation

temperature and sediment %OM (Table 2.2; Figure S2.5). Anoxic factor did not appear as a
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predictor of AP activity in any models. AP was more sensitive to increased temperature in

sediments high in organic-P (Table 2.3).

Discussion

We expected that if biotic mineralization contributes to the sediment P mobilization, rates
of dissolved P accumulation in incubations would 1) be positively related to microbial
respiration and AP activity, 2) increase in sediments rich in OM, 3) decrease when sediment
C:nutrient ratios were high, and 4) increase with temperature. Additionally, we expected that
temperature would mediate relationships between measured processes and interact with sediment
properties to shape P mobilization. We found sufficient support for these hypotheses (namely, 1,
2, and 4) to conclude that biotic P mineralization and its drivers contribute meaningfully to

sediment P mobilization.

Sediment P mobilization was associated with microbial and enzymatic activity
Phosphorus release rate was positively correlated with Resp-rate and AP activity in

sediment incubations, supporting an association of P mobilization with microbial metabolism.
These findings align with the few other studies that have compared sediment P mobilization and
respiration [Liikanen et al. (2002) in a boreal lake, Taguchi et al. (2020) in MSP stormwater
ponds] and P mobilization and phosphatase activity [ZhiJiang et al. (2012) in subtropical
wetlands]. The associations between measured processes were independent of incubation
temperature, suggesting that these relationships exist even without warming.

Some of the variation in observed relationships between P-rate and Resp-rate and P-rate
and AP activity was likely driven by differences in P immobilization. A fraction of freed P can
be immobilized in microbial biomass and would not be captured by measurements of P in
incubation water. Whether freed P is immobilized or released to the environment depends on
microbial metabolic demands. Building on the work of McGill and Cole (1981), McConnell et
al. (2020) outlines that biotic P mineralization may be driven by a need for P, C, or both. When P
is exclusively limiting, biotic P and C mineralization are decoupled, and P is hydrolyzed from
OM without the simultaneous respiration of C. The positive relationship between P-rate and,

especially, AP activity with Resp-rate confirms coupled biotic P and C mineralization in
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sediment incubations. What remains uncertain is the extent that biotic P mineralization is driven
by a microbial demand for P.

Measurable AP activity in study sediments may indicate P limitation. Indeed, numerous
studies have found that phosphatase activities decrease when bioavailable P increases (Fujita et
al., 2017; Hill et al., 2010; Jansson et al., 1988). However, phosphatase synthesis and biotic P
mineralization can be driven exclusively by a need to acquire C as dephosphorylation appears to
greatly aid C acquisition from OM (McConnell et al., 2020). Consequently, some studies report
that biotic P mineralization and phosphatase activity proceed even when bioavailable P is
abundant (Allison & Vitousek, 2005). We similarly saw no effect of site bioavailable P
concentrations on P-rates, Resp-rates, or AP activities. That said, the use of common water in
incubations could negate any effect of site P availability, and the relatively short duration of
incubations compared to the reported halflife of phosphatases would challenge our ability to see
an influence of newly freed P on P mobilization (Jansson et al., 1988). While we expect that
biotic C- and P-driven mineralization co-occur in study sediments, a thorough investigation is
beyond the scope of this work. Understanding the metabolic demands driving biotic P
mineralization, including how biotic P mineralization responds to P availability, has implications

for internal P loading in lentic ecosystems and should be the focus of future research.

Sediment properties as drivers of measured processes
Sediment OM quantity (as %OM) was among the best predictors for P-rates and AP

activities in MV modeling. The importance of sediment %OM was only surpassed by incubation
temperature in Resp-rate models. Organic matter provides necessary electrons or reactants for
microbial metabolism and the synthesis of phosphatase enzymes. The clear importance of OM
quantity further supports coupled biotic mineralization of P and C in our sites. Contrary to our
expectations, the effects of OM quantity on measured processes were not affected by sediment
C:nutrient ratios nor did sediment C:nutrient ratios independently influence measured processes.
However, sediment C:N interacted with temperature to affect microbial respiration, discussed in
depth below.

Concentrations of sediment P fractions likely have implications for the relative
importance of P mobilization mechanisms: sediments high in organic-P may be susceptible to

biotic mineralization while redox-induced dissolution may be important when redox-P
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dominates. However, our ability to assess the isolated or relative influence of each P fraction was
complicated by strong correlations among them. For example, Spearman’s correlation coefficient
for redox-P and total organic-P was 0.9. It was no surprise, then, that we observed similarly
positive effects of total organic-P and redox-P concentrations on P-rates and Resp-rates in BV
analyses (p < 0.05). Taguchi et al. (2020) also found similarly positive correlations of redox-P
and labile organic-P concentrations with sediment P release rates. In MV modeling, we saw no
clear indications that any P fractions were primary drivers of measured processes. These findings
emphasize that concentrations of individual sediment P factions may not be useful indicators of
dominant sediment P mobilization processes (Sgndergaard et al., 2003).

There were indications that sediments from sites with greater oxygen exposure (i.e., low
anoxic factor) experienced higher P-rates, though effects were slight. Incubations were anoxic,
so this relationship may reflect ways that site redox conditions alter sediment properties. For
example, sediments with more frequent or recent oxygen exposure may have a larger pool of Fe-
P that could rapidly dissociate under incubation anoxia. Oxygen exposure can also facilitate the
downward migration of P into sediments, which could increase the initial P concentrations in
homogenized sediment samples (Wang et al., 2022). Nonetheless, we did not see any significant
relationships between measured sediment properties and site anoxic factor or bottom water
oxygen concentrations. Site oxygen exposure could also affect P-rates by altering microbial
abundance or structure (Zhang et al., 2015). Similarly, the starting concentration of phosphatase
enzymes may be higher in sediments with frequent or recent oxygen exposure due to higher
aerobic metabolism, though no measures of oxygen correlated with AP activities in our study.
These potential indirect effects of oxygen exposure on P mobilization would augment the well-
established, direct effects that oxygen has on internal P loading.

We did not vary redox conditions in sediment incubations, so it is unknown how changes
in oxygen would directly alter the rates and relationships observed. The introduction of oxygen
to sediments could increase microbial activity, potentially increasing hydrolysis of organic-P
(Bastviken et al., 2003). Conversely, aerobic respiration may be accompanied by a greater
demand for P, increasing P immobilization relative to biotic mineralization (Bastviken et al.,
2003; McConnell et al., 2020). Additionally, the oxidation of Fe(ll) to Fe(lll) could increase the

capacity of sediments to bind P, reducing the fraction of hydrolyzed P released to porewaters
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(Jensen & Andersen, 1992). In fact, Likaanen (2002) observed negligible sediment P release
from lake sediment cores under oxic conditions even when subjected to increased temperature,
attributing the finding to sediment binding capacity. We did not measure the binding capacity of
study sediments, but we expect that the adsorption of freed P to sediments could contribute
additional variation to the relationships between rates of P release and microbial respiration,

though binding capacity is expected to be low in anoxic incubations.

Warming increases P release rates
Increased incubation temperature significantly increased P release rates, further

supporting that P mobilization is microbially-mediated in study sediments (Bostrom et al., 1988).
Warming increases P mobilization via biotic mineralization by increasing microbial metabolism
and demand for C and/or P, thereby increasing phosphatase synthesis. Warming also increases
biotic P mineralization by increasing phosphatase activity (Davidson & Janssens, 2006). These
mechanisms are supported by the observed significant increases in Resp-rates and AP activities
with higher incubation temperature.

Warming enhanced rates of all measured processes but did not alter the relationships
among them. We expected that higher incubation temperature would increase microbial and
enzymatic activities, enhancing the role of biotic mineralization for P release and strengthening
P-rate relationships with Resp-rate and AP activity. Instead, P release is associated with
microbial and enzymatic processes even at lower temperatures (Liikanen et al., 2002); P release
via biotic mineralization does not depend on warming.

Comparing temperatures sensitivities reported here and elsewhere reveals similarities and
a need for more research, particularly in stormwater ponds. Our Resp-rate Q10 values (mean 2.4;
sd 0.7; range 1.2 - 3.5) aligned with those reported from similar temperatures in boreal lake
sediments (mean 2.3; sd 0.4; Liikanen et al. (2002)), streambed sediments (range 0.1 - 4.0;
Comer-Warner et al. (2018)), and sediments from tropical freshwaters (single reported value of
2.5). Gudsaz et al. (2012), found that the effect of warming from 0 to 27 C on log-transformed
biotic C mineralization rates across 219 lakes was 0.036, which is similar to the effect of
temperature on log-transformed Resp-rates in our MV models: 0.05.

Very few studies have estimated the temperature sensitivity of AP activity or biotic P

mineralization in aquatic ecosystems and, to our knowledge, none have included stormwater
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ponds. Hui et al. (2013) estimated AP Q10 to be 1.7 using phosphatase kinetic information from
a wide range of ecosystems. Liikanen et al. (2002), measuring P release in anoxic intact sediment
cores from a boreal lake, reported an average Q10 of 2.9 (sd 0.5). Referencing the work of
Kamp-Nielsen (1975), Jensen and Andersen (1992) report Q10 values for aerobic sediment P
release of 4-12 and 2-3 under anaerobic conditions. We do not report Q10 for P-rate or AP
activity, as relationships between P-rate and temperature across sites were not consistently
exponential. P-rate temperature sensitivities in our study did tend to be higher and more variable
than those estimated for microbial respiration. This finding is consistent with those reported in
Jensen and Andersen (1992), who attributed high P temperature sensitivities relative to losses
from the inorganic Fe-P pool as microbial respiration depleted oxygen in sediment cores. Our
incubations were purged of oxygen at the onset in an effort to reduce this effect, but this indirect
effect of temperature on sediment P release could be factor in our incubations, as well.
Additional assessments into P release temperature sensitivity are needed.

Our findings indicate that warming reduces the stability of sediment organic-P, increases
biotic mineralization, and may further exacerbate internal and downstream eutrophication. We
estimated that one degree of warming increased P release rates under anoxic conditions by 9%,
with a large amount of site-to-site variation. We expect that some of this variation was driven by

differences in sediment properties, though our findings show few clear patterns.

Interactions between temperature and sediment properties
Rates of phosphorus release were more sensitive to warming in sediments rich in organic

matter. This pattern was driven primarily by those sediments with greater than 20% OM with the
exception of one site (Jose) that has high %OM but comparatively less organic P. As described
above, sediments with higher OM are able to support higher rates of microbial activities and P
release. The lack of relationship between Resp-rate temperature sensitivity and sediment %OM,
however, could suggest some decoupling of P and C with warming.

Indicators of OM quality—sediment C:N and C:P—were not significant main effects in
P-rate, Resp-rate, or AP activity in MV models but may be important mediators of the effects of
warming. The degradability of OM substrates is a known regulator of microbial respiration
temperature sensitivity (Gudasz et al., 2012; Jane & Rose, 2018). The carbon quality temperature

hypothesis states that because more recalcitrant OM has a higher activation energy, it will
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respond more strongly to increased temperature (Fierer et al., 2005; Q. Wang et al., 2019; Wen et
al., 2024). In support of this, we found that Resp-rates in sediments with higher C:N ratios (often
an indication of low OM degradability (Gudasz et al., 2012)) were significantly more sensitive to
increased incubation temperature and an interaction between incubation temperature and C:N
was a significant predictor of Resp-rate. The effects of C:N on Resp-rate temperature sensitivity
did not transfer to P-rate or AP activity or were not captured with elemental ratios. Additional
measurements of sediment OM quality and its effects on biotic P mineralization are needed,
particularly in stormwater ponds where OM characteristics are highly variable.

The effects of warming on P release rates may change as a warming event persists due to
changes in substrate availability (McConnell et al., 2020). As warming increases microbial
metabolism, P may become more limiting and immobilization may exceed biotic mineralization.
Critical questions remain regarding how substrate availability and temperature interact to
determine biotic P mineralization contributions to internal P loading and should be the focus of

future study.

Conclusions & implications for management

Biotic mineralization is not the only mechanism of P release in our incubations or site
sediments. There is no question as to the importance of redox-sensitive P for internal loading in
lentic ecosystems (Ding et al., 2016), and anoxia would facilitate the release of redox-P in our
incubations. Further, some sediment P may be lost due to diffusion or desorption, particularly in
homogenized sediments, though sediment exchangeable-P content was low (all <7%; mean
1.5%). Differentiating the mechanisms of internal P loading is a persistent challenge (Hupfer &
Lewandowski, 2008), and we are not able to quantify the relative contributions of each. Instead,
the relationships we observed between P release rates and microbial and enzymatic activities,
sediment OM, and temperature make it clear that biotic mineralization contributes meaningfully
to P release under anoxic conditions and add to our understanding of the conditions that affect
the stability of sediment P. Our findings add to a growing body of evidence that internal P
loading is not only driven by redox conditions but also by complex factors that affect microbial

metabolism. This understanding is critical for the management of excess P in urban freshwaters.
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Efforts to promote P retention in stormwater pond and lentic ecosystem sediments should
consider the role of biotic P mineralization. Fortunately, some common strategies used to
stabilize redox-sensitive P may also be effective for reducing P loading from biotic
mineralization. Strategies that increase sediment P-binding capacity (e.g., iron or aluminum
amendments or designing and managing ponds to promote aerobic conditions) can prevent the
transport of P mobilized by any mechanism to overlying water. Similarly, particular attention
should be paid to sites where high OM content can support higher rates of microbial activities
that drive biotic P mineralization as well as the reducing conditions needed for the dissolution of
Fe-P. What is gained by more explicitly considering biotic mineralization as a key component of
sediment P release is an emphasis on the role of temperature. Efforts to mitigate warming in
urban water bodies—including designing stormflow networks to reduce contact between
stormwater and high heat capacity paved surfaces or addressing the pressing problem of
warming in cities more broadly—would help prevent any stimulatory effects of elevated
temperatures on sediment P loading and improve the ability of urban sediments to retain P.
Further, as water bodies in cities and beyond experience more frequent and prolonged periods of
warming, additional research into how elevated temperatures alter the stability of sediment P
within the context of other global change factors, such as excess nutrient loading, is of critical

importance.
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Chapter 3: Denitrification rates and efficiencies in urban lentic systems
are linked to trophic status and sediment oxygen exposure

Summary

Denitrification (DeN) in small lentic ecosystems like stormwater ponds and lakes is expected to
contribute meaningfully to nitrogen (N) removal in urban watersheds, ameliorating the effects of
excess N locally and downstream. However, the site characteristics that promote high DeN rates
and efficiencies, defined as the release of inert dinitrogen gas over the potent greenhouse gas
nitrous oxide (N20), are presently unclear. We used amended and unamended DeN enzyme
assays with and without acetylene to measure rates of DeN and N20 production, respectively,
from 22 stormwater ponds and lakes in the Minneapolis-St. Paul metropolitan region, Minnesota,
USA. Ponds and lakes were selected to vary in factors that we hypothesized would influence
DeN, including sediment oxygen exposure, nitrate concentrations, and chloride inputs. DeN and
N20 production measured in assays unamended with carbon and nitrate, representing
background rates, were negligible in nearly all sediments. Rates of DeN in assays amended with
carbon and nitrate, representing potentials, were highly variable (0.5 — 47 mg N m2hr %), as
were rates of N2O production (0.1 — 24 mg N m-2 hr -1) and the proportion of DeN products as
N20 (N20 yield; 2 — 79%). Large lakes (> 45 ha) had significantly higher amended rates of DeN
compared to small lakes (> 5 ha) and ponds (< 5 ha). Amended total DeN and N2O rates were
also significantly higher in sediments collected from the edge of water bodies (depth <30 cm)
compared to deeper center habitats (depth range 60 — 1000+ cm). Comparisons to sediment and
site properties revealed that amended DeN rates were significantly higher in sites with lower
concentrations of total phosphorus and reduced road salt inputs. Amended DeN was less efficient
(i.e., more N2O was produced as a fraction of total DeN) when dissolved oxygen concentrations
in overlying water were high. While a large amount of variation in amended DeN rates, N2O
production, and N20 yields remained unexplained in our study (>70%), our findings suggest that
variables that broadly reflect sediment oxygen exposure and reactant availability alter the ability

of urban sediments to remove N.
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Introduction
Background

Cities are highly altered, dynamic ecosystems that challenge our ability to adequately
characterize their key nutrient flows. Of particular interest is nitrogen (N), whose distribution
and cycling has been dramatically modified by anthropogenic activities with consequences for
human and ecological well being (Galloway et al., 2008). Much of the anthropogenic N in cities
enters stormwater where it can be transported to surface waters (Hobbie et al., 2017). In excess,
N can contribute to the eutrophication of urban waters in both inland and coastal regions (Bratt et
al., 2020; Elser et al., 2007). At the same time, urban waters may be able to remove some excess
N via denitrification, thereby mitigating its effects locally and downstream.

Denitrification is the sequential reduction of nitrate (NOz") to gaseous nitric oxide (NO),
nitrous oxide (N20), and dinitrogen (N2), which can then be released to the atmosphere
(Davidson & Seitzinger, 2006). Each step requires specific enzymes synthesized by a diverse set
of microorganisms as part of anaerobic metabolism with organic carbon (C) as a common
electron donor. While the release of any gaseous denitrification products removes bioavailable N
from ecosystems (thereby contributing to N “retention”) and ameliorates the effects of excess N,
the form in which it is released has environmental implications. The production of inert N2 is
highly preferred; in many ways, it represents a reversal of the rampant anthropogenic creation of
reactive N that contributes substantially to excess N in global ecosystems (Galloway et al.,
2008). In contrast, tropospheric N20 is a powerful greenhouse gas, and high rates of its release
may have negative implications for global climate (Ravishankara et al., 2009). In addition,
stratospheric N2O can be photo-oxidized to NOx and contribute to ozone destruction. Decades of
research in soils and sediments has revealed denitrification to be widespread but highly
heterogeneous, occurring whenever and wherever requirements are met (Bernhardt et al., 2017;
Davidson & Seitzinger, 2006; Pifia-Ochoa & Alvarez-Cobelas, 2006). Compared to total
denitrification, fewer studies have considered the relative proportion of denitrification products
(“denitrification efficiency™).

The sediments of urban shallow lakes and stormwater ponds may be hot-spots of N
removal via denitrification. Sediments in small aquatic ecosystems tend to contain abundant

denitrification reactants N and C, support abundant and diverse denitrifier communities, and
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sustain necessary reducing conditions (Bernhardt et al., 2008; Hall et al., 2016; S. Seitzinger et
al., 2006). Indeed, rates of potential denitrification or emissions of denitrification products in
urban sediments and stormwater infrastructure tend to be greater than or comparable to
sediments in nonurban systems (Bauduin et al., 2024; Beaulieu et al., 2011; Bettez & Groffman,
2012; Blaszczak et al., 2018; Ginger et al., 2017). Despite a broad ability to support
denitrification, considerable unexplained variation in DeN rates and efficiencies in urban
sediments remains (Blaszczak et al., 2018). Urban water bodies are shaped by interacting human
and non-human processes in ways that may inhibit or promote denitrification rates and
efficiencies. Understanding the drivers of DeN within urban water bodies is critical for

understanding urban N cycling.

Controls on denitrification in urban lentic ecosystems
The amount of available reactants regulates denitrification rates and efficiencies. Urban

lentic waters can receive abundant N and C from their catchments, especially if they are
integrated into the stormwater network (Finlay et al., 2024). Nutrient-rich inputs can also
encourage internal primary production, which supplies autochthonous labile C that can enhance
denitrification (Fork & Heffernan, 2014). An abundance of reactants in urban waters may
facilitate high total DeN rates, but may decrease efficiency. Prior work has found that incomplete
denitrification is more likely to occur when NOs' is abundant as it is more energetically favorable
to reduce NOs™ over N20, especially if the ratio of NOs" to labile C is high (Beaulieu et al., 2011,
Firestone et al., 1979; G. Wang et al., 2021; Weier et al., 1993). When rates of denitrification are
sufficiently high, N2O may accumulate faster than it can be reduced leading to N20O release.
Relatedly, NOs™ may directly inhibit the activity of the N2O-reductase enzymes responsible for
reducing N20 to N2 (Bakken et al., 2012).

Stratification and mixing regimes in lentic ecosystems regulate denitrification rates and
efficiencies through effects on reactant availability. In deep, seasonally stratified lentic
ecosystems, denitrification rates in hypolimnetic sediments can slow as bottom water NO3™ and
labile C become depleted (Deemer et al., 2011). Mixing replenishes reactants from upper layers
to sediments. In shallow systems, it is assumed that reactants are less likely to become depleted
due, in part, to frequent mixing and shorter diffusion distances. That said, prolonged

stratification has been observed even in relatively shallow urban ponds due to site morphology
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and sheltering, high salt concentrations in northern regions, and organic-rich sediments with high
sediment oxygen demand (Song et al., 2013). As a result, reactants in sediments of shallow water
bodies may become limiting as they do in deeper systems.

Sediment redox conditions are an important driver of denitrification rates and efficiencies
(Rysgaard et al., 1994). Reducing conditions are required for denitrification, and the presence of
oxygen rapidly inhibits denitrifying enzymes and shifts the microbial community to aerobic
metabolism (Bakken et al., 2012). That said, environments that support oxidizing and reducing
conditions in close proximity can have especially high rates of denitrification due to coupled
nitrification-denitrification. In sediment pore waters, microbial metabolism rapidly depletes
oxygen while oxygenated overlying waters and/or macrophyte roots can replenish oxygen and
create interstitial sites able to support aerobic activities, including nitrification (Benelli et al.,
2020). As a result, aerobic re-mineralization of ammonium and nitrification convert organic N to
NOs", which can be rapidly denitrified. Even when denitrification is uncoupled from nitrification
(e.g., in sediments with persistent overlying hypoxia), the ability to nitrify may be important for
replenishing NOs" as it increases the fraction of total system N available to be denitrified. We
expect a system’s capacity to convert organic-N into NOs™ to be especially important in our study
sites as a majority of incoming N is in organic forms (Janke et al., 2017). Therefore, sediments
that are exposed to oxygen may have higher rates of denitrification. At the same time, coupled
nitrification-denitrification may result in greater N2O yield because of high NOs availability, as
described above. Additionally, compared to the other denitrifying enzymes, N2O-reductases are
especially sensitive to oxygen (Bakken et al., 2012). The dynamic oxygen conditions in
interstitial porewaters overlaid by oxic waters may be sufficient to prevent the reduction of N2O
to No2.

A final component that may shape denitrification rates and efficiencies in urban lentic
sediments in northern cities is salinization. Anthropogenic salinization is a global phenomenon
with context-specific causes and consequences (Herbert et al., 2015). Inland waters in northern
climates are experiencing salinization due to the widespread use of road salts (Dugan et al.,
2017). Hundreds of thousands of tonnes of road salt are distributed on roads, sidewalks, and
parking lots each winter to maintain safe and efficient transportation in winter and are washed

into local lakes and streams with snow melt. For example, there is ample evidence that the use of
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road salt is driving surface water salinization and elevated CI- in the Minneapolis-St Paul
metropolitan region (MSP; Novotny et al. 2008). Stormwater pond monitoring in MSP has found
that peak CI- concentrations range from background levels to over ~20 mg/L (unpublished data)
with variation driven by the fraction of paved surfaces in a catchment. Prior work assessing the
effect of salinization on N cycling is dominated by studies of estuaries and coastal wetlands
(notable exceptions include (Kim & Koretsky, 2013; Laverman et al., 2007; Robert Hamersley et
al., 2009). This literature reports conflicting results regarding the mechanisms and system-level
effects of salinization on N cycling and N removal (Herbert et al., 2015; Mosier & Francis, 2010;
Rysgaard et al., 1999; S. P. Seitzinger et al., 1984). Road salt inputs could represent a substantial,
novel stressor to inland denitrifiers and may directly inhibit their function (Wang et al., 2014).
High salt inputs may also reduce denitrification reactant availability as salinization strengthens
water column density gradients, stratification and anoxia (Novotny et al., 2008), potentially
limiting reactant delivery via mixing and nitrification. Additionally, elevated concentrations of
Na* ions may interrupt NOs™ production via nitrification by displacing NH4* from sediments
(Duan & Kaushal, 2015).

Sediments in small lentic ecosystems can support high rates of denitrification, suggesting
that shallow lakes and stormwater ponds may be important for alleviating excess N within and
downstream of cities. However, we expect that variation in reactant availability—driven by
redox conditions, mixing, and salinity, among others—Ilikely alter denitrification rates and
efficiencies. We used denitrification enzyme assays to measure rates of total denitrification and
N20 production. By relating DeN and N20 production to site characteristics, we aimed to
explore patterns in potential (i.e., amended) DeN rates and efficiencies in dynamic urban lentic
ecosystems. Our focus on amended incubations means we assessed how site conditions structure
denitrifier communities and dictate their ability to perform DeN and remove N. We expected
higher total denitrification rates to be associated with 1) high NOs™ concentrations, 2) higher
dissolved oxygen concentrations, which promote coupled nitrification-denitrification, and 3)
lower salinity, measured as specific conductance. We further expected greater N20 yield under

4) high NOs™ concentrations and 5) higher dissolved oxygen concentrations.
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Methods

Study sites
Study sites were located in the Minneapolis-St. Paul metropolitan region (MSP) in central

Minnesota, USA (Figure 3.1). We sampled 14 ponds with permanently wet pools (< 5 ha), seven
small lakes (5 — 45 ha), and four larger (> 45 ha) lakes. Site designations were based on surface
area and informed by Richardson et al. (2022). Sites were selected to capture a range of sediment
oxygen exposure, nitrate concentrations, and chloride inputs (Table 3.1). For each site, we
classified the mixing regime based on knowledge of the site and prior monitoring of water
column temperature, dissolved oxygen, and conductivity. Thirteen of the sites seasonally stratify

and 12 are polymictic.

1 1
/N0 10 20km

Figure 3.1. Location of study sites
Study sites (points) were located within the Minneapolis-St. Paul metropolitan region, Minnesota

(inset), USA.

Sampling events occurred between September 5 and October 6 in 2019 and August 22
and October 5 in 2022 (Table S3.1). Five sites were sampled in both years. In MSP, these

39



sampling dates span the transition from summer to autumn. From mid-August to mid-October,

both years saw large changes in temperature with daily highs ranging from 2 and 3 to 30 and 32

degrees C in 2019 and 2022, respectively. Compared to 2019, 2022 was overall slightly warmer

and substantially drier. Between April 1 and November 1, air temperatures in 2022 averaged 16

compared to 15 degrees F in 2019. Total precipitation was 41 cm in 2022 compared to 86 cm in

2019, deviating from 1991-2020 climate normals by -11 and +7 cm, respectively (MN DNR).

Table 3.1. Summary statistics of key sediment and site properties.

Surface Sample

area depth AveTP Cond. Est.CI DO NO;’
ha cm He/L us/cm g/l He/L pe/L
Edge & center
n=37
Mean 16 420 88 1869 625 2901 182
Median 1 220 63 413 121 1115 8
Stdev 30 763 79 5145 1780 3272 728
Min 0 30 12 153 31 0 0
Max 104 4267 342 30600 10566 9900 4191
Edge,n =9
Mean - 30 - 309 85 5214 232
Median - 30 - 325 90 5500 23
Stdev 0 - 196 68 3224 534
Min 30 - 153 31 2200 0
Max - 30 - 744 235 9900 1531
Center,n =32
Mean - 537 - 2326 783 2046 180
Median - 232 - 555 170 400 6
Stdev - 837 - 5809 2010 2889 794
Min - 60 - 217 53 0 0
Max - 4267 - 30600 10566 9300 4191

Edge sediments are all estimated to have a depth of 30 cm. Surface area and average total

phosphorus concentrations (Ave TP) are site-level variables and are not summarized for individual
sample locations. The remaining variables reflect conditions overlying sediments at the time of
sampling and were measured from surface waters for edge sediments and bottom waters for center
sediments. Specific conductance (Cond.) was used to estimate chloride concentrations (Est. CI").
DO indicates dissolved oxygen and NO3™ indicates nitrate concentrations. n refers to the number of

observations.

Field and laboratory methods

During each sampling event, we measured dissolved oxygen, specific conductance, and
temperature profiles using a Hach portable meter, conductivity cell, and dissolved oxygen

sensor. The deepest profile reading was used as the sample depth. Conductivity reflects the
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concentration of all dissolved ions present but has been demonstrated to be a reliable indicator of
chloride concentrations in MSP waters, especially at higher conductivity values (Herb, 2017). To
facilitate comparisons with other studies, we used the conductivity-chloride linear relationships
developed for MSP stormwater ponds (Herb, 2017) to estimate chloride concentrations (reported
as “est. CI"”).

We collected surface water grab samples and deep water samples using a Van Dorn
sampler. We collected sediments from the deepest region of all sites (“‘center”) using an Eckman
dredge. To characterize within-site variation and extend the gradient of sediment oxygen
conditions, nearshore (“edge”) sediments were collected from sites sampled in 2019. Edge
sediments were less than 30 cm deep and were sampled by pressing a polycarbonate tube into the
sediment. For both sediment collection methods, care was taken to preserve only the top 5 cm of
the sediment profile. From each sample location, we collected and consolidated at least three
sediment samples to ensure sufficient material for incubations and that sediments were
representative of each site.

Unfiltered water samples were stored at 4 C for use in denitrification incubations.
Subsamples for water chemistry were filtered through a pre-ashed 0.45 um GF/F filter within 24
hours of collection. Filtered samples for NO3™ and NH4* were stored frozen until thawed and
analyzed on a SmartChem 170 discrete analyzer by the cadmium reduction and phenol
hypochlorite methods, respectively. NOs™ values above zero but below the detection limit of 10
pa/L were replaced with one half the detection limit (5 pg/L). Sediments were stored in sealed
plastic baggies without oxygen in the dark at 4 C. Within 24 hours of sediment collection, we
started loss on ignition on sediment subsamples to characterize bulk density and organic matter
content (Heiri et al., 2001). Total phosphorus (TP) was included as an indicator of site trophic
status. We averaged summer surface water TP concentrations collected during prior summer
monitoring (June — August) between 2016 and 2022. TP is the sum of total dissolved P and
particulate P quantified on a whole water sample using a persulfate digestion and analyzed
colorimetrically. A summary of key site characteristics is in Table 3.1, and site-specific values
are in Table S3.1.
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Denitrification enzyme assays
We chose to measure denitrification using denitrification enzyme assays (DEA). The

widespread use of DEA in lentic ecosystems facilitates comparisons with the denitrification
literature where urban systems remain underrepresented. Additionally, DEA allows for the rapid
assessment and high replication necessary to reveal patterns within our highly variable and
dynamic study system. Further, the well-documented limitations of this method do not hinder its
usefulness in assessing patterns across conditions, which was our primary goal (Dodds et al.,
2017; Groffman et al., 2006).

We used DEA with and without acetylene to measure total denitrification rates and rates
of N20 production, respectively. Measuring the final denitrification product, Nz, is notoriously
challenging as high atmospheric concentrations can readily contaminate samples (Groffman et
al., 2006). Acetylene blocks the activity of enzymes that perform the final step of denitrification,
resulting in the release of easily measured N20 instead of N2 gas. Therefore, incubations treated
with acetylene represent total denitrification (DeN) as all denitrification products are released as
N20. Incubations not treated with acetylene represent only N2O production as the fraction of
denitrification products converted to N2 remains unmeasured. We note that nitrification may also
produce N20: ammonia oxidation, facilitated by ammonia monooxygenase enzymes, can
produce byproducts that are then converted to N2O via chemodenitrification (Wrage et al., 2001).
Both the acetylene treatment and the anoxic conditions maintained in all incubations would
inhibit this enzyme (Dodds et al., 2017). Therefore, we do not expect this pathway to be a
meaningful source of N20O in our incubations.

We crossed the acetylene treatment with a carbon + N amendment treatment. Incubations
amended with carbon and N (160 pL of 2M glucose and 160 uL of 1.8M potassium nitrate)
represent potential denitrification rates when these reactants are were limiting, and thus reflect
the upper bound of rates as determined by the influence of site conditions on the denitrifier
abundance and activity. Incubations without amendments represent rates of denitrification and
N20 production under ambient substrate availability. Importantly, all incubations were treated
with chloramphenicol (160 pL of 0.77 M) to prevent the denitrifier community from

synthesizing new enzymes in response to incubation conditions (Dodds et al., 2017).

42



Incubations were performed within 48 hours of sediment collection. We combined 40 g
of homogenized sediment and 40 mL of unfiltered overlying water (surface water for edge
sediments and mixed sites, bottom water for center sediments) into 125 mL Wheaton media
bottles sealed with caps fitted with butyl septa. Incubations were flushed with helium or N2 gas
to establish anoxic conditions. Incubation anoxia removes the effect of differences in sediment
oxygen demand and ensures all N2O production is via denitrification. Incubation bottles were
kept in the dark at room temperature (~20 C) and agitated throughout the incubation period. Prior
to samping, bottles were shaken vigorously to equilibrate sediment slurries with the headspace.
Incubation headspace was sampled through the septa at 20 minutes and 3 hours. Gas samples
were stored in sealed, evacuated agilent gas vials and analyzed on a gas chromatograph for N2O
and O2. Headspace O2was measured as an indicator of the quality of the incubation bottle and
gas vial seal and sample integrity. Headspace Oz averaged 0.29% (median 0.21%). No bottles
met the method criterion (O2 > 5%) to be omitted from the analysis.

Denitrification and N20 rates were calculated as the difference between the second and
first time point divided by the time elapsed. All bottle replicates were averaged. N20 vyield, or the
proportion of denitrification products as N2O, was estimated as the average rate of N2O produced

divided by the average total denitrification rate.

Data analyses
We first related total-DeN to rates of N2O production using a mixed effects bivariate

(BV) model. We compared total-DeN to N20 yields qualitatively as the non-independence of
these variables made regression analysis inappropriate. We also used BV mixed effects models
to assess how DeN rate, rate of N2O production, and N20 yields differed by sample location
(edge vs. center), site type (pond, small lake, and large lake) and mixing regime (stratified vs.
polymictic). In the case of site type, where the number of categories exceeded two, we conducted
pairwise comparisons using the “emmeans” R package, which accounts for the increased
probability of a type | error associated with multiple pairwise comparisons (Fieberg, 2024;

Lenth, 2024). Additionally, we compared the water and sediment properties between edge and
center sediments using BV mixed effects models using the full data set as well the subset of sites

with both center and edge observations.
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We performed mixed effects multivariate (MV) modeling to assess the importance of key
site characteristics on DeN rate, rate of N2O production, and N20 yield. Models included all
years and sample locations and only observations without missing values. We selected predictor
variables based on prior knowledge of drivers of denitrification, ensuring predictors were not
highly correlated (Pearson correlation coefficient < 0.7). The candidate predictors were: water
temperature, dissolved oxygen, specific conductance, NOs, NH4*, and TP. Following Zuur
(2009) and Fieberg (2024), we used manual backwards selection, maximum likelihood ratio
tests, and AICc to identify the optimum model for each response variable. We additionally used
automatic model selection (Barton, 2022). Both methods arrived at the same optimum model.
We report the output from the automatic model selection here. Variables included in all final
models had variance inflation factors below three. To prevent model overfitting we limited the
number of final predictors to 10% of the number of observations. We repeated the MV analyses
for only center sediments.

Measured NOs" concentrations ranged widely, and over 60% of observations were below
detection. To facilitate an assessment of NOs™ effects, we separated the below detection (< 10
pg/L) and exceptionally high NOs™ values (> 500 pg/L) into low and high categories,
respectively, with the remaining observations classified as medium NO3s" concentrations (10 — 50
Ma/L). We performed BV mixed effects modeling for all measured response variables with NO3-
classification as a categorical predictor.

We incorporated “site” as a random intercept in all models to account for non-
independent observations. We explored the inclusion of year in MV models as an additional
random effect to account for variation due to climatic differences between 2019 and 2022.
Models fit with a random intercept for site and year did not perform better (difference in AICc >
4) than models fit with only site as a random effect, so year was excluded. We did not include
year as a fixed effect in MV models as any effect of year alone due to climatic differences would
be confounded by differences in sampling methods between years (e.g., only ponds were
sampled in 2019; no edge sediments were sampled in 2022). Additionally, we explored the
inclusion of “day of year” in MV models as a fixed effect to assess whether sampling date
accounted for any variation in response variables. Day of year never emerged as a significant or

meaningful predictor in optimum models or those within 2 AICc units and was excluded from
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initial full models. Further, day of year was not significantly correlated with any response

variables in BV analyses (results not shown).

Results

Patterns of denitrification
Amended total denitrification rates were highly variable, ranging from 0.5 to 47 mg N m-

2hr -1 (mean 12, sd 12; Table 3.2). Rates of amended N20 production (as mg N m2hr?) ranged
from 0.1 to 23.8 (mean 4.7, sd 5.6). On average, amended N20 yield was 33% but was also
highly variable (sd 23%; range 2 — 79%). Rates of amended DeN were positively related to
amended N20 production accounting for 78% of the variation in amended N20 rates (Figure
3.2). Amended N20 yield did not appear to change with changes in amended total DeN rates,

though these variables were not independent so no statistical analyses were performed (Figure

3.2).

Table 3.2. Summary of total denitrification rates, rates of N2O production,

and N20 yields on a per area basis.

Amend- Sample
ment Variable location n Mean Median Stnd Dev Min Max
All 39 11.68 8.27 12.04 0.54 47.23
C+N  Total-DeN Center 30 8.43 4.18 10.35 0.54 47.23
Edge 9 22.50 26.42 11.32 5.86 38.80
All 31 4.69 3.18 5.60 0.01 23.83
C+N N20-rate  Center 22 3.34 1.64 5.33 0.01 23.83
Edge 9 8.01 7.04 5.04 2.65 18.88
All 31 0.33 0.32 0.23 0.02 0.79
C+N N20-yield Center 22 0.31 0.28 0.26 0.02 0.79
Edge 9 0.38 0.38 0.14 0.18 0.60
All 39 1.253 0.001 6.102 0.000 36.422
None Total-DeN Center 30 1.220 0.001 6.648 0.000 36.422
Edge 9 1.361 0.000 4,075 0.000 12.228
All 31 0.063 0.004 0.316 0.000 1.764
None N20-rate Center 22 0.007 0.005 0.011  0.000 0.048
Edge 9 0.201 0.003 0.586 0.001 1.764
All 31 0.07 0.00 0.21 0.00 0.89
None N2O-yield Center 22 0.08 0.00 0.24 0.00 0.89
Edge 9 0.05 0.00 0.09 0.00 0.23

Total denitrification rates (Total-DeN) and N,O rates (N.O-rate) are expressed on a per area basis (mg N m-
2 hr't). N2O yields (N2O-yield) are the proportion of Total-DeN products released as N0, calculated as
N,O-rate divided by Total-DeN. Summaries of amended (C+N) and unamended incubations are shown.
Summaries were performed on all observations as well as each sample location: sediments collected from
the center of each site and sediments collected along the edge (< 30 cm deep). Values expressed on a per

mass basis can be found in Table S3.2.
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With the exception of one site that had very high ambient nitrate concentrations,
unamended incubations showed very little DeN (max 0.08 mg N m-2hr1) or N2O production
(max 0.05 mg N m2hr?t). The outlier site was a stormwater pond sampled two years after
construction (2019 Bell Pond; table S3.1). This site had an unamended DeN rate of 36.4 mg N m"
Zhr -1 in center sediments, comparable to the highest rates measured in amended incubations.
This was likely due to elevated nitrate in 2019 following construction likely due to extensive
landscape disturbance around the pond (4191 pg/L NOs-N), more than six times greater than the
next site’s value (609 pg/L NO3z-N) and more than three orders of magnitude greater than the
median NOgz™ concentration in our data. Unamended total DeN in this site’s edge sediments were
also high at 12.2 mg N m=2hr -, Interestingly, unamended N20 production at this site was not
correspondingly high with no measurable N20 in center sediments and 1.8 mg N m-2hr - in edge
sediments. Resampling center sediments in the Bell pond in 2022 revealed far lower unamended
DeN (< 0.01 mg N m2hr 1) and no change in N20, as well as lower NOs~ concentrations (4.9
Hg/L NO3s™-N). Given the unusually high NOs™ concentrations, the 2019 observations from this
site were removed from all statistical analyses except a BV analysis using binned NOs".
Additionally, given overall very low rates in unamended incubations, the following results

reported and discussed are from amended incubations.
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Figure 3.2. N20O rate and yield compared to total denitrification (DeN) rate.
Left) Rates were measured via denitrification enzyme assays amended with carbon and nitrogen. Points
and bars represent the averages and standard deviations of incubation replicates. Circles indicate center
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sediments, triangles represent edge sediments ( < 30 cm deep). The solid trendline captures mixed effects
model output (conditional and marginal R? = 0.78) and was significantly different from zero (p < 0.05);
line shading represents the 95% confidence interval. A dashed 1:1 line is included for comparison. Right)
N0 vyield, or the proportion of denitrification products as N,O, was calculated by dividing the average
rate of N2O production by the average total DeN rate. Observations are not independent so no statistical
tests were performed. Symbols are the same as in the left panel.

Effects of site properties

The larger lakes in our dataset (surface area > 45 ha) had significantly higher rates of
amended total DeN measured in center sediments compared to smaller lakes and ponds. We did
not see a significant difference in amended N20 rates or yields (Figure 3.3). In contrast, mixing
regime appeared to be important for amended N20O rate and yields, with both significantly higher
in the center sediments of polymictic sites compared to seasonally stratified sites (Figure 3.4).
There was no difference in amended total DeN rates measured in center sediments between

seasonally stratified and polymictic sites.
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Figure 3.3. Amended total denitrification rate (DeN), N2O production and

N20 vyield vs. site type.

Site type (pond, small lake, larger lake) determined by surface area. Only sediments collected
from the center of each site are included. Letters denote significant differences (p < 0.05). No
N-O data were collected when small lakes were sampled in 2022, and there were no significant
differences between ponds and large lakes in amended N,O rates or yields. Rates are displayed on
a log-10 scale.
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Figure 3.4. Amended total denitrification rate (DeN), N20O production and Nz0 vyield
in seasonally stratified (Strat) and polymictic (Poly) sites.

Only sediments collected from the center of each site are included. Asterisks indicate a significant
difference (p < 0.05). Rates are displayed on a log-10 scale.

Edge sediments supported significantly higher rates of amended DeN (marginal R? =
0.30; conditional R? = 0.51) and N20 production (marginal R? = 0.26; conditional R? = 0.43)
compared to sediments collected from the center of each site (Figure 3.5). This pattern held when
considering only those sites with paired observations from both edge and middle sediments and
when all sites were considered. Including sampling location drove an overall effect of depth;
removing edge sediments removed any effect of depth on amended DeN and N20 rates despite a
wide range of center sediment depths (60 cm — 10 m). Amended N20 yield was not significantly
different between center and edge sediments. The water overlying edge had lower specific
conductivity (p < 0.05) compared to water overlying center sediments, and there were no
differences in NOs™ or NH4* concentrations. At the time of sampling, the water overlying edge
sediments was also warmer (p < 0.1) and had higher DO concentrations (p < 0.05), though these
differences could change overnight. Additionally, edge sediments had significantly lower percent

organic matter (p < 0.05).
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Figure 3.5. Within-site variation in total amended denitrification rate,

N20 production and N20 yield.

Edge sediments were < 30 cm deep; center sediments ranged from 60 cm to 10 m deep. Sample
depth is indicated by symbol color, expressed on a log scale. Asterisks indicate a significant
difference between edge and center sediments. Rates are displayed on a log-10 scale.

Models that included both center and edge sediments showed rates of amended total DeN
were negatively related to TP concentrations and overlying water specific conductance (Table
3.3; Figure 3.6). Total P was the only significant predictor in the optimum MV model and in all
models within two AICc units (p < 0.05). There remained a large amount of unexplained
variation with the optimum model accounting for ~18% of amended total DeN variance. These
same patterns emerged when modeling was repeated with only those sites with associated N20
data (results not shown), confirming that the subset of sites used to model N2O rates are
representative of broader total DeN in our study. Focusing on center sediments, only the
significant negative relationship between amended total DeN and TP concentrations persisted
(Table 3.3), and TP was the only significant predictor in all models within two AlICc units (p <
0.05). Conductivity had no effect on center sediment amended total DeN rates, suggesting that
the effect across all sites was driven by low conductivity values and high rates in edge sediments

as well as exceptionally high conductivity values in a few center sediments.
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Table 3.3. Parameter estimates from the optimum multivariate mixed model for total
denitrification rate (Total DeN), rate of N2O production (N20 rate), and the
proportion of DeN products as N2O (N20 vyield).

Parameter estimates
TP* Cond* DO* NO;* NH,™ Sed OM Temp Marg. Cond.
ug/l  pS/em  pg/L pg/L pg/L % C n R’ R’
Center & edge
Total DeN* -0.51 -035 35 018 0.18
N,O rate* -0.85 0.39 27 0.18 0.18
N,O vyield 0.05 27 014 0.14
Center
Total DeN* -0.53 27 017 0.82
N,O rate* (-0.87) 19 0.14 050
N,O vyield (0.05) 19 013 0.14

All predictors included in the full model are listed. Parameter estimates are included for all predictors that
appeared in the optimum model; bold values were significant (p < 0.05); non-bold values were significant
at p < 0.1; values in parentheses were not significant (p > 0.1). Models were performed on pooled center
and edge sediments and on only center sediments. Asterisks indicate log transformed values. Number of
observations (n), the marginal R? (Marg. R?), and conditional R? (Cond. R?) are listed. TP: total
phosphorus; Cond: specific conductance; DO: dissolved oxygen; NO3™ = nitrate; NH4* = ammonium; Sed
OM = sediment organic matter; Temp = overlying water temperature at the time of sampling

Rates of amended N20 production were best captured by a model with a negative effect
of TP concentration and positive effect of dissolved oxygen (Table 3.3; Figure 3.7). These
predictors were marginally significant (p < 0.1). A large fraction of the variation in N2O
remained unexplained, as the optimum model only accounted for 18% of the variance. Dissolved
oxygen was also the only predictor in the optimum model for amended N20 yield (Table 3.3;
Figure 3.8). Increasing oxygen in overlying waters appears to increase N2O production,
indicating diminished DeN efficiency. Nonetheless, the effects of oxygen relied on the inclusion
of edge sediments, which tended to have higher dissolved oxygen concentrations. Models of
center sediment amended N20 rates and yields had no significant predictors.

Site NOs concentration had no effect on amended total DeN rates, rates of N2O
production, or N20 yields in MV models. However, binning NOs™ concentrations gave some
support to our hypothesis that NO3s™ concentration influences DeN and N20 production. BV
assessments of all sample locations (Figure 3.9) and only center sediments (Figure 3.10) showed

amended total DeN and N2O rates increased from the low to medium to high NOs™ categories,
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though the significance varied and considerable within-category variation exists. Patterns across

amended N20 yields were less consistent.
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Figure 3.6. Significant predictors of amended total denitrification (DeN) rates.

Rates of amended DeN vs. total phosphorus (TP) concentration and specific conductance, an indicator
of road salt inputs. In both panels, circles represent center sediments; triangles represent edge
sediments. The trendline represents output from multivariate modeling of amended total DeN (solid
line indicates p-value < 0.05; dashed line indicates p-value < 0.1); line shading represents the 95%
confidence interval. All values log transformed prior to modeling, and N-O rates converted to pg/L to
facilitate log transformation. Full model output is presented in Table 3.3.
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Figure 3.7. Best predictors of amended N20O rates.

Amended N,O rates vs. site total phosphorus concentration and dissolved oxygen concentration in
overlying water. Total phosphorus was averaged from summer monitoring records. Dissolved oxygen
was measured in the water column at the time of sampling, with hypolimnion readings paired with
center sediments (circles) and surface readings paired with edge sediments (triangles). The trendline
represents multivariate model output (dashed lines indicate p < 0.1); line shading represents the 95%
confidence interval. All values log transformed prior to modeling, and N-O rates converted to pg/L to
facilitate log transformation. Full model output is presented in Table 3.3.
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Figure 3.8. Amended N20 yield vs. site dissolved oxygen concentration.
Amended N-O yields is the fraction of denitrification products released as N.O. Dissolved
oxygen was measured in the water column at the time of sampling, with hypolimnion readings

paired with center sediments (circles) and surface readings paired with edge sediments (triangles).

The trendline represents multivariate model output (p < 0.1); line shading represents the 95%
confidence interval. Full model output can be viewed in Table 3.3.
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triangles represent edge sediments. Letters denote significant differences (p < 0.05). Rates are

displayed on a log-10 scale.
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Figure 3.10. Amended total denitrification rate (DeN), N2O production
and N20 yield vs. nitrate in center sediments.

Nitrate concentrations measured in water overlying sediments were classified as low (< 10 pg/L),
medium (10 — 50 pg/L), and high (> 500 pg/L). Only sediments collected from the center of each

site are included. In all panels, circles represent center sediments; triangles represent edge

sediments. Letters denote significant differences (p < 0.05). Rates are displayed on a log-10 scale.

Discussion

Total denitrification

Our findings confirm that urban sediments have the potential to support high rates of N

removal via denitrification (Hohman et al., 2021). Comparing our findings to previous work in

urban sediments shows general agreement but emphasizes the substantial variation in total DeN

rates. While we observed rates as high as 8.5 ug N g* hr' (Table S3.2), our mean potential DeN

was 1.2 ug N gt hrt which was similar to other studies using DEA in urban systems. Bettez and

Groffman (2012) reported an average amended DeN of 1.07 pug N g* hr't in urban wet ponds
while Larson and Grimm (2012) reported 0.1 — 2.8 pug N g hrt in urban lakes and ponds.

Blaszczak et al. (2018) found substantially higher potential DeN in stormwater ponds across

cities (0.42 — 37.6 ug N g* hrt), positing that the difference could be due to omitting acetylene
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in their incubations. However, Ginger et al. (2017) applied acetylene inhibition to measure
denitrification potentials in shallow lakes across land use types and found some of the highest
areal rates in the aquatic literature. Areal DeN rates spanned 14 — 978 mg N m2 hr'! (mean 412)
from urban lakes in MSP, which were generally higher than rates in non-urban lakes (2 — 461 mg
N m-2 hr?) (Ginger et al., 2017). These values are notably higher than potential areal DeN in our
study: 0.5 — 47.2 mg N m2 hr?, but it is unknown how these values compare to the per mass
values reported by Blaszczak et al. (2018). Additionally, Hohman (2021) reported average N2
fluxes from 0.72 — 1.46 mg N m2 hr! in stormwater pond sediment cores amended with NOs"
(no acetylene). The large degree of variation among studies employing similar methodology may
be attributable to the inherent heterogeneity in denitrification rates or the dynamic and varied
nature of urban ecosystems.

We were able to attribute only a fraction of the variation in DeN in our study to sediment
and site properties. Overall, sample location (e.g., edge or center) alone accounted for 30% of the
variation in amended total DeN while MV models captured only 19%. Contrary to our
expectations, amended total DeN in study sediments was unaffected by ambient NO3™ and
oxygen concentrations. Amended total DeN was negatively associated with both site TP and

conductivity. Below we explore the potential mechanisms driving these associations.

Effects of nitrate on denitrification
Despite finding no effect of ambient NOs™ concentrations, NOs™ availability is

undoubtedly an important regulator of amended total DeN rates in our study systems (Hohman et
al., 2021; Pifia-Ochoa & Alvarez-Cobelas, 2006; S. Seitzinger et al., 2006). The substantial
increase in total DeN between unamended incubations and those amended with NOs™ points to
limitation of DeN by NOs™ availability, though some of this response could be due to the carbon
addition. Further, the notably high unamended DeN rates in Bell Pond were associated with
uncommonly high NOs™ concentrations. Most tellingly, amended total DeN increased steadily in
sites with higher NOs™ categorizations, though considerable variation in rates at low (i.e., below
detection) NOs™ concentrations exists. Study sites low in NOs™ suggests coupled nitrification-
denitrification could be important in these sediments (Seitzinger et al., 2006).

Most N that enters study sites is organic (Finlay et al., 2024) and needs to be mineralized

and oxidized into NOs™ before it can be removed via DeN. Evidence for coupled nitrification-

54



denitrification is abundant in aquatic sediments and is driven by NOs" availability and redox
conditions (S. Seitzinger et al., 2006). We expect the proximity of nitrification to sites of
denitrification may account for some of the elevated amended total DeN in edge sediments as
they tended to have higher overlying dissolved oxygen content and therefore presumably
relatively high rates of nitrification. Many of the variables discussed below may regulate DeN by

altering NOs" availability, including its production via nitrification.

Effects of chloride on denitrification
Site conductivity, a reliable proxy for chloride contamination via road salt in our study

sites, emerged as an important predictor of DeN. This negative relationship was driven by four
observations in three sites (one site sampled in both 2019 and 2022), which were highly
impacted by chloride (conductivity: 6500 — 30600 puS/cm; est. Cl: 2.3 — 10.6 mg/L). Removing
the four highest chloride observations eliminated the effect of conductivity despite the
conductivity of remaining observations spanning an order of magnitude (~150 — 1500 puS/cm;
est. CI: 0.02 — 0.5 mg/L).

The lack of DeN response across most conductivity values in our study suggests some
degree of salt tolerance in denitrifier communities in inland urban lentic ecosystems. Studies in
estuarine environments have demonstrated that denitrifiers possess the ability to resist or rapidly
adapt to large changes in salinity (Lee & Francis, 2017; Santoro, 2009). Our findings lend
evidence that inland denitrifiers are also flexible. Nonetheless, Wang et al. (2014) found that
denitrifier activity in an inland stream can be inhibited by compounding urban stressors such as
chloride and heavy metals. Additionally, we collected samples during a period when chloride
concentrations are expected to be at their minimum in MSP. Therefore, our findings are relevant
only to baseline chloride concentrations and do not reflect responses to peak salinity. Hale and
Groffman (2006) measured denitrification potentials under peak salinities (Cl- raised to 2 ppt)
from Baltimore streams with a history of road salt and found that rates did not change. Future
work should address whether our study sediments are similarly resilient to salinity when chloride
peaks.

The highest conductivity values in our data, which drove the negative correlation
between chloride and DeN, could exceed some threshold of denitrifier chloride or pollutant

tolerance. The four extreme baseline conductivity values exceeded spring peak conductivities
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measured in other study sites (max 4000 uS/cm where spring data were available) and exceeded
peak salinities in the Hale and Groffman work described above (2006). This degree of
salinization may directly interfere with denitrifiers by inducing osmotic stress (Velasco et al.,
2018). Additionally, site conductivity could be an indicator of not only road salt inputs but also
inputs of other urban pollutants that co-occur with road salt. Sites most strongly impacted by
road salts tend to drain catchments with greater road densities and pavement cover (Novotny et
al., 2008). These land cover types are also associated with higher heavy metals, hydrocarbons,
and other pollutants known to inhibit microbial growth and function (Simpson et al., 2022). Prior
research on the effects of heavy metals on denitrifiers are mixed (Blaszczak et al., 2018; S. Y.
Wang et al., 2014), and additional work on the effects of urban pollutants on microbially-
mediated ecosystem functions is needed.

Elevated sodium ions that accompany road salt inputs may inhibit DeN indirectly by
displacing NH4* from sediments and reducing rates of nitrification (Herbert et al., 2015;
Laanbroek & Bollmann, 2007; Novotny et al., 2008). lon displacement is expected to be most
impactful for DeN in sediments at oxic-anoxic interfaces where DeN is linked to NH4* via
aerobic nitrification (Duan & Kaushal, 2015). Two sites with the highest observed conductivity
values (HarMar and StBizW) had some of the highest NH4* concentrations in overlying water.
However, these sediments were frequently exposed to reducing conditions including at the time
of sampling, so DeN in these sediments is less likely coupled to nitrification. By reducing
nitrification, ion exchange may exacerbate NOs™ limitation, though the extent of the effects of ion
displacement on DeN observed in incubations is unclear.

Another mechanism underlying the relationship between DeN and conductivity is
prolonged limitation of DeN reactants in bottom waters in sites with particularly high
conductivities. Chloride may be an indicator of this reactant limitation or directly contribute to it.
The persistence of elevated chloride throughout the summer may indicate longer residence times,
lower storm volumes, and reduced bottom water flushing, consequences of site morphology and
hydrology (Herb, 2017). These effects could compound with reduced mixing frequency driven
by strong salt-induced density gradients to reduce delivery of DeN substrates as well as inhibit
nitrification by prolonging anoxia and reducing nitrate supply. Taken together, these conditions

would severely limit the availability of reactants in center sediments and reduce the abundance or
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function of denitrifiers. We do not see strong support for this hypothesis as removing edge
sediments from the analysis removes the effect of conductivity on amended total DeN. Further,
we did not see an effect of site mixing regime on amended DeN rates. While mixing
classifications were based on water column monitoring and would capture an effect of high
chloride, these systems are highly dynamic and a more formal assessment of mixing frequency is
needed. Chloride effects on mixing remains a primary hypothesis in need of more study.

Regardless of the mechanism, it appears that sites that retain high quantities of road
salts—one potential benefit stormwater ponds could provide in northern climates—may be
limited in their capacity to remove N via denitrification but uncertainties remain. Better
understanding the relationship between DeN and chloride pollution can inform decision-making
around what functions to prioritize and how to manage sites to accomplish diverse water quality
goals (Koch et al., 2014).

Reduced denitrification under elevated total phosphorus
We found that sites enriched in P had a reduced ability to remove N via DeN. This

finding aligns with a recent assessment of N and P retention in over 5,000 global lakes (Wu et al,
2022). While higher P concentrations can promote DeN activity in some lakes, there are limits to
the stimulatory effects of P on DeN. As P enrichment and eutrophication worsened, N depletion
mechanisms (including sedimentation and DeN) were inhibited (Wu et al., 2022). This work
focused on larger lakes (median surface area ~100 ha). Our findings suggest that eutrophication
can worsen DeN capacities in smaller lentic systems as well. It is unclear whether the potential
mechanisms driving this relationship between TP and DeN would also be similar among diverse
lentic systems.

Sites with high total P may experience reduced total-DeN potentials due to heightened
competition for N when P is abundant. Denitrifiers compete for NOs™ with algae, macrophytes,
and others in the benthic community (Pifia-Ochoa & Alvarez-Cobelas, 2006; Risgaard-Peterson,
2003). Veraart et al. (2011) found that uptake by floating and submerged plants, not
denitrification, was responsible for a majority of water column NOz™ reductions in a microcosm
experiment. Racchetti et al. (2017) found that competition between denitrifiers and macrophytes
was alleviated by high NO3 availability in the water column, which was generally low in our

study sites. NOs™ limitation of amended total DeN in high TP sites may be exacerbated by
57



reduced macrophyte cover and stronger anoxic conditions that prevent NO3™ production via
nitrification.

Total P is a broad indicator of lentic ecosystem trophic status, and its negative correlation
with total amended DeN may be capturing an effect of dominant plant communities. Lentic
ecosystems dominated by submerged macrophytes tend to have lower TP compared to those
dominated by phytoplankton or floating macrophytes, primarily duckweed. We did not collect
data on plant community cover or biomass, but field observations suggest that study sites follow
this general trend. Further, prior work in MSP confirms that stormwater ponds with duckweed
had significantly higher TP concentrations than those without duckweed (Rabaey & Cotner,
2022) as duckweed facilitates anoxic sediment P release. We posit that submerged and floating
macrophytes may have differential effects on total amended DeN with macrophytes associated
with higher and floating macrophytes associated with lower DeN through effects on sediment
oxygen exposure and reactant availability.

At lower TP concentrations, systems are more likely to be dominated by macrophytes.
Radial oxygen loss from roots adds oxygen to sediments, creating conditions that allow for
aerobic nitrification to produce NOs in close proximity to interstitial anoxic sites where it can be
rapidly denitrified (Christensen & Sgrensen, 1986). Rooted macrophytes may also increase C
available for denitrification by facilitating the sedimentation of organic matter and directly
providing labile C to sediments (Christensen & Sgrensen, 1986). Additionally, by attenuating
wave action macrophytes may increase retention of all DeN reactants in sediments and increase
DeN reaction times (Benoy & Kalff, 1999; Saunders & Kalff, 2001). Indeed, prior work in lentic
systems observed higher DeN in sediments with macrophytes (Christensen & Sgrensen, 1986;
Ginger et al., 2017; Saunders & Kalff, 2001). Similarly, Benelli et al (2020) observed a 10-fold
increase in nitrification and DeN in the presence of macrophytes compared to bare sediments.
The effect of macrophytes was only observed under eutrophic conditions with authors citing
reduced competition between macrophytes and denitrifiers as a contributing factor. Further,
variation among macrophytes in how deeply roots extend into sediments, the degree that they
release oxygen or C from roots, their growth rate, and their nutrient requirements results in
meaningful species-to-species differences in how they shape nitrifier and denitrifier communities
and function (Benelli et al., 2020; Gordon et al., 2020; Wu et al., 2021).
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At higher TP concentrations, study sites were dominated by floating plants like
duckweed, which form thick surface mats that can shade out macrophytes. If, as discussed above,
macrophytes enhance DeN, the loss of rooted macrophytes would itself diminish DeN abilities.
The loss of macrophytes also reduces water column oxygen, and duckweed mats may further
strengthen anoxia by inhibiting gaseous exchange with the atmosphere (Rabaey & Cotner, 2022).
Prolonged anoxic conditions can reduce DeN by preventing nitrification and the production of
NOs" in systems that may already have limited NOs".

Taken together, we see evidence that urban lentic ecosystems with low TP
concentrations have a greater capacity to remove N, perhaps driven by differences in the
dominant plant community. This finding aligns with Ginger et al. (2017), who concluded that
increased denitrification associated with macrophyte cover drives reductions in N in clear water
(low TP) compared to turbid (high TP) lakes. Additionally, recent stormwater pond research in
MSP has identified that duckweed-dominated sites may represent a unique “type” of stormwater
pond whose characteristics and functional capacities deviate from ponds dominated by
macrophytes or phytoplankton (Rabaey & Cotner, 2022). In particular, they are characterized by
poorer water quality and depleted oxygen. Our results contribute to this emerging understanding,
finding that duckweed-dominated systems have a reduced capacity to permanently remove N. A
diminished capacity to denitrify means a greater fraction of N may remain in the system.

A reduced ability to remove N via denitrification in high TP lentic ecosystems could
mean more N available for primary productivity. In other words, reduced DeN could generate a
feedback that contributes to stabilizing a eutrophic state. This would depend on the degree that N
limits primary production in study systems, but N limitation or co-limitation by N and P are not
uncommon in MSP lakes (Bratt et al., 2020). Whether reduced DeN results in more bioavailable
N would also depend on the ability of a system to convert abundant yet less bioavailable organic-
N into forms available for uptake. As a result, future research should consider the role of N

mineralization and nitrification for providing bioavailable N in urban lentic systems.

Denitrification efficiency
Our findings suggest that urban waters have the capacity to be sources of N20 to the

atmosphere with denitrification efficiency varying substantially among sites and sediments.

Rates of N2O production in our study were higher than those reported in Blaszczak et al. (2018).
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They reported amended N20 production ranging from 0 to 1.7 pug N g™ hr! compared to 0 — 3.7
tg N gt hr! (mean 1.24) in our study sediments. N2O also comprised a small fraction of total
amended DeN products, averaging 4% and reaching a maximum of 39% across all sites. Our
estimates of amended N20 vyields in MSP were far higher, averaging 33% (maximum of 79%).
Amended rates of N2O production increased alongside total amended DeN, which is
consistent with other findings (Beaulieu et al., 2011; Blaszczak et al., 2018). Total amended DeN
alone explained more variation in N2O production than the top MV model (78% compared to just
18%). As a result, we expect the same mechanisms discussed above for amended total DeN to
also influence amended N2O rates. In support of this, TP concentration was a meaningful
predictor of amended N20 rates in our study. We found no evidence that systems with high
potential total amended DeN are inherently less efficient as amended N20 yield did not appear to
worsen as rates of amended total DeN increased. We found support for our hypothesis that
dissolved oxygen regulates amended N20 yields but found no evidence that NOs affects N2O

yields.

Effects of site properties on N20
Oxygen appears to reduce denitrification efficiency in urban sediments, increasing the

fraction of denitrification products emitted as N20. Not only was site dissolved oxygen an
important predictor of amended N20 rates and yields, sites classified as polymictic also had
higher amended N20 rates and yields. N2O-reductases are the most oxygen-sensitive of the
denitrifying enzymes and may be inhibited at lower oxygen concentrations compared to the other
enzymes, resulting in N2O production and release (Beaulieu et al., 2011; Knowles, 1982; Wrage
et al., 2001). Our findings suggest that oxygen may block the transcription and/or function of
N20-reductases in study sites with recent or more frequent sediment oxygen exposure and that
this inhibition persists even in anoxic incubations.

Nitrate can also suppress the activity of N2O-reductases, and denitrifiers may
preferentially reduce NO3™ over N2O when NOs™ and sufficient C are available (Bakken et al.,
2012; Firestone et al., 1979). An effect of NO3™ concentrations on N20 yields has not consistently
been observed (Beaulieu et al., 2011; DelVecchia et al., 2023; Liu et al., 2018; McCrackin &
Elser, 2010; Weier et al., 1993), and we did not see an effect of NO3™ concentration on amended

N20 yields. Results from Bell pond were especially interesting, where the highest NO3-
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concentrations and some of the highest total DeN rates in amended and unamended incubations
were accompanied by no measurable N2O production. In other words, total-DeN under the
highest NO3™ concentration in our dataset was 100% efficient. Measures of overlying water
concentrations may not capture NOs™ availability in pore waters, especially if denitrification is
coupled to nitrification. Additionally, Bakken et al. (2012) emphasizes that denitrifying
microbial strains vary in their sensitivity to oxygen, NOs", and other environmental factors. Some
of the unexplained variation in amended N20 production (and total DeN) in our study may be
due to differences in denitrifier community composition. Additional work to characterize
denitrifier community structure across urban sediments is needed.

There is still uncertainty regarding whether conditions that promote high rates of N
removal via DeN simultaneously reduce DeN efficiency in urban lentic systems. The only
variable to significantly affect amended N20 yield, dissolved oxygen, was never a significant
predictor of total amended DeN in our study sediments but could be contributing to the elevated
activities in edge sediments, particularly if DeN is coupled with nitrification. If so, there may be
a potential tradeoff between N removal and N20 production but we cannot make that conclusion
based on these findings alone. More work is needed to identify and compare drivers of both DeN
and N20 rates.

We expect that the observed range of potential N2O yields captures actual variation in
DeN efficiency across urban sediments, but whether N20 yields as high 79% would be realized
as actual emissions from sites is unlikely. Field surveys of N2O emissions from small lentic
ecosystems, including stormwater ponds, frequently report low or below detection values
(Bauduin et al., 2024; Rabaey & Cotner, 2022). Beaulieu et al. (2011), measuring §*°N2 and
6N20 after a 1°N-tracer addition, found the greatest N2O emissions in urban streams compared
to other land use types but overall <1% of denitrified N was released as N20. As with total DeN
estimates, estimates of N2O production and N20 yield from amended incubations represent an
upper-bound when ample reactants are available. We also acknowledge methodological reasons
why even these upper-bound N20 production or yields could be high. NOs™ can suppress N2O-
reductase, meaning NO3 amendments in our incubations may amplify N20 release and,
therefore, yields. N2O production may also be higher than those measured using other methods

due to shaking incubation bottles prior to sampling headspace gases, which releases N2O from
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porewaters when it may otherwise have been further denitrified. We expect the effects of both

limitations to be consistent across samples and would not affect overall relationships observed.

Intra-site variability in denitrification
Consistent with the heterogeneous nature of DeN, we saw high within-site spatial

variation in DeN even in systems where less than two meters separate edge and center sediments
(Saunders & Kalff, 2001). Consistent with previous work, edge sediments had significantly
higher potential total-DeN compared to center sediments (Bruesewitz et al., 2012; Grantz et al.,
2012; Saunders & Kalff, 2001). Edge habitats integrate the characteristics discussed above that
support high DeN. Specifically, reactants are delivered to edge sediment pore waters with
frequent wind and wave action augmented by macrophytes, inputs from riparian areas, and/or
high rates of nitrification (Bruesewitz et al., 2012; Cook et al., 2006; Kuwae et al., 2006). While
we did not observe significant differences in NOs  and NH4* concentrations overlying edge and
center sediments and edge sediments had lower percent organic matter compared to center
sediments, these values do not reflect reactant availability in pore waters or carbon degradability.
Any potential adverse effects of high chloride or other pollutants are expected to be most
prevalent in deeper regions, which is confirmed in our data. In addition, the higher temperatures
we observed in shallow regions can increase microbial activities, including nitrification and DeN
(Saunders & Kalff, 2001). These findings underscore the importance of incorporating spatial

variation into assessments of the denitrification and N removal capabilities of ecosystems.

Inter-site variability in denitrification
Large lakes had significantly higher amended total DeN rates compared to smaller lakes

and ponds. This was contrary to expectations, but reflects nuanced denitrifying conditions in
small lentic systems. Many sites receive high inputs of N from their watersheds but most are in
organic forms inaccessible to denitrifiers and while they may be shallow, they frequently
experience persistent anoxia (Finlay et al., 2024; Holgerson et al., 2022; Janke et al., 2022).
Together these conditions would result in NOs™ limitation of DeN as the aerobic conditions
required to convert organic N to NOs" via nitrification are not supported. Others have found DeN
to be NOs™ limited in stormwater ponds for these reasons (Goeckner et al., 2024; Hohman et al.,
2021) As a result, sediment oxygen exposure and mixing patterns may be important determinants
of N removal capacity in small lentic systems. We did not see an effect of the mixing regime on
62



amended total DeN, but high-frequency monitoring of these dynamic sites could better capture

mixing frequency and duration.

Conclusions

We observed the highest rates of amended DeN in systems with low TP concentrations
and conductivity values (i.e., road salt inputs), as well as in edge sediments and in center
sediments from the largest systems sampled. In other words, center sediments from small,
eutrophic and chloride-impacted systems were less capable of removing N via DeN. Numerous
potentially interacting mechanisms may underpin these findings and are detailed above.

One shared possibility that we think is particularly likely is that amended DeN rates in
our study were limited by the interacting effects of mixing, sediment oxygen exposure, and
reactant availability. Elevated TP concentrations and road salt inputs are associated with reduced
mixing and stronger bottom water anoxia. Smaller lentic systems may experience more
prolonged bottom water anoxia and infrequent mixing compared to edge sediments or center
sediments in larger systems. In our systems where NOs" is scarce and organic N is abundant,
persistent anoxia inhibits aerobic nitrification and limits DeN reactant availability. Mixing
regime and dissolved oxygen concentrations in overlying water had no effect on amended DeN
rates in our study, but these variables may not capture sediment oxygen and mixing regimes in
these dynamic and variable systems.

Nevertheless, measures of sediment oxygen exposure emerged as important determinants
of N20 yields. We found the greatest N2O yield from sediments with higher dissolved oxygen
concentrations in overlying water and from sediments collected from sites designated as
polymictic. Given this finding, clarifying the role of sediment oxygen exposure for urban lentic
system DeN rates and efficiencies should be prioritized. Until then, our findings suggest that
efforts to maintain clear water, or lower TP, states in smaller urban lentic ecosystems will benefit

their ability to remove N.
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Chapter 4: Urban street tree litterfall can be a key driver of stormwater
nutrient concentrations and yields throughout the year

Summary

Street trees in urban environments can be important conduits for nutrients; they take up nutrients
from soils and deposit them onto streets in the form of litter. These nutrients can rapidly enter
stormwater in dissolved and particulate forms, contributing to eutrophication of receiving waters.
Our goal was to quantify the contribution of street tree litterfall to stormwater phosphorus (P) and
nitrogen (N) at the watershed scale. Using data from high-frequency street sweeping programs in
the Minneapolis-St. Paul Metropolitan Area (MSP), we demonstrate that fractional canopy cover
over the street is a powerful indicator of litterfall inputs to streets and can be used to predict street
tree litterfall inputs of total N and P at the watershed scale. Comparing predicted litterfall total
nutrient inputs to observed stormwater nutrient data from MSP watersheds revealed that litterfall
inputs were a significant predictor of stormwater total N and P concentrations and yields across
seasons. We further predicted that litter contributes an average of 60% of stormwater total P and
69% of stormwater total N yields during the snow-free season, with the greatest contributions in
the spring and fall. Predicted contributions from litterfall ranged greatly between watersheds
(~0—185% for total P and ~0 — 149% for total N) likely due to variation in land use and land cover
metrics and nutrient retention with the stormwater network. These findings reveal the outsized
effects of street trees on stormwater nutrient loading and suggest that targeting street litterfall may

be a powerful tool to address excess nutrients in urban freshwaters.

Introduction

Urban waters—flowing and non-flowing, inland and coastal-—are some of cities’ most
vital features, providing essential services for human and ecological communities (Lowe et al.,
2022). As city populations and footprints continue to grow, the number and importance of urban
waters increases (Grimm et al., 2008). At the same time, these systems face numerous stressors
from the urban environment.

Urban watersheds can export high levels of nitrogen (N) and phosphorus (P) to urban

waters resulting in eutrophication. Eutrophication decreases water clarity, produces more
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frequent and larger algal blooms, shifts aquatic plant communities and food webs, disrupts
oxygen regimes, and limits recreation and other forms of use (Ansari & Gill, 2014). Nitrogen is
of increasing concern in both coastal regions and inland areas, freshwaters are sensitive to P, and
many systems can exhibit N and P co-limitation (Elser et al., 2007). Further, the nutrients that
originate, flow through, and affect urban waters also have implications for downstream or
connected systems at regional and global scales.

Considerable efforts have been made to understand and address eutrophication in urban
waters and downstream. The Clean Water Act spurred interventions that targeted point-source
pollution, successfully reducing nutrient concentrations and improving clarity in many urban
waters (Stets et al., 2020; Topp et al., 2021). Nonpoint sources such as stormwater continue to
affect water quality in cities’ coastal and inland waters (Carle et al., 2005; Walsh et al., 2005).
Efforts to reduce nutrient loading from stormwater are complicated by the heterogeneity and
complexity of urban environments and stormwater networks, as well as the inherent differences
of N and P sources and cycling. Previous work found that urban N and P differ in their primary
sources, pathways, and controlling factors (Carle et al., 2005; Hobbie et al., 2017). What
emerges from this complexity are different and sometimes competing management strategies.
For example, encouraging infiltration of stormwater might increase P retention while
exacerbating N export via groundwater (Hobbie et al., 2017).

One common conduit for both N and P to move from land to surface water are trees
planted adjacent to roadways, hereafter street trees, which may offer opportunities for targeted
and efficient nutrient removal from roads in watersheds where street trees are common. Street
trees accumulate nutrients from soils and deposit them directly onto the landscape, including
streets, as leaves, flowers, seeds, and other litterfall (Janke et al., 2017). In street gutters,
stormwater or snowmelt enable rapid leaching and decomposition of organic matter (Hobbie et
al., 2013; Kaushal & Belt, 2012). Given the imperviousness of streets, there are very few
opportunities for infiltrat