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Abstract 

Freshwater ecosystems are dominated by small, shallow lakes, and these systems 

have among the highest rates of carbon burial in the world. Understanding the 

mechanisms that influence the way shallow lakes process and accumulate carbon is 

important given the rising effort to mitigate anthropogenic carbon emissions. In aquatic 

ecosystems, the amount of carbon available for permanent burial is affected by the 

balance between primary production and respiration (i.e. net ecosystem production), the 

amount of carbon exported from the system as a gas or through groundwater fluxes, and  

the quality of the organic matter deposited in the sediments and the environment in which 

it is deposited. The Prairie Pothole Region (PPR) of North America is a noteworthy 

region to evaluate carbon cycling in small freshwater ecosystems because it contains 

approximately 207,000 km
2
 of prairie lakes. Lakes in this region also typically exist in 

two alternative regimes: a clear water regime dominated by submerged macrophytes 

and/or macroalgae, and a turbid water regime dominated by phytoplankton. Based on the 

physiological and ecological differences of the dominating primary producers of these 

regimes, it is likely that one regime may accumulate carbon at a faster rate than the other.  

In order to understand the mechanisms that influence carbon burial, I sampled 

nine shallow lakes located within the PPR over the course of three years to determine 

whether lake regime influenced net ecosystem production rates and exchange of carbon 

dioxide between the lakes and the atmosphere. I also determined the decomposition rate 

of macrophyte and algal material under aerobic and anaerobic conditions. Over the 

course of three growing seasons, the lake regime (clear or turbid) did not predict whether 
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the lakes had a positive or negative net ecosystem production rate (autotrophic or 

heterotrophic, respectively), or whether the lakes were a carbon sink or source to the 

atmosphere. Because the variability in metabolism and CO2 exchange with the 

atmosphere was not strongly influenced by the biological differences between the 

regimes, the metabolism and CO2 exchange was more likely influenced by complex 

interactions driven by climate (i.e. temperature, wind turbulence, watershed input) that I 

was unable to distinguish. Annual production rates of these lakes were as high as 1345 g 

C m
-2

 yr
-1

, and over the course of three years, net ecosystem production was essentially 

neutral, as gross primary production (GPP) rates were approximately equal to ecosystem 

respiration (R). This balance implies that more carbon was retained in these shallow lakes 

in comparison to many other lake ecosystems where R exceeds GPP via the 

mineralization of terrestrial carbon. Although these lakes were metabolically neutral, the 

balance between gross primary production and respiration did not strongly influence the 

exchange of CO2 with the atmosphere, because of the hard-water nature of these 

particular lakes. On average these lakes were a net carbon source, emitting approximately 

114 mg C m
-2

 d
-1

, and changes in pH strongly influenced the exchange of CO2 between 

the lake and the atmosphere. Due to greater carbonate precipitation in the clear regimes, 

the lakes in the turbid regime had a larger buffering capacity and therefore a diminished 

metabolic influence on pH and therefore CO2 exchange. Finally, the most carbon retained 

during the one-year decomposition experiment were the primary producers of the clear-

water regime (Charophyte, Potamogeton pectinatus, Myriophyllum sibiricum) under 

anaerobic conditions (26% carbon retention). The phytoplankton of the turbid regime 
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only retained 1% of its original carbon content under aerobic conditions. When these 

decay rates were applied to GPP estimates of each regime, it was estimated that almost 

five times as much carbon should remain in the clear water lakes in comparison to the 

lakes of the turbid regime. Consequently, the clear-water, macrophyte/macroalgae 

dominated lakes should accumulate carbon at a faster rate than the lakes in the turbid 

water regime. Accordingly, shallow lakes may be managed for the clear water state not 

only to improve habitat, but also to sequester carbon. 
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Preface 

Historically, scientists assumed that inland waters had a negligible effect on 

global carbon cycling due to their relatively small surface area on a global scale. 

However, recent studies have shown that freshwater ecosystems play an active part in 

global carbon cycling (Cole et al. 2007; Tranvik et al. 2009). Most inland aquatic 

ecosystems are small, and are among the most productive ecosystems in the world 

(Schlesinger 1997, Dean and Gorham 1998, Downing et al. 2006). Small, shallow lakes 

are located in many regions throughout the world, and they tend to exist in two 

alternative regimes: a clear-water, macrophyte or macroalga dominated regime, or a 

turbid-water, phytoplankton dominated regime (Scheffer et al. 1993). Although some 

work on deciphering the details of carbon cycling in shallow lakes has been done (del 

Giorgio and Peters 1994, Finlay et al. 2009), few studies have taken a comprehensive 

approach in evaluating the major mechanisms influencing carbon cycling in shallow 

lakes in light of the alternative regimes. I evaluated the major mechanisms that affect 

carbon cycling and accumulation in nine shallow lakes of both the clear and turbid water 

regimes, located in the Prairie Pothole Region (PPR) of North America. The PPR is a 

notable location to evaluate these relationships, as it contains approximately 207,000 km
2
 

of shallow lakes that exist in the clear and turbid water regimes.  

Because lakes often receive and process allochthonous carbon, most lakes 

worldwide are net heterotrophic, meaning they respire more carbon than is fixed within 

the lake via photosynthesis (Cole et al. 2000, Duarte and Prairie 2005, Sobek et al. 2005). 

Measurements of planktonic characteristics such as chlorophyll (i.e. planktonic primary 
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producers) and dissolved organic carbon (substrate for microbial mineralization) have 

been used to predict whether a lake is net heterotrophic or autotrophic, and a carbon 

source or sink. However, these planktonic predictors may not be appropriate for both 

types of shallow lake regimes, given the potential influence of the benthic community on 

whole-lake ecosystem metabolism (Andersson and Brunberg 2006, Lauster et al. 2006, 

Vadeboncouer et al. 2006).  

Akin to the fact that most lakes are heterotrophic, the majority of lakes are also 

supersaturated in CO2 relative to the atmosphere, and therefore function as a carbon 

source (Prairie et al. 2002, Hanson et al. 2004, Sobek et al. 2005, Finlay et al. 2009). 

Whether it was a direct measurement or an assumption, scientists have reported that the 

balance between gross primary production and ecosystem respiration automatically 

indicates whether a lake is a carbon source or sink (Duarte and Agustí 1998, Cole et al. 

2000, Duarte and Prairie 2005, Pace and Prairie 2007). In other words, if respiration 

exceeded gross primary production, CO2 should have fluxed out of the lake into the 

atmosphere. While this connection may be true for many lake ecosystems, the actual flux 

of CO2 is not only dependent upon the metabolism of the lake, but it also depends on the 

chemical (i.e. carbonate buffering, hardness) and physical (i.e. wind turbulence, 

temperature) properties of the lake (Finlay et al. 2009). Similar to lake metabolism, 

predictors such as dissolved organic carbon have been commonly used to predict the 

concentration and therefore flux of CO2 (Hanson et al. 2004, Sobek et al. 2005, Roehm et 

al. 2009); however, shallow lakes with a strong benthic influence may not function in a 

similar way to lakes with a much larger pelagic region (van de Bogert et al. 2007). In the 
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perspective of shallow lakes in the clear and turbid water regimes, no data has been 

reported on the driving influences on the flux of carbon dioxide between the lake and the 

atmosphere in the hard-water, shallow lakes of the PPR. 

Finally, the clear and turbid water regimes likely accumulate carbon at dissimilar 

rates based on the distinctive physiological and ecological characteristics of the 

dominating primary producers. In terms of carbon accumulation of organic matter, the 

amount of carbon stored is a function of the quality of the deposited organic matter, and 

the environment in which it is deposited (Rejmánková and Houdková 2006). Studies that 

have contrasted the decomposition rate of macrophyte and algal species have shown that 

macrophyte species tend to retain more carbon than phytoplankton due to a greater 

structural complexity; however, these studies consisted of marine and not freshwater 

species (Enríquez et al. 1993, Duarte and Cebrián 1996). Furthermore, the clear and 

turbid regimes likely have differing seasonal changes in oxygen content, which may 

impact the rate at which their organic matter decomposes. In the fall after the senescence 

of the macrophytes, clear-water lakes can experience a sharp decline in oxygen which is 

fueled by the microbial mineralization of the newly deposited organic matter (Goldshalk 

and Wetzel 1978, Golterman 1995). No studies to date have investigated the 

decomposition of the dominating primary producers of the clear and turbid regimes under 

differing oxygen conditions that reflect the environment of each regime. 
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Chapter 1: Net Ecosystem Production in Prairie Pothole Shallow Lakes under 

Alternative Trophic Regimes 

 

Shallow lakes play an important role in global carbon cycling, as they store 

carbon at a high rate due to their productive nature and the organic matter they receive 

from terrestrial ecosystems. The degree of carbon burial greatly depends on the amount 

of carbon available for storage within the ecosystem, which equals the balance between 

gross primary production and respiration (i.e. net production). The Prairie Pothole Region 

(PPR) of North America contains approximately 207,000 km
2
 of shallow lake area, of 

which the metabolism and carbon burial rates are largely unknown. Lakes in this region 

typically exist in two regimes or states: a clear, macrophyte-dominated regime and a 

turbid, phytoplankton-dominated regime. These two regimes have the potential to 

influence the metabolic rates and carbon burial rates in different ways because of their 

dissimilarities in primary producer composition and decomposition. I investigated the 

metabolism of nine shallow lakes located in the PPR over the course of three years to 

estimate the metabolic balance of these shallow lakes, and to establish whether 

previously determined thresholds of chlorophyll-a (Chl) and dissolved organic carbon 

(DOC) were useful in predicting the metabolic rate of PPR shallow lakes in both the clear 

and turbid regime. Gross primary production and respiration of these shallow lakes were 

influenced by benthic production and respiration irrespective of state, and therefore the 

planktonic Chl threshold was not useful in predicting the open-water season planktonic or 

whole ecosystem metabolism of all nine lakes. Similarly, DOC was not a useful predictor 
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of the planktonic or ecosystem metabolic rate, perhaps because the short-term microbial 

respiration rates mostly depended upon autochthonous DOC rather than the total pool 

size. In contrast to many freshwater ecosystems where respiration exceeds gross primary 

production, gross primary production was approximately equal to respiration for all nine 

lakes during the study period. Surprisingly, the balance between primary production and 

respiration (net aquatic production) did not correlate with lake regime because the 

balance was similar between the two regimes during each of the three years. Because net 

ecosystem production was similar between the regimes, other mechanisms such as 

climate may have influenced lake metabolism more strongly. Although the two 

alternative regimes had fixed approximately the same amount of carbon, that the fate of 

carbon during the winter months is poorly unknown. If respiration would exceed 

production in the winter, a smaller amount of carbon would be available for storage. 

Further investigation is needed to determine metabolic rates on an annual basis in order to 

tell whether lakes in the clear or turbid regime bury the same or a differing amount of 

carbon annually. 

 

Introduction 

Net ecosystem production (NEP) of aquatic ecosystems refers to the metabolic 

balance between gross primary production and respiration, and the sign of NEP 

determines whether a lake is identified as net heterotrophic (negative NEP) or net 

autotrophic (positive NEP) (Odum 1956, Woodwell & Whittaker 1968, Chapin et al. 

2006, Lovett et al. 2006). In net autotrophic lakes, gross primary production (GPP) 
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exceeds respiration (R) which indicates an increased potential for organic carbon 

accumulation over time. High benthic production, high nutrient availability, and a 

planktivore (minnow) dominated food web all increase the probability of a lake existing 

in a net autotrophic state (Cole et al. 2000, Andersson & Brunberg 2006, Lauster et al. 

2006). In contrast to autotrophic lakes, R exceeds GPP in net heterotrophic lakes, which 

is possible when allochthonous nutrient sources such as terrestrial surface runoff, 

groundwater flow, leaf deposition or even waterfowl defecation provide additional 

organic carbon substrates that facilitate respiration (Chapin et al. 2006, Lovett et al. 2006, 

Voros et al. 2008). Contrary to the historical perspective on metabolism in freshwater 

lakes, the current literature suggests that a large proportion of lakes worldwide are 

actually net heterotrophic because of their metabolic dependence on organic matter 

originating from outside the lake ecosystem (del Giorgio and Peters 1993, Cole et al. 

2000, Cole and Caraco 2001, Prairie et al. 2002, Hanson et al. 2003, Duarte and Prairie 

2005). 

Predicting metabolism of small, freshwater ecosystems such as shallow lakes is 

important because most freshwater ecosystems are small, and yet play a 

disproportionately large role in global carbon cycling (Downing et al. 2006, Cole et al. 

2007, Tranvik et al. 2009). In many lakes, metabolism can be predicted by the biomass of 

primary producers and the concentration of dissolved organic carbon (DOC) in the water 

column. In their review of published planktonic production and respiration rates in 118 

stratified freshwater lakes, del Giorgio and Peters (1993) observed that lakes were net 

heterotrophic (GPP < R) when they had Chl levels less than 17-20 µg L
-1

, and were net 
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autotrophic (GPP > R) when Chl was greater than 17-20 μg L
-1

. Their results suggested 

that when the level of planktonic primary production increased, the support of lake 

metabolism by exogenous organic matter decreased relative to the support by 

autochthonous nutrients. Therefore, aquatic systems with high planktonic primary 

productivity and/or high Chl were more likely to be net autotrophic than those with lower 

levels (Odum and Prentki 1978, del Giorgio and Peters 1993). Similarly, a threshold of 4-

10 mg of DOC L
-1

 has also been identified as a threshold determining net heterotrophy or 

autotrophy in north temperate lakes (> and < 4-10 mg DOC L
-1

, respectively) (Prairie et 

al. 2002, Hanson et al. 2003). Because DOC functions as a substrate for microbial 

mineralization, it often positively correlates with high bacterial production and R. In 

contrast, colored DOC can have a negative effect on primary production via shading 

(Webster et al. 2008), which also can cause R to exceed low rates of GPP (del Giorgio 

and Peters 1994). At high water column DOC, R often exceeds planktonic primary 

production (Hessen et al. 2004, del Giorgio et al. 1997).  

Although the Chl and DOC thresholds have been used to accurately predict the 

metabolic status of hundreds of lakes around the world, they were specifically developed 

for predicting planktonic metabolism (del Giorgio and Peters 1993, Prairie et al. 2002). 

Consequently, they may not accurately predict the metabolism of ecosystems where the 

benthic and littoral contribution to the whole ecosystem is important (Andersson and 

Brunberg 2006, Vadeboncouer et al. 2006), such as shallow lakes. In this study I tested 

whether the Chl and DOC thresholds can be used to accurately predict the ecosystem 

metabolism of shallow prairie lakes. 
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The Prairie Pothole Region (PPR) of North America serves as an ideal location to 

study shallow lake metabolism because it contains approximately 207,000 km
2
 of highly 

productive shallow lakes (Euliss et al. 2006, Kenning 2010). Because these lakes are 

shallow, a large portion of their volume is associated with the surrounding landscape 

which increases the potential for allochthonous DOC to be transported from the land to 

the lake, where it may become respired via microbial mineralization. Furthermore, the 

lakes in this region differ in the type of dominant primary producer, which could also 

directly influence ecosystem metabolism. Lakes in the PPR typically exist in two 

alternative regimes: a clear-water, macrophyte- and/or macroalgae-dominated regime, or 

a turbid-water, phytoplankton- and/or microalgae-dominated regime (Scheffer et al. 1993, 

Zimmer et al. 2001). Either regime can have greater primary production and respiration 

rates, depending on differences in growing season length, response to nutrient pulses, 

access to nutrients in the sediment and light (Goulder 1969, Rørslett et al. 1986, Mitchell 

1989, del Giorgio et al. 1997, López-Archilla et al. 2004). To date, five lakes of the PPR 

have been shown to be generally autotrophic, (Kenning 2010).  

I evaluated the metabolism of nine shallow lakes within the PPR over three years 

to determine: 1) their annual metabolic rate and whether they were net heterotrophic or 

autotrophic, 2) if the Chl and DOC thresholds can accurately predict the whole ecosystem 

and planktonic metabolic balance, and 3) whether the lake regime (clear or turbid) 

influences the metabolic balance of these shallow lakes. 
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Methods 

General Description 

This study was conducted in the southeastern portion of the North American 

Prairie Pothole Region. Nine shallow lakes in west-central Minnesota were monitored 

during the open water season from May 2006 through November 2008. All lakes were 

located within Waterfowl Production Areas, averaged 0.15 km
2
 (except one lake: Lake 

Christina 20 km
2
), and had a mean maximum depth of 2.1 m. Lakes with a mean total Chl 

concentration less than 22 or greater than 31 μg L
-1

 were classified in the clear and turbid 

regime, respectively (Zimmer et al. 2009). Over the course of the study, five lakes 

remained in the clear regime and four lakes were in the turbid regime (Table 1). 

 

Lake Sampling 

Water samples from each lake were taken every 2-3 weeks from May through 

August, and once during October and November. The water samples from each lake were 

collected from 10 cm below the lake surface, and placed on ice until filtration, which was 

completed a few hours after collection. The water samples were analyzed for Chl and 

DOC, and were also used in laboratory incubations to estimate planktonic metabolism 

(see description below). Measurements of Chl were obtained by filtering water samples 

through a Whatman GF/F glass fiber filter (nominal pore size 0.7 μm). After freezing, 

Chl was extracted in acetone for 24 h and was quantified using a Turner Designs TD-700 

fluorometer (Welschmeyer 1994). To estimate DOC, water samples were filtered through 

an ashed (450°C for 4 h) GF/F filter, and the filtrate was immediately preserved with HCl 
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to lower the pH below 2. A Shimadzu TOC-VCSH was used to estimate the 

concentration of DOC in the water samples. In order to determine the aromaticity of 

DOC by estimating the specific ultraviolet absorbance (SUVA), I divided the 

concentration of DOC (mg L
-1

) by the absorbance value at the 254 nm wavelength 

measured with a Cary 50 spectrophotometer, and multiplied the quotient by 100 (to 

reported m
-1

) (Clesceri et al. 1995, Weishaar et al. 2003). SUVA values were calculated 

for each lake from the June and July samplings in 2008. Additionally, the likely origin of 

DOC (allochthonous or autochthonous) was estimated using a fluorescence index (FI). FI 

was determined by dividing the fluorescence intensity at a 470 nm emission wavelength 

obtained from a fluorometer by the intensity at 540 nm (wavelengths adjusted from 

McKnight et al. 2001).  

 

Ecosystem Metabolism 

Continuous changes in dissolved oxygen reflect the metabolism (NEP), or the 

balance between GPP and R in the ecosystem (Odum 1956, Cole et al. 2000, Hanson et 

al. 2003, van de Bogert et al. 2007, Coloso et al. 2008). In order to determine NEP for the 

aquatic portion of the wetland ecosystem, I used a multi-probe sonde (Hydrolab DS5X or 

a Hydrolab Minisonde 4a) deployed in the mixing layer in the center of the lake to record 

temperature and dissolved oxygen every 15 minutes. The number of lakes monitored 

varied each year. Over the sampling period from 2006 to 2008, one turbid and one clear 

lake (Mavis East and Mavis West) were continuously monitored using a Hydrolab DS5X. 

These lakes served as the best contrast between a clear and turbid regime as both have 
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similar morphometry and average depth, and they are located less than 100 meters away 

from each other, which minimizes any differences in localized weather. These two lakes 

will be referred to as the “intensively monitored” lakes throughout the remainder of this 

manuscript. During 2007 all nine lakes were monitored; besides the intensively 

monitored lakes, three additional sondes (two Hydrolab DS5X and one Hydrolab 

Minisonde 4a) were rotated between the other 7 lakes, and deployed at 2-week intervals. 

In 2008 a total of four lakes were monitored; besides the intensively monitored lakes, one 

additional sonde (Hydrolab Minisonde 4a) was alternately deployed for 2-week intervals 

between two other lakes (one clear: Pisa and one turbid: Bore). Data were collected from 

all sondes every 2-3 weeks, and during the collection times the sondes were recalibrated 

in the field following Hydrolab recommendations, using oxygen-saturated water and the 

altitude-corrected barometric pressure at each site. 

Wind turbulence influences the boundary layer depth over the lake, and 

consequently the oxygen flux between the lake and the atmosphere, which has 

implications for the dissolved oxygen concentration within the lake and the calculated 

NEP (Stigebrandt 1991). Therefore, wind speed was measured at each lake at the same 

time increments as the sonde measurements. At the two intensively monitored lakes, I 

used an Onset HOBO Wind Speed and Direction Sensor with a HOBO Micro Station 

Data Logger to measure wind speed 1.5 m above lake level on the shoreline. I used a 

Brunton ADC Summit (which was bound to a wind vane, and secured on top of an 

aluminum extension pole) to monitor wind speed at the other seven lakes approximately 

1 m directly above the center of the lake. All anemometers were calibrated against each 
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other to minimize differences. When the wind data were unavailable at a specific lake 

due to equipment malfunctions, wind speed measurements from the Fergus Falls 

Municipal airport (40 km away, on average) were used in the analyses to calculate NEP. 

In order to account for any differences between the two types of wind speed readings 

(lake-specific or Fergus Falls airport), the wind speed measurements from the airport 

were compared to those taken at the exact time at an intensively monitored lake. After 

comparing 457 simultaneous readings, it was determined that the airport readings were 

1.7 ± 1.5 (SD) times higher than the wind speed readings from the lake, and were 

therefore corrected for this overestimate. I compared metabolic rates determined using 

wind speed data from the Fergus Falls airport data and the lake-specific wind data 

(Morrison Lake, 10 d between 2 Jun 07 and 1 Jul 07). The metabolic estimates using the 

local airport wind data underestimated GPP and NEP rates by a mean of 0.8% and 3.6%, 

respectively, and overestimated R by 7.0%. I applied these adjustments to the days where 

the local airport wind data were used for all lakes, and found that it did not change the 

overall direction of the metabolism (net heterotrophic or autotrophic) for any lake. 

NEP was calculated following the equations for site-specific metabolism 

described in van de Bogert et al. (2007) and Coloso et al. (2008). Briefly, the diel changes 

in dissolved oxygen reflect the balance between GPP and R, and these changes in oxygen 

recorded from the sondes were used in correspondence with wind speed and lake mixing 

depth to predict daily GPP and R. Mixing depth was determined from the lake depth that 

had the maximum temperature change throughout the water column (Hutchinson 1957). 

Temperature profiles were only taken in 2008, so the mixing depths for each lake were 
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assumed to be similar 2006 and 2007. On most dates in most lakes the mixing depth was 

the entire water column of the lake. Because the oxygen concentration in the lake is a 

function of not only biological, but physical influences, the exchange of oxygen between 

the lake and the atmosphere was also calculated based on wind speed and water 

temperature. I assumed the same exponent for the wind profile power relationship of 

0.143 used in van de Bogert et al. (2007). The gas transfer coefficient was predicted using 

the gas piston velocity k600, which is essentially the water depth that is in equilibrium 

with the atmosphere for a gas over a given time period at a given temperature (Cole and 

Caraco 1998). The Schmidt number was also used in calculating the gas transfer 

coefficient, and was dependent upon water temperature (Wanninkhof 1992). Nighttime R 

was calculated as the oxygen consumption one hour after sunset and one hour before 

sunrise, and nighttime R was assumed to be equivalent to daytime R (this assumption 

does not affect overall NEP estimates, Cole et al. 2000). Since GPP represents oxygen 

production and R represents oxygen consumption, GPP and R are reported as positive 

and negative values, respectively. After accounting for the physical exchange of oxygen 

between the lake and the atmosphere, the change in oxygen content in the lake from 

sunrise to sunset was qualified as NEP, or the sum of GPP and R. GPP was estimated 

indirectly by subtracting the negative R from NEP (NEP = GPP + R, or GPP = NEP – R).  

It was assumed that dissolved oxygen input from groundwater was negligible, and 

therefore was not included in the calculations. Assuming a high groundwater input 

estimate of 57 µM O2 s
-1 

(Rosenberry et al. 2000), a similar concentration of oxygen in 

the groundwater compared to the lake (0.2 mM, Kohfahl et al. 2009, our lakes 0.25 to 
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0.32 mM O2), and an average lake volume of 225,000 m
3
, the input from the groundwater 

on a daily basis would only comprise of 1.7% of the total oxygen content of the lake. 

 

Planktonic Metabolism 

 Because the Chl and DOC thresholds were developed for planktonic 

communities, light and dark bottle incubations were completed to estimate planktonic 

GPP, R, and net production in order to test the predictability of the thresholds on both the 

planktonic community and the whole ecosystem metabolism. On each sampling date, 

water samples from the center of each lake were collected and stored in 0.5 L amber 

Nalgene HDPE bottles at lake temperature void of headspace. Because the samples were 

analyzed for planktonic production in a laboratory setting, it took approximately two days 

to get the samples back to the lab and prepared for the incubation. In the laboratory, the 

water samples were used to fill 15 ashed 7 mL clear glass scintillation vials for the bottle 

incubations. Three of the 15 vials we used to determine the initial concentration of 

oxygen, and were immediately fixed with 60 µl of 1% mercuric chloride to halt any 

biological activity and preserve the initial concentration of dissolved oxygen. Next, 

triplicate vials were incubated at low, medium, and high light levels (approximately 10, 

100, and 220 µE m
-2

 s
-1

, respectively) to estimate planktonic production, and a set of 

triplicate vials were incubated in the dark to measure planktonic respiration. All vials 

(initial, light, and dark) were incubated for approximately 1 d at the temperature of the 

lake at the time the water samples were taken, and following the end of the incubations 

the oxygen content of each vial was estimated using a membrane inlet mass spectrometer 
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(MIMS) (Cory et al. 2009). This procedure allowed for highly accurate measurements of 

dissolved oxygen in water (Kana et al. 1994). For each light level, hourly production and 

respiration rates were calculated by dividing the difference between the initial and final 

concentration of oxygen content by the incubation period. The planktonic GPP was 

estimated by subtracting the negative respiration rates from the net production rates.   

 In order to estimate the planktonic GPP within the lake, the production estimates 

from the vial incubations were extrapolated to the entire lake using the light profiles and 

production-irradiance (PI) curves. First the production rates from the vial incubations 

were plotted against their specific incubated light levels to yield a logarithmic equation 

specific to a given lake on a given day. PAR (photosynthetically active radiation) was 

measured at 0.5 m increments in each lake on the same date on which the water samples 

were collected for the bottle incubations. Using the light extinction coefficient and 

logarithmic production curves, primary production was calculated at each 0.5 m 

increment. Primary production was estimated (mmol O2 m
-3

 hr
-1

) as the average between 

the top and bottom of each 0.5 m layer, and was then multiplied by the layer depth to 

yield the rate of mmol O2 m
-2

 hr
-1

. All production rates for each 0.5 m layer were 

summed together for the entire lake, and then multiplied by daylength (hr) to convert to a 

daily rate (mmol O2 m
-2

 d
-1

). I assumed respiration was the same at all depths, and the 

changes in oxygen in the dark bottle incubations were multiplied by the mixing depth and 

24 hrs to yield a daily respiration consumption rate (mmol O2 m
-2

 d
-1

). 
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Statistical Analysis 

When estimating the metabolic rates in all lakes using the sonde data, 

occasionally there were days when considerable noise in the oxygen and temperature diel 

patterns resulted in negative GPP and positive R. Because this noise was observed from 

the sondes in two separate lakes (the two intensively monitored lakes) during the same 

times at the same depth (Figure 1), I concluded that the noise was driven by something 

other than erratic changes in metabolism within the lake. The noise was most likely due 

to short-term microstratification patterns later in the summer that triggered slight changes 

in the mixing depth, which at times caused the sonde to record readings below the mixing 

depth. The model I used to estimate ecosystem metabolism assumes the sonde readings 

were taken within the lake’s mixing depth; therefore, the days with considerable noise 

and no detectable diel oxygen and temperature patterns were assumed to violate the 

model’s assumptions and were excluded from the analysis.    

A two-way nested ANOVA was used to detect any significant differences in GPP, 

R, and NEP between lake regimes, and to test if there was any influence of year and time 

of year on the metabolic rates. Lakes were nested within lake regime (clear or turbid), 

and were treated as random variables. Because metabolic rates changed throughout the 

growing season, daily metabolic rates were blocked into to two-week intervals in order to 

test the difference in metabolism between the clear and turbid regimes, and to test the 

influence of time of year on GPP, R, and NEP. Any p-value equal to or below an α value 

of 0.05 considered as significant. 
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I used regression analyses to assess the relationship between annual averages Chl, 

GPP and NEP, and DOC, R and NEP, using whole-ecosystem and planktonic metabolic 

estimates. For the following discussion, gross primary production, respiration, and net 

ecosystem production for the entire lake (as estimated using the data collected from the 

sondes) are referred to as GPPE, RE, and NEPE, respectively. Similarly, GPPP, RP, and 

NEPP signify gross primary production, respiration, and net production of the plankton 

community (estimated from bottle incubations). I address the relationship between 

plankton and whole-lake metabolism versus Chl and DOC by splitting the analysis using 

all lakes, and the clear and turbid lakes separately. 

 

Results  

 For all lakes, the open-water seasonal means (May to November) for GPPE ranged 

from 143 to 800 mmol O2 m
-2

 d
-1

, with a grand mean of 323 mmol O2 m
-2

 d
-1

 (Table 1). 

The open-water seasonal mean RE rates ranged from -139 to -736, with an average of -

324 mmol O2 m
-2

 d
-1

. The open-water seasonal mean of the NEPE rates ranged from -180 

to 76, with an average of -4 mmol O2 m
-2

 d
-1

 (Table 1). The metabolic rate for some lakes 

depended on the season, and therefore the open-water seasonal means are somewhat 

biased depending on when the lakes were monitored (some monitored May through 

November, others only during one or two months during the summer). Therefore, I also 

report the minimum, maximum, and median values of all daily metabolic estimates for all 

the lakes. GPPE ranged from 4 to 1315 mmol O2 m
-2

 d
-1

, and had a median value of 246 

mmol O2 m
-2

 d
-1

. The minimum and maximum values for RE were -1 and -1186 mmol O2 
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m
-2

 d
-1

, respectively, with a median value of -260 mmol O2 m
-2

 d
-1

. Finally, NEPE ranged 

from -487 to 483 mmol O2 m
-2

 d
-1

, with a median value of -16 mmol O2 m
-2

 d
-1

.  

The lakes varied in planktonic Chl content from 2 to 207 µg L
-1

, with a mean of 

11 ± 7.9 (SD) µg of Chl L
-1 

for clear lakes and 109 ± 72.7 µg of Chl L
-1 

for turbid lakes 

(Table 1). The annual average of Chl did not correlate significantly with annual GPPP, 

GPPE, or NEPP when all lakes were considered together, or when the clear and turbid 

regimes were considered separately (all p > 0.05) (Figure 2a-c). In contrast, NEPE had a 

significant negative correlation with Chl when all lakes were considered (p = 0.011), and 

the correlation was strongest in the turbid lakes (p = 0.032) (Figure 2d). The threshold of 

17-20 µg Chl L
-1

 (del Giorgio and Peters 1993) did not accurately predict whether lake 

metabolism was autotrophic or heterotrophic for either the planktonic community or the 

whole ecosystem (Figure 2b,d). 

The mean open-water annual values (May through November) of DOC for each 

lake ranged from 8.4 to 26.4 mg L
-1

, with clear and turbid lakes having a mean of 14.0 ± 

2.5 (SD) and 18.1 ± 4.5 (SD) mg DOC L
-1

, respectively (Table 1). There was no 

significant correlation between DOC and RP, RE, or NEPP when all lakes were considered 

together, or when the clear and turbid regimes were considered separately (all p > 0.05) 

(Figure 3a-c). Although DOC did not significantly correlate with NEPE when the clear or 

turbid regimes were considered separately (p = 0.514 and 0.125, respectively), DOC did 

have a significant negative relationship with NEPE when all lakes were considered (p = 

0.032) (Figure 3d). Although only one lake had mean DOC concentration within the 4-10 

mg DOC L
-1

 threshold (Prairie et al. 2002, Hanson et al. 2003) and no lakes had a mean 
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DOC concentration below the threshold, some lakes were net autotrophic above the 

threshold, and consequently the DOC threshold of 4-10 mg DOC L
-1

 was not useful in 

predicting the direction of metabolism for either the planktonic community or whole 

ecosystem (Figure 3b,d). 

GPP was significantly, negatively correlated with R in both the clear and the 

turbid lakes (all p < 0.05) (note that R is presented as a negative rate, so the absolute 

values of these processes were positively related; Figure 4). As GPP increased from 6 to 

730 mmol O2 m
-2

 d
-1

 (clear lakes) and 4 to 1315 mmol O2 m
-2

 d
-1

 (turbid lakes), R 

decreased from -5 to -730 mmol O2 m
-2

 d
-1

 (clear lakes) and -1 to -1186 mmol O2 m
-2

 d
-1

 

(turbid lakes).  

NEPE did not significantly differ between clear and turbid lakes, while GPPE and 

RE were significantly different. When considering all lakes within each year, GPPE was 

significantly greater in the turbid lakes in 2006 and 2008 (p = 0.0328 and p < 0.0001), 

and RE was significantly higher in the turbid lakes than in the clear lakes during all three 

years (2006: p = 0.0011; 2007: p = 0.006; 2008: p < 0.0001) (Figure 5a,b). NEPE was not 

significantly different between regimes during any year when considering either all of the 

lakes together, or just the two intensively monitored lakes (all p > 0.05) (Figure 5c,d).  

GPP and R varied over time in the clear and turbid lakes, and some of this 

variation correlated with time of year. To show this, I present the change in the metabolic 

rates during 2007 for the intensively monitored lakes (Figure 6). When including the 

daily metabolic rates of all nine lakes, I found that GPPE and RE significantly correlated 

with season (p = 0.0027 and p = 0.0047, respectively), however NEPE did not (p > 0.05). 
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In the turbid lakes, GPPE and RE had a significant correlation with the time of year (p = 

0.001 and p = 0.005, respectively). GPPE and RE were low at the beginning of the 

summer (June), and increased towards the onset of fall (September), but were the lowest 

during October and November (however there was no correlation between daily 

temperature, GPP, and R).  In contrast, GPPE, RE, and NEPE did not correlate with time 

of year in the clear lakes (all p > 0.05), as these rates were fairly constant within a year 

compared to the metabolism in the turbid lakes.  

Metabolism of the clear and turbid lakes fluctuated between years as well. When 

all lakes were considered in the analysis, GPPE, RE, and NEPE significantly correlated 

with year (p < 0.0001, p = 0.0047, and p = 0.0003, respectively) (Figure 5a-c). 

Individually, GPPE and RE correlated with year in the clear lakes, (p < 0.0001 and p = 

0.0005, respectively), while NEP did not correlate with year (p > 0.05). Both GPPE and 

RE were the highest in 2006, and were the lowest in 2008. In contrast to the clear lakes, 

GPPE and RE were not correlated with year in the turbid lakes (all p > 0.05), but NEPE 

significantly correlated with year (p = 0.0018) (Figure 5a-c). In the intensively monitored 

lakes, NEPE significantly correlated with year (p = 0.0143), as the values decreased from 

2006 to 2008 (Figure 5d). 

 

Discussion 

Planktonic Chl and DOC were poor predictors of ecosystem metabolism because 

benthic processes dominate these fluxes in such shallow ecosystems. The metabolic 

balance in these highly productive lakes was very close to neutrality, and did not vary in 
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any significant way with lake regime. Finally, the interannual variability in the metabolic 

rates of the shallow lakes was likely due to differences in climate in different years.  

 

The use of oxygen to estimate ecosystem metabolism 

Using changes in dissolved oxygen to infer lake metabolism, i.e., carbon fixation 

and respiration, is a commonly used method (Cole et al. 2000, Hanson et al. 2003, van de 

Bogert et al. 2007, Coloso et al. 2008), but can potentially underestimate production in 

anaerobic environments where anoxygenic inorganic carbon fixation can occur. In these 

lakes, it was highly likely that anoxygenic production seldom occurred during our 

sampling periods because all of the lakes were hypoxic (< 2 mg O2 L
-1

) only 2.7% of the 

time (on average), usually during the night. Because these lakes were rarely hypoxic 

while receiving sunlight, and assuming that anoxygenic photolithotrophs and 

chemolithotrophs together contributed only 0.5 to 1% of the total inorganic carbon fixed 

by aerobic primary producers (global estimate, Raven 2009), I argue that using diel 

changes in oxygen to indicate carbon fixation and respiration was appropriate in these 

prairie lakes.  

 

Planktonic measurements in benthic dominated systems  

Estimating planktonic metabolism via bottle incubations undoubtedly imposes a 

bias as the open-water community is unnaturally constrained within a bottle (Fogg and 

Calvario-Martinez 1989). Still, this method continues to be widely used to estimate 

pelagic production in lake ecosystems (Goulder 1969, del Giorgio and Peters 1994, 
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Carignan et al. 2000, Anderson and Brunberg 2006, Blindow et al. 2006, Lauster et al. 

2006). In 2006, I completed similar incubations in 60 ml bottles (versus the 7 ml bottles 

presented here) to estimate pelagic metabolism. The metabolic rates obtained from the 60 

ml bottles were similar to rates obtained from the incubations in the 7 ml vials, all of 

which were only run for approximately 24 hours. Therefore, the 7 ml bottles I used to 

estimate pelagic metabolism should have the same bias included in many other studies 

(Goulder 1969, del Giorgio and Peters 1994, Carignan et al. 2000, Anderson and 

Brunberg 2006, Blindow et al. 2006, Lauster et al. 2006). 

I did not observe a significant correlation between Chl and GPPP or GPPE when 

all lakes were considered, or when the clear and turbid lakes were analyzed separately. 

This result was not surprising for the lakes in the clear regime because Chl only 

represents the planktonic primary producers in the lakes, while submersed macrophytes 

and macroalgae instead dominate the clear lakes (Scheffer et al. 1993). In contrast to our 

expectations, however, there was no significant correlation between Chl and GPPP or 

GPPE for the turbid lakes either. The lack of correlation between the planktonic primary 

producer biomass and production rates in the phytoplankton-dominated lakes suggests the 

phytoplankton may have been competing for some requirement (such as light), and/or 

there may be more benthic primary production than expected even in these lakes. The 

concentrations of Chl observed in the turbid lakes matched those observed in similar 

lakes where a high concentration of Chl in the water column (indicating high 

concentration of phytoplankton) caused self-shading which reduced overall planktonic 

photosynthetic rates within the mixing layer (Blindow et al. 2006). On average, 48% and 
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13% of the lake depth was excluded from the euphotic zone in the turbid and clear lakes, 

respectively. In comparison to the lakes in the clear regime, a smaller volume of water in 

the turbid lakes had sufficient light to support primary production. Although GPPE, and 

RE did not correlate with Chl (p = 0.781 and 0.816, respectively), the smaller lake volume 

for GPP and larger lake volume for R in the turbid lakes may have been enough to affect 

the balance between GPP and R, thus leading to a more negative NEPE at higher levels of 

Chl (Figure 2d). In summary, I did not observe a significant correlation between Chl and 

GPPP and GPPE due to the omission of benthic primary producers in the clear, 

macrophyte-dominated lakes and self-shading in the turbid, phytoplankton-dominated 

lakes. These reasons justify why the threshold of 17-20 µg Chl L
-1

 (del Giorgio and 

Peters 1993) was not useful in predicting whether the plankton or ecosystem metabolic 

rate was either net autotrophic or heterotrophic.  

 DOC also was not a useful predictor of metabolism and did not vary with R or 

NEP, most likely because the DOC measured from the surface waters was not utilized at 

the same time scale in which metabolism was measured. There was no significant 

correlation between DOC and RP or RE when all lakes were included in the analysis, or 

when the clear and turbid lakes were considered separately. This lack of  relationship is 

common in shallow lakes where greater concentrations of colored DOC inhibited primary 

production through shading more than it enhanced R (via microbial mineralization) (del 

Giorgio and Peters 1994). Still, this was not the case in these prairie lakes because the 

DOC was only slightly aromatic (average SUVA = 1.9, Weishaar et al. 2003), and DOC 

and GPPE were not correlated in any way (p = 0.685). Furthermore , the metabolism of 
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these lakes should be less dominated by terrestrial organic matter because GPP in these 

lakes was much higher than those observed for other shallow lakes where DOC positively 

correlated with R (this study GPP mean of 326 mmol O2 m
-2

 d
-1

 versus 72 mmol O2 m
-2

 d
-

1
 of Hanson et al. 2003) (del Giorgio & Peters 1993). Given the close association with 

GPP and R, and the fact that heterotrophic bacteria preferentially utilize autochthonous 

DOC over allochthonous DOC (Kritzberg et al. 2004), it is likely that R was fueled more 

by autochthonous DOC, allowing the terrestrial DOC to remain the largest portion of 

total DOC in the surface waters. The mean fluorescence index value of these lakes (1.40) 

supports this, as the DOC was characterized as mostly of terrestrial origin (Donahue et al. 

1998, Waiser & Robarts 2000, McKnight et al. 2001).  

I found no significant correlation between DOC and NEPP for all lakes or 

specifically the clear and turbid lakes, or between DOC and NEPE for the clear and turbid 

lakes separately. Although I detected a significantly negative correlation between DOC 

and NEPE when all lakes were considered, its significance was driven by only one data 

point, and therefore it is doubtful that this negative relationship has much biological 

meaning. Overall DOC did not correlate with R or NEP, and was not useful in predicting 

the planktonic or ecosystem metabolism of these prairie lakes. The lack of correlation 

between DOC and metabolism is most likely explained by the short-term dependence of 

microbial respiration on autochthonous DOC, and not the total DOC pool, which contains 

a significant portion of allochthonous DOC.  
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The metabolic balance of prairie shallow lakes 

When comparing the metabolic rates between the plankton and ecosystem 

communities, it became clear that the benthic environment was an important player in the 

overall metabolism of these shallow lakes. On average, GPPP only accounted for 

approximately 22% of GPPE in the clear lakes, which supports the notion that most of the 

primary production was dominated by the benthic zone in the clear water lakes (Lauster 

et al. 2006). For all lakes, eighty percent of R occurred near or within the benthic zone 

(see RP vs RE), which explains why these ecosystems were net heterotrophic at high 

levels of Chl, while the plankton community was net autotrophic at the same Chl levels. 

Decomposition via microbes (and consequently respiration) can be constrained by surface 

availability, and therefore decomposition rates (and respiration) tend to be lower in open 

water regions where the plankton reside (Wetzel 1992). 

GPP and R were significantly, negatively correlated (Figure 4). This close 

association between GPP and R has been observed for planktonic metabolism of 

numerous other freshwater ecosystems (Carignan et al. 2000, Duarte and Augustí 1998, 

Duarte and Prairie 2005). Although there was a negative relationship, ecosystem 

respiration did not decrease proportionately with gross primary production in all lakes, as 

some lakes were slightly heterotrophic at low rates of primary production and autotrophic 

at high rates of production. This trend was similar to metabolic rates observed in many 

lakes around the world (del Giorgio and Peters 1993, del Giorgio et al. 1997, Duarte and 

Augustí 1998, Duarte and Prairie 2005). The negative intercept of these figures 

represented the base metabolism supported by allochthonous C sources (del Giorgio and 
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Peters 1994). I found that some lakes did not have a negative intercept (8Mile, Morrison, 

Murk), and naturally had the strongest coupling between GPP and R (slope ≈ 1), which 

suggests the metabolism of these lakes relied solely on autochthonous production at the 

time when these lakes were monitored.  

On average, lakes in the clear and turbid regime had a ratio of GPP:R of 1.36 and 

1.20, respectively, and these ratios did not significantly differ from each other (p = 0.455) 

(ratios are the inverse of the slopes in Figure 4). Generally GPP exceeded R, and 

therefore lakes in both the clear and turbid regimes had the potential for carbon export 

and/or accumulation (i.e. burial) (Cotner & Biddanda 2002), and this potential for C 

burial did not differ between regimes. It is interesting to note that the capability for C 

burial is high when only considering the balance between production and respiration, 

despite the potential for additional exogenous C input that may not be modified by 

metabolism but rather transferred directly to the sediments to accumulate over time. 

Although the C fixation rates were similar between the regimes, I did not measure 

production and respiration on an annual basis. I have some preliminary evidence that 

oxygen is depleted after ice-cover on a much faster basis in the clear regimes compared 

to the turbid regimes; therefore the environment of these regimes likely differs on an 

annual basis and should directly affect the accumulation of the net carbon fixed in these 

lakes. 

In comparison to other ecosystems, the shallow lakes of the Prairie Pothole 

Region have the potential to metabolize tremendous amounts of carbon. GPP estimates 

from these lakes exceeded similar measurements from shallow lakes in the northern 
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Wisconsin, the Upper Peninsula of Michigan, and the Everglades in Florida by three- to 

ten-fold (Hanson et al. 2003, van de Bogert et al. 2007, Coloso et al. 2008, Hagerthey et 

al. 2010). The magnitude of these differences in GPP was most likely due to 

discrepancies in primary producer biomass and/or type, and contribution of the littoral 

habitat to ecosystem metabolism (Lauster et al. 2006). The annual mean GPP rates 

ranged from 143 to 800 mmol O2 m
-2

 d
-1

. If these rates are converted to carbon-based 

rates by assuming 1 mol of O2 produced equals 0.8 mol C fixed (given the close 

association between GPP and R in these prairie lakes), and conservatively multiplying the 

rate by the length of our sampling season (11 May to 2 Nov, or 175 days), I estimate that 

approximately 240-1345 g C m
-2

 yr
-1

 was fixed by the primary producers in these lakes. 

Among the lakes studied, the highest annual mean of carbon fixation was comparable to 

other production estimates for wetlands (1300 g C m
-2

 yr
-1

, Schlesinger 1997), and even 

exceeds production estimates of tropical forests (800 g C m
-2

 yr
-1

, Schlesinger 1997). If 

the highest carbon fixation rate is scaled up to the total area of shallow lakes occupy in 

the Prairie Pothole Region (207,000 km
2
, Euliss et al. 2006), lakes in this region are 

capable of fixing 50-280 Tg C on an annual basis, which is comparable to the production 

rate of the entire Great Lakes Basin (GLB) (268 Tg C yr
-1

; GLB covers 774,174 km
2
, and 

the lakes occupy ~258,000 km
2
; Karim et al. 2008). If I assume that 28% of the carbon 

fixed was deposited to the sediment and not respired (using the mean of the reported 

GPP:R ratios for the clear and turbid regimes), and that 48% of that carbon was 

permanently buried over time (Sobek et al. 2009), I estimate that the lakes in the PPR 

accumulated 7-38 Tg C yr
-1

 based on primary production rates alone. 
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Comparing metabolism of the clear and turbid water regimes 

GPP was high in comparison to other ecosystems, and the rates generally differed 

between the clear and turbid regimes. GPP was significantly higher in the turbid lakes 

than in the clear lakes in 2006 and 2008 (Figure 5a), but not in 2007. The higher GPP 

rates in the turbid lakes in part were due to the longer growing season of phytoplankton in 

comparison to the macrophytes (Goulder 1969, Mitchell 1989), which begin to senesce 

towards the beginning of September. GPP in the turbid lakes was quite high at the onset 

of summer and remained high through the end of September, whereas the GPP in the 

clear lakes was the highest only from July through early September (Figure 6), which 

matches the growing season for most submerged macrophytes (Wetzel 2001). Previous 

studies suggest that phytoplankton have higher production rates than macrophytes 

because they can obtain nutrients more easily from the water column, and they have a 

faster rate of nutrient cycling (Mitchell 1989). Although the turbid lakes had more than 

four times as much total phosphorus in the water column than the clear lakes, only 15% 

and 3% (annual mean) of the total phosphorus was soluble reactive phosphorus in the 

clear and turbid lakes, respectively. The low concentration of bioavailable phosphorus in 

the turbid lakes suggests the phytoplankton were utilizing the nutrients within the water 

column to a greater degree than the macrophytes.  

Similar to GPP, R was significantly higher in the turbid lakes during all three 

years (Figure 5b). The lifespan of an algal cell in comparison to a submerged aquatic 

plant is much shorter, and in order to sustain production rates that exceed the rates in the 

clear-water lakes, the phytoplankton populations must be turning over rapidly and 
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therefore producing a large quantity of organic matter. Furthermore, phytoplankton cells 

are also easier to mineralize relative to aquatic plants, because they do not contain 

complex compounds such as lignin and cellulose that are difficult to breakdown and 

mineralize (Enríquez et al. 1993). This large, continuous supply of decaying algae 

throughout the open water season was likely supporting the high rates of respiration.  

Surprisingly, the dominant primary producer of the lakes did not influence the 

overall metabolism of the lakes (Figure 5c,d). Both the clear and turbid lakes were net 

autotrophic in 2006, and both regimes were net heterotrophic in 2007 and 2008 (Figure 

5c); the same pattern occurred in the intensively monitored lakes (Figure 5d). Since these 

lakes are so shallow, their physical and chemical environment can change rapidly 

depending on climatic and weather conditions. In order to see if any differences in 

weather patterns might help explain differences in NEP, I analyzed local air temperature, 

solar radiation, wind speed, rainfall and snowfall during the winter months prior to the 

open water season and the summer months in 2006, 2007, and 2008. The only significant 

difference among years for these variables was the daily air temperature during the open 

water season (April to November). Specifically, temperatures were significantly warmer 

in 2006 and 2007 compared to the temperatures in 2008 (p = 0.007 and 0.08, 

respectively) (2006: 15.0±9.5°C, 2007: 15.6±10.4°C, 2008: 13.7±10.7°C). Additionally, 

the daily temperatures during the winter prior to the open water season of 2006 and 2007 

were also significantly warmer than 2008 (p = 0.001 and < 0.0001, respectively) (2006: -

4.6±10.0°C, 2007: -2.3±9.8°C, 2008: -9.4±9.3°C). Over the course of this study, cooler 
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temperatures may have been enough to slow production and tip the balance between GPP 

and R to yield a more negative NEP (R>GPP).  

Because the metabolic rates of prairie lakes varied day by day and even between 

years, it is important to make continuous, whole-lake measurements throughout the 

season to properly characterize metabolism, instead of observing metabolic rates over a 

few days within one year (Hanson et al. 2003, Hagerthey et al. 2010). Furthermore, 

metabolism should be monitored year-round. For example, if respiration is lower in the 

macrophyte-dominated lakes during the winter, perhaps more carbon would accumulate 

within the lake over time. The biotic, chemical, and physical environment of these 

shallow lakes can fluctuate greatly in response to changes in weather. Our limited 

measurements were not enough to detect a correlation between metabolism and weather. 

Therefore, more investigation is needed to determine how weather or even climate 

influences carbon cycling and ultimately carbon burial in shallow prairie lakes. 

I did not observe hydrological variables that might be affected by weather or 

climate such as groundwater exchange, which in turn may have influenced lake 

metabolism. Still, I conclude that there was a local and/or regional mechanism that 

influenced metabolism because 1) the metabolism of the two intensively sampled lakes 

closely resembled the rates estimated for all nine lakes in 2007 and 2008, and 2) similar 

cycling and noise in oxygen and temperature patterns in two completely separate lakes of 

differing regimes were apparent throughout the sampling period. Together these 

observations suggest that lake regime did not play a strong role in predicting whether 
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prairie lakes were net heterotrophic or autotrophic during the open water season; rather, 

an overlying regional influence on local metabolism must exist.  
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Chapter 2: Factors Influencing Carbon Dioxide Flux in Prairie Pothole Shallow 

Lakes under Alternative Trophic Regimes  

 

 Small, shallow freshwater ecosystems such as wetlands and wetland lakes 

potentially function as a large source of carbon dioxide to the atmosphere because they 

are very productive, and can respire a high proportion of organic matter they receive from 

their terrestrial surroundings. To improve global carbon cycling models, it is important to 

estimate the carbon dioxide flux from multiple regions globally. The Prairie Pothole 

Region of North America contains 207,000 km
2
 of shallow, hard-water wetlands, and 

therefore serves as an important region to study carbon dioxide exchange. Wetland lakes 

in this region usually exist in either a clear, macrophyte-dominated regime, or a turbid, 

phytoplankton-dominated regime. Furthermore, these regimes have differing physical and 

chemical properties that could influence the carbon cycle. I investigated carbon dioxide 

exchange between the atmosphere and nine shallow lakes in the southeastern part of the 

Prairie Pothole Region over three years, and measured whole ecosystem gross primary 

production (GPP), respiration (R), pH, and dissolved organic carbon (DOC) to determine 

the best predictor of carbon dioxide exchange rates and direction. For all nine lakes, the 

annual carbon dioxide exchange varied from 53 mmol C m
-2

 d
-1

 influx to the lakes to 97 

mmol C m
-2

 d
-1

 efflux out of the lakes to the atmosphere, with an overall mean flux of 9.5 

mmol C m
-2

 d
-1

 from the lakes to the atmosphere. The magnitude and direction of annual 

net exchange varied interannually, but not with regime. Unlike previous studies, there 

was no positive correlation between pCO2 and DOC; however, pH was significantly 
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positively correlated with pCO2 and its exchange with the atmosphere in both the clear 

and turbid regimes. Although pH was strongly influenced by metabolism, CO2 flux did 

not significantly correlate with metabolism due to the high buffering capacity of these 

hard-water shallow lakes. Current paradigms predict that autotrophic lakes should be a 

CO2 sink and that heterotrophic lakes should be a CO2 source; however, that is not what I 

observed. Here I present evidence that hard-water, shallow lakes can be net heterotrophic 

yet function as a carbon sink, and alternatively emit CO2 to the atmosphere while they are 

net autotrophic. It is likely that climate and hydrologically driven geochemical factors 

play an as yet unappreciated role in CO2 exchange in these biologically dynamic 

wetlands through space and time. 

 

Introduction 

Freshwater ecosystems play an important role in global carbon cycling due to 

intensive carbon burial and exchange of carbon dioxide (CO2) with the atmosphere (Dean 

and Gorham 1998, Cole et al. 2007; Tranvik et al. 2009). The surface waters of most 

lakes and rivers worldwide are supersaturated with CO2, and therefore typically function 

as carbon sources to the atmosphere (Cole et al. 1994, Cole and Caraco 1998, Duarte and 

Agustí 1998, Hanson et al. 2004, Rantakari and Kortelainen 2005, Sobek et al. 2005, 

Kortelainen et al. 2006). Supersaturation of CO2 is partially due to the mineralization of 

allochthonous carbon, which can be transported to lakes via groundwater input or surface 

runoff during precipitation events. In comparison to larger lake ecosystems, wetland 

lakes typically have a high concentration and evasion of CO2 (Kelly et al. 2001, Roehm 
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et al. 2009). Because a high percentage of their volume is associated with the perimeter 

of the lake, organic and inorganic carbon inputs from the terrestrial surroundings or the 

lake sediments are readily transported into surface waters where they can be mineralized, 

precipitated and/or dispersed into the atmosphere as free CO2. Quantitatively, most of the 

lakes of the world are very small (Downing et al. 2006), yet we know very little about the 

biogeochemical controls of CO2 exchange in these small lakes globally. 

Predicting the partial pressure of CO2 (pCO2) within lake waters and the flux 

between the lake and the atmosphere is often difficult, as both are influenced by 

biological, chemical, and physical processes which can fluctuate on very short time 

scales. The flux of CO2 between the lake and the atmosphere depends on 1) the difference 

between the CO2 concentration of each fluid, and 2) the physical controls affecting 

exchange rates (i.e. temperature and wind speed; Sobek et al. 2005, Cole and Caraco 

1998). pCO2 in the lake is influenced by the metabolic activity of the lake (both uptake of 

inorganic and mineralization of organic carbon), the direct transport of both organic and 

inorganic carbon via groundwater input and surface runoff (Kling et al. 1991), and 

chemical reactions related to alkalinity (i.e. carbonate dissolution and precipitation, 

Finlay et al. 2009). Rainfall and snowfall events promote the movement of water through 

the landscape, which consequently transfers carbon subsidies (such as dissolved organic 

and inorganic carbon, DOC and DIC, respectively) from the watershed to the lake, where 

they could potentially be released into the atmosphere (del Giorgio et al. 1999, Pace and 

Prairie 2007). 
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Often in freshwaters DOC concentrations positively correlate with pCO2, and 

since DOC serves as a substrate for microbial respiration, numerous comprehensive 

studies have found that DOC is the most consistent predictor of pCO2 in lakes worldwide 

(Kelly et al. 2001, Hanson et al. 2004, Sobek et al. 2003, Sobek et al. 2005, Roehm et al. 

2009). Small lakes with short residence times tend to be high in DOC due to the high 

input from terrestrial ecosystems, and the low volume:perimeter ratio also favors 

allochthonous input (Roehm et al. 2009). Furthermore, some lakes experience a peak in 

CO2 immediately following precipitation events because the rainfall transports CO2 and 

organic carbon from the catchment to the lake, which can boost microbial respiration 

(Rantakari and Kortelainen 2005, Roehm et al. 2009, Stets et al. 2009). Similar to DOC, 

pCO2 often correlates with the metabolism of a lake because the balance between gross 

primary production (GPP) and respiration (R) directly influences CO2 production (via R) 

and consumption (via GPP) (Yavitt 1997, Duarte and Prairie 2005). Lastly, hard-water 

lakes with high alkalinity have among the highest CO2 evasion estimates reported 

because chemical reactions involving carbon dioxide, bicarbonate, carbonate, water and 

calcium can cause a strong increase in pCO2 due to carbonate precipitation under 

saturating conditions (pH > 8.5) (McConnaughey et al. 1994, Finlay et al. 2009, Stets et 

al. 2009). 

The Prairie Pothole Region (PPR) of North America contains 207,000 km
2
 of 

small, hard-water wetlands (Euliss et al. 2006), and serves as an ideal location to 

investigate CO2 exchange because the lakes in this region could support a substantially 

large flux of CO2 to the atmosphere due to their size, total area, and biological 



 

 43 

characteristics. The PPR landscape and its wetlands are rich in calcium and magnesium 

carbonates, which influence the level of alkalinity in these lakes. These cations can 

precipitate with carbonates, and cause the release of CO2, depending on the pH 

(McConnaughey et al. 1994, Finlay et al. 2009). Furthermore, many wetlands within the 

landscape of the PPR receive groundwater discharge, which in turn depends on the 

frequency and intensity of precipitation events (Winter and Rosenberry 1995). These 

lakes also have high concentrations of DOC which typically favors high rates of CO2 

production (Kelly et al. 2001, Prairie et al. 2002, Sobek et al. 2003, Hanson et al. 2004, 

Sobek et al. 2005, Roehm et al. 2009). Lastly, the lakes in the PPR are productive (up to 

1680 g C m
-2

 yr
-1

, Chapter 1), and tend to exist in two relatively stable regimes: one 

regime that is in the clear-water state and dominated by submerged macrophytes and 

macroalgae (hereafter clear regime) and the other in the turbid-water state dominated by 

phytoplankton and microalgae (hereafter turbid regime) (Scheffer et al. 1993, Zimmer et 

al. 2001). These two regimes could potentially influence pCO2 and its exchange because 

CO2 evasion often negatively correlates with primary production rates (Yavitt 1997, 

Huttunen et al. 2003, Kortelainen et al. 2006), which also can differ between 

macrophytes and phytoplankton (Goulder 1969, Rørslett et al. 1986, Mitchell 1989, 

Blindow et al. 2006). Most studies that have evaluated the relationship between the 

metabolic activity of the lake and pCO2 have not examined lakes with a large range of 

productivity (Huttunen et al. 2003, Finlay et al. 2009), or have included the influence on 

metabolism from the benthic community (Kelly et al. 2001, Finlay et al. 2009). The 

contribution of the benthic community to the whole ecosystem metabolism in PPR 
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wetlands is high (approximately 82% of respiration, and 61% gross primary production, 

Chapter 1) because they are so shallow. Furthermore, their production rates are 

substantial in comparison to larger freshwater ecosystems (Lake Superior ~200 to 350 mg 

C m
-2

 d
-1

 [Sterner 2010], versus up to 9600 mg C m
-2

 d
-1

 in PPR lakes, Chapter 1). 

Although there has been extensive research on CO2 exchange and its predictors in 

wetlands in the boreal regions of North America and across South America (del Giorgio 

and Peters 1994, Finlay et al. 2009, Kosten et al. 2010), comprehensive estimates of CO2 

exchange and its predictors in the North American prairie regions, and particularly in the 

shallow wetland lakes that are most common in these systems, are lacking. 

In order to investigate the impact of small, hard-water prairie wetlands on the 

regional carbon cycle, I estimated the exchange of CO2 between the lake and the 

atmosphere in nine lakes in the PPR. I determined whether pCO2 and its exchange 

between the lake and the atmosphere were related to either biological (i.e. metabolism) or 

physical-chemical factors (pH; hydrological processes delivering carbon to the lake). If 

controlled by biological factors, I would expect pCO2 and its exchange to differ between 

the clear and turbid regimes, given a difference in the balance between GPP and R 

between the regimes (Chapter 1). For example, CO2 evasion may be lower in clear lakes 

if primary production exceeds respiration rates. If pCO2 and its exchange are not 

influenced by lake regime, I would expect physical-chemical factors such as pH, climate 

and/or hydrology to be the most important factors in determining CO2 exchange in these 

PPR shallow lakes.  
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Methods 

General Description 

This study was conducted in the southeastern portion of the Prairie Pothole 

Region. Nine shallow lakes in west-central Minnesota were monitored and sampled from 

May 2006 through August 2008. All lakes were located within Waterfowl Production 

Areas, averaged 0.15 km
2
 in surface area (excluding one lake: Lake Christina 20 km

2
), 

and had a mean maximum depth of 2.1 meters. Lakes with a mean of < 22 or > 31 μg Chl 

L
-1

 were classified in the clear and turbid regime, respectively (Zimmer et al. 2009). Over 

the course of the study, five lakes were in the clear regime, four lakes were in the turbid 

regime (Table 1). 

 

Variables for the Estimation of pCO2 and Related Factors 

pCO2 can be measured directly using the headspace technique (Cole and Caraco 

1998), or indirectly using measurements of water temperature, pH, and dissolved 

inorganic carbon (DIC). I used the latter method to estimate pCO2 within the lakes over 

time. I recorded lake temperature and pH every 15 minutes using multi-probe sondes 

(Hydrolab DS5X or Hydrolab Minisonde 4a) deployed in the mixing layer in the center 

of each lake. Over the sampling period from 2006 to 2008, one turbid and one clear lake 

were continuously monitored using a Hydrolab DS5X, and the other seven lakes were 

monitored less frequently (described below). The two lakes that were monitored 

continuously (Mavis East and Mavis West) served as the best contrast between a clear 

and turbid regime as both have similar morphometry, average depth, and they are located 
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less than 100 meters away from each other. These two lakes will be referred to as the 

“intensively monitored” lakes throughout the remainder of this manuscript. During 2007, 

three additional sondes (two Hydrolab DS5X and one Hydrolab Minisonde 4a) were 

rotated between the other seven lakes; the sondes were deployed in each of these lakes 

for two-week intervals during three separate periods. In addition to the intensively 

monitored lakes, one additional sonde (Hydrolab Minisonde 4a) was alternately deployed 

for two week intervals between another clear and turbid lake in 2008. Over all years, the 

data were collected from the sondes every 2-3 weeks during the ice-free season and 

recalibrated in the field following Hydrolab recommendations.  

Wind turbulence influences the exchange of CO2 between the wetland and the 

atmosphere (Cole and Caraco 1998). Therefore, wind speed was measured at the same 

time increments as the sonde measurements. An Onset HOBO Wind Speed and Direction 

Sensor with a HOBO Micro Station Data Logger was used to measure wind speed at the 

two intensively monitored lakes 1.5 meters above lake level on the shoreline. Also, a 

Brunton ADC Summit (which was bound to a wind vane, and secured on top of an 

aluminum extension pole) was used to monitor wind speed at the other seven lakes 

approximately 1 m directly above the center of the lake. All anemometers were calibrated 

against each other to account for any differences. When the wind data were unavailable at 

a specific lake due to equipment malfunctions, wind speed measurements from the 

Fergus Falls Municipal Airport in MN (on average 40 km from the lakes) were used to 

calculate NEP. The wind speed measurements from the airport were compared to those 

taken at the exact time at an intensively monitored lake in order to account for any 
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differences. Comparing 457 simultaneous readings revealed that the airport readings were 

1.7 ± 1.5 (SD) times higher than the wind speed readings from the lake, on average, and 

were corrected appropriately. Daily precipitation estimates were also obtained from the 

Fergus Falls Municipal Airport.  

Water samples were taken every 2-3 weeks from May through August. The water 

samples from each lake were collected from 0.2 m below the lake surface, and placed on 

ice until filtration within a few hours after collection. The water samples were analyzed 

for DIC and DOC concentrations, cation concentrations, and alkalinity. Samples for 

DOC, DIC, and cation concentrations, were filtered through an ashed (450°C for 4 h) 

Whatman GF/F filters. For DIC, an ashed 7 mL scintillation vial was over-filled with 0.7 

µm filtrate void of headspace, sealed with Parafilm, and run within 24 hours on a 

Shimadzu TOC-Vcsh. During one sampling date whole water was analyzed for DIC, and 

it was determined that approximately 1% of the DIC was lost due to degassing of CO2. 

For DOC, the filtrate was immediately preserved with hydrochloric acid to lower the pH 

below 2. A Shimadzu TOC-Vcsh was used to estimate the concentration of DOC in the 

water samples. The concentrations of cations within the water were estimated from 

samples collected during April, July, and October of 2007 for the intensively sampled 

lakes, and during July for the other seven lakes. The cation concentrations were 

determined using inductively coupled plasma (ICP) atomic emission spectrometry, and 

were used to calculate water hardness, which is described below. The alkalinity of each 

lake was measured on each sampling date. Briefly, the water was collected in an amber 

HPVC bottle void of air, and was kept at lake temperature prior to analysis (analysis 
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typically occurred 2-3 days after collection). I used the Gran titration method, and titrated 

50-mL of the water sample beyond the equivalence point using 0.02 N H2SO4
-
 while 

constantly measuring the pH (Gran 1952). Also, at each sampling date, the air was 

sampled approximately 1 m above the lake using a nylon syringe. To determine the CO2 

concentration of the air, the sample was analyzed using a Shimadzu GC-14A gas 

chromatograph with thermal conductivity detection, a Poropak N column, and 645, 1025, 

and 10,000 ppm standards. The flux of CO2 based on global measurements of 

atmospheric carbon dioxide levels from Mauna Loa 

(http://www.esrl.noaa.gov/gmd/ccgg/trends/) was estimated. Finally, ecosystem 

metabolic rates of gross primary production, respiration, and net ecosystem production 

were made using continuous measurements of oxygen, temperature, and wind speed 

(Cole et al. 2000, Hanson et al. 2003, van de Bogert et al. 2007, Coloso et al. 2008). 

Refer to Chapter 1 (“Net Ecosystem Production in Prairie Pothole Shallow Lakes under 

Alternative Trophic Regimes”) for details. 

 

Calculating the Concentration and Exchange of pCO2 

The flux of CO2 between the atmosphere and the surface waters of the lake was 

calculated using the equation: 

 Flux = α k (PgasKh – [gas]sat) (1) 

where α is the chemical enhancement factor of CO2 gas exchange, k represents the gas 

transfer velocity, Pgas is the partial pressure of CO2 in the surface water, Kh is Henry’s 

constant for CO2 at a given temperature and salinity (Weiss 1974), and [gas]sat represents 
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the concentration of CO2 the surface water would have in equilibrium with the overlying 

atmosphere (Cole and Caraco 1998).  

 The chemical enhancement factor (α) is important especially in alkaline lakes and 

environments with low wind speed (i.e., 3-4 m s
-1

 on average) (Wanninkhof and Knox 

1996, Finlay et al. 2009). In lakes with a high pH, the flux of CO2 into the lake is 

enhanced due to free CO2 reacting directly with hydroxide to quickly form bicarbonate, 

rather than hydrating to form carbonic acid and subsequently bicarbonate. Given the 

chemical reactions: 

 CO2 + H2O ↔ H
+
 + HCO3

-
 ↔ H

+
 + CO3

2- 
(2) 

high pH favors conversion of the CO2 into carbonate, which may precipitate out 

depending on pH, ionic strength, and temperature. Therefore, at low wind speeds and 

high alkalinity, CO2 invasion rate into the lake increases. The enhancement factor is 

estimated using the Hoover and Berkshire model (1969) described in Wanninkof and 

Knox (1996): 

 α = T/[(T – 1) + tanh (Qz)/(Qz)] (3) 

where Q = (rT/D)
0.5

, r = r1 + r2 (Kw /aH), T = 1+(aH)
2
(K1K2 + K1aH)

-1
, and z = D/k. In 

these calculations, r1 is the first order rate constant for the reaction CO2 + H2O = H2CO3 

(0.025 s
-1

, Stumm and Morgan 1981), and r2 is the zero order rate constant for the 

reaction CO2 + OH
-
 = HCO3

-
 (7.6 x 10

4
 L mol

-1
 s

-1
, Johnson 1982). Kw is the apparent 

dissociation constant for water (10
-14

), aH is the activity coefficient for CO2 (0.91*10
-pH

, 

Stumm and Morgan 1981), D is the molecular diffusion coefficient for CO2 
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([0.61563+0.05316*TC]*0.00001), and K1 and K2 are the first and second apparent 

dissociation constants for carbonic acid which is based on temperature.  

The gas transfer velocity of CO2 (k) depends on wind speed, water temperature, 

and the salinity of the surface water (Liss and Merlivat 1986, MacIntyre et al. 1995, Cole 

and Caraco 1998), and is normalized to a Schmidt number of 600 (Wanninkof and Knox 

1996). The k for CO2 was calculated using the equation from Cole and Caraco (1998): 

 k600 = (2.07 + 0.215*µ10
1.7

)*(Sc/600)
n
  (4) 

where k600 is the standard gas transfer velocity in cm h
-1

, µ10 represents the wind velocity 

(m s
-1

) at 10 m above the lake surface, Sc denotes the Schmidt number, which is the 

kinematic viscosity divided by the diffusion coefficient of CO2 (Jähne et al. 1987, 

MacIntyre et al. 1995) and is based on the surface water temperature and salinity 

(MacIntyre et al. 1995). Finally, n represents the power relationship for the equation, and 

equals -0.67 when µ10 ≤ 3.6 m s
-1

 or -0.5 when µ10 > 3.6 m s
-1

 (Liss and Merlivat 1986). 

After a series of observations, the wind speed at 10 m above the lake surface has been 

found to be approximately 1.29 m s
-1

 faster than the wind speed 1 m above the lake; 

therefore the wind speed at 10 m (µ10) above the lake was estimated by multiplying the 

recorded wind speed measurements by a factor of 1.29 (Liss and Merlivat 1986). 

 I estimated aqueous CO2 from continuous pH readings and DIC measurements 

made every two weeks. Corrections were made for temperature, altitude and ionic 

strength (Kling et al. 1992, Cole and Caraco 1998).  

 [CO2 µM] = DIC (µM) * α0 (5) 
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α0 = (1 + K1/[H
+
] + K1K2/[H

+
]

2
)
-1

 and the dissociation constants for carbonic acid (K1 and 

K2) were calculated from pK values. The pK values were corrected for ionic strength (I) 

and equaled pk’. For example pK1’ = pK1 – (0.5 I  )/(1 + 1.4 I ) and pK2’ = pK2 – (2 

I )/(1 + 1.4 I ). Ionic strength (I) was calculated by 4*Hardness (M) – Alkalinity 

(equivalents L
-1

)/2 (Stumm and Morgan 1981). Hardness (M) was calculated as 2*Ca + 

2*Mg + Na (each in M units) (Stumm and Morgan 1981). 

The gas that should be saturated in the water based on the concentration of CO2 in 

the overlying atmosphere was measured using an air sample and multiplying it by 

Henry’s constant and corrected for elevation (Kling et al. 1992). 

 

Statistical Analysis 

 I used regression analysis to determine significant correlations between 1) DOC 

and R, R and pCO2, DOC and pCO2, 2) precipitation and DOC, R, and pCO2, 3) pH and 

pCO2, the chemical enhancement factor and CO2 flux, and 4) pCO2 and GPP, R, and 

NEP. All relationships with a p-value of <0.05 were considered significant correlations. I 

report the findings for all lakes from May to August within a given year. 

 

Results 

Due to sampling constraints, DIC and the content of Ca
2+

 and Mg
2+

 (to estimate 

hardness) could not be measured as frequently as temperature, pH, and wind speed. 

Therefore one value of DIC was assigned between the sampling intervals, and one 

concentration of Ca
2+

 and Mg
2+

 were used for all CO2 estimates. I used Morrison Lake as 
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an example to evaluate the sensitivity of the flux model to changes in DIC, Ca
2+

 and 

Mg
2+

. DIC rarely changed more than 4% over the course of 2-3 weeks in all of the lakes, 

and I observed that a 4% change in DIC resulted only in a 1% change in CO2 flux. 

Additionally, a 50% decrease and increase in hardness (to equal the minimum and 

maximum observed hardness, respectively) only resulted in a 1% decrease and increase 

in CO2 flux, respectively. Therefore, assuming that DIC or Ca
2+

 and Mg
2+

 did not change 

between sampling intervals likely had a very low impact on overall CO2 flux in these 

lakes. 

Due to the high pH environment of these lakes (average 8.7), only approximately 

3% of the total DIC was actually in the free CO2 form for all lakes during the study 

period. The lakes were considered hard-water lakes as they contained 16-70 mg L
-1

 of 

Ca
2+

 and 40-120 mg L
-1

 Mg
2+

. The total DIC ranged from approximately 25-130 mg L
-1

 

(Table 2). 

pH and the flux of CO2 between the lake and the atmosphere changed throughout 

the season, and differed between years in both the clear and turbid regimes (Figure 7). 

The CO2 flux was highly variable between years, and though it seemed to differ in 2006 

from other years, the direction of the CO2 flux was not influenced by the lake regime 

when considering all three years (Figure 7a,b). Over the three years, the wetlands were a 

net carbon source to the atmosphere, contributing an average of 9.5 mmol CO2 m
-2

 d
-1

 

from May through August. The flux of the intensively sampled lakes closely resembled 

the average of all lakes in 2007 and 2008 (Figure 7).  
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 DOC did not correlate with R (p=0.646, R
2
=0.017, Figure 8a), and greater R did 

not coincide with higher pCO2 (p =0.618, R
2
=0.001, Figure 8b). Furthermore, unlike 

other studies of north temperate lakes, pCO2 did not correlate with DOC concentrations 

(p=0.672, R
2
=0.004) (Figure 8c). There was no correlation between precipitation and 

DOC and R (p =0.387 and 0.658, respectively; R
2
=0.028 and 0.005, respectively, Figure 

9a,b), but there was a significant, positive relationship between atmospheric precipitation 

and pCO2 (p =0.005, R
2
=0.170, Figure 9c). 

 pH was strongly negatively correlated with pCO2 both in the clear and turbid 

regimes (both p < 0.0001) (Figure 10a). In each of the regimes, the chemical 

enhancement factor correlated positively with pH, as determined by the CO2 flux 

calculations (both p < 0.0001) (Figure 10b). Finally, the exchange of CO2 between the 

lake and the atmosphere was strongly predicted by pH in both regimes (both p < 0.0001) 

(Figure 10c). The wetlands in the clear regime experienced a larger daily range in pH 

than the wetlands in the turbid regime. pH fluctuated on a daily basis in a way similar to 

oxygen (Figure 11). 

I assessed the relationship between ecosystem metabolism and pCO2 for the clear 

and turbid regimes separately. For the wetlands in the turbid regimes, there was a 

significant, negative correlation between pCO2 and GPP (p<0.0001, R
2
=0.163), and 

surprisingly, a significant negative correlation between pCO2 and R as well (p<0.0001, 

R
2
=0.137) (Figure 12a,b). However, there was no significant relationship between pCO2 

and NEP in the turbid regimes (p=0.272) (Figure 12c). Alternatively, the lakes in the 

clear regime demonstrated opposing patterns to the lakes of the turbid regime. There was 
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a significantly positive relationship between pCO2 and GPP (p=0.015, R
2
=0.041), and 

pCO2 and R (p=0.001, R
2
=0.082) (Figure 12d,e). There was no significant correlation 

between pCO2 and NEP (p=0.285) (Figure 12f). Overall, alkalinity was significantly 

higher in the turbid regimes compared to the clear regimes (6.7 versus 3.9 meq L
-1

, 

respectively; p=0.060) (Figure 13), and on average, alkalinity dropped by 1.05 and 0.04 

meq L
-1

 in lakes of the clear and turbid regime, respectively. The standard deviation 

around the mean pH on a daily basis decreased with increasing alkalinity (Figure 14). 

I evaluated the net exchange of CO2 with the atmosphere relative to the lakes’ net 

metabolic behavior (net heterotrophic or net autotrophic), in order to determine if 

heterotrophic lakes were typically carbon sources to the atmosphere, and if net 

autotrophic lakes were carbon sinks. Most past research suggested that lakes and 

wetlands are inorganic carbon sinks when they are net autotrophic and sources when they 

are heterotrophic. However, I found that both clear and turbid lakes can be autotrophic 

and carbon sources or heterotrophic and carbon sinks as well (Figure 15). In fact, there 

was about an equal number of days when the lakes were in these previously undescribed 

patterns (net heterotrophic and carbon sinks and net autotrophic and carbon sources) 

(Figure 15).  

 

Discussion 

I evaluated carbon dioxide exchange between the lake and the atmosphere in nine 

shallow lakes in the southeastern portion of the Prairie Pothole Region, and tested 

whether lake regime (macrophyte- or phytoplankton-dominated) correlated with CO2 
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exchange. In contrast to many lakes around the world, I did not detect a positive 

correlation between the concentration of DOC and the evasion of CO2, suggesting that 

DOC was not an important control of net CO2 exchange. However, in these hard-water 

ecosystems, pH strongly influenced the concentration and therefore the flux of CO2 in the 

surface waters. Although metabolism clearly influenced pH, it rarely drove pH low 

enough to strongly influence CO2 fluxes. GPP and R of phytoplankton-dominated 

regimes were significantly higher than the rates of the macrophyte-dominated lakes; 

however, the balance between GPP and R (i.e. NEP) in both regimes did not significantly 

differ so consequently lake regime had no strong direct correlation with pCO2. 

Nevertheless, lake regime did have an indirect effect on the flux of CO2 because the 

alkalinity was significantly higher in the turbid lakes, most likely due more permanent 

precipitation of calcium carbonate in the clear regimes. Low turbulent environments 

reduce the chances of precipitates to be resuspended in the water column, and the 

macrophytes provided a surface at which to the calcite could adhere to (Kufel and Kufel 

2002).  The higher buffering capacity of the turbid lakes diminished the influence of 

metabolism on pH, and therefore on the flux of CO2. Because of the hard-water nature of 

these lakes, the influence of metabolism on the flux of CO2 is weak, and therefore the 

metabolism (heterotrophy or autotrophy) did not always indicate whether the lake 

functioned as a carbon source or sink to the atmosphere. 
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Variation in CO2 Flux  

Over the course of the study, all lakes were a net carbon source to the atmosphere, 

emitting on average 8 and 11 mmol CO2 m
-2

 d
-1 

in the clear and turbid regimes, 

respectively, which was similar to other studies of carbon dioxide emissions from 

freshwater ecosystems (5.9 to 11.4 mmol CO2 m
-2

 d
-1 

in Mirror Lake, Cole and Caraco 

1998; 21 mmol CO2 m
-2

 d
-1 

in Arctic lakes, Kling et al. 1992; 9 mmol CO2 m
-2

 d
-1 

in 37 

large Finnish lakes, Rantakari and Kortelainen 2005; 15.1 mmol CO2 m
-2

 d
-1 

in 0.1 to 1.0 

km
2
 Finnish lakes, Kortelainen et al. 2006).  

Instead of directly measuring the concentration of CO2 in the air above the lake, 

the global atmospheric concentration of CO2 has been used to determine flux as well. 

Because the atmospheric CO2 concentration above the lakes I measured was typically 

higher than the global estimate of atmospheric CO2, our estimates were approximately 4 

mmol CO2 m
-2

 d
-1

 lower than estimates of flux using the global atmospheric CO2 

concentration. Regardless of the use of global or local atmospheric CO2 concentration, 

these lakes would still be carbon dioxide sources overall.  

There was considerable temporal variation in the flux of CO2 throughout each 

year and between years (Figure 7). From 2006 to 2008, the mean flux for the lakes in the 

clear regime was 15, 21, and -21 mmol CO2 m
-2

 d
-1

, while the turbid regime mean fluxes 

were -40, 28, and 3 mmol CO2 m
-2

 d
-1

 in 2006, 2007, and 2008, respectively (Figure 7). 

Given that the CO2 flux was mediated by complex interactions between hydrology, 

chemistry, and biology, the variability in the CO2 flux between years was somewhat 

expected, and is common in shallow lake ecosystems (Finlay et al. 2009). The intensively 
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sampled lakes closely resembled the flux of the other seven lakes that were monitored in 

2007 and 2008 (Figure 7), which indicated that mechanisms other than biology, i.e. 

climate and/or hydrology, may be influencing the exchange of CO2 to a significant extent. 

Furthermore, the magnitude and direction of these fluxes did not coincide with wetland 

regime (Figure 7). I further evaluated the relationships concerning CO2, DOC, pH, and 

metabolism in order to identify 1) the factors that best predicted the concentration and 

flux of CO2, and 2) whether any differences existed between the two regimes and how 

those differences related to predicting the flux of CO2.  

 

DOC, Precipitation, and pCO2 

In contrast to many studies (Kelly et al. 2001, Hanson et al. 2004, Sobek et al. 

2003, Sobek et al. 2005, Roehm et al. 2009), I found no significant correlation between 

pCO2 and DOC for these wetlands (Figure 8c). This lack of correlation between these 

variables is not rare, and tends to occur in lakes whose metabolism is dominated by 

autochthonous production (Rantakari and Kortelainen 2005, Kortelainen et al. 2006), or 

in systems where pCO2 is controlled more by pH and not controlled by net metabolism 

(Finlay et al. 2009). Given the high rate of GPP observed in these lakes, the close 

association between GPP and R (see Chapter 1), and the fact that the DOC in the surface 

waters of these lakes was primarily of terrestrial origin (fluorescence index of 1.40, see 

Chapter 1), it is likely that heterotrophic respiration depended on the consumption of a 

portion of the total DOC that was more labile, and likely autochthonous DOC (del 

Giorgio and Peters 1994). This would also explain why the DOC I measured in the 
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surface waters and R were not correlated (Figure 8a). Still, even if total DOC did boost 

heterotrophic respiration, the effect would likely not be observed because there was no 

correlation between respiration and pCO2 (Figure 8b), which suggests other factors not 

related to biology (such as chemistry or hydrology) may be more important factors in 

regulating pCO2. 

Although there was no correlation between DOC and pCO2, I did find a 

significant positive correlation between precipitation and pCO2 (Figure 9c). Given that 

precipitation had no positive association with DOC or respiration (Figure 9a,b), and the 

fact that the values of pCO2 greatly exceed atmospheric pressure of CO2 (~380 µatm), 

this association between pCO2 and more intense storm events is most likely due to direct 

transport of CO2 from the surrounding soils that contain high CO2 due to the 

mineralization of organic matter. Overall, I found no robust evidence that DOC or 

precipitation was strongly correlated with respiration.  

 

pCO2 and pH 

 I evaluated the relationship between pH and pCO2, the chemical enhancement 

factor, and the flux of CO2 between the lake and the atmosphere. Similar to the hard-

water shallow lakes in the boreal region of North America, pCO2 was strongly associated 

with pH in wetlands in both the turbid and clear regime (Finlay et al. 2009) (Figure 10a). 

pCO2 exponentially declined with increasing pH because as pH increases, the portion of 

DIC as free CO2 declines, and is converted to HCO3
-
 and CO3

-
. Given the nature of the 

calculation used to estimate the chemical enhancement factor, it was confirmed that pH 
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significantly influenced the chemical enhancement factor in both the turbid and clear 

regimes, as it exponentially increased with increasing pH (Figure 10b). When pCO2 was 

high in the surface waters (and pH was relatively low), the rate at which CO2 exchanged 

between the lake and the atmosphere was not enhanced. However, when pCO2 was low 

and pH exceeded approximately 8 units, the chemical enhancement factor increased, 

boosting the rate of atmospheric CO2 invasion into the lake. Similar to previous studies, 

our results show that high pH lowers pCO2 in the surface waters and causes the wetland 

to become a carbon sink in regard to the atmosphere (Finlay et al. 2009) (Figure 10c).   

 

pCO2, Metabolism, and Trophic Regime 

The Prairie Pothole Region was a suitable system to test the connection between 

lake metabolism and CO2 because the range of production and respiration rates in the 

lakes of this region were higher than the range of metabolic rates reported in other studies 

that assessed the same relationship (in this study GPP and R maxima were 1315 and 1186 

mmol O2 m
-2

 d
-1

 or 1052 and 949 mmol C m
-2

 d
-1

, respectively, versus GPP and R 

maxima of 540 and 720 mmol O2 m
-2

 d
-1 

respectively reported in Cole et al. [2000], and 

~400 mmol C m
-2

 d
-1 

for GPP and R reported in Hanson et al. [2004]). Furthermore, this 

is one of the first studies to evaluate the relationship between CO2 and whole ecosystem 

metabolism (not just planktonic metabolism), which is important because the benthic 

influence in shallow systems can be significant (Hanson et al. 2003, Pace and Prairie 

2007, Lauster et al. 2006, Chapter 1). Although the metabolic rates of macrophyte- and 

phytoplankton-dominated systems can differ (Goulder 1969, Rørslett et al. 1986, Mitchell 
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1989, Blindow et al. 2006), the wetlands in the clear and turbid regime in this region had 

similar NEP rates during all three years, suggesting that any biological differences 

observed in pCO2 between these two regimes was not likely due to differences in NEP. 

Even though the NEP rates were similar, GPP was significantly higher in the turbid lakes 

in 2006 and 2008, and R was significantly higher in the turbid lakes during all three years 

(see Chapter 1). Given their high metabolic rates and the strong relationship between pH 

and CO2, I sought to further evaluate the relationship between metabolism, pH, and CO2 

in these shallow lakes. 

In all of the lakes, pH fluctuated throughout the day (Figure 11) and mimicked the 

change in oxygen, which represents diel changes in metabolism (i.e. the balance between 

photosynthesis and ecosystem respiration). Based on these observations, it is clear that 

along with oxygen, the change in pH throughout the day was driven by metabolism. 

When I directly evaluated the relationship between metabolism and pCO2, I found a 

significant correlation between GPP, R, and pCO2 for both the clear and turbid regimes 

(Figure 12a,b, d, e), but no correlation between NEP and pCO2 for either regime occurred 

(Figure 12c,f). Although the correlations between GPP, R, and pCO2 were statistically 

significant, the variation in pCO2 explained (R
2
) by GPP and R only ranged from 4 to 

16%. I argue that the direct relationship between metabolism and pCO2 was diluted due 

to the hard-water nature of these lakes.  

These lakes have amongst the highest DIC concentrations reported for freshwater 

ecosystems (this study up to 129 mg DIC L
-1

; total inorganic carbon mean of 2.3 mg L
-1

 

for 177 Finnish lakes, Kortelainen et al. 2006; Arctic lakes mean of 15.8 mg DIC L
-1

, 
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Kling et al. 1992; up to 60.4 mg DIC L
-1

 in hard-water lakes of Saskatchewan, Finlay et 

al. 2009). Still, only 3% (on average) of the total DIC content in these lakes resided in the 

free CO2 form, so it would be difficult for the balanced relationship between GPP and R 

(or any other factor influencing CO2) to strongly mediate changes in CO2. Although the 

diel fluctuation of pH was due to changes in the balance between GPP and R, the pH 

rarely dropped below 8 because of the high buffering capacity of these lakes, which 

meant that little free CO2 was generated. What was likely driving these significant 

relationships between GPP, R, and pCO2 were the occurrences in which the balance 

between GPP and R happened to push pH below 8 units, which therefore supported a 

correlation with pCO2.  

Although the buffering capacity of the water column, or alkalinity, was relatively 

high in both regimes compared to other lake ecosystems (Stets et al. 2009), alkalinity 

significantly differed between the two regimes. Collectively, the turbid lakes were more 

alkaline than the clear lakes (year 2007: turbid = 7.1±2.6 meq L
-1

; clear = 4.2±1.4 meq L
-

1
; p = 0.060). While it was possible that the lakes in the turbid regime naturally existed in 

a more alkaline watershed producing a naturally higher buffering capacity than the lakes 

in the clear regime, this did not seem the case when I evaluated the seasonal loss of 

alkalinity. On average, the macrophyte-dominated lakes lost approximately 1.05 meq L
-1

 

of alkalinity from May through August, while the lakes in the turbid regime only lost 

about 0.04 meq L
-1

 (Figure 13). This difference in loss of alkalinity suggests the biology 

of the regimes was important, because the macrophytes actively changed the water 

column alkalinity to a greater degree than the phytoplankton.  
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Higher levels of alkalinity in phytoplankton-dominated shallow lakes versus clear 

lakes (specifically Chara-dominated) can be attributed to a greater efficiency of 

bicarbonate uptake (hence loss of water column alkalinity) by charophytes versus the 

phytoplankton (Nõges et al. 2003). Macrophytes such Potamogeton species and 

Charophytes are known to enzymatically induce calcification (which precipitates 

carbonates) in order to gain electrons needed for bicarbonate uptake (i.e. loss of 

alkalinity) to support photosynthesis (McConnaughey 1998). This divergence in 

alkalinity between regimes also explains why the clear regimes show a wider range of pH 

(Figure 10), and why the turbid lakes have diminished daily fluctuations in pH (Figure 

11). I estimated the variation around the mean pH for each day in each lake, and found 

that on average, the fluctuations in pH dampened with greater buffering capacity (i.e. 

alkalinity) (Figure 14). Because the lakes in the clear regime were less alkaline, pCO2 

should be more readily influenced by changes in metabolism due to less buffering of 

changes in pH. Furthermore, the lakes in the clear regimes should be more susceptible to 

atmospheric changes in CO2, where elevated atmospheric CO2 levels may cause the clear 

lakes to be a greater C sink, as CO2 could flux into the lakes at a faster rate. Although the 

lake regimes did not influence pCO2 based on their overall NEP, these regimes indirectly 

influenced pCO2 through their differences in ability to moderate changes in pH.  

 

Ecosystem Metabolism and CO2 Flux  

Many studies on lakes around the world have shown or assumed that metabolism 

closely reflects CO2 flux, as heterotrophic and autotrophic lakes function as carbon 
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sources and sinks to the atmosphere, respectively (Duarte and Agustí 1998, Cole et al. 

2000, Duarte and Prairie 2005, Pace and Prairie 2007). Our results were similar to these 

observations (Figure 15); however, because of the hard-water nature of these shallow 

lakes, the metabolic influence on pH and consequently on the flux of CO2 was weakened. 

As a result, metabolism alone (i.e. net heterotrophy or autotrophy) did not consistently 

predict whether the lake was actually functioning as a carbon sink or source to the 

atmosphere. I have included a conceptual model that depicts the differences in hard and 

soft water lakes in predicting whether a lake is a carbon source or sink based on their 

metabolism (Figure 16). It is likely that the variation in CO2 flux in these hard-water 

ecosystems may be more strongly influenced by hydrology and geology than any other 

factor due to its influence on the DIC concentration of these lakes. In comparison to 

larger freshwater ecosystems, these shallow lakes have a relatively small volume and 

therefore a short residence time, which naturally leads to a greater influence of 

groundwater input. The lakes in this study are situated in a highly calcareous region 

(Gorham et al. 1983), and the high DIC concentration of these lakes suggests that they 

receive substantial groundwater input from carbonate-rich sediments (Stets et al. 2009). 

Therefore, it is not surprising that metabolism or DOC only weakly influenced pCO2. In 

addition to metabolism, hydrologic inputs from the watershed, CO2 evolution from 

calcite formation, and bicarbonate uptake for photosynthesis likely influence pCO2 (Stets 

et al. 2009). More work is required to measure the hydrologic inputs of DIC and CO2 to 

these shallow lakes to estimate their influence on the flux of CO2. Due to the hard-water 

nature of these lakes where pH is often above 8 units, the weakened effect of metabolism 
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on pH, and the potentially large hydrological input of CO2, these shallow, hard-water 

lakes can function as net carbon sources to the atmosphere even when they are net 

autotrophic, and carbon sinks when they are net heterotrophic (Figure 15).   

Finally, it is interesting to note that the average CO2 flux from these lakes 

resembles the flux from other lake ecosystems around the world (Cole and Caraco 1998, 

Kling et al. 1992, Rantakari and Kortelainen 2005, Kortelainen et al. 2006), yet the 

production rates greatly exceed many other lake ecosystems (Cole et al. 2000, Hanson et 

al. 2004). I found that the average seasonal GPP and R for all the lakes was 

approximately 543 and -543 g C m
-2

 yr
-1

, respectively (measured over most of the open 

water season, or 175 d). If I assume the mean efflux rate of 10 mmol m
-2

 d
-1

 applied to 

the same time period, approximately 20 g C m
-2

 yr
-1

 was emitted to the atmosphere. If 

these lakes permanently accumulate 50-100 g C m
-2

 yr
-1

 in the sediment (Cotner et al. 

unpublished data), more than 70-120 g C m
-2

 yr
-1

 should come from the land to offset 

these C losses from the ecosystem (Figure 17). Furthermore, it is likely that the estimated 

C emission rate was underestimated because it did not account for early spring or late fall 

emissions. Therefore, the input from the land to account for these additional losses would 

have to be even greater than 70-120 C m
-2

 yr
-1

. Other similar lake ecosystems have shown 

hydrological inputs to equal C efflux to the atmosphere (Stets et al. 2009), but our 

estimates are exceptionally large in comparison, as approximately 3.5 to 6 times as great 

as the carbon emission from the lake to the atmosphere, and is comparable to the C burial 

rates in the sediment. These results highlight the importance of the connection between 

the land and the lake in terms of carbon cycling.  
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Chapter 3: Decomposition of macrophytes and algae under aerobic and anaerobic 

conditions: implications for carbon burial in prairie pothole lakes of alternative 

regimes 

 

 Investigation of the mechanisms that influence carbon burial in small, freshwater 

ecosystems is important to develop a complete picture of the terrestrial carbon cycle. The 

amount of carbon accumulated in lake sediments over time is strongly influenced by the 

quality of organic matter source, and the environmental conditions in which the organic 

matter is deposited. The Prairie Pothole Region of North America contains approximately 

207,000 km
2
 of shallow prairie wetlands that can differ in the type of dominant primary 

producer and the seasonal environmental conditions within these systems. Shallow lakes 

in this region typically exist in two regimes which are dominated by differing primary 

producers: 1) macrophytes and macroalgae that have complex compounds such as lignin 

and cellulose and decompose in the fall under cold temperatures and potentially low 

oxygen content, or 2) phytoplankton which contain less complex compounds, and 

decompose throughout the year in a relatively more oxygenated environment. I 

decomposed two macrophyte species (Myriophyllum sibiricum and Potamogeton 

pectinatus), two macroalga species (Charophyte and Cladophora), and a mixed 

assemblage of phytoplankton separately under aerobic and anaerobic conditions for one 

year. Over the course of the experiment, the algae lost 86% of their original carbon 

content while the macrophytes lost 77% of theirs. Additionally, the primary producers 

that were decomposed aerobically lost 6% more C than those under anaerobic conditions. 
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A higher accumulation of dissolved organic matter in the anaerobic treatments likely 

contributed to a higher abundance and production of bacterioplankton. Although both 

primary producer type and presence of oxygen played a significant role in the 

decomposition rate, the decay rates depended slightly more on the type of primary 

producer than the presence of oxygen. When the decay rates of the clear water species 

(Charophyte, Potamogeton pectinatus, Myriophyllum sibiricum) and turbid water species 

(phytoplankton) were applied to their respective annual carbon fixation rates of the clear 

and turbid water regimes, it was estimated that the lakes in the clear regime should retain 

almost five times as much carbon as the lakes in the turbid regime on an annual basis. 

Given that the macrophyte-anaerobic treatments retained the most carbon, and 

macrophyte-dominated shallow lakes tend to become anaerobic rather quickly after their 

senescence, the macrophyte-dominated regime should experience higher rates of carbon 

burial relative to a phytoplankton-dominated regime. 

 

Introduction 

Freshwater lakes play an important role in global carbon cycling (Cole et al. 2007; 

Tranvik et al. 2009) due to their productive nature and reception of carbon inputs from 

their terrestrial surroundings. Most lakes of the world are small (Downing et al. 2006) 

and accumulate organic carbon at high rates in comparison to other ecosystems 

(Schlesinger 1997, Dean and Gorham 1998). The rate at which a lake permanently 

accumulates organic carbon over time is a function of the amount and quality of carbon 

transferred to the sediments, and the environment in which it is deposited (Rejmánková 
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and Houdková 2006). Decomposition occurring in the lake sediments reduces the amount 

of material available for permanent storage, and reduces carbon burial most in warm, 

oxygenated waters with nutrient rich, labile carbon available as a substrate (Dauwe et al. 

2001, Müller et al. 2006, Sobek et al. 2009, Gudasz et al. 2010). Among freshwater 

ecosystems, more variation in the burial rate in small ecosystems in comparison to larger 

lakes (Cotner unpublished data, Figure 18). Because these lakes play an integral part in 

global carbon cycling, the investigation of the mechanisms influencing the rate of 

decomposition (and hence carbon burial) in small lake ecosystems is required in order to 

identify the source of variability in their carbon burial rate.  

The Prairie Pothole Region (PPR) of North America contains 207,000 km
2
 of 

shallow lakes which are extremely productive (Euliss et al. 2006; Chapter 1), and their 

characteristics may help explain the wide variation in carbon burial in small freshwater 

ecosystems. Shallow lakes typically exist in either a clear-water, macrophyte/macroalgae 

dominated regime, or a turbid-water, phytoplankton/microalgae dominated regime 

(Scheffer et al. 1993, Zimmer et al. 2001). Macrophytes contain complex compounds 

such as lignin and cellulose, which makes decomposition of this organic matter slower 

than decomposition of phytoplankton, which do not contain these more recalcitrant 

compounds (Enríquez et al. 1993). Furthermore, the decomposition of the macrophyte 

material may occur in hypoxic or anoxic environments, as oxygen consumption in the 

water column quickly increases due to the decay of large deposition of plant biomass 

after they senesce in late summer/early fall (Goldshalk and Wetzel 1978, Golterman 

1995), and the mineralization of the macrophyte leachate by heterotrophic bacteria 
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(Carpenter and Lodge 1986). Oxygen plays an important part in decomposition, since 

more reduced, low oxygen environments slow the efficiency in which organic carbon is 

broken down (Godshalk and Wetzel 1978a). In contrast to macrophytes, decomposition 

of phytoplankton is typically faster in comparison, given that phytoplankton lack many of 

the complex compounds common in macrophytes (Enríquez et al. 1993, Cebrian 1999). 

Furthermore, the fast decrease in oxygen that macrophyte-dominated systems can 

experience may not occur in turbid regimes, as the organic carbon deposited from 

senescent phytoplankton occurs year-round, rather than over a relatively short period of 

time.  Decomposition experiments are often focused on either macrophytes (one or 

multiple) or algae (Otsuki and Wetzel 1974, Cole and Likens 1979, Belova 1993, 

Denward and Tranvik 1998, Sala and Güde 1999, Asaeda et al. 2000), but rarely contrast 

both (Enríquez et al. 1993, Duarte and Cebrián 1996), especially in freshwater 

ecosystems. Furthermore, decomposition experiments of primary producers in light of 

clear and turbid regimes and their role in carbon burial are essentially lacking. 

Both the trophic state of the lake and the amount of oxygen reaching the 

sediments can play an important role in the cycling of organic carbon in shallow lake 

ecosystems (Müller et al. 2006). Given the greater complexity of macrophytes in 

comparison to phytoplankton, and a longer period of time under low oxygen conditions in 

which the macrophytes/macroalgae decompose, it is likely that the lakes in the clear-

water regime bury carbon at a much higher rate than the turbid, phytoplankton-dominated 

lakes. Therefore, the combination of the dominant primary producer and level of 

oxygenation during its decomposition may explain the high variation in carbon burial 
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observed in small, shallow lakes. I analyzed the decomposition rates of macrophytes and 

algae commonly found in lakes in the Prairie Pothole Region under aerobic and anaerobic 

conditions in order to assess the influence of organic matter quality and the physical 

environment on decomposition rates. I hypothesized that macrophytes decompose more 

slowly and hence favor higher carbon burial rates in clear-water regimes. Furthermore, 

anaerobic conditions should slow decomposition rates, also favoring higher carbon burial 

rates. Therefore, the macrophyte-dominated lakes that experience prolonged anoxia 

should accumulate the most carbon in the sediments over time. 

 

Methods 

A laboratory experiment was set up to monitor the decomposition process of two 

macrophyte species, two macroalga species, and a mixed assemblage of phytoplankton 

under aerobic and anaerobic conditions (hereafter AE and AN, respectively) over the 

course of one year. The treatments were referred to as MY (Myriophyllum sibiricum, 

American Milfoil), PO (Potamogeton pectinatus, sago pondweed), CH (Charophyte), CL 

(Cladophora, filamentous algae), and PH (mixed assemblage of phytoplankton). In 

August 2008, live aquatic plants, algae, and lake water were collected from four shallow 

lakes in the Prairie Pothole Region near Fergus Falls, Elbow Lake, and Morris, MN.  

 

Experimental Setup 

Duplicate replicates for the MY, PO, CH and CL treatments were set up to be 

harvested after one month, six months, and twelve months of decomposition, and were 
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incubated separately under AE and AN conditions (total of 12 experimental units per 

macrophyte/macroalgae treatment; six AE and six AN replicates per macrophyte/algae). 

Jars containing PH were only decomposed for a total of six months, and therefore had a 

total of eight experimental units. To administer the oxygen treatments, different types of 

jars were used to hold the AE and AN replicates, which subsequently caused a difference 

in jar volume (2.6 and 1.9 L in the AE and AN treatments, respectively). Nevertheless, 

the macrophyte and algal wet weight added to each jar equaled approximately 1% of the 

volume (i.e., 19 g of biomass in a 1.9 L jar) for both types of jars, and the wet:dry ratios 

for each macrophyte and macroalga were calculated in order to estimate the dry weight of 

the wet material added to each replicate. The PH treatments were made by filling 

replicate jars with whole-lake water containing phytoplankton (excluding zooplankton by 

filtering through 80 µm mesh) from a turbid-water regime. For the AE treatments, the 

jars were filled with the specific lake water in which the plants and algae were obtained, 

which was filtered to exclude only zooplankton. 

The AE jars were capped with a rubber stopper containing glass tubing that 

allowed constant aeration of the treatment (Figure 19). For the AN treatments, the lake 

water was bubbled with N2 gas to remove oxygen from the water, and once the lake water 

was added to the jar, it was capped with a rubber stopper containing two glass tubes of 

differing lengths (Figure 19). Immediately after capping the jars N2 gas was bubbled (at 

least three times the volume of the jar) through the longer tube to remove any oxygen in 

the water and the headspace (air was permitted to leave out the short glass tube connected 
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to the headspace). After bubbling the N2 gas through the jar, the valves were immediately 

closed to prevent any gas exchange between the jar and the atmosphere (Figure 19). 

All replicates were kept in an incubator in the dark to control for temperature and 

to negate photosynthesis. In order to simulate realistic cooling and warming temperatures 

the senescent plants and algae would experience on an annual cycle, the incubation 

temperature was changed according to changes of in situ temperature in these same 

prairie lakes continuously recorded from the prior year.   

 

Sampling Procedures 

To understand the physical, chemical, and biological dynamics of the water 

column throughout the experiment, dissolved oxygen (DO), pH, soluble reactive 

phosphorus (SRP), dissolved organic carbon (DOC), dissolved inorganic carbon (DIC), 

particulate carbon (PC), methane (CH4), and bacterial production (i.e. 
3
H-leucine uptake) 

in the water were measured at 1 d, 2 wk, 1, 3, 6, 9, and 12 mo increments. The 2 wk 

samples were taken from the jars fully harvested at 1 mo, the 3 mo sampling from the 6 

mo jars, and the 9 mo samples from the 12 mo jars. At 1, 6, and 12 months the remaining 

macrophyte and macroalgal material were sampled for dry weight and carbon and 

nitrogen content.  

Here I describe the process and order in which the samples were taken from the 

replicates, and after the actual analyses of these samples are provided in detail. Sampling 

of all replicates was completed in the dark, and took approximately 10 minutes for each 

jar to ensure minimal change in temperature at the time of sampling. In order to sample 
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the AE replicates, the rubber stopper was removed, and approximately 60 mL of the 

surface water was immediately taken out via an acid washed 60 mL syringe to estimate 

methane and oxygen. Next, samples to measure dissolved oxygen were collected by 

overfilling an ashed 7 ml scintillation vial with the sample water, which was immediately 

fixed by adding 60 µl of 1% mercuric chloride to halt any biological activity, and the vial 

was also capped void of headspace to preserve the concentration of dissolved oxygen. 

After the gas samples were taken, a total of 8.7 mL of the water from the jar was 

transferred to microcentrifuge tubes using an Eppendorf pipette, where they were 

subsequently analyzed for bacterial production and abundance (six tubes containing 1.2 

mL for bacterial production, and one tube with 1.5 mL for abundance). The 

microcentrifuge tube with 1.5 mL was fixed with 150 µL of 37% formalin to analyze 

bacterial abundance. A Beckman benchtop pH probe was used to measure the pH of the 

water within the jar. Finally, approximately 200 mL from the jar was collected for DOC, 

DIC, SRP, and PC analysis. To collect the water samples from the AN replicates, N2 gas 

was slowly forced in through the short glass tube in the stopper as I simultaneously 

opened the valve of the long glass tube, which caused the water inside the jar to be forced 

out. Using this method approximately 300 mL of water inside the jar was collected into a 

500 mL Nalgene bottle. From this collected sample the same series of steps for analysis 

of the AE replicates were followed. 

In order to replace the water taken out for the physical and chemical analyses at 

the two week, 3 month, and 9 month sampling intervals (and maintain the same 

volume:primary producer material), approximately 20 L of the original lake water used in 
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the incubations was filtered through a 0.2 µm membrane filter at the beginning of the 

experiment (20 L from one lake for the PH treatment, 20 L from one lake for the CH 

treatment, 20 L from one lake for the CL treatment, and 40 L from one lake for the MY 

and PO treatments). This filtered water was stored in 20 L carboys and placed in the same 

incubator as the jars, loosely capped. At the 2 wk, 3 mo, and 9 mo sampling intervals, the 

appropriate 0.2 µm filtered water was added to the jars to replace the water taken for 

physical and chemical analyses. The water to fill the AN jars was bubbled with N2 at 

least three times the jar volume before being transferred into the jars. The 0.2 µm filtered 

water was sampled for the same suite of measurements described above, and was 

accounted for when estimating change in carbon content. 

 

Sample Analysis 

 The headspace technique was used to estimate methane concentrations (Cole et al. 

1994). A 60 mL syringe was rinsed with approximately 5-10 ml of sample water, and 

then 40 ml of the sample water was pulled from the jar (AE) or nalgene bottle (AN), and 

an additional 20 mL was filled from the air. In order to equilibrate the gas in the water 

with the air, the water and air mixture within the syringe was shaken for 4 min at the 

same temperature conditions as the jars being incubated. After 4 min, a nylon syringe and 

a connector was used to extract and contain the equilibrated gas from the 60 ml syringe. 

Shortly after the collection (usually within 1-2 hr), the concentration of CH4 in the gas 

samples was determined using a Shimadzu GC-14A gas chromatograph with Class-VP 

7.4 software and a 10 ppm CH4 standard, using a flame ionization detector and a Poropak 
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N column. The oxygen content of each vial was estimated using a membrane inlet mass 

spectrometer (MIMS) (Cory et al. 2009), which allows for highly accurate measurements 

of dissolved oxygen in water (Kana et al. 1994). 

 Bacterial abundance was determined using flow cytometry (del Giorgio et al. 

1996). Bacterial production was estimated via the bacterial uptake of the amino acid L-

leucine (radiolabeled with 
3
H) into protein (Kirchman et al. 1985, Simon and Azam 

1989). Six autoclaved microcentrifuge tubes received 1.2 mL of the water sample. 

Approximately 15 min to 1 hr after sampling from the jars, two of the six tubes served as 

the control, and the first received 90 µL of TCA (tri-chloride acetic acid) to immediately 

stop any microbial activity. Then 15 µL of 1.587 µM 
3
H-L-leucine was added to each of 

the six tubes and the tubes were gently mixed. The samples were allowed to incubate at 

the identical temperature of the jars for 1-2 hr, depending on the incubation temperature 

(longer incubation for cooler temperature). After the incubation, the four “live” samples 

received 90 µL of TCA to prevent any further bacterial assimilation of the 
3
H-L-leucine. 

The samples were then centrifuged to consolidate the bacteria, and were repeatedly rinsed 

with 5% TCA and 80% ethanol to rid any unassimilated 
3
H-L-leucine. After rinsing, 500 

µL of scintillation cocktail was added to each tube; after 30 min the tubes were read on a 

scintillation counter to report the concentration of 
3
H-L-leucine incorporated into the 

bacterial cells. The control samples were subtracted from the experimental samples, and 

bacterial production (µg C L
-1

 hr
-1

) was estimated using 
3
H-L-leucine concentration, 

radioactivity of 
3
H-L-leucine, incubation time, volume, and C content of protein (86% of 

the weight). Cell specific bacterial production was also estimated by dividing the 
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production rate (i.e., 
3
H-L-leucine uptake rate) by the bacterial abundance at each time 

point for each replicate. 

 Particulate carbon in the water column was estimated by filtering a known volume 

of sample water through an ashed (450C for 4 hr) Whatman GF/F glass fiber filter. The 

filter was dried at 60C for 24 hr, then rolled in a tinfoil capsule and analyzed for carbon 

and nitrogen content using a FlashEA 1112 Series NC Soil Analyzer by Thermo Electron 

Corporation, with Eager 300 version 2.3 software. Similarly, the plant material was 

extracted from each jar, and was dried at 60C for 48 hr. After the plant material was 

dried and weighed, it was homogenized using a mortar and pestle. A measured amount of 

powder from each macrophyte or macroalgae was then wrapped in a tinfoil capsule and 

also analyzed for carbon and nitrogen content using the FlashEA 1112 Series as well. To 

estimate dissolved inorganic carbon (DIC), an ashed 7 mL scintillation vial was filled 

with 0.7 µm filtrate water (through an ashed Whatman GF/F) without any headspace, and 

run within 24 hours on a Shimadzu TOC-Vcsh. For DOC, the filtrate was immediately 

preserved with hydrochloric acid to lower the pH below 2. A Shimadzu TOC-Vcsh was 

used to estimate the concentration of DOC in the water samples as well. Specific 

ultraviolet absorbance (SUVA) was estimated to characterize the color and aromaticity of 

DOC (more color and aromatic DOC at higher values of SUVA, Weishaar et al. 2003). 

From the 6 mo bottle incubations, the 0.7 µm filtrate was analyzed using a Cary 50 

spectrophotometer (Eaton et al. 1995), and the absorbance at 254 nm wavelength was 

recorded. To estimate the SUVA value, the concentration of DOC (mg L
-1

) was divided 
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by the absorbance value, and the quotient was multiplied by 100 (to report in m
-1

) (Eaton 

et al. 1995, Weishaar et al. 2003). 

 Finally, the concentration of SRP was measured to estimate labile phosphorus 

released from the macrophytes and algae. Approximately 20 mL of the 0.7 µm filtrate 

was taken and immediately frozen until later analysis. Once ready for analysis, the 

samples were thawed to room temperature, and a molybdenum blue color reagent was 

added. After waiting approximately 45 min for the color to develop, a Cary 50 

spectrophotometer was used to read the absorbance of the sample at 880 nm wavelength, 

and the sample SRP concentration was determined using a standard curve (Eaton et al. 

1995). 

A MANOVA was used to test the difference between the AE and AN treatments 

over the course of the study, and a two-way ANOVA was used to test if there was any 

significant influence of primary producer type, oxygen treatment, or an interaction effect 

on cell specific production. Any p-value less than 0.10 was considered a biologically 

significant result. The decay constant was identified as the slope in the regression of the 

log transformed weight (mg) of macrophyte/algal material versus the log transformed 

time in days. It is implied that the slope is negative due to loss of material over time; 

therefore the decay constants are presented as a positive number to compare decay rates. 

This decay constant was used to predict the PC remaining in the PH treatments after one 

year, so that I could compare annual loss of carbon of the PH treatments with all other 

treatments. 
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Results 

The AN replicates had significantly lower oxygen concentrations than the AE 

replicates (all p < 0.01) (Figure 20). After the initiation of the experiment, the mean 

dissolved oxygen concentration was less than 2 mg L
-1

 in the AN replicates, with the 

exception of one MY replicate at nine months, and both PH replicates at six months 

(Figure 20).  

Generally, the macrophyte and algal C rapidly declined during the first month of 

decomposition (Figure 21a,b). The term “loss” for the AE treatments indicated C lost via 

respiration in the open system, and “loss” for the AN treatments meant any C not 

accounted for by changes in plant or algal C, DOC, DIC, CH4, or PC (addressed in more 

detail in the discussion). The overall C loss from the original primary producer material 

ranged from 67 to 99% (PO-AN to PH-AE, respectively) (Figure 22a). Similarly, the 

degradation rates of the macrophytes were slower (decay constant average 0.24 in 

comparison to the algal species constant of 0.39), and the AE treatments decomposed 

faster (decay constant of 0.37) in than the AN treatments (decay constant of 0.29) (Figure 

22b). 

Bacterial production measured by 
3
H-leucine uptake did not significantly differ 

between the AE and AN treatments for the CH and CL replicates (p=0.597 and 0.320, 

respectively) (Figure 23). In contrast, the AN treatments had significantly higher bacterial 

production than the AE treatments in the MY, PO, and PH (p=0.082, 0.088, 0.086, 

respectively). The macrophyte and AN treatments had the highest mean bacterial 

production rates (125 and 123 µg C L
-1

 hr
-1

, respectively), while the algal and AE 
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treatments had the lowest mean production rates (59 and 52 µg C L
-1

 hr
-1

, respectively) 

(Figure 23). The overall mean bacterial abundance was higher in the AN treatments 

versus the AE treatments (2.0x10
9
 versus 7.3x10

8
 cells L

-1
, respectively) (Figure 24). 

There was no significant difference between the AE and AN treatments for the algae (CH 

p=0.103, CL p=0.125, PH p=0.267), while the MY-AN and MY-AE treatments were 

significantly different (p=0.019). The PO treatments did not have enough replicates to 

statistically test whether the AN or AE treatments had higher bacterial abundance rates; 

however, in comparison to the other treatments, it seemed that the AN treatments had 

higher bacterial abundance. There was no significant difference in cell specific 

production between the macrophyte and algal treatments or the AE and AN treatments (p 

= 0.980, 0.397, respectively), and there was no interaction between primary producer and 

oxygen treatment (p = 0.750) (Figure 25). 

There was no significant difference in the concentration of SRP between the AN 

and AE treatments for all primary producers (CH p=0.921, CL p=0.521, PH p=0.438, 

MY p=0.933, PO p=0.162) (Figure 26). SRP values ranged from 3 to 52 µM for all 

replicates. The CH, CL, MY, and PO treatments experienced an increase in SRP 

concentration at the start of the experiment, while it remained low in the PH treatments.  

DOC greatly increased at the beginning of the experiment in all the AN 

treatments PH replicates, while it did not accumulate at all in the AE treatments (Figure 

27). The macrophyte and AN treatments had the highest concentrations (41 and 47 mg L
-

1
, respectively), while the algal and AE treatments had lower mean concentrations (24 

and 15 mg DOC L
-1

) (Figure 27). DIC increased sharply in the CH-AN and CL-AN 
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treatments, while it remained relatively low and stable for all other treatments (Figure 

28).  However, DIC was significantly greater in the AN treatments for CH, CL, MY and 

PO (all p < 0.01), but the DIC concentration did not significantly differ between the PH-

AE and PH-AN treatments (p = 0.271) (Figure 28). Methane concentrations in the AN 

treatments at the end of the experiment were approximately 370 times greater than the 

AE treatments (Figure 29). 

The SUVA values indicated that the DOC ranged from slightly colored to greatly 

colored (1.6 to 4.4) (Figure 30). This suggests that DOC ranged from 14-32% in 

aromaticity (Weishaar et al. 2003). CL-AN replicate had the highest aromaticity (32%), 

whereas CH-AN had the least (14%). CL, PH, and the PO treatments had significantly 

higher SUVA values in the AE versus AN treatments (p=0.008, 0.006, and <0.0001), 

although the significance of the PO treatments was likely driven by no replication in the 

PO-AE treatment. Except for the CL treatments, all SUVA values were higher in the AE 

versus AN treatments (Figure 30). 

 

Discussion 

 Overall the submerged macrophytes decomposed at slower rates than the algal 

species, and similarly the anaerobic treatments experienced slower decomposition rates in 

comparison to the aerobic treatments. Although the macrophyte-AN treatments had a 

slower rate of decay, they were associated with higher bacterioplankton production, 

which was likely due to increased microbial abundance associated with high levels of 

DOC and/or higher growth efficiencies. Furthermore, in these treatments the C was 
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retained in the microbial biomass and not respired to CO2. Therefore, the efficiency in 

which carbon was retained and not respired was likely the highest in the macrophyte-

anaerobic treatments. In terms of the clear and turbid regimes, the primary producers of 

the clear regimes retained approximately 24% of their original carbon content, whereas 

the phytoplankton of the turbid regime only retained 4%.  

 

Macrophyte versus Algal Decomposition 

The fastest rate of loss of carbon bound within the macrophyte and algal species 

occurred during the first month, which is a typical observation in experiments involving 

the decomposition of primary producer biomass (Godshalk and Wetzel 1978a, Webster 

and Benfield 1986, Moran et al. 1989, Belova 1993, Asaeda et al. 2000). The loss of the 

initial macrophyte and algal C ranged from 50 to 98% within the first month (MY-AE 

and PH-AE, respectively). Thereafter, the decomposition rate of the macrophyte and algal 

material slowed across the rest of the experiment. At the end of the year-long experiment, 

there was a greater amount of primary producer C remaining in the macrophyte 

treatments in comparison to the algal treatments. Over the course of one year, the 

macrophytes and algae lost on average 77% and 86% of their original C mass to 

dissolved or gaseous components, respectively (Figure 22a). Furthermore, the mean 

decay constant for the macrophytes was 0.24, which was 0.15 units slower than the 

constant for algal matter (0.39, Figure 22b). The slower decomposition rate of the 

macrophytes was likely due to a greater structural complexity (Enríquez et al. 1993), as 



 

 93 

macrophytes contain more complex compounds like lignin and cellulose which require 

more time and energy to decompose.  

Unlike phytoplankton, Charophytes are a type of algae that contains cellulose 

similar to that of higher plants (Koyama et al. 1997, Garvey et al. 2006). Charophytes 

tend to retain even more C than some vascular plants (Kufel and Kufel 2002), as they 

contain more fiber content than other submerged macrophytes, leading to slower 

decomposition rates (Shilla et al. 2006). Our results support this notion, as the CH 

treatments collectively lost 75% of their original C content, which was slightly lower than 

the mean C loss from the macrophytes (77%) (Figure 22a). In shallow lakes, Chara is 

commonly found in the clear-water regime, and acts as a stabilizing agent for the clear 

regime as it negates sediment resuspension, immobilizes phosphorus via binding or 

sorption onto calcite particles, and has an allelopathic influence on phytoplankton (Kufel 

and Kufel 2002, Nõges et al. 2003). Although Chara is a macroalga, it functions much 

like a macrophyte from an ecological standpoint. Because Chara retained a much greater 

amount of C in comparison to the other algal species, this result further supports the 

hypothesis that the clear water regime, either dominated by macrophytes or Chara 

(macroalgae), accumulates carbon at a higher rate than phytoplankton-dominated, turbid-

regime.  

More primary producer C remained in the macrophyte treatments over the course 

of the experiment. If the decomposition of this material was predominately mediated by 

microbes, then lower bacterial production rates should have been observed; however, this 

was not the case. On average, bacterial production in the macrophyte treatments exceeded 
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rates observed in the algal treatments (125 versus 59 µg C L
-1

 hr
-1

, respectively) (Figure 

23). Macrophytes support high bacterioplankton production (Rooney and Kalff 2003), 

and on average, the macrophyte treatments had almost twice as much DOC as the algal 

treatments (grand mean of 41 versus 24 mg DOC L
-1

, respectively) (Figure 27). This 

amount of DOC likely supported higher levels of bacterial populations, and thus high 

bacterial production in the macrophyte treatments. Bacterial growth on macrophyte 

leachate tends to be more efficient in comparison to growth on phytoplankton organic 

matter (Stets and Cotner 2008), which matches the differences in observed peaks in DIC 

of the algal and macrophyte treatments (higher peak of DIC in the algal treatments due to 

greater respiration and less efficiency) (Figure 28).  

 

Aerobic versus Anaerobic Decomposition 

 Based on the mass loss of C, the decomposition rate of the AN treatments was 

slower than the AE treatments (0.29 and 0.37, respectively) (Figure 22b). Consequently, 

85% of the original primary producer C content was lost in the AE treatments, while 80% 

was lost in the AN treatments (Figure 22a). All treatments except for CH had higher C 

content loss in the AE treatments. The lower retention of primary producer C in the AE 

treatments may be due to lower growth efficiencies and/or a more energetically favorable 

environment for organic matter breakdown (Godshalk and Wetzel 1978a). As the primary 

producer C mass sharply decreased within the first month of decomposition, the CH-, 

CL-, PO-, and MY-AN treatments experienced a large increase in DOC, while the AE 

treatments only experienced a slight increase (Figure 27). During the very early stages of 
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decomposition, autolysis mainly drives the transformation of particulate organic matter to 

dissolved forms (i.e. DOC), and this likely occurred at the same rate under the AN and 

AE conditions (Otsuki and Wetzel 1974, Godshalk and Wetzel 1978a). However, under 

anaerobic conditions, organic matter is difficult for microbes to breakdown completely 

because a combination of several microbial populations, i.e., consortia, with specialized 

enzymes and metabolic processes is needed to efficiently decompose the organic material 

(Godshalk and Wetzel 1978a; Briée et al. 2007). If these populations do not exist 

simultaneously at high enough concentrations, the breakdown of the organic material is 

further inhibited (Godshalk and Wetzel 1978a). Therefore, the DOC in the AN treatments 

likely accumulated due to the time it took to establish microbial consortia that facilitated 

breaking down the DOC. This seemed to have occurred after approximately one month of 

decay since the DOC concentration declined quickly thereafter, with an associated 

increase in microbial abundance in the macrophyte treatments. 

Bacterial production from the water column in the AN treatments was over two 

times the rate of the AE treatments (123 versus 52 µg C L
-1

 hr
-1

, respectively) (Figure 

23). Similarly, bacterial abundance in the AN treatments was almost three times as much 

in the AE treatments (2.0 x 10
9
 versus 7.3 x 10

8
 cells L

-1
, respectively) (Figure 24). 

Furthermore, the DOC concentration was also more than three times as high in the AN 

treatments than the AE treatments (47 and 15 mg DOC L
-1

, respectively) (Figure 27). 

Because the production rates per cell did not significantly differ between AN and AE 

treatments (p = 0.397) (Figure 25), the higher production rates of the AN treatments was 

supported by the higher bacterial abundance and DOC concentration.  
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The treatments with the highest cellulose content (CH, MY and PO) all had high 

populations of bacteria, and the breakdown of the cellulosic material most likely took 

place in the AN treatments. The breakdown of cellulose under anaerobic conditions is 

very common (Leschine 1995), and requires particular bacteria with specific enzymes to 

fully decompose the cellulose. The decay of cellulose produces methane (Leschine 1995), 

and although methane only comprised <0.01% of the total carbon (mean weight) in all 

the treatments, its concentration was approximately 370 times greater in the AN 

treatments versus the AE treatments (Figure 29). Although it is possible that methane 

could have been produced in the AE treatments and not contained within the open 

system, this large difference in methane concentration between the two treatments was 

most likely due to higher rates of methanogenesis in the AN treatments. Substances such 

as cellulose absorb ultraviolet radiation (Godshalk and Wetzel 1978a), and the SUVA 

values indicate lower UV absorbance in the AN treatments (Figure 30), which supports 

the notion that the cellulose was broken down to a greater extent, and that the portion of 

the DOC also likely comprised low molecular weight compounds that do not absorb as 

much ultraviolet light (Godshalk and Wetzel 1978a). In aerobic environments, low 

molecular weight carbon compounds tend to be mineralized faster (Godshalk and Wetzel 

1978a). Consequently, the high SUVA values of the AE treatments indicated that 

although DOC was in low concentration, it was comprised of mostly aromatic 

compounds, which are more difficult for microbes to breakdown in aerobic 

environments.  
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There were two seemingly unusual results from AE versus AN experiment that I 

would like to address. First, all the primary producers retained more carbon in the AN 

treatments, except for the Charophytes, which retained less carbon under anaerobic 

conditions. Charophytes characteristically are known for precipitating calcium carbonate 

out of the water column during photosynthesis, and accumulating the calcite on their 

surface (Kufel and Kufel 2002). This calcite can comprise up to 60% of the total dry 

weight of this macroalga (Hutchinson 1975), but can readily dissolve at low pH and low 

temperatures (Stumm and Morgan 1981). Because the AN treatments had a lower pH 

than the AE treatments (pH 7 versus 8, respectively), it was possible that calcite 

dissolution occurred in the AN treatments and caused greater carbon loss. However, the 

loss was only greater in the AN treatments in comparison to the AE treatments at the end 

of the experiment (Figure 21a); if calcite dissolution was the cause of these differences in 

carbon loss, the Charophytes in the AN treatments should have retained less carbon 

throughout the duration of the experiment and not just at the end. Therefore, the greater 

loss of CH carbon in the AN treatment at the end of the experiment may have been 

influenced by temperature; warmer temperatures may have initiated greater leaching 

and/or microbial mediated breakdown of the organic matter, which correlates with 

slightly higher production rates and DIC at the end of the experiment (Figure 23,28).  

Another unusual result was the high SUVA values of the CL-AN treatment in 

comparison to all other combinations of treatments (Figure 30). In contrast to the 

macrophyte AE treatments, the CL-AN treatment was cloudy white instead of a deep 

gold, and its replicates also accumulated a white microbial mat at the surface of the 
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water. This white coloration was likely caused by the presence of sulfide oxidizers 

instead of humic DOC, and caused higher absorbance which produced high SUVA 

values. The significant presence of sulfide oxidizers in the CL-AN treatments likely has 

to do with the influence of CL on reduced sulfur concentrations, and the substrate it 

provides for this particular type of bacteria. Unfortunately, information on the 

relationship between this filamentous algae and sulfur cycling is essentially lacking in the 

literature, and needs to be explored more in depth.  

 

Comparison of Carbon Retention among All Treatments 

This experiment showed that algal primary producers decompose more quickly 

than their macrophyte counterparts, and that the presence of oxygen impedes the 

retention of primary producer carbon biomass, i.e., the aerobic systems were the least 

efficient at retaining carbon in comparison to the anaerobic systems. First, they exhibited 

the greatest loss of carbon bound within the primary producer material, and this 

particulate matter became mineralized to the dissolved or gaseous form of carbon via a 

combination of microbial activity and autolysis. Because the AE treatments were open 

systems, the loss likely represented the amount of carbon that escaped the system in the 

form of CO2 or CH4. In comparison to the macrophyte-AN treatments, the CH-AN and 

CL-AN treatments showed sharp increases in DIC after approximately one month of 

decomposition (Figure 28). In contrast to the macrophyte treatments, the carbon in the 

CH and CL-AN treatments was respired causing the increase in DIC in the closed system. 

In contrast, less C in the macrophyte-AN treatments was respired and more of it remained 
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in the primary producer itself and in the bacterial biomass, as these treatments had the 

highest bacterial production and abundance rates, and only a small increase in DIC.  

When comparing the overall loss of carbon between the treatments (macrophyte 

versus algae, and aerobic versus anaerobic), the type of primary producer had a slightly 

greater impact on carbon retention than the oxygen regime. Macrophytes retained 9% 

more C than the algal species, while the AN treatments retained 5% more C than the AE 

treatments. While the differences between these treatments seems rather trivial, the 

ecological implications of these results in terms of clear and turbid regimes are better 

understood if the primary producers were instead grouped by the regime in which they 

typically inhabit. Even though three types of algae were included in this experiment, only 

the PH treatment represented the lakes in the turbid regime. In comparison, the CH, MY 

and PO primary producers are common species found in lakes of the clear-water regime. 

Grouped this way, an average of 76% of the original C content was lost in the clear 

regime species, while 96% of the original C content of phytoplankton was lost over the 

course of one year (Figure 31). This difference is large, and over time could potentially 

lead to a large discrepancy in carbon burial. If these decay rates were applied to the mean 

annual C fixation rates of the clear and turbid water regimes (486 and 604 g C m
-2

 yr
-1

, 

respectively, Chapter 1), approximately 116 and 24 g C m
-2

 would remain over the course 

of one year in the clear and turbid regimes, respectively. These rates are similar to carbon 

accumulation rates observed in shallow lakes (Dean and Gorham 1998, Cotner et al. 

unpublished data), and also support the hypothesis that clear and turbid regimes likely 

experience differing rates of carbon accumulation. 
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The decay of Cladophora, Charophytes, and macrophytes toward the end of the 

growing season typically causes a fast decline in oxygen (Paalme et al. 2002, Mihranyan 

2010), and the clear-water regime under anaerobic conditions retained the greatest 

percentage of primary producer carbon content (26%, Figure 31). In terms of carbon 

accumulation, the “benefits” of the clear water state is two-fold: first the primary 

producer material decomposes more slowly due to a more complex composition; and 

second anaerobic conditions are produced shortly after the macrophytes and/or 

macroalgae senesce, which also favor carbon burial. If managers wish to manage shallow 

lakes to retain carbon, they may focus on manipulating the lake regime, which could also 

subsequently cause the desired anaerobic environment to retain carbon.  
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