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Abstract 
 

Decomposition of plant litter is the primary process by which carbon and nutrients are 

returned from plants to the soil and atmosphere. Although plant litter decomposition is 

primarily driven by plant litter chemistry, temperature, and precipitation these factors 

have failed to fully explain decomposition patterns in arid and semiarid grassland 

ecosystems. In my dissertation, I tested the hypothesis that solar radiation, particularly in 

the UV range (280-400 nm) contributes to the decomposition process in these systems via 

the process of photodegradation. In a three-year field study in the semiarid shortgrass 

steppe in Colorado, I examined whether photodegradation by UV radiation played a role 

in plant litter decomposition and whether the role of photodegradation in the 

decomposition process was affected by plant litter chemistry and precipitation. In a series 

of laboratory experiments, I examined the pathways by which mass is lost via 

photodegradation. In a two-year cross-site field experiment, I examined whether 

photodegradation may explain the difference in litter decomposition patterns among 

mesic, semiarid, and arid grassland ecosystems. The combined results of this research 

show that photodegradation is an important process in plant litter decomposition in mesic 

grassland ecosystems as well as arid and semiarid grassland ecosystems, accounting for 

up to 50% of litter mass loss. Results also show that litter mass loss via photodegradation 

is the result of photochemical production of carbon dioxide, which can be up to 4 g C m-2 

y-1 in arid ecosystems. This research has important implications for future basic research 

in biogeochemical modeling, photochemistry of natural compounds, and plant litter 

decomposition in arid ecosystems. 
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Understanding controls on plant litter decomposition is fundamental to our 

understanding of terrestrial ecosystem functioning as a whole. Litter decomposition is a 

primary source of soil nutrients such as nitrogen and phosphorus, which are often limiting 

to plant growth in terrestrial ecosystems. Litter decomposition is also a fundamental 

component of the global carbon cycle. Decomposition of litter releases carbon to the 

atmosphere as carbon dioxide (CO2), and the humification of litter contributes to carbon 

storage in the soil as soil organic matter. Labile carbon compounds in the litter are also a 

food source for the soil microbial community and other detritivores. Rates and patterns of 

plant litter decomposition are also likely to change due to human influences such as 

climate change, increased nitrogen deposition, and changes in biodiversity (Hobbie 1996, 

Hattenschwiler et al. 2005, Knorr et al. 2005). It is therefore important that the factors 

controlling plant litter decomposition are well understood.  

A substantial amount of research over the past several decades has been devoted 

to understanding the mechanisms controlling plant litter decomposition and how patterns 

in decomposition vary on the landscape scale (see, for example, Meentemeyer 1978, 

Hobbie 1992, Gholz et al. 2000). For the majority of ecosystems, it is well-established 

that rates and patterns of plant litter decomposition are driven primarily by plant litter 

chemistry and climate factors such as temperature and precipitation (Meentemeyer 1978, 

Gholz et al. 2000). However, these factors have failed to fully explain decomposition 

patterns in some ecosystems, including arid and semiarid ecosystems.   

Arid and semiarid ecosystems, which comprise about one third of the Earth’s 

surface (Deichmann and Eklundh 1991), do not fit established decomposition patterns. 

Litter in these dry systems decomposes at a faster rate than predicted by biogeochemical 
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models that are based on temperature, precipitation, and litter chemistry. Several 

hypotheses have been proposed to explain this phenomenon, but all that have been tested 

have failed to fully explain rapid mass loss in arid ecosystems. One hypothesis that was 

not tested until recently is that solar radiation, particularly in the UV range (280-400 nm), 

contributes to the decomposition process in these systems via the process of 

photodegradation (Pauli 1964, Whitford 2002). The difficulty of manipulating solar 

radiation in the field without significantly altering temperature and moisture made this 

hypothesis difficult to test for several decades after it was first proposed. However, 

advances in research on the effects of UV radiation on ecosystem processes due to ozone 

thinning led to new capabilities of examining the role of photodegradation of litter under 

field conditions (Newsham et al. 1997, Rozema et al. 1997, Pancotto et al. 2003).  

A few recent studies have shown that photodegradation may play a role in the 

decomposition process in some arid and semiarid ecosystems (Austin and Vivanco 2006, 

Gallo et al. 2006, Day et al. 2007, Henry et al. 2009). However, little is known about 

photodegradation other than the observation that it speeds up decomposition rates, 

leading to increased litter mass loss. Previous work tells us little about whether 

photodegradation interacts with other factors known to influence decomposition, such as 

climate and litter chemistry. In addition, we do not understand how photodegradation 

affects fundamental ecosystem processes, such as carbon and nitrogen cycling, or how 

the abiotic process of photodegradation might interact with microbial decomposition 

processes. Finally, we have almost no information about how photodegradation may vary 

on landscape scales and whether the role of photodegradation may be important in a 

wider range of ecosystems than those that have been studied recently. 
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The goal of my research is to fill in the current gaps in our understanding of the 

role of photodegradation in plant litter decomposition and to assess whether 

photodegradation may partially explain patterns in plant litter decomposition that cannot 

be explained by climate and litter chemistry. In my dissertation, I focus on the role of 

photodegradation in plant litter decomposition in grassland ecosystems. Grasslands are 

prime candidates for being driven by photodegradation because their low cloud and 

canopy cover allows high levels of light penetration to the litter layer. Arid and semiarid 

grasslands receive low levels of precipitation, which limit rates of biological 

decomposition. Arid and semiarid grassland ecosystems also experience more rapid mass 

loss than expected by litter decomposition models. Therefore, it is possible that 

photodegradation is the missing component in models of the decomposition process in 

these systems. In contrast, mesic grasslands receive more precipitation, and have greater 

rates of biological decomposition. Mesic grasslands also fit established decomposition 

models. Therefore, it is likely that photodegradation plays a much smaller role in the 

decomposition process in mesic grassland ecosystems.  

In Chapter 2, I examine the effects of ultraviolet (UV) radiation on plant litter 

decomposition in a semiarid grassland ecosystem in eastern Colorado, USA. The goal of 

this study was to understand whether UV radiation played a role in plant litter 

decomposition via photodegradation and whether the role of photodegradation in the 

decomposition process was affected by plant litter chemistry and precipitation. In a three-

year field litter decomposition study, I manipulated UV radiation using clear plastic 

screens that blocked or passed UV radiation. I manipulated precipitation by hand-

watering beneath the screens to simulate dry or wet years and used two litter types of 
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contrasting chemistry. I hypothesized that under conditions less favorable to microbial 

decomposition (dry, high litter C:N), photodegradation would play a larger role in the 

decomposition process. This study served as a foundation for the two subsequent studies 

in Chapters 3 and 4.  

In Chapter 3, I examine the pathways by which mass is lost via photodegradation 

using a series of controlled laboratory experiments. I investigated how photodegradation 

could lead to increased carbon loss, as litter is approximately 50% carbon. I tested 

whether photodegradation increased carbon losses as carbon dioxide (CO2), either via 

abiotic photochemical reactions or via increased facilitation of microbial decomposition. 

In addition, I tested whether photodegradation could lead to carbon losses via other 

mechanisms, such as increased leaching losses of dissolved organic carbon. Finally, after 

determining that the primary pathway by which mass is lost during photodegradation is 

by abiotic production of CO2, I determined whether wavelengths other than UV radiation 

could be responsible for photochemical CO2 production and how photochemical CO2 

production was affected by litter type and litter layer thickness. 

In Chapter 4, I examine whether photodegradation may explain the difference in 

litter decomposition patterns among mesic, semiarid, and arid grassland ecosystems using 

a two-year cross-site study in which I manipulated UV radiation reaching the litter layer 

in the field. Similar to Chapter 2, I hypothesized that photodegradation would play a 

larger role in decomposition under conditions less favorable to microbial decomposition. 

However, instead of manipulating precipitation in one site as in Chapter 2, I chose sites 

that varied naturally in their aridity. I hypothesized that there would be a larger role of 

photodegradation in arid grassland ecosystems than mesic systems, due to the less 
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favorable conditions for microbial decomposition and higher levels of UV radiation at the 

more arid sites. I also hypothesized that if photodegradation plays a larger role in the 

decomposition process in arid systems, it might explain why litter mass and nitrogen loss 

often follows a linear decay pattern in arid systems. 

Throughout this dissertation, my aim is to assess what role, if any, 

photodegradation plays in litter decomposition in grassland ecosystems. Through these 

field and laboratory experiments I will determine if photodegradation is responsible for 

litter decomposition in three contrasting grassland ecosystems. I will also attempt to 

quantify the role photodegradation plays relative to other mechanisms of litter 

decomposition and how this role may vary within and among ecosystems and litter types. 

Finally, I will assess how photodegradation may alter carbon and nitrogen cycling from 

litter to the soil and atmosphere. Through this work, I will contribute to a greater 

understanding of the controls on plant litter decomposition in natural ecosystems. More 

broadly, this work advances understanding of controls on ecosystem carbon and nutrient 

cycling that will provide a foundation for improved biogeochemical modeling and will 

increase our ability to predict changes in decomposition in a changing climate.  
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Summary 

We examined the effect of altered levels of ultraviolet (UV) radiation (280-400 nm) 

and different amounts of precipitation on the decomposition rates of litter of contrasting 

carbon to nitrogen ratio (C:N) in a 3-year field experiment in a shortgrass steppe 

ecosystem. UV radiation was either blocked or passed under clear plastic tents where 

precipitation was applied to simulate a very dry or very wet year. These treatments 

minimized or maximized the abiotic component (UV) or the biotic component (biological 

activity of decomposer organisms) of decomposition to assess potential interactions 

between the two. Initial litter chemistry varied in response to having been grown under 

ambient or elevated atmospheric CO2 concentrations. While precipitation and litter 

chemistry were the most important drivers in decomposition in this system, UV radiation 

increased decomposition rates under dry conditions in litter with higher C:N ratios. 

Exposure to UV radiation slightly increased the amount of holocellulose that was lost 

from the litter. UV exposure did not affect the decomposition of the lignin fraction. 

Increased decomposition with UV radiation was accompanied by a decrease in N 

immobilization over the summer months. These results suggest that the effects of UV 

radiation on decomposition rates may be primarily abiotic, caused by direct 

photochemical degradation of the litter. Our results demonstrate that the role of UV 

radiation in litter decomposition in semi-arid systems depends on the aridity of the 

system and the chemistry of the litter.  
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Introduction 

Litter chemistry (e.g. lignin to nitrogen ratios) and climatic variables (e.g. 

temperature and precipitation) strongly influence decomposition rates at both local and 

regional scales (Meentemeyer 1978), as these factors influence the rates of microbial 

metabolic activity. However, these factors do not fully explain the variation in surface 

litter decomposition rates in many systems, including arid and semi-arid systems 

(Whitford et al. 1981, Gholz et al. 2000). In the semi-arid North American shortgrass 

steppe, precipitation and litter chemistry have been shown to explain much of the 

variation in decomposition rates of surface litter (e.g. Hunt et al. 1988, McCulley et al. 

2005), which is presumably related to microbial decomposition. However, abiotic 

decomposition in the absence of microbial activity has been found to play a significant 

role in this system (Vossbrinck et al. 1979), and may contribute to some of the variation 

not explained by factors known to influence biological activity. While it is likely that part 

of the abiotic litter mass loss may be caused by precipitation-induced leaching and 

physical fragmentation of the litter, it is also likely that some of the observed abiotic mass 

loss can be attributed to the effects of solar radiation.  

The North American shortgrass steppe is subject to high levels of solar radiation at 

the soil surface. The amount of radiation reaching the system is high because of high 

elevation (greater than 1500 m above sea level) and relatively low cloud cover. This 

effect is further amplified by the fact that leaf area indices are low (less than 1, Lane et al. 

2000). Solar radiation, especially in the ultraviolet (UV) range (280-400 nm), may play a 

role in decomposition via photodegradation, the abiotic breakdown of materials by solar 

radiation (Moorhead and Reynolds 1989). Several studies in aquatic systems have shown 



 

  11

that photodegradation can play a major role in the decomposition of dissolved organic 

matter (Zepp et al. 1998, Hernes and Benner 2003, Moran and Covert 2003) and 

emergent aquatic macrophytes (Denward and Tranvick 1998, Anesio et al. 1999a,) by 

either directly mineralizing carbon (Amon and Benner 1996, Anesio et al. 1999b) or 

facilitating microbial decomposition (Wetzel et al. 1995, Anesio et al. 1999a). However, 

the role of photodegradation in terrestrial systems is not well known. Moorhead and 

Callaghan (1994) hypothesized that the main effect of photodegradation of terrestrial 

litter may be to increase the decomposition of the lignin fraction in litter, since phenolic 

compounds, including lignin, absorb heavily in the UV range. Photochemical degradation 

of cellulose in surface litter has also been hypothesized to occur in visible as well as UV 

wavelengths, with the majority of photodegradation occurring below 400 nm in the UV-

A range (Schade et al. 1999). In addition, a previous study has found increased exposure 

to UV-B radiation stimulated the decomposition of the hemicellulose fraction (Rozema et 

al. 1997), although the mechanism remains unknown.  

Some evidence supports the hypothesis that solar radiation may increase 

decomposition rates of terrestrial litter in light-exposed ecosystems. In desert grassland, 

MacKay et al. (1986) found that shading decreased mass loss of Larrea tridentata litter, 

even though the abundance of arthropods, thought to be the primary decomposers, 

increased with shading. In a comparison between aspen forests and mixed-grass prairie, 

Köchy and Wilson (1997) found that shading significantly decreased decomposition rates 

in prairie, but not in forest. This pattern implies that in prairie systems, where the litter 

layer is more exposed to solar radiation, photodegradation may increase decomposition 
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rates. However, it is not clear from these studies whether these effects were caused by 

increased heat or increased photochemical degradation by UV radiation.  

 Recent studies have examined the direct effect of UV-B radiation on decomposition 

in field and laboratory experiments. The majority of these studies were performed to 

examine the effects of increases in UV-B radiation caused by stratospheric ozone 

thinning at high latitudes. Many found either a negative effect (Duguay and Klironomos 

2000, Moody et al. 2001, Pancotto et al. 2003) or no significant effect (Gehrke et al. 

1995, Newsham et al. 1997, Moody et al. 2001, Pancotto et al. 2005) of increased UV-B 

on decomposition rates, which the authors attributed to decreased microbial activity 

under heightened UV-B. All of these experiments were conducted in high-latitude 

systems (> 50° N or S) or systems with substantial canopy cover (e.g. forests), both of 

which normally experience relatively low levels of total solar radiation. Therefore the 

generality of these findings to systems that typically experience high levels of solar 

radiation is unclear.  

Only a handful of studies have examined the effects of UV radiation on 

decomposition in systems that typically receive high levels of solar radiation (Rozema et 

al. 1997, Verhoef et al. 2000, Gallo et al. 2006, Austin and Vivanco 2006, Day et al. 

2007). Like previous UV-manipulation studies in terrestrial systems, these studies 

primarily focused on the effects of UV-B radiation on decomposition, although studies of 

photodegradation in aquatic systems (Anesio et al. 1999b) and in atmospheric chemistry 

(Schade et al. 1999) have shown that UV-A wavelengths are also important. Over half of 

these studies, conducted in dune grassland (Rozema et al. 1997), Patagonian steppe 

(Austin and Vivanco 2006), and Sonoran Desert (Day et al. 2007), showed that UV-B 
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exposure slightly increased decomposition rates. Most notably, Austin and Vivanco 

found this effect occurred in the absence of microbial activity, indicating that their 

observed increase was because of direct photodegradation of the litter, not facilitation of 

microbial decomposition. In addition, the authors saw a more dramatic effect on 

decomposition rates when they manipulated all wavelengths, including UV-A and PAR 

(photosynthetically active radiation). This finding indicates that other wavelengths 

besides UV-B may be important in degrading litter. However, significant temperature 

differences (nearly 10°C) between the treatments during summer months could also be an 

important driving factor (Austin and Vivanco 2006, supplementary information).  

We know even less about how photodegradation by UV radiation may affect long-

term decomposition rates and how these effects may interact with other factors known to 

influence decomposition rates, such as moisture availability and litter chemistry. The 

majority of previous studies only examined the effect of UV-B radiation in the first few 

months of the decomposition process, with a few exceptions (Pancotto et al. 2005, Austin 

and Vivanco 2006). In addition, few studies have examined the interaction between UV 

exposure and initial litter chemistry by using more than one litter type (but see Gehrke et 

al. 1995, Gallo et al. 2006). To date, no study has found any significant interaction 

between litter type and UV-exposure effects. Only one study simultaneously manipulated 

the amount of UV radiation (A and B), litter type, and moisture availability (Gallo et al. 

2006). While exposure to UV radiation did not affect overall decomposition rates of the 

two litter types in the Gallo et al. study, UV exposure interacted with moisture 

availability to affect the quantity and chemistry of dissolved organic matter leached from 

the litter. In addition, Gallo et al. found that litter that received high levels of moisture 
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and was not exposed to UV radiation decomposed at the same rate as litter that received 

low moisture and was exposed to UV radiation. The authors concluded that 

decomposition via UV radiation is just as effective as microbial decomposition, but 

because they did not include a control of low moisture and no UV radiation we cannot 

rule out the possibility that there was no effect of UV radiation or moisture on 

decomposition rates in this case.  

The goals of this study were to: 1) examine the long-term effects of UV radiation 

(both UV-A and UV-B) on surface litter decomposition rates and dynamics in a semiarid 

shortgrass steppe ecosystem; 2) determine how these effects interact with altered 

precipitation by simulating a wet and dry year for the region; and 3) determine how 

differences in litter carbon to nitrogen ratios (C:N) caused by exposure to CO2 during 

growth interact with moisture availability and UV exposure. To address these goals we 

conducted a three-year litterbag decomposition experiment in the field in the Colorado 

shortgrass steppe using structures to manipulate both UV radiation and precipitation. We 

hypothesized that UV radiation plays a significant role in decomposition in shortgrass 

steppe via photodegradation, and that the relative role of UV radiation would depend on 

precipitation and litter chemistry. Because low moisture availability would presumably 

decrease microbial growth and activity, we hypothesized that the effect of UV radiation 

would be greater under dry conditions. Because a high litter C:N may limit microbial 

decomposition, we also expected the effect of UV exposure to be greater in high C:N 

litter when abiotic mechanisms may be the primary driver. 
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Methods 

Study site 

Our study was conducted from 2001 to 2004 at the Central Plains Experimental 

Range (40o49’N, 104o46’W) in north central Colorado. This site is in the northwestern 

part of the shortgrass steppe of the North American Great Plains and is also the location 

of the Shortgrass Steppe Long Term Ecological Research (SGS-LTER) site. Mean annual 

precipitation is 321 mm, with a standard deviation of 98 mm (Lauenroth and Milchunas 

1991). Seventy-one percent of the precipitation occurs as rain during the May through 

September growing season, and the mean monthly air temperature is 22°C in July and 

0°C in January. The site has patchy vegetation with a basal cover of typically 25-35% 

(Milchunas et al. 1989). The dominant plant species is Bouteloua gracilis (blue grama), a 

C4 short grass. Other common species at the site are Stipa comata and Aristida longiseta. 

Soil at the site is a Remmit fine sandy loam (Ustollic camborthid). Ambient radiation 

levels are relatively high during the summer months because of high elevation (1647 m), 

low leaf area index (LAI≈0.22, Lane et al. 2000), and often cloudless skies (average 

proportion of sunshine hours is never less than 60%, Lauenroth and Milchunas 1991). 

Mean ambient UV-B radiation (280-320 nm) in July is 5 kJ m-2 d-1 UV-BBE (Biologically 

Effective UV-B, Caldwell 1971). The region is primarily managed for grazing of cattle. 

Cattle were excluded from our study area for logistical reasons.  

 

Experimental setup 

The experimental design consisted of 7 blocks distributed across a pasture from 

east to west in a split-split-plot design (14 whole plots and 56 sub-plots total). This design 
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was used to increase the level of precision in the UV and litter chemistry factors, as we 

expected precipitation to have the greatest overall effect. The whole-plot factor of 

precipitation (wet, dry) was randomly assigned to the north or south end of each block. 

The sub-plot factor was a factorial combination of UV radiation (UV block, UV pass) 

and initial litter chemistry (high C:N, low C:N, see below), which were randomly 

assigned within whole plots. Six litterbags (one per collection date) were placed in each 

sub-plot. Therefore, only time varied in any one sub-plot. This design allowed us to treat 

litterbags within sub-plots as sub-samples to calculate a decomposition rate for the 

subplot. Further description of this study is provided in King et al. 2003.  

 

UV treatments  

For our experiment we chose to simultaneously manipulate both UV-A and UV-B 

radiation, as both ranges of wavelengths have been shown to be important in the process 

of photodegradation (Anesio et al. 1999b, Schade et al. 1999). Hereafter, we will refer to 

this treatment as UV for simplicity. Sub-plots (1.4 m2) were covered with square acrylic 

sheets (0.32 cm thick) placed 40 cm above the ground in an A-frame design supported by 

metal rods. For our UV block treatment, we used polycarbonate (Lexan XL-1, GE 

Plastics), which blocks 90% of UV-A and B (280-400 nm) and transmits 85% of 

photosynthetically active radiation (PAR, 400-700 nm). For our UV pass treatment, we 

used specialized acrylic (Solacryl SUVT, Spartech Polycast), which transmits 

approximately 87% of UV-A, UV-B and PAR. The materials were therefore very similar 

in transmission of PAR, but different in their transmission of UV (Figure 2-1a). A total of 

56 structures were established in the field (one per sub-plot). Additional UV block and 
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pass structures were constructed for monitoring UV and precipitation edge effects and 

any temperature effects. UV-B was monitored continuously throughout the experiment 

using a broadband UV-B pyranometer (UVB-1, Yankee Environmental Systems, Turners 

Falls, MA). We did not continuously measure UV-A radiation, but assume that it would 

behave similarly under our screens based on the transmission properties of the materials.  

 

Precipitation treatments 

Ambient precipitation was directed off the plots by the plastic tent structures. 

Instead, precipitation was provided by manual watering. Wet and dry precipitation 

scenarios were calculated for April through October (when rain and not snow occurs) by 

ordering all years of historical precipitation data available from 1939 through 2000 from 

lowest to highest. The five wettest and driest years were chosen as potential years of 

precipitation to simulate, after omitting four very unusual years at both extremes. One 

particular wet year (1961) and one particular dry year (1970) were identified for 

simulation from each group of five years by comparing the precipitation pattern with the 

mean monthly seasonal pattern of precipitation observed during the years 1939-2000. 

This method ensured selection of precipitation regimes that deviated significantly from 

average total rainfall and created conditions that maximized and minimized the biotic 

component of decomposition. Precipitation for each simulated week was summed and 

applied once weekly by hand using a metered hose. Amounts applied for the period April 

through October for wet and dry treatments were 340 mm and 165 mm, respectively, 

compared with approximately 260 mm for the same period in an average year. Snow was 

not controlled under the plots, but it represents only a small fraction of annual 
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precipitation (Lauenroth and Milchunas 1991). Observations following snow events 

confirmed that snow was relatively evenly distributed among and beneath the tents 

because of winds that usually accompanied snowfall. Soil moisture was monitored in the 

top 15 cm using time domain reflectometry (TDR) probes during the first growing season 

to ensure that precipitation treatments resulted in significantly different moisture 

conditions among the plots. Upon completion of the experiment in 2004, we also 

collected soil from the top 10 centimeters of each plot to assess precipitation-induced 

changes in microbial biomass C and N using the chloroform fumigation-extraction 

technique (Brooks et al. 1985, Beck et al. 1997).  

 

Litter 

To examine interactions between UV, precipitation, and litter chemistry, mixed 

litter (comprised mainly of Bouteloua gracilis and other native grass species such as 

Stipa comata and Aristida longiseta) was collected in fall 2000 by clipping senesced 

(standing dead) tissue from separate experimental plots. These plots were located in an 

open-top chamber CO2 enrichment study at the Central Plains Experimental Range that 

was directly adjacent to our UV treatment plots (see Morgan et al. 2004). Thus, half of 

the senesced plant litter had been exposed to ambient atmospheric CO2 levels during 

growth (~360 ppm), while the other half had been exposed to elevated atmospheric CO2 

levels (~720 ppm). The collected litter was oven dried (55°C) and thoroughly mixed prior 

to being divided into litterbags. Seven replicate subsamples of litter from each CO2 

treatment were used to determine initial ash content and initial litter chemistry. The 

primary difference in the litter collected from the different CO2 treatments was that 
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elevated CO2 increased C:N ratios (see results). Elevated CO2 also changed some aspects 

of carbon chemistry (e.g. cell solubles). For simplicity, however, we refer to litter from 

ambient CO2 as low C:N litter and litter from elevated CO2 as high C:N hereafter.  

Litterbags (10 x 10 cm) were constructed from 1.5 mm mesh fiberglass window 

screen and filled with 3 g of litter. Fiberglass mesh of this size blocks approximately 50% 

of solar radiation. However, larger mesh sizes would have resulted in inadvertent losses 

of litter by wind because of the high wind exposure at our site. Six replicate litterbags 

were placed in a 0.42 m2 area centered within each of the 1.4 m2 plots to minimize edge 

effects of both precipitation and UV. A more detailed description of edge effects is 

provided in Milchunas et al. (2004). Litterbags were held to the ground with 1 cm2 mesh 

hardware cloth and metal turf staples. One litterbag per plot was collected each April and 

October for three years, and the position of each collected litterbag within the plot was 

selected at random. At collection, visible soil and green plants were removed from the 

litterbags. Litter was oven dried at 55°C and weighed. Mass loss of litter was expressed 

as the percent organic matter remaining after correcting for ash content (ash-free dry 

mass). To correct for ash content, a subsample of litter (0.25 g) was ashed for 4 h at 

600°C and the percent ash of the sample was calculated.  

Chemical analysis 

 Prior to being placed in the field and at each collection date, subsamples of litter 

were dried and ground for chemical analysis. Litter was ground with a Wiley mill to pass 

through a 1 mm mesh screen. Cell solubles, hemicellulose, cellulose, and lignin were 

determined by the neutral detergent fiber, acid detergent fiber, and sulfuric acid lignin 

fractionation method (Van Soest et al. 1967). Fiber for the final two collection dates was 



 

determined using the same chemical method with an Ankom Fiber Analyzer (Ankom 

Technology, Macedon, NY). We combined hemicellulose and cellulose fractions as 

holocellulose for statistical analysis, as these fractions are often combined in 

decomposition models because they behave similarly in the decomposition process 

(Moorhead and Sinsabaugh 2006). For analysis of carbon (C) and nitrogen (N) content, 

plant material was milled to a powder and analyzed using an elemental analyzer (Flash 

EA 1112 CNS Analyzer, CE Instruments, Milan, Italy). Fractions of cell solubles, 

holocellulose, lignin, and nitrogen remaining were computed on an ash-corrected mass 

basis as the ratio of the total content at that time to the initial content.  

 

Data analysis 

 Mass loss data from litterbags collected in each plot were fitted to a first-order 

negative exponential function: , where X is the percent organic matter 

remaining at time t, and k is the decomposition constant (y-1). Decomposition rates were 

inverse transformed to improve normality and then analyzed using analysis of variance 

with whole plot error as a random effect using Restricted Maximum Likelihood (REML) 

in JMP software (SAS Institute, Cary, NC, USA). Percent organic matter (ash-free dry 

mass), nitrogen, lignin, holocellulose, and cell solubles remaining were analyzed 

individually as a split-split plot with moisture as a whole plot factor, UV by litter pre-

treatment as the subplot factor, and time as the sub-sub-plot using REML with whole plot 

and sub-plot error as random effects. Since there was a seasonal pattern in the percent 

nitrogen remaining, time was divided into seasons (spring and fall) and year. Data were 

transformed if necessary to achieve a normal distribution.  

kte−= 100X(t)
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Results 

Transmission differences between the two plastic materials (Figure 2-1a) resulted 

in a tent design that effectively blocked or passed UV-B radiation throughout the duration 

of the experiment (Figure 2-1b). The difference in the amount of UV-B radiation between 

UV block and UV pass treatments was more pronounced in the summer months (when 

overall radiation levels were higher) and was less pronounced during the winter months. 

Both UV treatments increased the daily mean temperature beneath the structures by 

approximately 4°C above ambient regardless of season. The precipitation treatments 

resulted in soil moisture that differed significantly between wet and dry throughout the 

growing season (Figure 2-1c). Increases in soil moisture led to a four-fold increase in 

aboveground net primary productivity (Milchunas et al. 2004), and increases of microbial 

biomass C and N by 70% and 80% respectively (p<0.0001). Mean microbial biomass C 

was 55.0 (± 2.9) µg C g-1 dry soil in the wet treatment and 32.4 (±1.6) µg C g-1 dry soil in 

the dry treatment. Microbial biomass N was 6.43 (± 0.39) µg N g-1 dry soil in the wet 

treatment and 3.58 (± 0.18) µg N g-1 dry soil in the dry treatment. In addition, UV 

exposure decreased soil microbial biomass C under wet treatments by 25% 

(UV*precipitation: p=0.005), but had no significant effect on microbial biomass N. There 

was no significant difference in microbial C:N between wet and dry treatments or 

between UV treatments.  

 

Mass loss 

Between 36 and 58% of the organic matter was lost during the 3-year period, 

depending on the treatment. In both litter that had a low (Figure 2-2a) or high initial C:N 



 

  22

ratio (Figure 2-2b), the most dramatic mass loss was over the first summer, when an 

average of 23% of organic matter was lost from the litter. Over the three year period, 

more decomposition occurred during the summer than during the winter on average. The 

wet treatment increased mass loss by 12% relative to the dry treatment (F=62.7487, 

p=0.0002). Litter grown under ambient CO2 also had 10% higher mass loss than litter 

grown under elevated CO2 (F=48.1712, p<0.0001). UV exposure increased mass loss by 

5% averaged over the precipitation and CO2 treatments (F=13.6138, p=0.0007). Time had 

a significant effect on mass loss (F=468.5356, p<0.0001). However, there were no 

significant time by treatment interactions despite significant treatment effects.  

Decomposition rates (k) for the 3-year periods averaged 0.24 y-1, but differed 

widely based on our treatments. The regression lines for k were always significant (mean 

p=0.01) and had an average r2 of 0.78. While there was not a significant 3-way 

interaction between UV, precipitation, and litter type, there were two significant 2-way 

interactions. First, there was a significant UV by litter type interaction (F=4.3129, 

p=0.047, Figure 2-3a). UV exposure increased decomposition rates by 21% in high C:N 

litter but had no effect in low C:N litter. Second, there was a significant 2-way interaction 

between UV and precipitation (F=8.98, p=0.006, Figure 2-3b). UV exposure increased 

decomposition rates by 25% under dry conditions and had no effect under wet conditions. 

When looking at main effects, decomposition rates were significantly higher overall with 

higher UV (F=19.55, p=0.0001), higher precipitation (F=43.2087, p=0.0006), and low 

initial C:N (F=17.65, p=0.0002).  
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Nitrogen dynamics 

 On average, the nitrogen (N) dynamics showed a strong seasonal pattern, with net 

gains over the summer months and losses over winter months. The only exception to this 

pattern was fall of year 1, when we saw a net loss of N over the summer. To simplify 

presentation, the year interaction data are not shown. Due to the seasonal trends and the 

fact that the tents effectively impeded atmospheric N deposition, we attributed any gain 

in N to microbial immobilization. Effects of UV and moisture on N dynamics were seen 

only in the fall, with higher immobilization under wet conditions than dry (Figure 2-4a), 

and higher immobilization under UV block conditions than pass (Figure 2-4b). There was 

no effect of UV or precipitation on N release in spring. In contrast, the effect of litter type 

was only significant in spring, when there was a greater release of N in litter with low 

initial C:N than litter with high initial C:N (Figure 2-4c).  

 At collection dates showing N immobilization, there was a significant positive 

correlation between mass loss and N immobilization in litter with high initial C:N that 

had been decomposed under UV block conditions (r2=0.517, p<0.0001, Figure 2-5a). 

This relationship was not significant in litter that had been exposed to UV radiation or in 

litter with low initial C:N (Figure 2-5b). Analysis of covariance revealed that there was a 

significant interaction between percent mass remaining and UV (F=6.19, p=0.0206) for 

high C:N litter. There was no significant effect of precipitation on the correlation between 

N immobilization and mass loss.  

 

Fiber chemistry 

 Litter differed in initial tissue chemistry (Table 2-1). This was caused by CO2-
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induced effects on species composition and on growth within species (Morgan et al. 

2004). Litter grown under elevated CO2 had a significantly lower concentration of 

soluble carbon compounds and higher concentration of holocellulose. However, litter did 

not differ significantly in initial lignin content. The amount of cell solubles in the litter 

did not change over the course of our decomposition experiment, and did not differ 

significantly between UV or precipitation treatments. During the decomposition process, 

precipitation had the greatest effect on the decomposition of holocellulose, with a greater 

percentage of holocellulose remaining in litter at the end of the three-year period under 

dry conditions (51.2 ± 1.82) compared with wet conditions (39.1 ± 1.95, F=11.96, 

p=0.0007). There was no significant interaction between time and precipitation. In 

addition, there were small, but significant effects of UV radiation and initial chemistry on 

holocellulose decomposition at some collection dates. There was a marginally significant 

UV by time interaction, where UV exposure decreased the holocellulose remaining in the 

litter by approximately 5% at all but one collection date (F=2.18, p=0.0563, Figure 2-6). 

There was also a significant litter type by time interaction, where the effects of initial 

chemistry were more apparent in the beginning than the end of the experiment (F=3.69, 

p=0.0030, data not shown). Finally, there was a marginally significant interaction 

between UV and litter type (F=3.411, p=0.0658). UV exposure increased holocellulose 

degradation more in the high C:N than low C:N litter. Because of unequal variances and 

differences in sample processing techniques, only the first four collection dates were 

analyzed for percent lignin remaining. The percent lignin remained relatively constant 

after an initial increase in which the absolute amount of lignin in the litter doubled. This 

increase in percent lignin could be caused by a buildup of recalcitrant microbial by-
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products. The percent lignin remaining in the litter was not affected by exposure to UV 

radiation. The only significant treatment effect on the lignin fraction was precipitation; 

the percent lignin remaining increased under wet conditions by 8.7% relative to dry 

conditions.  

 

Discussion  

Our study shows that precipitation, litter chemistry, and UV radiation all are 

important drivers in the decomposition process in Colorado shortgrass steppe. Of the 

three, precipitation appears to be the most important factor regulating decomposition in 

this semiarid ecosystem. This is in agreement with previous studies in shortgrass steppe 

ecosystems (McCulley et al. 2005, Yahdjian et al. 2006) that found a significant positive 

correlation between decomposition rates and precipitation. While this may seem intuitive, 

most correlative models between decomposition rates and precipitation do not include 

values of mean annual precipitation below 300 mm y-1 (e.g. Austin and Vitousek 2000, 

Epstein et al. 2002). It is not clear whether correlations made for more mesic systems 

hold true in more arid systems such as ours (321 mm y-1). In a manipulative study using 

rain-out shelters, Yahdjian et al. (2006) found that precipitation was positively correlated 

with decomposition but only explained 31% of the variation in the data when holding 

temperature, site, and litter chemistry constant. This result indicates that although 

precipitation is an important driver in shortgrass steppe ecosystems, it cannot fully 

explain patterns in decomposition.  

Second to precipitation, our study also shows that litter chemistry plays an 

important role in decomposition in this system. Gholz et al. (2000) reported a 
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decomposition rate of 0.21 y-1 for Drypetes glauca leaves (% N=1.97) and 0.10 y-1 for 

Pinus resinosa leaves (% N=0.59) at this site. These values are similar to what we 

observed between our different litter chemistries for our dry treatments, which ranged 

from 0.15 to 0.24 y-1. Hunt et al. (1988) reported a mass loss of 15% over one year of 

decomposition for Bouteloua gracilis (a litter with relatively high initial N content) 

compared with a mass loss of 11% for Andropogon smithii and 5% for Pinus contorta in 

this system (litters with relatively low initial N content). Although percent mass loss over 

the first year was higher overall in our treatments, the contrast in mass loss between litter 

chemistries is similar.  

The third factor in our study, UV radiation, appeared to be the least important 

driver in decomposition. This result is in contrast to the findings of Austin and Vivanco 

(2006), who found solar radiation to be the most important factor in decomposition in 

Patagonian steppe. There are several possible reasons for the lack of agreement between 

these studies. First, our litterbags blocked 50% of solar radiation, while Austin and 

Vivanco used specialized boxes that allowed the litter to be completely exposed. 

Therefore, our results likely underestimate the role of UV radiation by roughly 50%. If 

we double the effects of UV radiation we observed in our study, our results become more 

similar to those observed by Austin and Vivanco, especially in our dry treatment. Second, 

it appears that the litter was not shaded by the plant canopy in the Austin and Vivanco 

study, whereas plant canopy cover in addition to the litterbags probably further reduced 

the effect of UV radiation in our study. This is particularly true for the wet treatment 

where primary production in separate plots was four times greater than in a similar dry 

treatment (Milchunas et al. 2004) and the quantity of plant tillers growing through the 



 

  27

litterbags was noticeably greater during collections. Third, Austin and Vivanco observed 

the largest difference in mass loss when they manipulated all wavelengths. They saw 

smaller effects when they only manipulated UV-B radiation. Since we only manipulated 

UV-A and B and not total radiation, it is difficult to assess whether our results should be 

more similar to the effects of UV-B alone or total radiation. Finally, and most 

importantly, the Patagonian steppe environment was considerably more arid than our 

system, with a mean annual precipitation of 152 mm compared with a mean annual 

precipitation of 321 mm for our site. As we found that UV radiation effects were greater 

under dry conditions, this difference in aridity could explain the differences in our results.  

Our results are more similar to other studies that found more moderate positive 

effects of UV radiation on decomposition. Using litterbags, Rozema et al. (1997) found 

that a 33% greater UV-B exposure increased the decomposition of Calamagrostis 

epigeios litter in a dune grassland by approximately 5-10%. In the same system, however, 

Verhoef et al. (2000) did not find any significant effect of UV-A or UV-B radiation on 

decomposition of a mixture of two graminoid species despite using litterbags of a larger 

mesh size that allowed more light to penetrate to the litter layer. Verhoef et al. (2000) 

speculated that the difference in findings between these two studies could be due to slight 

differences in UV dose, litter composition, litter age, and duration of the experiment. This 

difference points out that even in the same system, the role of UV radiation in the 

decomposition process may vary with conditions or substrates. Two UV-B exclusion 

studies in very different systems have also found small positive effects (Pancotto et al. 

2005, Day et al. 2007). In a sub-Antarctic system, Pancotto et al. (2005) found a 

marginally significant UV-B effect on Hordeum vulgare litter decomposition, where UV-



 

  28

B exposure increased mass loss by approximately 10%. In Sonoran Desert, Day et al. 

(2007) also found small increases (3-4%) in mass loss over a 4-5 month period when they 

manipulated UV-B by roughly 80% without any impediment by litterbags. Although this 

was an arid site and there was no litterbag effect, the small increases could be because the 

study was of short duration and only during the winter months when solar radiation is 

relatively low.  

Our results are in sharp contrast to a number of other studies that found increased 

UV-B radiation either did not affect decomposition or decreased decomposition because 

of effects on the microbial community (Gehrke et al. 1995, Newsham et al. 1997, Duguay 

and Klironomos 2000, Moody et al. 2001, Pancotto et al. 2003). The interaction between 

UV radiation, litter chemistry, and precipitation might explain some of the variation in 

results of previous studies on the direct effects of UV radiation on decomposition. As 

previous work has suggested, UV effects on decomposition may be greater in arid and 

semiarid systems where the faunal component of decomposition is minimized by the 

harsh abiotic environment and photodegradation is maximized by lack of canopy 

interception (e.g. Pancotto et al. 2005, Austin and Vivanco 2006). We also observed 

greater effects of UV radiation on high C:N plant tissue, presumably because it is 

relatively less susceptible to microbial breakdown. Therefore, it is possible that 

differences in litter types among different UV studies could also explain differences in 

the results. Finally, it is also difficult to compare among these studies because many 

studies manipulated different wavelengths (UV-B only or UV-A and B), had different 

relative intensities between their treatment and controls, or used different methodologies 

in manipulation (exclusion vs. supplementation).  
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Our results demonstrate that the effects of UV radiation exposure on 

decomposition are highly dependent upon interactions with precipitation, as greater 

effects of UV radiation were observed under dry treatments than wet treatments. 

Precipitation may be interacting with UV effects in two ways. First, increased 

precipitation increases plant cover, which in turn decreases the amount of UV radiation 

reaching the litter layer. In plots separate from our litter-bag plots but receiving the same 

amounts of simulated precipitation during one-year intervals, aboveground net primary 

production was 167 g m-2 yr-1 in the wet treatment versus 43 g m-2 yr-1 in the dry treatment 

(Milchunas et al. 2004). Thus, we would expect a larger effect under dry treatments 

because there would be a greater contrast in UV caused by lower vegetation cover under 

dry conditions. Second, increased precipitation increases microbial growth and activity. 

In treatments where there was higher precipitation, there may have been confounding 

effects of UV radiation on microbial decomposition. This result is further complicated by 

the fact that UV radiation is known to affect the microbial community by lowering 

species activity or abundance, usually leading to an overall reduction in the contribution 

of microbial decomposition (Duguay and Klironomos 2000, Pancotto et al. 2003). 

Therefore, under wet treatments where the microbial component of decomposition is 

high, UV radiation may have a simultaneous effect of decreasing microbial 

decomposition while increasing photodegradation, thus obscuring our ability to perceive 

effects on overall decomposition rates. Under dry treatments, the microbial component of 

decomposition is already low, and any negative effect of UV radiation on microbial 

decomposition would be relatively small. Therefore, under dry conditions the 

predominant effect of UV exposure would be to increase photodegradation.  
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We used plant litter grown under two CO2 conditions to examine the interaction 

between UV radiation and litter chemistry (fiber quality and C:N ratios). However, our 

results also have interesting implications for changes in decomposition rates induced by 

growth in an elevated CO2 environment. Litter grown under elevated CO2 decomposed 

13% slower overall than litter grown under ambient CO2. These results support 

conventional understanding of the controls on rates of decomposition (that higher C:N 

litter decomposes more slowly because microbial decomposition is N limited). We 

observed differences in decomposition rates that were more pronounced than observed in 

other grassland studies using CO2-enriched litter (Dukes and Hungate 2002). A 

significant interaction between CO2-induced differences in initial litter chemistry and UV 

exposure points out that the CO2 effects on decomposition are more complex. CO2 

enhancement negatively affected decomposition rates much more strongly when litter 

was not exposed to UV radiation, reducing rates by 20%. In contrast, CO2 enhancement 

reduced decomposition rates by only 6% when litter was exposed to UV radiation. 

Because CO2 enhancement increases plant productivity and plant canopy cover in this 

system (Morgan et al. 2004), it is likely that plant litter will be less exposed to UV 

radiation with higher atmospheric CO2. The results suggest that decomposition rates may 

be significantly reduced under CO2 enhancement due to a simultaneous reduction in 

photodegradation from increased canopy cover and decreased microbial decomposition 

from decreased litter N. Thus, long-term effects of CO2 on nutrient cycling may depend 

strongly on the balance between biotic and abiotic decomposition.  

It is also important to note that the increase in decomposition with UV exposure 

occurred despite a decrease in N immobilization in the litter. Under UV block conditions, 



 

  31

decomposition of high C:N litter (elevated CO2) was correlated with an increase in N, 

suggesting an increase in microbial N immobilization. However, this correlation was lost 

when litter was exposed to UV radiation. The most likely explanation for this 

phenomenon is that increases in decomposition rate with exposure to UV are primarily a 

result of photodegradation (an abiotic process) rather than increased microbial 

decomposition. Photodegradation could explain why results of the long-term intersite 

decomposition (LIDET) experiment show that N immobilization is not correlated with 

litter mass loss in arid grassland systems, despite the fact that there is a consistent 

relationship between these two variables in the majority of ecosystems when litter has a 

sufficiently low initial N concentration (Parton et al. 2007). This finding is also in 

agreement with Yahdjian et al. (2006), who found no immobilization of N in litter that 

received reduced precipitation in a semi-arid ecosystem. Another possible explanation is 

that changes in UV and precipitation could lead to changes in microbial C:N (Johnson et 

al. 2002). However, we did not observe any changes in soil microbial C:N in our study. 

In addition the results of the Johnson et al. study have been questioned by others (Stark 

and Hart 2003), and other studies have found no effect on microbial C:N or total 

microbial biomass (Rinnan et al. 2005).  

 The effects of UV radiation on the degradation of particular carbon fractions in 

the litter are less clear. The presence of UV radiation slightly increased mass loss of the 

holocellulose fraction in the litter. Our observed effect of UV on this fraction is 

consistent with Rozema et al. (1997), who found an increase in mass loss of the 

hemicellulose fraction with exposure to heightened UV-B. Increased degradation of the 

cellulose fraction with UV exposure observed in this study lends support to the 
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mechanism proposed by Schade et al. (1999) that cellulose is also susceptible to 

photodegradation. The fact that we saw no effect on the lignin fraction is surprising, as 

lignin is believed to be the most photochemically reactive in the UV range (Moorhead 

and Callaghan 1994), and previous studies have found significant reductions in the lignin 

fraction (Gehrke et al. 1995, Rozema et al. 1997, Day et al. 2007). However, the initial 

lignin concentration of our litter was relatively low (~6%), so small differences would be 

difficult to detect, especially using a proximate analysis. 

 Our results show that UV radiation plays a significant role in decomposition in 

shortgrass steppe via photodegradation, but the relative contribution of photodegradation 

in the decomposition process depends on both the aridity of the system and the chemistry 

of the litter being decomposed. Therefore, our results support the hypothesis raised in 

previous studies (Pancotto et al. 2005, Austin and Vivanco 2006, Zepp et al. 2007) that 

the role of photodegradation is dependent on the balance between abiotic and biotic 

drivers in the decomposition process. This balance can shift between arid and more mesic 

ecosystems, but can also shift in the same ecosystem between wet and dry years and with 

changes in litter chemistry caused by environmental changes such as increased levels of 

atmospheric carbon dioxide.  
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 Table 2-1. Mean and standard error (n=7) of initial chemistry for senesced litter grown 

under ambient (360 ppm) or elevated (720 ppm) CO2. P-values from a 2-tailed t-test are 

shown.  

  Litter Pre-treatment   

Parameter Ambient CO2 Elevated CO2 P 

% C 39.08 ± 0.31 39.07 ± 0.11 0.973 

% N 0.823 ± 0.023 0.637 ± 0.013 <0.001 

% Solubles 31.35 ± 0.32 28.98 ± 0.28 <0.001 

% Holocellulose 62.18 ± 0.31 64.84 ± 0.28 <0.001 

% Lignin 6.47 ± 0.11 6.18 ± 0.09 0.072 

C:N 47.73 ± 1.60 61.48 ± 1.24 <0.001 

Lignin:N 7.90 ± 0.31 9.73 ± 0.25 0.001 
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Figure 2-1. a) Percent transmission of solar radiation through Solacryl (UV pass 

treatment) and Lexan (UV block treatment). b) Mean daily biologically effective UV-B 

(UV-BBE) under ambient conditions (UV pass) and reduced UV conditions (UV block). 

Mean and standard error shown. c) Volumetric soil moisture content over the first 

growing season under wet and dry treatments.  
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Figure 2-2. Percent organic matter (ash-free dry mass) remaining over time. Litter of 

contrasting C:N was decomposed under one of 4 factorial combinations of UV (UV pass, 

UV block) and precipitation (wet, dry). a) Low C:N litter b) High C:N litter. Means of 7 

blocks (± standard error) shown. 
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Figure 2-3. Effect of UV on decomposition rates (k, y-1) in Colorado for 3 years. Litter 

was screened from UV (block) or exposed to UV (pass). Letters indicate significant pair-

wise differences (Tukey’s HSD). n.s.: not significant. Standard error shown. a) Effect of 

UV on decomposition rate of litter with high or low initial C:N, averaged over the 

precipitation treatments (n=14, UV*Litter Type: p=0.0468). b) Effect of UV on 

decomposition rate of litter decomposed under wet or dry treatments, averaged over litter 

chemistries (n=14, UV* Precipitation: p=0.0055).  
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Figure 2-4. Litter nitrogen (% of initial) averaged over three years for spring and fall 

collection dates. Values over 100% indicate immobilization. Fall of year 1 was excluded 

from the calculations because of a lack of immobilization over that period. a) Effect of 

UV averaged across precipitation scenarios and litter types (n=28, UV*Season: p= 

0.0007). b) Effects of litter type averaged across UV and precipitation treatments (n=28, 

Litter Type*Season: p=0.0303). c) Effects of precipitation averaged across UV treatments 

and litter types (n=28, Precipitation*Season: p<0.0001). Letters indicate significant pair-

wise differences (Tukey’s HSD). Standard error shown. 
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Figure 2-5. Relationship between litter mass loss (ash-free dry mass) and litter nitrogen 

(percent of initial). Dashed lines indicate correlation was not significant. a) High C:N 

litter. The correlation was not significant for UV Pass treatments but was significant for 

the UV block treatment (r2=0.517, p<0.0001). b) Low C:N litter. The correlation was not 

significant for UV block or UV pass treatments. 
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Figure 2-6. Effect of UV on percent holocellulose remaining in the litter over time, 

averaged over precipitation and litter type (n=28). Means and standard error are shown.  
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 Photochemically-induced carbon dioxide production as a mechanism for carbon 

loss from plant litter in arid ecosystems* 
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Summary 

We investigated the potential for abiotic mineralization to carbon dioxide (CO2) via 

photodegradation to account for carbon (C) loss from plant litter under conditions typical 

of arid ecosystems. We exposed five species of grass and oak litter collected from arid 

and mesic sites to a factorial design of ultraviolet (UV) radiation (UV pass, UV block), 

and sterilization under dry conditions in the laboratory. UV pass treatments produced 10 

times the amount of CO2 produced in UV block treatments. CO2 production rates were 

unaffected by litter chemistry or sterilization. We also exposed litter to natural solar 

radiation outdoors on clear, sunny days close to the summer solstice at mid-latitudes, and 

found that UV radiation (280-400 nm) accounted for 55% of photochemically-induced 

CO2 production, while shortwave visible radiation (400-500 nm) accounted for 45% of 

CO2 production. Rates of photochemically-induced CO2 on a per unit mass basis 

decreased with litter density, indicating that rates depend on litter surface area. We found 

no evidence for leaching, methane production, or facilitation of microbial decomposition 

as alternative mechanisms for significant photochemically-induced C loss from litter. We 

conclude that abiotic mineralization to CO2 is the primary mechanism by which C is lost 

from litter during photodegradation. We estimate that CO2 production via 

photodegradation could be between 1 and 4 g C m-2 a-1 in arid ecosystems in the 

southwestern USA. Taken together with low levels of litter production in arid systems, 

photochemical mineralization to CO2 could account for a significant proportion of annual 

carbon loss from litter in arid ecosystems.  
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Introduction 

Decomposition is the primary process by which carbon and nutrients are cycled between 

plants, soil, and the atmosphere. Therefore, understanding controls on litter 

decomposition is essential to understanding the global carbon (C) cycle. While extensive 

research on litter decomposition in a variety of ecosystems has elucidated the factors that 

contribute to global variation in decomposition and nutrient cycling (Gholz et al. 2000; 

Parton et al. 2007), decomposition in arid ecosystems does not fit these global patterns, 

occurring more rapidly than predicted by precipitation and temperature. As arid 

ecosystems cover approximately one third of Earth’s land area (Deichmann and Eklundh 

1991), it is important that we understand controls on decomposition in these systems. A 

growing body of evidence demonstrates that photodegradation, the breakdown of 

chemical compounds by solar radiation, plays a significant role in the decomposition of 

surface litter in arid ecosystems (Austin and Vivanco 2006; Gallo 2006; Brandt et al. 

2007; Day et al. 2007). This abiotic process can account for up to 60% of litter mass loss 

in semi-arid systems (Austin and Vivanco 2006). However, the mechanisms for this mass 

loss remain unclear. There are several mechanisms by which C could be lost via 

photodegradation leading to litter mass loss: 1.) facilitation of microbial decomposition 

from changes in litter chemistry; 2.) increased leaching losses of dissolved organic matter 

from changes in litter solubility; and 3.) photochemical mineralization of the litter. 

One possible explanation for mass loss via photodegradation is that 

photochemical transformations of organic matter could make litter more available to the 

decomposer community. Extensive research in aquatic systems has shown that 

photochemical transformation of dissolved organic matter (DOM) can have negative or 
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positive effects on biological decomposition (see Wetzel et al. 1995; Amon and Benner 

1996; Anesio et al. 1999b; Amado et al. 2007). Research on DOM has found primarily 

positive effects of photodegradation on microbial decomposition when DOM is plant-

derived (Tranvik and Bertilsson 2001). Therefore, one could hypothesize that effects of 

photodegradation on microbial decomposition of terrestrial litter would also be positive.  

However, levels of microbial activity in arid systems are relatively low, and 

recent research in arid and semi-arid systems does not support this hypothesis. In a study 

in a semi-arid system in New Mexico, Gallo et al. (2006) examined simultaneous effects 

of photodegradation and exposure to solar radiation on microbial extracellular enzyme 

activities. Enzyme activity per unit litter mass was unaffected by solar radiation, and 

effects on enzyme efficiency were positive or negative depending on litter type, 

suggesting no clear effect through facilitation. Austin and Vivanco (2006) observed the 

same patterns of litter mass loss via photodegradation with and without the addition of 

biocides in a semi-arid steppe. While it is possible that the microbial community was not 

completely eliminated under field conditions, it was at least significantly reduced, 

suggesting that effects were not due to microbial facilitation. In addition, Brandt et al. 

(2007) showed that effects of photodegradation were higher under dry conditions when 

microbial activity was lower. Finally, recent research has shown that exposure to 

ultraviolet (UV) radiation can have direct negative effects on soil microbial communities 

in arid ecosystems (Belnap et al. 2008). Therefore, it seems likely that the primary 

mechanism by which photodegradation increases litter mass loss in arid ecosystems is 

abiotic. 
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There are two major abiotic mechanisms for C loss via photodegradation: 

increased leaching losses and photochemical mineralization. First, photochemical 

transformation of organic molecules in the litter can increase litter solubility, leading to 

increased leaching losses of dissolved organic carbon (DOC) (Gehrke et al. 1995; 

Vähätalo et al. 1998; Anesio et al. 1999b; Gallo et al. 2006). Simultaneous leaching and 

exposure to solar radiation can lead to increased DOC loss rates from litter up to four 

times those in the dark (Vähätalo et al. 1998). It is highly likely that increased leaching 

via photodegradation accounts for a substantial fraction of the litter mass that is lost in 

arid systems, as abiotic losses including leaching can account for up to 40% of litter mass 

loss early in the decomposition process in arid systems (Vossbrinck et al. 1979). 

However, it is unclear whether these losses can account for all of the litter mass loss via 

photodegradation. In addition, linear patterns of decay observed in arid systems (Austin 

and Vivanco 2006) do not follow the patterns expected if these losses were due to 

leaching alone. If leaching losses were the primary mechanism, we would expect short 

periods of rapid mass loss that correspond to large precipitation events. In contrast, a 

linear pattern of decay would indicate a constant mass loss over time incongruent with 

large precipitation events.  

In addition to leaching losses, photodegradation can lead to mineralization of 

organic matter to inorganic compounds. Research has demonstrated that carbon 

monoxide (CO) can be produced by photodegradation of both DOM in water (Valentine 

and Zepp 1993) and leaf litter in the air (Tarr et al. 1995; Schade et al. 1999). Recent 

research also indicates that trace amounts (7-50 ng CH4 g-1 h-1) of methane (CH4) can be 

released from plant litter in air by photochemical mechanisms (Vigano et al. 2008). In 
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aquatic systems, however, the majority of inorganic carbon lost via photochemical 

mechanisms is as dissolved inorganic carbon (DIC, i.e. the sum of inorganic carbon 

species CO2, H2CO3, HCO3
1-, and CO3

2−) which is estimated to be 20 times greater than 

CO losses (Miller and Zepp 1995). In the absence of water, this flux would occur as CO2. 

Little is known about the contribution of photodegradation to CO2 production in 

terrestrial systems. Only one previous study, using leaf litter of three aquatic macrophyte 

species, has demonstrated that CO2 can be produced via photodegradation of dried leaves 

in the air (Anesio et al. 1999a). However, the factors controlling rates of photochemical 

CO2 production remain unknown.  

It is possible that photochemical CO2 production depends on plant litter 

chemistry. Research examining the role of photodegradation in litter decomposition in the 

field has shown that exposure to UV radiation leads to a decrease in litter lignin content 

(Rozema et al. 1997; Day et al. 2007). Lignin molecules contain regions that absorb 

ultraviolet radiation and are well known to be photochemically reactive (see Moorhead 

and Callaghan 1994 and references therein). Therefore, one would expect that litter with 

a higher initial lignin concentration may produce photochemically-derived CO2 at a 

higher rate. Other evidence suggests that leaf surface area may be a more important 

driver than litter chemistry (Anesio et al. 1999a; Gallo 2006), as photochemical reactions 

can only occur on surfaces exposed to radiation. To date, there is insufficient information 

to determine whether litter chemistry, surface area, or both are important in driving 

photochemical CO2 production.  

Previous research suggests that ultraviolet as well as visible wavelengths may be 

responsible for photochemical CO2 production. Granéli et al. (1998) found that ultraviolet 

http://en.wikipedia.org/wiki/Carbon
http://en.wikipedia.org/wiki/Oxygen
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(UV, 280-400 nm) wavelengths accounted for about 56% and photosynthetically active 

radiation (PAR, 400-700 nm) accounted for about 44% of DIC production from 

photodegradation of DOM. This research points out that although UV radiation accounts 

for a small percentage of the total energy in the solar spectrum (approximately 7%, 

depending on season), it plays a large role in photochemical reactions. Research on total 

mass loss of litter in the field shows that wavelengths greater than 320 nm may make an 

important contribution to photodegradation (Austin and Vivanco 2006). Further research 

is needed, however, to clarify whether it is UV-A (320-400 nm) or PAR radiation that is 

driving these patterns and whether these patterns reflect a direct loss of carbon as CO2.  

The objective of our research was to quantify the importance of photochemically-

induced CO2 production as a mechanism for litter mass loss in terrestrial ecosystems. We 

hypothesized that CO2 production would depend on: 1.) litter chemistry, 2.) the amount 

of surface area of litter exposed, and 3.) radiation wavelength and intensity. We 

hypothesized that photochemically-induced CO2 production would be higher from litter 

with higher lignin concentrations and that production would increase with the proportion 

of surface area exposed. We hypothesized that photochemical production of CO2 from 

litter in air would depend on both ultraviolet and visible wavelengths of radiation and that 

these fluxes should increase with increasing radiation dose. In order to test our 

hypotheses, we conducted a series of controlled experiments under natural and artificial 

radiation conditions to measure photochemically-derived CO2. In addition, we 

investigated the relative importance of this mechanism compared to increased C losses 

from leaching and microbial facilitation. 
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Methods 

Litter collection and preparation 
 
The primary purpose of our experiments was to elucidate the mechanisms by which 

carbon could be lost via photodegradation in arid ecosystems. As a representative arid 

system, we chose Chihuahuan Desert Grassland at Sevilleta National Wildlife Refuge 

(NWR), New Mexico (34.21°N, 106.41°W). The site receives high levels of radiation due 

to its high elevation (1600 m), low cloud cover, and low-statured vegetation. It is 

dominated by Bouteloua gracilis and Bouteloua eriopoda, two short, C-4 grasses. We 

collected standing dead litter from these two dominant species in March, dried it in paper 

bags, and shipped it to the University of Minnesota, St. Paul Campus (44.93°N, 93.05°W) 

for our experiments. As a secondary question, we were interested in understanding 

controls of litter chemistry on photochemical CO2 production. To address this question, 

we collected litter locally in Minnesota to encompass a wide range of litter chemistries. 

We chose two oak species, Quercus macrocarpa and Quercus ellipsoidalis, and two grass 

species, Andropogon gerardii and Bouteloua gracilis. We collected freshly fallen oak 

litter locally in St. Paul in October and air-dried it in paper bags. We collected grass litter 

from planted monocultures located in Princeton, MN (45.61°N, 93.58°W) in late October 

following senescence. Because the litter was slightly damp upon collection, we 

immediately oven dried it at 35°C for 7 days or until it reached a constant weight. We 

collected B. gracilis litter from both New Mexico and Minnesota to test whether 

conditions under which litter was grown had any effect on photochemical CO2 

production.  
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 We sorted the litter by species and removed seed heads, roots, and any other 

extraneous material so that only leaf and stem material remained for our experiments. We 

then coarsely ground each species through a Thomas-Wiley Mini-mill (Thomas 

Scientific, Swedesboro, NJ) to pass through a 2 mm screen and homogenized the material 

by shaking. We ground the litter to standardize for differences in leaf shape among 

species and obtain a relatively flat surface for exposure in our microcosms. It is possible 

that grinding might have affected the photoreactivity of the litter, but we assumed this 

effect was minimal. We determined differences between species in initial litter fiber 

characteristics using the forage fiber technique (Van Soest 1967). Ground samples (1 mm 

mesh) were subjected to sequential acid digestions to quantify cell soluble, hemicellulose, 

cellulose, and lignin concentrations using an ANKOM fiber analyzer (ANKOM 

Technology, Macedon, NY). We further ground subsamples of initial litter to a powder 

by ball milling and analyzed for total C and N using an elemental analyzer (Elementar, 

Mt. Laurel, NJ). Litter differed in initial chemistry, especially between oak and grass 

species (Table 3-1). 

 

Experiment 1: Species effects on carbon dioxide fluxes over 10 weeks 
 

In our first experiment, we addressed the effects of litter type, sterilization, UV exposure, 

and exposure time on photochemically-induced CO2 fluxes using microcosms in the lab. 

We designed microcosms following the design of Gehrke et al. (1995). Wide-mouth glass 

canning jars (Mason jars; either 500 ml or 250 ml depending on the experiment) were 

fitted with 8 cm diameter, 0.32 cm thick clear plastic lids made of either UV-transparent 
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acrylic (UV pass, which passes 90% of all wavelengths of radiation, including UV-A and 

UV-B, Solacryl SUVT®, Spartech Polycast, Stamford, CT) or polycarbonate (UV block, 

which passes 90% of PAR but eliminates 90% of UV-A and UV-B, optically equivalent 

to Lexan XL-1®, GE, Pittsfield, MA). The sides of the microcosms were covered on the 

outside with aluminum foil to eliminate diffuse radiation from the sides. A small butyl 

rubber septum was fitted at the edge of each lid for headspace sampling. After the jars 

were filled with litter, lids were sealed to the jars with clear silicone caulk and allowed to 

cure for at least 24 hours prior to the experiments. The caulk was protected from light 

exposure with jar lid rings. When the silicone had cured, we flushed the jars with a high-

purity compressed air mixture (Scott Specialty Gases, Plumsteadville, PA) that closely 

resembled ambient outside air in order to eliminate volatile organic compounds released 

from the silicone during the curing process and to obtain a consistent atmosphere among 

microcosms. To account for any photodegradation of the plastic materials used in the 

design, empty microcosms of both UV treatment types containing no litter were included 

as blank controls.  

To eliminate microbial activity, we sterilized half of the dried, ground litter by 

autoclaving at 121°C for 30 minutes. The litter was immediately removed from the 

autoclave upon completion of the cycle and placed in a drying oven at 55°C. We chose 

autoclaving to avoid any confounding effects chemical biocides may have on the 

photodegradation process. To determine the effectiveness of autoclaving over several 

weeks, we set up a factorial experiment of sterilization (autoclaved and un-autoclaved) 

and litter species (A. gerardii and B. gracilis) and placed the litter on trays in a constant 

temperature room (20°C) for three weeks. After the three-week period, we determined 
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bacterial and fungal colonization by extracting 150 mg litter in 100 ml of sterile DI water 

for 30 minutes followed by serial dilution plating on oatmeal agar that contained either a 

fungicide (cyclo-poly-pen) or bactericide (novobiocin). Although culturing presents a 

biased view of the microbial community, we believe that this method was a good proxy 

for determining the effectiveness of sterilization. We counted colony-forming units 

(CFUs) after incubation at 25°C for 3 days. Microbial colonization was not observed in 

autoclaved litter even after 3 weeks, and autoclaving was determined to be an effective 

sterilization method. 

We filled each microcosm with 1 g of one of the six litter types described above 

(1 g was the minimum to completely cover the bottom of the jar). A full factorial of litter 

type, sterilization, and UV treatment (UV block, UV pass) was arranged in a randomized 

incomplete block design. Three replicates of each factorial combination plus blank 

controls (78 microcosms total) were placed 25 cm below twelve Q-panel UV-A 340 

lamps (Cleveland, OH; hereafter, referred to as UV lamps) in a constant temperature 

room (20°C) and irradiated continuously for a 10-week period. The UV lamps have a 

peak emission at 340 nm, with cutoffs at 295 and 400 nm, closely following the UV 

portion of the solar spectrum. We chose these lamps because they have been used 

previously in similar studies (Anesio et al. 1999a) and are effective for irradiating a large 

number of samples simultaneously. The disadvantage of these lamps is that they emit 

minimal amounts of PAR, which has been shown to be important in photodegradation of 

DOM (Granéli et al. 1998; Anesio et al. 1999a). We measured spatial variation in 

radiation received by measuring broadband UV-A and UV-B using a UV radiometer 

(UV-X, UV Products, Upland, CA) with separate sensors. The UV-B sensor (UVX-31) 
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was calibrated at 310 nm with a spectral response curve encompassing 260-370 nm. The 

UV-A sensor (UVX-36) was calibrated at 365 nm with a spectral response curve 

encompassing 300-400 nm. Samples were placed only in the areas that were determined 

to be spatially uniform and received approximately 5 W m-2 UV-B and 9 W m-2 UV-A, 

which corresponds to radiation intensity levels measured on the rooftop at both mid-

morning and mid-afternoon on clear, sunny days near the summer solstice in St. Paul, 

MN.  

We also monitored temperature every 2 hours by placing small datalogging 

temperature sensors (Ibutton, Maxim Integrated Products, Sunnyvale, CA) in the empty 

control jars to determine whether the lids affected temperature differently. We did not 

place the temperature sensors in the jars with litter as the sensors would have partially 

blocked the litter from solar radiation. It is possible that temperatures in the empty jars 

differed slightly from jars with litter, as litter would change the absorption of solar 

radiation. However, we would expect this effect to be the same under both UV 

treatments.  

Prior to being placed under the lamps and at each sample date, a 7 ml headspace 

sample was collected from each jar and injected into a gas chromatograph (GC, 

Shimadzu 14-A, Kyoto, Japan) with a thermal conductivity detector to analyze for CO2 

concentration. Headspace was sampled after 24 hours, then approximately every two to 

three days for the first three weeks, and approximately once weekly thereafter. In total, 

microcosms were sampled 15 times over the 10-week period. CO2 concentrations were 

calculated using a standard curve generated from five CO2 standards (Airgas, Radnor, 

PA) that bracketed the range of concentrations observed from our samples. We 
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determined the mass of C lost as CO2 by converting CO2 concentration to grams CO2-C 

using the ideal gas law and measurements of ambient environmental conditions. We 

allowed CO2 to accumulate in the headspace in order to more easily discern differences 

between treatments as fluxes were relatively low. We flushed the jars once over the 10-

week period (at 7 weeks) in order to determine whether the accumulation of 

photoproducts in the headspace was affecting rates of CO2 accumulation over time. At 

the end of the 10-week period, we also analyzed headspace for methane (CH4) 

accumulation using a GC fitted with a flame ionization detector.  

 At the end of the experiment, we weighed the litter to determine any mass loss not 

attributable to CO2. We then examined treatment effects on leaching losses of C and N. A 

100 mg subsample from each microcosm was leached in 50 ml sterile tap water for 24 h 

at 4°C. We used tap water as it more closely resembles the ionic concentration of natural 

rainwater. After the 24 hour period, the leachate was passed through a pre-combusted 

Whatman GF/F filter and kept frozen prior to analysis on a total organic carbon/total 

nitrogen autoanalyzer (Shimadzu TOC-VCPN). We analyzed our leached samples and tap 

water blanks for total non-purgeable organic carbon and total nitrogen. We did not 

analyze samples from before the experiment because all samples were taken from the 

same pool prior to the experiment, and we were only interested in treatment effects. 

Average TOC/TN concentration in the tap water was subtracted from the samples prior to 

statistical analysis.  

 

Experiment 2: Effects of wavelength and radiation intensity  
 



 

  54

In a second experiment, we determined which wavelengths were responsible for 

photochemically-induced CO2 production using natural radiation on the roof of our 

building at the University of Minnesota, St. Paul Campus (44.93°N, 93.05°W). We 

selected clear sunny days close to the summer solstice (June 21) in order to estimate the 

maximum potential for photodegradation in the region. For this experiment, we used 2 g 

sterilized litter of B. gracilis collected in Minnesota. We filled 250 ml wide-mouth jars 

with 2 g of litter. We chose smaller jars than in the previous experiment in order to 

reduce shading from the sides. All jars were fitted with UV pass lids as described above. 

In order to manipulate wavelength, we added cutoff filters above the lids that blocked all 

radiation below a specific wavelength (Figure 3-1). In one trial, we used filters to 

determine the relative importance of UV-A, UV-B, and PAR. Three replicates of 

microcosms with and without litter were used for each wavelength range. Each 

microcosm without litter also contained a temperature datalogger as in the previous 

experiment. Microcosms were placed on the roof for a 3-day period of consecutive clear 

sunny days from June 29 to July 1, 2007. Microcosm headspace samples were collected 

at 0, 24, 48, and 72 h and were analyzed for CO2 concentration on the GC as described 

above. Ambient solar radiation was monitored continuously using a broadband 

pyranometer (Licor, Lincoln, NE). Mean solar radiation for that period was 28 MJ m-2 d-1. 

We also measured UV-A and UV-B periodically to compare to experiment 1 above. After 

determining that PAR made a large contribution to photochemically-induced CO2 flux, 

we conducted a second trial using additional cut-off filters to manipulate 100 nm 

wavebands within the PAR range at a later clear sunny day (July 12). Solar radiation for 

this day was 20 MJ m-2 d-1.  
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Experiment 3: Influence of litter density on CO2 fluxes 

We hypothesized that only litter that was directly exposed to solar radiation would 

produce photochemically-derived CO2. Therefore, as litter density increased, we expected 

that the amount of photochemically-induced CO2 production per unit mass of litter would 

decrease. To test this hypothesis, we filled 500 ml jars with 1, 2, 3, 4, and 5 g of sterile B. 

gracilis litter collected in Minnesota, which corresponded to litter densities of 

approximately 260, 520, 780, 1040 and 1300 g m-2, respectively. The lower bound of 

litter density (260 g m-2) was chosen because this was the minimum density required to 

completely cover the bottom of the jar, ensuring a consistent surface area across samples. 

Three replicates of each density treatment were fitted with either UV pass or UV block 

lids as described above, with three replicate empty microcosms of each radiation 

treatment as a control. We placed litter under UV lamps as in experiment 1 and measured 

CO2 accumulation in microcosm headspace four times over a 17-day period as described 

previously.  

 

Experiment 4: Facilitation of microbial decomposition 
 
We examined whether photodegradation of litter would facilitate subsequent 

heterotrophic decomposition by measuring soil respiration after pre-treated litter was 

buried in the soil. This design was similar to experiment 1 above using a factorial design 

of litter type, sterilization, and pre-irradiation, but was carried out using a separate set of 

samples. For this experiment, we used only 2 litter species (A. gerardii and B. gracilis) 

because of space constraints under the lamps. The sterilization treatment was used to 

tease apart direct effects of photodegradation from UV effects on the microbial 
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community present on the litter prior to burial. We placed coarsely-ground litter on 

shallow trays (30 by 40 cm) at a density of 65 g m-2 in order to maximize exposure of the 

litter to UV radiation. Half of the trays were placed under UV lamps (UV irradiated), 

while the other half were placed on an identical shelf without lamps (dark). Both UV 

irradiated and dark treatments were placed in the same constant temperature room (20°C) 

for three weeks. Although the two treatments were spatially separated, we felt the 

confounding effects of spatial separation were minimal compared to that of covering the 

dark treatment under the lamps, which could result in excess heating. Litter on each tray 

was mixed every 2 days, and trays were rotated to a different position on the shelf in 

order to ensure even exposure. After three weeks, 3 subsamples of each litter treatment 

were analyzed for effects on bacterial and fungal CFUs as described previously.  

Seven subsamples (100 mg) of each pre-treated litter type were each placed in 

mesh bags (3x3 cm) constructed of nylon netting (0.3 mm mesh). Each bag was buried in 

150 ml specimen cups containing 25 g air-dry equivalent sieved soil (2 mm) collected 

from the top 10 cm at Sevilleta NWR (New Mexico). Soil was pre-incubated at 60% 

water holding capacity for three weeks in order to conduct this experiment without the 

effect of soil C release due to re-wetting. The specimen cups containing soil amended 

with litter were incubated in 500 ml jars in the dark at 20°C for 21 days. We added water 

as needed to main constant soil moisture. We estimated respiration rates by capping the 

jars with an opaque lid fitted with a butyl rubber septum and sampling at 0 and 24 hours. 

We followed the same CO2 analysis procedure as in experiments 1-3. We sampled 

headspace for CO2 at 1, 2, 4, 7, 14, and 21 days. 
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Statistical analysis  
 
We determined treatment effects on CO2 production using repeated measures ANOVA 

using non-linear mixed effects (nlme) in R (version 2.4.1, The R Project). Data for each 

experiment were fit to the best autocorrelation structure based on Akaike's information 

criterion (AIC). Radiation treatment, sterilization treatment, and litter type were treated as 

fixed effects, while time and block were treated as random effects. Since we found no 

time by treatment interactions, we analyzed the cumulative CO2-C produced using a 3-

way ANOVA in JMP (SAS Institute, Cary, NC) eliminating time as a factor. For abiotic 

CO2 fluxes, we calculated rates of CO2 production as mg CO2-C m-2 d-1 (see Results, 

experiment 3 for justification). For experiment 4, we calculated cumulative C respired by 

interpolating rates in between sampling periods. Cumulative C respired was then 

analyzed by 3-way ANOVA in JMP.  

 

Results 

Experiment 1: Species effects on CO2 fluxes over 10 weeks 
 
CO2 flux rates for litter in the UV pass treatment were approximately 10 times those in UV 

block treatment (p<0.0001, Figure 3-2). Fluxes of CO2 from UV pass litter averaged 4.4 

mg CO2-C m-2 d-1. A small amount of CO2 production was observed in the UV block 

treatments for both sterile and non-sterile litter (0.4 mg CO2-C m-2 d-1), but this was not 

significantly different from blank controls. After subtracting the CO2 produced in the UV 

block treatments, CO2 production in the UV pass treatments averaged 4 mg CO2-C m-2 d-1. 

CO2 concentrations increased linearly with time over the 10-week period, fitting a pseudo-

zero order decay model (i.e. rates did not decrease with decreasing reactants). No 
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significant differences were observed in cumulative CO2 production among litter species, 

litter origin, or sterilization over the 10-week period (Figure 3-3). Q. ellipsoidalis had a 

slightly higher CO2 production rate in both treatments, but this was only marginally 

significant (species effect: p=0.10). Temperature did not differ significantly between 

radiation treatments.  

 Exposure to UV radiation did not affect any additional abiotic pathways that we 

measured besides CO2 for C loss from litter. The amount of CH4 produced in the 

headspace did not differ significantly between UV treatments (data not shown). Leaching 

losses of DOC and total N differed among species (p<0.0001, Figure 3-4). The highest 

losses of DOC were from Q. macrocarpa and the lowest from A. gerardii. Leaching 

losses of N were greatest from B. gracilis litter originating from both MN and NM. 

However, leaching losses were unaffected by UV radiation exposure, and effects of 

sterilization were inconsistent across species (Figure 3-4). We found no detectable 

change in litter mass after the ten week. The carbon produced over the experimental 

period would have led to an average mass loss of 0.77 mg from each microcosm, 

representing less than 0.1% of the 1 g litter used in the experiment. Therefore, the only 

detectable abiotic C loss we observed was through abiotic mineralization to CO2. 

 

Experiment 2: Effects of wavelength and radiation intensity  
 
CO2 fluxes under ambient radiation on clear days in late June were approximately 4 times 

greater than under the lamps in the laboratory. Litter under lids that passed all 

wavelengths of ambient radiation produced an average of 16 mg CO2-C m-2 d-1. Fluxes 

diminished significantly with the addition of each subsequent cut-off filter, and we 
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observed the greatest decrease when PAR was removed (Figure 3-5, p<0.0001). Virtually 

no CO2 was produced when a filter that eliminated both PAR and UV was used, and 

these values did not differ significantly from blank controls. Further experiments 

elucidated that shortwave PAR (400-500 nm) was primarily responsible for CO2 fluxes 

observed in the PAR range (Figure 3-6), as a filter cutting off wavelengths less than 500 

nm eliminated all detectable CO2 production. Measurements taken on July 12 showed 

lower CO2 production overall, presumably due to decreases in total radiant energy (20 MJ 

m-2 d-1 vs. an average of 28 MJ m-2 d-1 from June 29-July 1). When adjusting per unit 

energy, fluxes were approximately equal across dates at 0.6 mg CO2-C MJ-1.  

Despite the large differences in radiation transmission in the different treatments, 

mean daily temperature did not differ significantly between treatments. Daily maximum 

temperature differed by approximately 5°C between our treatment that passed all 

wavelengths and our treatment that blocked all wavelengths below 700 nm. However, it 

is unlikely that our results are due to differences in maximum temperature, as temperature 

decreased linearly with increasing radiation cutoff, while CO2 fluxes exhibited a sharp 

decline with exposure to wavelengths longer than 500 nm.  

 

Experiment 3: Influence of litter density 
 
CO2 fluxes were significantly higher from litter in the UV pass treatment than the UV 

block treatment for all litter density treatments (Figure 3-7a). When we calculated CO2 

fluxes on a per unit area basis, we found no significant difference between density 

treatments (i.e. the slope of the relationship between CO2 flux and litter density was not 

different from zero). If we instead calculated fluxes per unit mass, cumulative fluxes of 
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CO2 per under the UV pass treatment decreased exponentially with increasing litter 

density (Figure 3-7b). The intrinsic rate of decay from our samples would be predicted to 

increase exponentially with decreasing litter mass as long as the litter surface area 

exposed to radiation remained constant. This is in contrast to microbial decomposition 

where the intrinsic rate of decay remains constant with decreasing litter mass.  

 

Experiment 4: Microbial facilitation 
 
Exposure of unsterilized litter to UV radiation (mixed every two days during exposure) 

significantly reduced the abundance of culturable bacteria and fungi on both A. gerardii 

and B. gracilis litter (Figure 3-8). We found no culturable bacteria or fungi in sterilized 

litter in either the irradiated or unirradiated litter. When pre-treated litter was incubated in 

soil, cumulative C respired was affected by litter species (p<0.0001) and sterilization 

(p<0.0001, Figure 3-9), but not by prior UV irradiation of the litter. Cumulative C 

respired in soil amended with litter was greater in microcosms containing B. gracilis litter 

than A. gerardii litter. Sterilization decreased the cumulative C respired in both species, 

presumably due to the lack of microbial colonization on the litter. However, we did not 

observe any significant effect of pre-irradiation on the cumulative C respired from litter 

of either species.  

 

Discussion 

Our experimental results indicate that the primary pathway by which C is lost 

from litter via photodegradation under dry conditions is by direct abiotic mineralization 

of the litter to produce CO2. We observed linear rates of CO2 production from dry litter 
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exposed to UV and PAR radiation and virtually no CO2 production from dry litter that 

was not exposed to solar radiation. We did not observe any increase in C losses via 

leaching or microbial decomposition of litter that had been pre-exposed to UV radiation, 

nor did we observe any detectable fluxes of methane with exposure to UV radiation.  

Based on research in aquatic systems, we expected that leaching losses could 

account for measurable C losses during photodegradation. The fact that we did not 

observe increased leaching losses with photodegradation may be due to differences in the 

factors driving aquatic and terrestrial litter decomposition. In aquatic systems, litter is 

continuously submerged, and leaching and photodegradation occur simultaneously 

(Vähätalo et al. 1998; Anesio et al. 1999b). Leaching can also account for the majority of 

litter mass loss in aquatic systems (Vähätalo et al. 1998), and therefore small increases in 

DOC loss via photodegradation would be detectable. In contrast, leaching and 

photodegradation occur asynchronously in arid ecosystems; leaching in arid systems is 

limited to pulses of precipitation (Austin et al. 2004), which are typically accompanied by 

a simultaneous decrease in photodegradation from increased cloud cover. Since litter in 

arid systems is not continuously submerged, leaching also accounts for a small proportion 

of mass loss, making small differences in DOC losses more difficult to detect. These 

factors may explain why photodegradation led to negligible DOC losses when litter was 

photodegraded and subsequently leached in our study and a similar study by Gallo 

(2006).  

In contrast to studies in aquatic systems, we found no evidence that pre-exposure 

of litter to solar radiation positively or negatively affected subsequent microbial 

decomposition. Despite a significant reduction in phylloplane fungal and bacterial 
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abundance with exposure to radiation, we did not observe any negative effects on litter 

decomposition. Recent research has shown that decomposition in the soil is more limited 

by supply of labile carbon than by microbial abundance (Kemmitt et al. 2008). However, 

complete elimination of the microbial community on the leaf surface does appear to have 

a negative effect on decomposition based on the negative effect of sterilization on 

respiration observed in our study (experiment 4). Thus, the presence and absence of 

phylloplane microbes appear to affect C turnover, while differences in abundance do not, 

at least across the range of abundances examined here. We also did not observe any 

positive effects of photodegradation on microbial respiration, as we would have expected 

if photodegradation increased substrate bioavailability. Differences in bioavailability 

between litter species were apparent and followed established patterns (high C:N, low 

lignin litter decomposed more quickly). Therefore, any possible differences in microbial 

respiration induced by photodegradation were orders of magnitude smaller than 

differences in respiration from interspecific variation in litter chemistry.  

 We did, however, find strong evidence that photodegradation can lead to abiotic 

C loss as CO2. Our study is the first to estimate photochemically-derived CO2 fluxes in 

the air under ambient solar radiation. Our measurements indicate that fluxes under 

ambient radiation can be as high as 16 mg m-2 d-1 at 45°N latitude, and would be 

expected to be higher in systems at lower latitudes and higher elevations. Mean daily 

solar radiation for our study was 28 MJ m-2 d-1, while maximum daily solar irradiance in 

the desert southwest can reach 35 MJ m-2 d-1 or higher (Moore 2003). Assuming a linear 

relationship between solar irradiance and a photochemical CO2 flux of 0.6 mg CO2-C  
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MJ-1 based on our results in experiment 2 we estimate that photochemical CO2 fluxes in 

the desert southwest would be 20 mg C m-2 d-1 on clear, sunny days close to the summer 

solstice. Even though these fluxes are higher than those measured in our study, they 

represent a small proportion of total carbon fluxes from soil respiration in arid 

ecosystems. Even under dry conditions, soil CO2 fluxes in the desert southwest can 

average 0.7 g C m-2 d-1 (Sponseller 2007). Therefore, CO2 fluxes from photodegradation 

in the desert southwest would likely represent a maximum of only about 3% of total CO2 

fluxes from soils when solar radiation is high and soil moisture is low.  

While photochemical CO2 production is a small component of soil CO2 flux, we 

examined whether it could represent a significant component of the litter decomposition 

process. We estimated potential mass loss of litter from photodegradation using the linear 

relationship between solar irradiance and photochemical CO2 flux of 0.6 mg CO2-C MJ-1 

from our results. For simplicity, we assumed factors such as temperature or moisture 

would have a minimal effect on this relationship. Yearly ambient solar radiation at 

Sevilleta NWR (New Mexico) for 2002 (which contained the fewest number of missing 

days from the dataset; (Moore 2003)) was 7550.5 MJ m-2. Therefore if we take the 

product of these two values, we estimate that rates of mass loss as CO2 from 

photodegradation would be approximately 4 g C m-2 a-1. This is likely an overestimate 

because it assumes that the soil surface is completely covered by litter and that litter is 

not shaded by neighboring plants. Shrub cover in the desert southwest can reduce 

transmission of solar radiation by 42.5-51.2 % (Throop and Archer 2007). Such shading 

was essentially already accounted for in our study, as solar radiation was partially 

blocked by the sides of our microcosms, reducing radiation by an average of 50% 



 

  64

depending on solar angle. Litter cover at Sevilleta NWR, New Mexico averages about 

25% (Ryerson and Parmenter 2001). Thus, after accounting for litter cover, we estimate 

that litter mass lost photochemically as CO2 in a heterogeneous landscape would 

realistically be about 1 g C m-2 a-1. 

To compare mass lost over one year via photodegradation to total litter mass lost 

over one year of decomposition in arid ecosystems, we used a simple exponential decay 

model: X=X0e-kt, where k is the intrinsic rate of decay, t is time in years, X0 is the initial 

litter mass, and X is the litter mass remaining at time t (Olson 1963). Aboveground net 

primary production (ANPP) in desert grasslands in New Mexico is 20 g litter m-2 a-1 

during dry years (Muldavin et al. 2008) and is a realistic estimate for litter production as 

grassland ANPP turns over each year. Previous studies have estimated exponential decay 

rates (k) of decomposing litter in arid systems in dry years at 0.2 g g-1 a-1 (Yahdjian et al. 

2006; Brandt et al. 2007). Substituting 20 for X0, 0.2 for k, and 1 for t, we expect a mass 

loss of approximately 4 g litter m-2 over the first year of decomposition. Therefore, litter 

mass lost as CO2 via photodegradation (estimated as 1 g C m-2 a-1 above) would account 

for approximately 25% of litter mass loss when litter productivity is low and solar 

irradiance is high.  

 Based on our estimates, CO2 fluxes from photodegrading plant litter are greater 

than carbon monoxide (CO) fluxes. Although we did not measure CO in this study, we 

can estimate fluxes based on published relationships between CO fluxes and solar 

irradiance. Schade et al. (1999) estimated a CO flux from dry plant matter of 3.7 x 1012 

molecules J-1 for broadleaves and 5.8 x 1011 molecules J-1 for grasses, which is equivalent 

to 0.074 and 0.012 μg C kJ-1, respectively. These fluxes are approximately 7% of our 
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observed CO2 fluxes. Therefore, while CO does contribute to C losses from 

photodegradation, the primary mechanism for C loss from plant litter appears to be as 

CO2. Miller and Zepp (1995) observed a similar contrast between DIC and CO fluxes in 

the ocean, where DIC fluxes were 20 times higher than those of CO.  

 Using ambient solar radiation, we found that PAR wavelengths are almost equally 

as important as UV wavelengths in photochemical CO2 production. UV-B, UV-A, and 

PAR in the 400-500 nm range contributed 37%, 18%, and 45% of total CO2 production, 

respectively. Using UV lamps in the lab, Anesio et al. (1999a) found that UV-A 

wavelengths were more important than UV-B, but they did not investigate the importance 

of PAR. Previous field studies examining litter mass loss have only manipulated a subset 

of UV-B, UV-A + B or PAR (Pancotto et al. 2003, 2005; Austin and Vivanco 2006; 

Gallo et al. 2006; Brandt et al. 2007; Day et al. 2007). Therefore, it has been difficult to 

determine whether differences in results among studies arose from differences in site or 

litter characteristics or due to the wavelengths being manipulated. Indeed, smaller 

positive effects on litter decomposition were observed in studies that only manipulated 

UV-B radiation (Pancotto et al. 2005; Day et al. 2007) or total UV (Gallo et al. 2006; 

Brandt et al. 2007), compared to a study that manipulated total solar radiation (Austin and 

Vivanco 2006). Therefore, any interpretation of the relative importance of 

photodegradation in different ecosystems or different litter types based on different 

experiments should consider the wavelengths being manipulated. 

 Contrary to our expectations, photochemically-induced CO2 production from 

plant litter did not differ among litter species when standardized for surface area, despite 

a large contrast in lignin concentration. While ecological literature has indicated lignin as 
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the primary plant material susceptible to photodegradation by UV radiation (Moorhead 

and Callaghan 1994), photochemical production of CO2 and other gaseous photoproducts 

(including CO and CH4) from cellulose was documented as early as the 1960s (Desai and 

Shields 1969). These results suggest that differences observed in the relative amount of 

photodegradation among different plant litters depend on factors other than the lignin 

concentration of the litter. One possible explanation for different effects of 

photodegradation for different litters observed in field studies may be differences in leaf 

morphology among species (Gallo 2006). Since photochemically-derived CO2 flux rates 

depend on surface area exposed, specific leaf area (leaf area per unit mass) could be a 

primary control on the relative importance of photodegradation in litter of different 

species.  

We found that photochemically-induced CO2 flux rates do not decrease with 

length of exposure to solar radiation, at least on the time scales observed in this study (10 

weeks). In contrast, DIC production rates in aquatic systems decrease with increasing 

exposure (Miller and Zepp 1995). If the pattern of constant CO2 production rate holds 

over longer time periods (i.e. years), this could explain why litter decomposition in arid 

ecosystems appears to follow a linear pattern of decay instead of an exponential or 

asymptotic decay model observed in more mesic environments (Adair et al. 2008). Since 

photochemical degradation depends on litter surface area, while biological degradation 

depends on litter mass, the differences in these patterns are as expected. With biological 

decomposition, decay follows first-order kinetics (i.e. the rate is proportional to the 

amount of mass remaining). In contrast, a reaction that only happens on the surface 

would be expected to follow a pseudo zero-order decay (i.e. the rate is independent of 
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mass) as long as surface area remains constant. This pattern of decomposition has 

important implications for how we approach large-scale estimates of decomposition rates.  

 

Conclusions 

 Our results suggest that photochemical mineralization to CO2 is the primary 

mechanism by which C is lost from litter during photodegradation, as opposed to 

leaching, other direct gaseous losses, or biological facilitation. Further, we show that both 

UV and PAR wavelengths are important for this mechanism. Direct abiotic 

mineralization to CO2 via photodegradation should be considered as a major mechanism 

for litter turnover in systems with high levels of solar radiation, low litter inputs, and low 

levels of microbial activity. This process is therefore important as a mechanism for C loss 

from decomposing plant litter in arid ecosystems. As arid ecosystems represent one of the 

largest land cover types in the world, a greater understanding of the role of 

photochemical CO2 production at regional and global scales is essential. Further 

empirical and modeling work is needed in order to elucidate the importance of 

photochemical CO2 production in litter decomposition dynamics and the global carbon 

cycle.  
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Species Origin Code % Cell 
Solubles 

% Hemi-
cellulose 

% Cellulose % Lignin % C %N C:N

Andropogon 
gerardii 

Minnesota ange 12.7 (0.5) 34.2 (0.2) 44.6 (0.4) 9.0 (0.2) 46.4 (0.3) 0.36 (0.01) 130 

Bouteloua 
eriopoda 

New Mexico boer 21.2 (0.1) 38.3 (0.3) 33.1 (0.3) 8.0 (0.3) 44.1 (0.2) 0.60 (0.00) 73.6

Bouteloua 
gracilis 

Minnesota bogrM 19.9 (0.3) 41.9 (0.2) 30.1 (0.4) 8.6 (0.5) 45.5 (0.6) 1.04 (0.02) 43.6

Bouteloua 
gracilis 

New Mexico bogrN 17.7 (0.1) 34.5 (0.1) 42.2 (0.3) 6.2 (0.2) 43.2 (0.2) 0.35 (0.00) 125 

Quercus 
ellipsoidalis 

Minnesota quel 41.2 (0.3) 17.0 (0.4) 17.7 (0.7) 24.6 (0.2) 49.7 (0.1) 0.86 (0.00) 57.8

Quercus 
macrocarpa 

Minnesota quma 52.6 (0.3) 15.4 (.18) 17.9 (0.2) 14.7 (0.1) 46.9 (0.4) 0.69 (0.1) 68.4

Table 3-1. Initial litter chemistry characteristics of plant litters used in experiments. Means (n=3) and standard error shown. 



Figure 3-1. Transmission (%) of different filters used in experiment 2 vs. wavelength. 

Solacryl-SUVT (Spartech Polycast, Stamford, CT) was used as a lid for all microcosms. 

Additional films were placed on top of the lids to block UV-B (Mylar-D, Dupont, 

Wilmington, DE), UV-A (Lee UV), or 100 nm PAR wavebands (Medium Yellow, 

Chrome Orange, Brown, Lee Filters, Burbank, CA).  
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Figure 3-2. Cumulative CO2-C produced in microcosms containing 1 g of dry plant litter 

during the 10-week incubation. Data were averaged across species and sterilization 

treatment as no significant effects were found for those treatments. Any outliers that were 

later determined to have been caused by leaks were eliminated from the analysis (n=26 

(UV pass), n=24 (UV block)). Bars represent standard error. Linear regression estimate 

for UV pass: C= 4.98+ 4.39t; adj. r2=0.91, p<0.0001; UV block: C= 4.63 + 0.41t; adj. 

r2=0.37, p<0.0001, where C=cumulative CO2-C produced and t=time).  
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Figure 3-3. Mean cumulative CO2-C produced over the 10-week period shown by 

species and irradiation treatment. Letters indicate significant pair-wise differences 

(Tukey’s HSD). Standard error shown. See Table 1 for species codes.  
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Figure 3-4.   Dissolved organic carbon (a) and total dissolved nitrogen (b) leached from 

litter by litter species and sterilization treatment after 10 weeks of irradiation. Exposure to 

UV radiation had no significant effect on leaching losses. See Table 1 for species codes.  
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Figure 3-5. CO2 fluxes per day under ambient radiation averaged over a 3-day period of 

clear sunny days from June 29 to July 1 in St. Paul, MN (mean solar radiation 

irradiance:for the period= 28 MJ m-2   d-1). Different letters indicate significant pair-wise 

differences (Tukey’s HSD). Means (n=3) and standard error shown.  
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Figure 3-6. CO2 fluxes per day under ambient radiation on a clear sunny day (July 12) in 

St. Paul, MN (solar irradiance: 20 MJ m-2 d-1). Different letters indicate significant pair-

wise differences (Tukey’s HSD). Means (n=3) and standard error shown.  
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Figure 3-7. (a) Cumulative CO2-C produced per meter squared litter under UV pass and 

UV block treatments for each litter density treatment. The lowest litter density was just 

sufficient to cover the bottom of the microcosm with a thin layer. Mean (n=3) and 

standard error shown. Letters indicate significant pair-wise differences (Tukey’s HSD). 

(b) Cumulative CO2-C produced per gram litter under the UV pass treatment over a 17 

day period vs. litter density. Data were fit to an exponential decay model 

 y = 362.13*e-0.0017x, r2=0.9399, p<0.0001. 
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Figure 3-8. Mean (n=3) colony-forming units (CFUs) cultured on oatmeal agar from 150 

mg litter in 100 ml deionized water that was either exposed to UV radiation or left in the 

dark. Standard error shown. UV effects were significant for both fungi (p=0.047) and 

bacteria (p=0.001). 
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Figure 3-9. Cumulative C respired over a 21-day period per microcosm from soil 

amended with litter that had been either sterilized or not sterilized prior to being buried in 

soil. There was no significant difference between pre-irradiated and non-irradiated litter, 

and these two treatments were pooled. Means (n=14) and standard error shown. Different 

letters indicate significant pair-wise differences (Tukey’s HSD). See Table 3-1 for 

species codes. 

77 



 

78 

 

Chapter 4 

 

 The role of photodegradation in surface litter decomposition in grassland 

ecosystems  
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Summary 

Differences in litter decomposition patterns among mesic, semi-arid, and arid grassland 

ecosystems cannot be accurately explained using only temperature, moisture, and litter 

chemistry as drivers, as these factors tend to underestimate litter decomposition in arid 

systems. I hypothesized that ultraviolet (UV) radiation plays a role in the decomposition 

process in grassland ecosystems via the process of photodegradation, and that 

photodegradation would play a larger role in decomposition in arid compared to mesic 

grassland ecosystems and in litter that is less favorable to microbial decomposition (high 

lignin compared to low lignin litter). Additionally, I hypothesized that the larger role of 

photodegradation in arid grassland ecosystems may account for linear patterns in litter 

mass loss and N dynamics in arid ecosystems. In a 2-year field litter decomposition 

study, I manipulated the amount of UV radiation reaching the litter layer at three 

grassland sites in Minnesota, Colorado, and New Mexico, USA that represented mesic, 

semi-arid, and arid grassland ecosystems, respectively. Two common grass leaf litter 

types of contrasting lignin:N were placed at each site under screens that either passed all 

solar radiation wavelengths or passed all but UV wavelengths.  

Mass loss and decay rates were generally higher when litter was exposed to UV 

radiation across all three sites. In contrast to my hypothesis, the role of photodegradation 

in the decomposition process was not consistently greater in the more arid sites or for 

litter with a higher lignin:N. Additionally, exposure to UV radiation could not explain 

atypical patterns in litter mass loss and N dynamics in New Mexico, the most arid of the 

three sites. These results suggest that photodegradation plays an important role in the 

decomposition process in a wider range of grassland sites than previously documented, 
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but does not fully explain the differences in mass loss patterns among grassland 

ecosystems of contrasting aridity. 

 

Introduction 

Decomposition patterns in mesic grassland ecosystems fit well with established 

decomposition models based on temperature, moisture, and litter chemistry, while these 

factors tend to underestimate litter decomposition rates in arid ecosystems (Meentemeyer 

1978, Schaefer et al. 1985, Whitford et al. 1981). A growing number of studies in arid 

and semiarid ecosystems have shown that photodegradation, the breakdown of molecules 

by solar radiation, contributes significantly to the decomposition of surface litter (Austin 

and Vivanco 2006, Day et al. 2007, Brandt et al. 2007, Gallo et al. 2009). It has been 

suggested that a larger role of photodegradation in arid grassland ecosystems than mesic 

grassland ecosystems may partially explain landscape patterns in grassland litter 

decomposition (Parton et al. 2007, Adair et al. 2008). Photodegradation may speed up the 

decomposition process in arid ecosystems, leading to higher mass loss than predicted by 

just temperature, moisture, and litter chemistry. High penetration of radiation to the litter 

layer, coupled with low precipitation, makes these ecosystems particularly susceptible to 

this process. 

 Other hypothesized mechanisms to explain more rapid litter mass loss in arid 

ecosystems than predicted by established models have not been borne out. Arid systems 

are pulse-driven ecosystems (Austin et al. 2004, Austin et al. 2006, Yahdjian et al. 2006), 

where periodic large rain events (>10 mm) can lead to rapid nutrient cycling over short 

time periods and possibly greater mass loss thanmight occur if that same amount of 
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rainfall were distributed in smaller, more frequent events. However, experiments 

manipulating precipitation pulses in arid ecosystems have not always found positive 

relationships between increased precipitation and litter decomposition rates in arid 

systems (Whitford et al. 1986). Termites are prevalent in many arid systems and are 

capable of removing up to 20% of litter organic matter over a 4-month period (Santos and 

Whitford 1981). However, studies manipulating arthropod and microbial abundance 

suggest that bacteria play a larger role in the decomposition process than insects such as 

termites (MacKay et al. 1994). The presence of large amounts of bare soil makes litter in 

arid systems subject to burial during high winds and rain events, which could lead to 

mass loss from physical abrasion and a more favorable environment for microbial 

decomposition (Throop and Archer 2007). However, studies in arid systems have shown 

that unburied litter often decomposes at a faster rate than buried litter for many litter 

types, and this pattern has been attributed to the role of photodegradation in 

decomposition (Schaefer et al. 1985).  

Photodegradation has long been suggested as an important factor in 

decomposition in arid ecosystems, but it has not been until relatively recently that the role 

of photodegradation has been tested explicitly in arid and semi-arid ecosystems. Studies 

have tested the role of photodegradation by manipulating the amount of UV-B (280-320 

nm) or total UV (A+B, 280-400 nm) reaching the litter layer. Studies using either 

traditional litterbags with UV-blocking or UV-passing screens (Pancotto et al. 2005, 

Brandt et al. 2007) or modified litter containers constructed of UV-blocking or UV-

passing material (Austin and Vivanco 2006, Day et al. 2007, Henry et al. 2008) have 

found that litter exposed to UV radiation decomposes more rapidly than unexposed litter. 
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In addition, a few studies suggest that photosynthetically active radiation (PAR, 400-700 

nm) may also be important (Austin and Vivanco 2006, Brandt et al. 2009).While it is 

established that photodegradation plays a role in the decomposition process in arid and 

semiarid grassland systems, it is still unclear whether a larger role of photodegradation in 

these systems explains why decomposition in arid grasslands is more rapid than would be 

expected based on climate and litter chemistry.  

Unlike in mesic ecosystems, decomposition rates of surface litter in arid 

ecosystems tend not to decrease with increasing litter lignin to nitrogen (N) ratios 

(Schaefer et al. 1985). The lack of a relationship between lignin:N and decomposition 

rate in arid ecosystems has been attributed to the role of photodegradation in the 

decomposition process. Lignin absorbs UV radiation, and several studies have shown that 

exposure to UV radiation increases litter lignin loss (Day et al. 2007, Henry et al. 2008). 

If lignin is the primary carbon fraction that is photodegraded, plant litter with higher 

lignin content could be more susceptible to photodegradation than low-lignin litter. 

Therefore, one would expect a positive relationship between litter mass loss from 

photodegradation and initial lignin content in systems where photodegradation plays a 

primary role in the decomposition process. However, only a few studies manipulating UV 

radiation have used more than one litter type (Gallo et al. 2006, Brandt et al. 2007). 

While some studies suggest that plant litter chemistry may be an important factor (Brandt 

et al. 2007), others suggest litter surface area is more important than chemistry (Gallo et 

al. 2006, Brandt et al. 2009). Therefore, further research is needed to understand whether 

the role of photodegradation in the decomposition of high-lignin litter may partially 

explain mass loss patterns in arid systems. 
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 In addition to lignin, nitrogen dynamics might also be different when 

photodegradation plays a large role in the decomposition process. In contrast to litter in 

mesic ecosystems, surface litter in some arid ecosystems does not immobilize nitrogen 

(Parton et al. 2007). This lack of immobilization would suggest the role of an abiotic 

process in surface litter decomposition, as physical processes have no metabolic nutrient 

requirements. Some previous research shows support for this hypothesis. In a study that 

excluded microogranisms from buried litter in an arid ecosystem, litter mass loss was 

decoupled from N immobilization and exhibited N loss patterns similar to that of surface 

litter (Moorhead and Reynolds 1989). Therefore, I would expect that if N immobilization 

is not necessary for litter mass loss in systems dominated by abiotic processes such as 

photodegradation, decomposition rates in photodegradation-dominated systems should 

not depend on initial litter N content.  

 If abiotic processes like photodegradation are responsible for most of the 

decomposition in arid ecosystems, it follows that microbially-mediated processes in 

addition to N immobilization may also be depressed in these ecosystems relative to those 

where biotic processes drive decomposition. Microbial breakdown of litter is mediated by 

extracellular enzymes. If abiotic processes dominate, one would expect to find lower 

microbial enzyme activity relative to litter that is primarily decomposed by microbes. 

Alternatively, enzyme activity could increase if photodegradation increases the number 

of binding sites for microbial decomposition by breaking bonds in the lignocellulose 

matrix (Gallo et al. 2006). However, an increase in activity is unlikely, since exposure to 

high levels of UV radiation tends to decrease microbial activity and abundance on surface 

soil and litter (Gehrke et al. 1995, Duguay and Klironomos 2000, Pancotto et al. 2003, 
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Belnap et al. 2008). Taken together, one would expect that enzyme activity should 

decrease when the decomposition process is dominated by photodegradation.  

 If photodegradation is the dominant decomposition process, it may partially 

explain linear litter decay patterns observed in many decomposition studies in arid 

ecosystems (Austin and Vivanco 2006, Adair et al. 2008, Vanderbilt et al. 2008). Litter 

decay in mesic ecosystems is often modeled by a single exponential decay model:  

X=X0e-kt, where X is the percent dry mass remaining at time t, and k is the decay constant 

(Olson 1963). Single exponential decay models assume that mass loss per unit time 

decreases as the amount of substrate decreases. Therefore, more mass is lost from a litter 

cohort in the first year than in each subsequent year. This model also assumes that the 

entire litter pool decays at the same rate and that litter on the surface decays at the same 

rate as litter below the surface. However, in cases where photodegradation dominates, 

litter on the surface, which is directly exposed to solar radiation, should decompose at a 

faster rate than litter below the surface (Henry et al. 2008, Brandt et al. 2009). 

Additionally, this rate should not decrease as long as the surface area remains constant 

(Brandt et al. 2009). Taken together, one would expect a linear decay model X=X0-kt for 

litter decomposition entirely driven by photodegradation as long as surface area exposure 

remains constant.  

To better clarify the role of photodegradation in litter decomposition, I designed a 

two-year multi-site field litter decomposition experiment at three grassland sites that I 

predicted would vary in the contribution of photodegradation to the decomposition 

process. In three sites (a mesic, a semiarid, and an arid grassland site, representing a 
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gradient of UV radiation and precipitation), I manipulated UV radiation using specially-

designed screens. My study addressed the following hypotheses:  

• Photodegradation will play a larger role in the decomposition process in arid 

systems than mesic systems.  

• Photodegradation will play a larger role in high lignin litter than low lignin 

litter via a preferential loss of the lignin fraction in the litter. 

• When photodegradation dominates, litter decay will be decoupled from N 

immobilization.  

• As the role of photodegradation increases, extracellular enzyme activity will 

decrease. 

• When photodegradation plays a larger role in decomposition, mass loss will 

follow a linear decay pattern instead of an exponential decay pattern.  

 

Methods 

Study sites 

I chose three sites, Cedar Creek, Central Plains, and Sevilleta, that represent mesic, semi-

arid, and arid grasslands, respectively (Table 1). These sites were chosen because they 

differ significantly in the amount of annual solar radiation and precipitation received 

(Figure 4-1). Differences in temperature and UV radiation among sites were largely 

driven by latitudinal differences, while differences in precipitation were more seasonally 

variable. Sevilleta experienced most of its precipitation during the summer monsoon 

season (July-October) in periodic large rainfall events. Precipitation patterns at Cedar 

Creek and Central Plains were more variable, although both sites had relatively low 
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precipitation from November-January and higher precipitation during the summer 

months. 

At all three sites, plots were set up in a 2800 m2 area dominated by grasses that 

was relatively flat and free of any large rocks, trees, or buildings that could cast shadows 

on the study area. At Cedar Creek, plots were set up in a mid-successional old field site 

dominated by the C3 perennial grass Poa pratensis, the C4 perennial grasses Andropogon 

gerardii and Schizachyrium scoparium, and the perennial forbs Solidago missouriensis 

and Artemesia ludiviciana. Vegetation at the site is contiguous with an underlying 

contiguous litter layer. The ecosystem at Central Plains is characterized as shortgrass 

steppe, which is dominated by the C4 perennial short grass Bouteloua gracilis and also 

includes dwarf shrubs and Opuntia spp. Plots at Sevilleta were set up in Chihuahuan 

desert grassland, dominated by the two C4 short grasses Bouteloua eriopoda and B. 

gracilis. Both Central Plains and Sevilleta have patchy landscapes, with roughly 25% 

exposed mineral soil.  

 

Experimental manipulation of UV radiation 

I experimentally manipulated UV radiation (280-400 nm) over the litter layer at each of 

the three sites using ten pairs of UV-blocking and UV-passing clear plastic screens in a 

randomized complete block design. Screens were made of the same plastic sheeting 

material used in a previous experiment (Brandt et al. 2007). UV-transparent acrylic 

(hereafter UV pass, which passes 90% of all wavelengths of radiation, including UV-A 

and UV-B, Solacryl SUVT®, Spartech Polycast, Stamford, CT) or polycarbonate 

(hereafter UV block, which eliminates 90% of UV-A and UV-B, optically equivalent to 
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Lexan XL-1®, GE, Pittsfield, MA) were used because they could effectively block or 

pass UV radiation without substantially affecting temperature or photosynthetically 

active radiation (PAR). Screens were custom designed and constructed for this study in a 

louvered design to allow for penetration of precipitation to the litter layer and to avoid 

excessive heating (Figure 4-2).  

To test the effectiveness of the UV screens, I monitored litter layer temperature 

and solar radiation under the two treatments and in un-screened control plots. To monitor 

temperature, I placed small, datalogging temperature sensors (I-button, Dallas 

Semiconductor) underneath the litter in filled mock litterbags (n=3). The mock litterbags 

were the same size and shape as the actual litterbags described below, and were filled 

with one of the two litter types used in the experiment (A. gerardii). However, they were 

not sealed to allow access to the temperature sensors and were not measured for mass 

loss. Temperature was logged once per hour for one year. I evaluated the effect of the 

screens on mean, minimum, and maximum daily temperature at each site.  

I periodically measured UV-A, UV-B, and PAR under each treatment in order to 

ensure that the screens were effective at blocking or passing UV radiation while not 

substantially affecting PAR. I did not want to affect PAR as this would create differences 

in vegetation cover (and thus possibly temperature and moisture) between the two UV 

treatments. I measured UV radiation with a UV radiometer (UV-X, UV Products, 

Upland, CA) with separate sensors for UV-A and UV-B. The UV-B sensor (UV-X 31) 

was calibrated at 310 nm with a spectral response curve encompassing 260-370 nm. The 

UV-A sensor (UV-X 36) was calibrated at 365 nm with a spectral response curve 

encompassing 300-400 nm. I measured PAR using a quantum meter with a separate 
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sensor calibrated to natural sunlight (Apogee Instruments, Logan, UT). I used these 

sensors to measure percent transmission by taking a reference measurement outside of the 

screen followed immediately by a measurement under the screen.  

 

Litter collection  

I chose litter of two C4 grass species that differ in initial litter chemistry (Table 4-2). 

Andropogon gerardii (9% lignin) is a C4 tall grass dominant in North American tallgrass 

prairies. A. gerardii makes up a significant proportion of plant cover at Cedar Creek and 

is not present at the other two study areas but is present in the region. Bouteloua gracilis 

(6% lignin) is a C4 short grass dominant in North American shortgrass steppe and is one 

of the primary species found at Sevilleta and Central Plains and is not present in the study 

area at Cedar Creek, although it is present in the region. To remove confounding effects 

of litter collection site, I collected litter from a common site that was not part of the 

experiment. Litter was collected in late October 2005 following senescence from planted 

monocultures located in Princeton, MN (45.61°N, 93.58°W). Because the litter was 

slightly damp upon collection, I immediately oven dried it at 35°C for 7 days or until it 

reached a constant weight. Random grab samples (n=10) of each species were collected 

from the mixed litter for analysis of initial litter chemistry.  

 

Litterbag preparation 

Ten grams of dry litter were placed in 1.5 mm aluminum mesh litterbags (15 x 15 cm). 

Aluminum mesh was chosen instead of the more commonly-used fiberglass screen 

material because aluminum mesh allowed greater penetration of radiation to the litter 
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layer through the screen (~70% vs. 50%) and because the plastic coating on the fiberglass 

screen has been shown to be sensitive to photodegradation and destruction by animals. 

Prior to litterbag placement, the area under each screen was manually cleared of 

vegetation. I maintained plots throughout the experiment by clipping vegetation 

immediately surrounding the bags to avoid any confounding effects of shading (with the 

exception of the canopy treatment mentioned below). Litterbags were deployed at each 

site between April 22 and May 9, 2006. Litterbags were all placed in the field on the 

same day within each site, but were staggered by several weeks among sites for logistical 

reasons. A full factorial of litter species and time (8 bags total) was placed in a 

completely randomized design under each of the ten UV-blocking and UV-passing 

screens. Litterbags were attached to the ground in two corners with metal garden staples 

(Figure 4-2). 

 

Litterbag collection 

Litterbags were collected four times: at approximately 2.5, 6, 12, and 24 months after 

deployment at each site. These times corresponded approximately to summer 2006, fall 

2006, summer 2007, and spring 2008. I collected litterbags at all three sites as close 

together in time as logistically possible (within three weeks, with the exception of the 

third collection date, when Sevilleta was collected in May, and the other two sites were 

collected in July). Upon collection, I immediately placed each litterbag in a plastic bag to 

retain field moisture and kept bags refrigerated prior to processing. I removed any visible 

soil, plants, or arthropods from the litter and weighed the entire sample for final (field-

moist) mass. At Central Plains and Sevilleta, there was a considerable amount of soil that 
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accumulated in the litterbags. I began weighing the amount of soil that accumulated in 

the litterbags collected from Central Plains and Sevilleta at the second collection date 

(Fall 2006). I cut each litter sample into 1 cm pieces, mixed it thoroughly, and sub-

divided it for the following analyses: gravimetric moisture, ash content, C and N 

composition, fiber fraction analysis, and extracellular enzyme assays. Subsamples used 

for enzyme assays (0.5 g) were placed in air-tight plastic bags and kept frozen at -20°C 

prior to analysis. The remainder of the litter was oven-dried at 55°C and re-weighed for 

gravimetric moisture. I then used gravimetric moisture to correct the field-moist sample 

weight and calculate final dry mass. Subsamples of litter from each bag were ashed to 

calculate ash-free dry mass of each sample. Prior to ashing, samples were processed 

through a Thomas Wiley Mini Mill with a 2 mm mesh screen. A 0.25 g subsample of 

ground litter was ashed for 6 hours at 600ºC in a muffle furnace.  

 

Chemical analysis  

Initial grab samples and subsamples from each litterbag were analyzed for changes in 

chemical composition. I assessed individual fiber fractions (cell solubles, hemicellulose, 

cellulose, and lignin) using the forage fiber technique (Van Soest 1967). Subsamples (0.5 

g) were ground through the Wiley Mill as described above and subjected to a sequential 

acid digestion using an ANKOM fiber analyzer (ANKOM Technology, Macedon, NY). 

Samples were ash-corrected after the final acid digestion to account for any 

contamination of mineral soil in the lignin fraction. Percent remaining of each fiber 

fraction was calculated with respect to the average initial value for each litter type (Table 

4-2).  
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Additionally, initial grab samples and subsamples of each litterbag were ground to 

a powder using a ball mill and then weighed into tin capsules for C and N analysis. 

Samples were analyzed using a CNS elemental analyzer (Elementar, Mt. Laurel, NJ). I 

calculated N immobilization and release by calculating the change in percent N in the 

litter relative to initial values. In addition, initial grab samples were evaluated for trace 

elements (P, K, Fe) using inductively coupled plasma spectroscopy (Perkin Elmer, 

Waltham, MA, Table 4-2).  

 

Enzyme assays 

I assayed for six extracellular enzymes using standard protocols (Saiya-Cork et al. 2002). 

I chose 2 cellulose-degrading enzymes: β-1,4-glucosidase which releases glucose, and 

cellobiohydrolase which releases disaccharides. I also chose two oxidative enzymes 

responsible for the breakdown of lignin: phenol oxidase and peroxidase. As an additional 

reference, I also assayed for acid phosphatase and n-acetyl-glucosaminidase, which are 

responsible for the release of phosphorus and the breakdown of chitin, respectively.  

Extracellular enzyme assays were performed on a 0.5 g dry weight equivalent 

subsample of litter. For all 6 assays, 125 ml of 50 mM sodium acetate buffer (pH 5) was 

added to each sample and homogenized in a blender for one minute. The suspension was 

then transferred to a Petri dish with a magnetic stir bar and immediately dispensed by 

hand onto 96-well microplates for each assay. Hydrolytic enzymes assays were 

determined fluorimetrically using substrates tagged with 4-methylumbelliferone. 

Oxidative enzyme assays were determined spectrophotometrically using L-3,4-

dihydroxyphenylalanine (DOPA) as a substrate. For each assay, 16 replicate wells were 
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filled with 200 μl of sample solution by hand and 50 μl of substrate with a robotic 

pipetter (BioTek Instruments, Winooski, VT). Blank wells (8 per plate) received 50 μl of 

acetate buffer plus 200 μl of sample solution of one of the three samples that were added 

to the plate. Negative control wells (eight per plate) received 50 μl substrate solution plus 

200 μl of acetate buffer. Quench standard wells (eight per sample) received 50 μl of 

standard (10 μM 4-methylumbelliferone) and 200 μl sample solution. Reference standard 

wells received 50 μl of standard plus 200 μl acetate buffer. For both phenol oxidase and 

peroxidase, eight of the wells served as a negative sample control, and 50 μl of 25 mM 

DOPA was added to the remaining 16 wells. For peroxidase, 10 μl of 0.3% hydrogen 

peroxide (H2O2) was added to each well in addition to the DOPA. Negative control wells 

for phenol oxidase contained 200 μl of acetate buffer and 50 μl of DOPA solution; blank 

wells contained 200 μl of sample suspension and 50 μl of acetate buffer. For peroxidase, 

negative control and blank wells also contained 10 μl of H2O2.  

Plates were incubated at room temperature and read once after incubations of 0.5-

20 hours, depending on the assay. For hydrolytic assays, 10 µL of 1.0 M sodium 

hydroxide were added to each well at the end of the incubation period to stop the 

reaction. Fluorimetric plates were read with an excitation of 365 nm and an emission of 

450 nm using a fluorescence microplate reader (Biotek FL 600, BioTek Instruments, 

Winooski, VT). Oxidative enzymes were read for absorbance at 450 nm using an 

absorbance microplate reader (Fisher Multiskan, Thermo Fisher Scientific Inc., Waltham, 

MA). Activity was calculated in µmol h-1 g-1 dry litter.  
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Canopy Manipulation Experiment 

Because plant canopy cover could interfere with the penetration of solar radiation to the 

litter layer especially at Cedar Creek, I included a canopy removal treatment in addition 

to the UV treatment at that site. An additional ten UV block and ten UV pass screens 

were added, making a full factorial design of UV, canopy treatment, litter species, and 

time. I manipulated canopy cover by hand-clipping all vegetation under the screen and an 

additional border area 25 centimeters outside the perimeter of the screen on the east, 

south, and west sides. Plots were clipped every 2 weeks throughout the growing season 

(April-October). Clipped vegetation was removed from the plots. Litterbags were placed 

in the field, collected, and processed at the same time and in the same manner as those 

described above.  

I tested the effectiveness of the canopy treatment by measuring leaf area index 

(LAI) on July 6th, 2006 (near peak standing biomass) using a Li-Cor LAI-2000 sensor. I 

measured LAI in four each of clipped and unclipped reference plots that were treated the 

same as experimental plots but lacked the UV passing or blocking screens. I did not 

measure LAI in the plots with screens, as the screens would interfere with the readings. 

Measurements were taken at dusk on a clear sunny day to avoid interference from passing 

clouds, shadows, or direct solar radiation. Using the 90 degree view cap on the sensor, I 

measured LAI in the northeast, southeast, southwest, and northwest corners of each plot, 

facing inward. The above-canopy reference was taken by holding the sensor directly over 

the top of the canopy. Clipped and unclipped plots were also monitored for temperature 

as described above.  
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Data Analysis 

Statistical analyses were conducted using JMP software (SAS Institute, Cary, NC). 

Percent ash-free dry mass remaining, litter N (% of initial), litter moisture, enzyme 

activity, and carbon fractions were evaluated using a nested split-plot mixed-effects 

ANOVA, with site as a fixed effect and UV, species, collection time, and their 

interactions as fixed effects nested within sites. Block and the block by UV interaction 

were included as random effects. I also analyzed each site separately using the same 

model (excluding the site effect). In each case, I evaluated each effect using a full-

factorial model and then simplified the model if interactions were not significant and the 

simpler model was a better fit according to Akaike’s information criterion (AIC, lower 

AIC=better fit). Data were square transformed as necessary to improve normality, and 

models were run with and without outliers.  

Decay rates (k) were calculated by fitting ash-free dry mass remaining to a single 

pool exponential decay model (X=100*e-kt, where X is the % mass remaining at time t in 

years, and k is the exponential decay constant). Litterbags of the same species within each 

plot were treated as replicates (n=10 for each factorial combination of species, UV 

treatment, and site). I attempted to fit mass loss to other standard litter decay models 

(Wider and Lang 1982). The data failed to fit an asymptotic model or a two-pool 

exponential model, but did fit a linear model. I compared the linear and single 

exponential models using Akaike's information criterion with a second-order correction 

(AICc), which corrects for small sample sizes. The model with the lowest AICc was 

considered the better fit, if the difference between the two AICc values (delta r) was 

greater than 3. Decay constants for the best-fit model were then compared using the same 
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mixed-effects model as above, but eliminating time as a factor. Decay rates were square 

root transformed to improve normality. 

I plotted the percent N relative to initial values (% of initial N) versus percent ash-

free dry mass remaining to compare results of this study to values predicted by Parton et 

al. (2007). For each species, I calculated the predicted percent N of initial based on 

models derived for wet and dry grasslands (Parton et al. 2007, supporting online 

material). The wet grassland model includes initial litter N content as a parameter, and 

therefore differs between A. gerardii and B. gracilis. The dry grassland model does not 

include initial percent N as a parameter, and therefore is the same between the two 

species. I also included a 1:1 linear model (% mass remaining=% of initial N) as a third 

potential model, which assumes that N and total litter mass are lost at the same rate. I 

then compared the three models (wet, dry, linear) by comparing r2 values from a linear 

regression between observed and expected for the three models for each site and species. 

 

Results 

Treatment effectiveness 

My design was effective at blocking or passing UV radiation without substantially 

affecting temperature, PAR, or moisture. Spot measurements under the UV block screens 

showed that UV-A and UV-B were reduced by an average of 86% and 74% respectively 

(s.e.=1%, data not shown). The UV block treatment received 7% lower PAR than the UV 

pass treatment, which can be attributed to the slight difference in transmission properties 

of the plastic materials in the 400-500 nm range (Brandt et al. 2007). There was no 

significant difference in daily mean, minimum, or maximum temperatures between the 
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UV pass and UV block treatments. Both types of screens did have a small effect on mean 

and minimum temperatures that depended on season (p<0.0001). On average, screened 

plots had 2°C lower daily minimum and 1°C lower mean temperatures than unscreened 

plots in the winter when covered with snow, and 1°C higher daily minimum temperatures 

and 0.5°C higher daily mean temperatures when not covered with snow. There was no 

significant effect of the screens on daily maximum temperatures at any time of year. 

Litter moisture did not differ significantly between UV treatments or between screened 

and unscreened plots. There was no evidence that screens or UV treatments affected 

precipitation.  

The clipping treatment at Cedar Creek was effective at reducing LAI and 

increasing the transmission of solar radiation to the litter layer (data not shown). At peak 

standing biomass, LAI of the unclipped plots averaged 0.50 (s.e.=0.10), while LAI of the 

clipped plots averaged 0.03 (s.e.=0.005). Unclipped plots received an average of 17% 

lower PAR and UV than clipped plots (p<0.0001). Litter moisture in collected litterbags 

was an average of 24% higher in the unclipped plots than clipped plots, but the difference 

was only statistically significant for the third collection date (time*clipping: p=0.0016). 

The clipping treatment had an effect on temperature. Clipped plots had daily maxima that 

were on average 3°C lower than unclipped plots from May through July 

(month*clipping: p<0.0001), which could be attributed to differences in albedo or air 

circulation. 
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Litter decay  

Contrary to my hypothesis, the linear model and single exponential model fit the litter 

mass loss data equally well (delta r<3) in the majority of cases (76%). In the 24% of 

cases where one model was more favorable than the other across all sites, a single 

exponential model was a better fit 88% of the time. There was a slight difference among 

sites in the best-fit model. Cedar Creek had more samples that fit a single exponential 

model than the other two sites. There was no trend in model preference between UV 

treatments or species. For simplicity, the single exponential model was chosen to 

compare among sites and treatments. Cedar Creek had the highest average r2of 0.96 and a 

range of 0.75-0.99 and a standard error of 0.003. The mean r2 for Central Plains was 0.79, 

with a range of 0.37-0.99 and a standard error of 0.02. The mean r2 of the single pool 

model for Sevilleta was 0.77, with a range of 0.26-0.99 and a standard error of 0.01.  

Decay rates differed among sites, species, and UV treatments (Figure 4-3) with 

positive effects of UV on decomposition when they occurred. Overall, B. gracilis litter 

had a higher decay rate than A. gerardii litter at all three sites (p<0.0001). Contrary to 

expectations, the difference in decay rates between the two species was greater at 

Sevilleta than the other two sites (site*species interaction: p<0.0001). Sevilleta had the 

highest decay rates, while Central Plains had the lowest (p<0.0001). Differences between 

UV treatments varied among sites and species, but not as predicted. There was a 

significant UV*species interaction (p=0.0231), nested within site. At Cedar Creek, B. 

gracilis litter decomposed 17% faster in the UV pass treatment than the UV block 

treatment, but A. gerardii was not affected by the UV treatment (Figure 4-3a). In 

addition, the clipping treatment did not have a significant effect on decomposition rates at 
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Cedar Creek (data not shown, F=1.39, p=0.2677, data not shown). At Central Plains, A. 

gerardii litter decomposed 50% faster in the UV pass treatment than the UV block 

treatment, but the decomposition rate of B. gracilis did not significantly differ between 

treatments (Figure 4-3b). At Sevilleta, both species decomposed faster under the UV pass 

treatment (Figure 4-3c). Decay rates at Sevilleta for A. gerardii under the UV pass 

treatment were twice those in the UV block treatment. UV effects on B. gracilis at 

Sevilleta were slightly smaller: the UV pass treatment increased decomposition rates by 

40% compared to the UV block treatment.  

 

Influence of soil infiltration on mass loss patterns 

Although decomposition data tended to fit an exponential decay model at all three sites, 

mass loss patterns across collection dates were different across the three sites (Figure 4-

4). The mass loss from the litterbags was relatively steady over time at Cedar Creek and 

Central Plains, while Sevilleta had rapid mass loss between the 1st and 2nd collection date, 

and between the 3rd and 4th collection date, which corresponded with the monsoon 

seasons (see Figure 4-1). This pattern was partially reflected in the higher r2 values when 

fiting the date to the single exponential model at Cedar Creek and Central Plains than at 

Sevilleta. There was also a strong increase in soil accumulation in the litterbags during 

these periods, and I examined if soil accumulation was correlated with mass loss using 

linear regression. Soil infiltration was positively correlated with litter mass loss at 

Sevilleta (r2=0.29, p<0.0001). Adding soil mass retrieved in the litterbags as a covariate 

increased the goodness of fit of the model (AIC with soil=929.18, AIC without 

soil=940.54), but did not affect the significance of the UV effect.  
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Carbon Fraction Loss 

Hemicellulose and cellulose fractions decreased over time at all three sites, beginning 

with the first collection date (Table 4-3). Loss of both hemicellulose and cellulose 

fractions was always higher in B. gracilis than A. gerardii (p<0.0001). Lignin fractions 

tended to increase initially, possibly due to a buildup of “lignin-like” microbial by-

products. Lignin loss tended to be greater in B. gracilis than A. gerardii across sites. 

Effects of UV radiation on particular carbon fractions in the litter depended on species 

and site, and therefore they were evaluated in separate statistical models (Table 4-4).  

In contrast to my hypothesis that UV exposure would lead to increased lignin 

losses, there was only a small effect of UV exposure on lignin loss in a few cases. At 

Cedar Creek, UV effects on lignin loss depended on species. Lignin loss was not 

significantly different between UV block and pass treatments in A. gerardii but was twice 

as high under the UV pass than UV block treatment in B. gracilis litter. At Central Plains, 

A. gerardii gained mass in the lignin fraction at the first collection date, but accumulation 

of lignin in the UV pass treatment was half that of the UV block treatment. There was no 

significant UV effect at any other collection date at Central Plains in either species. 

Lignin loss at Sevilleta was closer to predicted patterns: A. gerardii litter lost 52% and 

133% more lignin under the UV pass than UV block treatments at the third and fourth 

collection dates, respectively. This effect was marginally significant because there was 

insufficient sample remaining to analyze lignin content on the full 10 replicates. There 

was a trend toward greater lignin loss for the UV pass treatment in B. gracilis for the first 

through third collection dates, but effects were not significant. There were insufficient 
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replicates of B. gracilis to statistically analyze UV effects at Sevilleta at the 4th collection 

date due to the large amounts of mass loss.  

I had not hypothesized that UV exposure would affect hemicellulose or cellulose 

loss. There was no effect of UV radiation on the cellulose fraction at any time during the 

experiment, but there was a considerable effect of the UV treatment on the hemicellulose 

fraction across sites (Table 4-4). At Cedar Creek and Central Plains, UV exposure 

significantly increased loss of the hemicellulose fraction an average of 14% in both 

species. At Sevilleta, there was a significant effect of UV exposure on the hemicellulose 

fraction in A. gerardii at the fourth collection date, where UV exposure increased 

hemicellulose loss by 63%. UV exposure did not affect loss of the hemicellulose fraction 

in B. gracilis at Sevilleta, although sample sizes were too small to statistically analyze for 

the final collection date.  

 

Nitrogen dynamics 

A. gerardii immobilized N at Cedar Creek and Central Plains throughout the entirety of 

the experiment (Figure 4-5a,b). Although there was a trend toward lower N 

immobilization in the UV pass treatment, there was no significant effect of UV radiation 

on N immobilization in A. gerardii at either site. A. gerardii immobilized N at Sevilleta 

after the first collection date, but lost N by the fourth collection date, more so in the UV 

pass treatment than UV block treatment (Figure 4-5c). In B. gracilis litter, there was an 

initial period of immobilization at Cedar Creek and Central Plains, followed by 

mineralization at later collection dates (Figure 4-5a,b). At Sevilleta, B. gracilis lost N 

over the entire period (Figure  4-5c). There was a trend toward greater N loss in B. 
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gracilis in the UV pass treatment than the UV block treatment at Cedar Creek, but the 

effect was not significant.  

 The relationship between N dynamics and litter mass loss was relatively 

consistent with the Parton et al. (2007) models (Figure  4-6). In A. gerardii litter, the 

mesic system model was the best fit for Cedar Creek (r2=0.35) but tended to slightly 

underestimate litter N content. Litter N content in A. gerardii at Central Plains was 

consistently higher than predicted by either the dry grassland or mesic system models, 

and the data failed to fit either of the Parton et al. models or the linear model. At 

Sevilleta, the relationship between N content and litter mass loss followed the dry 

grassland and linear model equally well (r2=0.38 in both cases). The models more closely 

fit N dynamics in B. gracilis at all three sites: the wet system model was the best fit at 

Cedar Creek (r2=0.60), the dry grassland model was the best fit at Central Plains 

(r2=0.42), and the linear model was the best fit at Sevilleta (r2=0.94).  

 

Extracellular enzymes 

I did not observe any oxidative enzyme activity (i.e. phenol oxidase and peroxidase) over 

the course of the experiment. Hydrolytic enzymes (phosphatase, β-glucosidase, n-acetyl-

glucosaminidase, and cellobiohydrolase) were not affected by the UV treatment (p>0.4 

for all enzymes, data not shown). Activity differed significantly between species 

(p<0.0001) and among sites (p<0.0001, Figure  4-7). Activity in A. gerardii was 

generally lower than in B. gracilis. Activity at Cedar Creek was generally highest, while 

activity at Sevilleta was generally lowest. These patterns did not differ significantly over 

time (data not shown). Phosphatase, β-glucosidase, n-acetyl-glucosaminidase, and 
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cellobiohydrolase were positively correlated with one another in both species and all sites 

(p<0.0001). Phosphatase activity was not as tightly correlated with activity of the other 

three enzymes (average r2=0.3±0.1) as the other enzymes were with one another (average 

r2=0.6±0.1).  

 

Discussion 

Photodegradation and litter decomposition rates 

The results of this study lend further support to the growing evidence that 

photodegradation increases litter decomposition rates and mass loss in arid grassland 

ecosystems. Furthermore, these results extend the role of photodegradation to a wider 

range of grasslands, including more mesic sites such as Cedar Creek. I had expected that 

high canopy cover would impede penetration of solar radiation to the litter layer at Cedar 

Creek. Even at peak standing biomass, however, canopy cover at Cedar Creek only 

reduced PAR by 17%. This was not sufficient to reduce the effect of photodegradation on 

litter decomposition as both clipped and unclipped plots exhibited the same positive 

effects of UV radiation on decomposition. I had also expected that Cedar Creek’s higher 

latitude and lower elevation than the other two sites, which reduces the annual UV dose, 

would also impede photodegradation as would the higher level of precipitation. However, 

unlike the other two sites, litter at Cedar Creek was not in direct contact with mineral soil. 

This lack of soil contact meant that litter was exposed to solar radiation for longer periods 

of time, potentially dried out more quickly after rain events, and had less contact with the 

soil microbial community than the other two sites. These factors could have led to a 

larger role of photodegradation at Cedar Creek than originally predicted, and they 
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highlight the importance of site-specific influences on the role photodegradation plays in 

the litter decomposition process. Finally, since extracellular enzyme activity at Cedar 

Creek was very high, it is possible that microbial breakdown of the litter made it more 

susceptible to photodegradation, a mechanism that has been supported in studies 

examining the photodegradation of dissolved organic carbon (e.g. Amado et al. 2007). 

A primary goal of this study was to test if photodegradation plays a larger role in 

plant litter decomposition in arid grassland systems than mesic grassland systems. This 

hypothesis was only partially supported by my results. In A. gerardii litter, the role of 

photodegradation increased with site aridity and ambient UV radiation as expected. 

Exposure to UV radiation did not significantly increase litter decay rates at Cedar Creek, 

increased rates by 50% at Central Plains, and doubled rates at Sevilleta. Patterns in B. 

gracilis litter did not fit expectations as clearly. UV exposure had the greatest effect at 

Sevilleta, as expected. However, UV exposure played a larger role at Cedar Creek than at 

Central Plains in B. gracilis litter decomposition despite higher UV radiation at Central 

Plains. The driver of this pattern in B. gracilis litter remains unclear. However, as 

mentioned above, greater microbial decomposition at Cedar Creek than the other two 

sites could have facilitated photodegradation in B. gracilis. 

While photodegradation played the largest role at the most arid site, it could not 

completely account for the rapid decay observed at Sevilleta. Even when UV radiation 

was blocked from reaching the litter layer, decay rates of B. gracilis at Sevilleta were 

twice that of Cedar Creek, and rates of A. gerardii litter decay were equal between Cedar 

Creek and Sevilleta. This pattern appears to be consistent across years and was not due to 

any anomalous climate characteristics during the experiment (Appendix 1). The rapid 
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mass loss during the summer monsoon seasons coupled with the strong correlation 

between litter mass loss and soil infiltration at Sevilleta lend support to the alternative 

hypotheses that precipitation pulses and soil burial may be partially driving high rates of 

litter decay in arid ecosystems such as Sevilleta (Austin et al. 2004, Throop and Archer 

2007). The synchronization of precipitation pulses with high temperatures during the 

monsoons could have led to periods of rapid microbial activity as well, which could have 

been further facilitated by greater contact with the soil microbial community once litter 

became buried. Since both UV exposure and soil burial had positive effects on litter 

decomposition rates at Sevilleta, it is possible that high mass loss rates at the site are due 

to the sum of several factors, of which photodegradation is only a portion.  

 

Litter decay models 

I hypothesized that when photodegradation plays a larger role in litter decomposition, 

litter mass loss should follow a linear decay model instead of an exponential decay 

model. Previous field and laboratory experiments separating photochemical from 

microbial decay have found support for this hypothesis (Austin and Vivanco 2006, 

Brandt et al. 2009). In this study, however, linear and exponential decay models fit 

equally well in most cases. It is possible that this result is partially due to the stage of the 

decomposition process. Many studies that have found linear patterns of decay in arid 

ecosystems have been conducted for five years or more (Adair et al. 2008, Vanderbilt et 

al. 2008). In addition, we were limited by having only four collection points from which 

to fit the model. If this study were allowed to continue past two years with more 

collection points, it is possible that the two models would become more distinguishable. 
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Indeed, the r2 values for the exponential model tended to be higher for Cedar Creek than 

the other two sites, and the majority of cases where the exponential model was a better fit 

were also at Cedar Creek. In addition, photochemical decay was also allowed to occur 

simultaneously with microbial decay in this study. Even in cases where photodegradation 

played a large role in litter decomposition in this study, it was never solely responsible 

for mass loss. Therefore, the linear pattern of photodegradation may be masked by other 

decay patterns attributable to microbial or other abiotic processes.  

 

Carbon fraction loss attributed to photodegradation 

I hypothesized that photodegradation would play a larger role in litter with high lignin 

than litter with low lignin for two reasons. First, lignin absorbs UV radiation, and 

previous theoretical and empirical studies have suggested that lignin is the primary 

carbon fraction that is photodegraded (Moorhead and Callaghan 1994, Day et al. 2007, 

Henry et al. 2008). Second, photodegradation may simply account for a greater 

proportion of litter mass loss in high lignin litter because rates of microbial decay are 

lower (Brandt et al. 2007). Photodegradation via UV radiation played a larger role in 

decomposition of A. gerardii (8% lignin) than B. gracilis (6.6% lignin) at both Central 

Plains and Sevilleta, which had among the lowest levels of extracellular enzyme activity. 

This result was only partially explained by greater loss of the lignin fraction, however. 

UV exposure increased lignin loss in A. gerardii at only the fourth collection date at 

Sevilleta and did not appear to affect lignin loss at Central Plains. Although there was no 

significant effect of UV exposure on total mass loss of A. gerardii at Cedar Creek, UV 

exposure did increase lignin loss in A. gerardii at that site. However, greater impacts of 
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UV exposure were seen in B. gracilis than A. gerardii at Cedar Creek, despite the fact 

that it had a lower initial lignin content than A. gerardii and the highest level of microbial 

extracellular enzyme activity. These results suggest that the impacts of photodegradation 

on a particular litter type cannot be predicted by initial lignin content.  

Under further examination, it is not surprising that lignin loss was not tightly 

coupled to total litter mass loss from photodegradation. Lignin makes up a small fraction 

of initial litter mass (less than 10%) in both species. Therefore, even if lignin were 

completely degraded by solar radiation, it would only lead to a loss of 6-8% of the 

original litter mass. Previous research has shown that UV exposure does lead to increased 

lignin loss (Rozema et al. 1997, Day et al. 2007, Henry et al. 2008), but in general these 

effects have been small. Day et al. found that exposure to UV-B radiation increased total 

litter mass loss by 5%, but only increased lignin loss by 1%. Similarly, Henry et al. found 

that litter exposed to solar radiation doubled total mass loss of grass leaves from 

approximately 25% to 50% loss, but since initial lignin values were only 8%, this loss 

could not be completely attributable to lignin alone. These studies indicate that fractions 

other than lignin must be lost from photodegradation to account for the total mass loss 

attributable to photodegradation. 

In this study, UV exposure tended to increase loss of the hemicellulose fraction. 

This result is in agreement with Rozema et al. (1997) and Brandt et al. (2007), who also 

found an increase in hemicellulose loss with increased UV-B exposure. Since 

hemicellulose makes up a much larger proportion of the initial litter mass (32% in A. 

gerardii, 38% in B. gracilis) than lignin does, it has a much greater potential to influence 

total litter mass loss if it is photochemically susceptible. Currently little is known about 
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how hemicellulose could be lost via photodegradation. One possibility is that 

photodegradation weakens the lignocellulose matrix, making hemicellulose more 

accessible to hydrolytic enzymatic decay through an increase in binding site availability 

(Gallo et al. 2009). Another possibility is that hemicellulose is broken down through 

indirect photolysis, in which the absorption of UV radiation by lignin leads to the 

production of free radicals, which are then able to break bonds in other compounds in the 

lignocellulose matrix, such as hemicellulose (Schade et al. 1999). Further research is 

needed to test whether either of these two potential mechanisms is responsible for 

hemicellulose loss. 

 

Photodegradation and nitrogen dynamics 

I hypothesized that mass loss from photodegradation would be decoupled from N 

dynamics because photodegradation, unlike microbial decomposition, does not require N. 

The results of this study lend only partial support to this hypothesis. In all cases where 

UV exposure increased mass loss, this pattern was not coupled with an increase in N 

immobilization that is typical in microbially-mediated decomposition when litter C:N is 

high (e.g. A. gerardii litter). In general, N immobilization tended to be lower in the UV 

pass treatment in A. gerardii litter, but did not significantly differ from the UV block 

treatment. Exposure to UV radiation also did not generally increase N loss, with the 

exception of increased N loss from A. gerardii litter at Sevilleta on the fourth collection 

date. However, the relationship between litter N and mass loss (Figure  4-6) was not 

affected by UV exposure as I would have predicted if N dynamics and litter mass loss 

were decoupled in the presence of photodegradation.  
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Despite the fact that N dynamics were largely unaffected by exposure to UV 

radiation, N dynamics at Sevilleta appeared to be driven by abiotic processes. Nitrogen 

and litter mass loss from both litter types closely followed a 1:1 ratio, indicating that litter 

did not immobilize N. Because total litter mass and N loss occurred at the same rate, it is 

unlikely that N loss was due to microbial mineralization. The C:N ratio of B. gracilis 

remained at initial values throughout the experiment and the C:N ratio of A. gerardii 

remained above 115, well above critical stoichiometric ratios necessary for microbial 

mineralization (Manzoni et al. 2008). This result suggests that unusual N dynamics 

observed in arid systems might be due to abiotic drivers other than photodegradation. The 

large pulses of rain in the monsoon seasons could have led to high leaching losses 

(MacKay et al. 1992). Alternatively, the physical impact of large rainfall events or high 

heat at the soil surface could have led to physical deterioration of the litter, which could 

have resulted in small, brittle pieces of litter being blown or washed away from the 

litterbag (MacKay et al. 1994). Soil infiltration into the litterbag could have led to a 

similar impact through physical abrasion (Throop and Archer 2007).  

 

Interactions between enzymatic and photochemical processes 

My prediction that extracellular enzyme activity would decrease as the role of 

photodegradation in the decomposition process increased was partially supported by the 

results of this study. Decay rates of A. gerardii litter at Sevilleta were the most strongly 

affected by the presence of UV radiation, and A. gerardii also had the lowest extracellular 

enzyme activity. Enzyme activity was highest at Cedar Creek, which had relatively minor 

photodegradation effects. However, photodegradation effects were greater in B. gracilis 
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than A. gerardii at Cedar Creek, and extracellular enzyme activity was also higher in B. 

gracilis. These results suggest that enzyme activity and photodegradation may act 

synergistically to increase litter mass loss in some cases or that there may be no 

relationship between enzyme activity and photodegradation.  

Extracellular enzyme activity was equal between UV pass and UV block 

treatments in all sites regardless of whether there was a significant UV effect on litter 

decay rates. There are several alternative explanations for this result. First, unlike litter 

decay rates, which are integrated over time, measurements of extracellular enzyme 

activity are only a snapshot of activity at the time the litter was collected. It could simply 

be that UV effects occurred at other points in time than those when I measured activity. 

Secondly, this pattern could indicate that difference in decomposition rates between UV 

treatments are driven by factors independent of microbial activity (i.e. any increase in 

mass loss with increased UV radiation exposure can be attributed to abiotic 

photochemical mechanisms, instead of facilitation of microbial decomposition, Brandt et 

al. 2009). Third, this result could be attributed to an increase in “enzymatic turnover 

activity,” which is defined as the quantity of enzymatic activity needed to degrade a 

cohort of litter (Gallo et al. 2009). In other words, if decomposition rates increase but 

enzyme activity remains constant, the activity to mass loss ratio decreases, meaning less 

energy is required by the microbial community to degrade a particular substrate. This 

alternative hypothesis would suggest that photodegradation could indeed be facilitating 

microbial breakdown of litter. However, I did not find support for this hypothesis in a 

previous study (Brandt et al. 2009).  
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I did not detect oxidative enzyme activity in either litter species at any site or time 

during the decomposition process. Gallo et al. (2006) suggest that a lack of oxidative 

enzyme activity in high-light environments could indicate that photochemical processes 

negate the need for the microbial community to put energy into lignin degradation. While 

this is possible, the fact that no oxidative enzyme activity was observed in any of the 

litter, including the UV block treatment at Cedar Creek, may indicate that other processes 

are at work. Oxidative enzyme activity from surface soils collected at similar grassland 

sites has been observed and is often highest in arid environments (Zeglin et al. 2007). In 

addition, a study at Cedar Creek found that oxidative activity in litter is relatively low or 

undetectable, even in forested systems with little light penetration to the litter layer 

(Keeler et al. 2009). It is possible that litter at this stage in the decomposition process 

simply may not be sufficiently decomposed to the point where oxidative enzymes are 

required to access energy-rich substrates (Moorhead and Sinsabaugh 2006). Modeling 

and field studies suggest that until litter reaches a lignocellulose index (LCI, the ratio of 

lignin:(lignin+cellulose)) of 0.4, microbial decay of the lignin portion will not occur 

(Aber et al. 1984, Moorhead and Sinsabaugh 2006). LCI in this study never reached that 

threshold, and in fact remained much lower (mean LCI at final collection date=0.14, 

max=0.39). Coupled with the fact that hydrolytic enzyme activity remained high 

throughout the two years of decomposition, the most likely explanation for the lack of 

detectable oxidative enzyme activity in this study is simply the early stage in the 

decomposition process.  

The results of this study are in contrast to previous research that has found UV 

exposure to negatively affect decomposers (Gehrke et al. 1995, Duguay and Klironomos 
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2000, Pancotto et al. 2003). Much of the previous work on the subject has examined 

effects of supplemental UV radiation on microbial communities that are not adapted to 

high levels of solar radiation (Gehrke et al. 1995, Duguay and Klironomos 2000, 

Pancotto et al. 2003). In this study, I examined effects of ambient UV radiation on 

microbial communities adapted to environments with high light exposure, which may 

have protective pigments and other mechanisms to shield them from UV-induced DNA 

damage (Gallo et al. 2009). Recent evidence suggests that even microbial communities in 

arid systems may be sensitive to high levels of UV radiation, leading to increased 

production of protective pigments (Belnap et al. 2008) or shifts in community 

composition to more UV-tolerant species (Gallo et al. 2009). However, there is little 

evidence that suggests that these shifts in community composition and pigment 

production translate into decreased extracellular enzyme activity that could lead to 

decreases in microbial decomposition rates. In fact, a recent study found that while there 

were significant shifts in microbial community composition with increases in solar 

radiation, this did not translate into substantial changes in extracellular enzyme activity 

(Gallo et al. 2009). Therefore, while there may have been shifts in community 

composition in the litter measured in this study, it did not have any significant effect on 

community function.  

 

Conclusion 

The results of this study show that exposure to UV radiation contributes to litter 

mass loss in a wider range of grassland ecosystems than previously documented, 

increasing rates of decomposition in mesic systems such as Cedar Creek in addition to 
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semi-arid and arid grassland ecosystems. Litter mass loss via photodegradation appears to 

be independent of factors that influence rates of biological decomposition, including litter 

lignin and N content and microbial extracellular enzyme activity. Photodegradation does 

seem to play a larger role in arid ecosystems where biological decomposition is lower, 

and therefore can partially explain differences in decomposition patterns in arid and 

semiarid grasslands. However, the higher role of photodegradation in arid systems cannot 

completely account for higher-than-predicted litter decomposition rates and atypical N 

dynamics in arid ecosystems. Further empirical and modelling studies of interactions 

between photodegradation and other abiotic and biotic controls on decomposition are 

needed to more completely explain differences in litter dynamics between arid and mesic 

grassland ecosystems. 
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Site Vegetation 

Type 

Latitude 

(ºN) 

MAP 

(mm) 

MAT 

(oC) 

LAI 

(m2/m2) 

Elevation 

(m) 

PET 

(mm) 

AET 

(mm) 

Cedar Creek Old field 45.4 726 5.5 2.0a 365 597 586 

Central Plains Shortgrass steppe 40.8 309 8.7 0.22b 1650 605 299 

Sevilleta Desert grassland 34.4 222 10.5 0.45c 1596 735 222 

Table 4-1. Site characteristics. MAP: mean annual precipitation (30 year average 1951-1980); MAT: mean annual temperature (30 

year average 1951-1980); LAI: leaf area index at peak standing biomass; PET, AET: potential, actual evapotranspiration.(Data 

modified from Zak et al. 1994, LAI data from aReich et al. 2001, bLane et al. 2000, and cShore 1999
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Initial Chemistry A. gerardii B. gracilis 
% Carbon 45.05 (0.22) 44.47 (0.11) 
% Nitrogen 0.30 (0.02) 1.06 (0.04) 
% Phosphorus 0.05 (0.01) 0.13 (0.00) 
% Potassium 0.28 (0.06) 0.32 (0.01) 
% Iron 0.04 (0.03) 0.01 (0.00) 
% Soluble Carbohydrates 18.89 (0.57) 22.47 (0.42) 
% Hemicellulose 32.36 (0.28) 38.47 (0.39) 
% Cellulose 39.99 (0.68) 30.97 (0.52) 
% Lignin 8.10 (0.37) 6.61 (0.55) 
C:N 154.19 (8.58) 42.67 (1.55) 
Lignin:N 26.93 (1.98) 6.24 (0.64) 

 
Table 4-2. Initial litter chemistry of the two litter species used in the experiment. 

Percentages were calculated on a percent dry weight basis. Mean (n=10) and standard 

error shown. 
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Species Site Time 
% Hemicellulose 

Remaining % Cellulose Remaining % Lignin Remaining* 
   UV block  UV pass UV block UV pass UV block UV pass 

A. gerardii Cedar Creek 1 93.8 (0.9) 91.1 (0.9) 97 (1.3) 101.2 (1) 100.8 (3.5) 106.1 (3.2) 
  2 96.1 (4.1) 86.2 (0.6) 94.1 (3.8) 93.1 (2.6) 126.8 (13.0) 115.0 (5.1) 
  3 80.2 (4.8) 70.4 (1.4) 80.3 (4.8) 76.2 (2.3) 109.5 (4.8) 97.5 (2.7) 
  4 59.6 (1.0) 56.5 (0.9) 65.5 (3.2) 64.5 (2.1) 96.2 (12.0) 100.0 (4.2) 
 Central Plains 1 99.7 (1.9) 93.1 (2.3) 93.7 (2.0) 92.0 (2.4) 138.4 (8.4) 120.8 (10.6) 
  2 91.4 (2.8) 86.2 (1.8) 88.8 (2.0) 87.8 (2.2) 87.5 (3.7) 87.3 (3.8) 
  3 82.8 (2.3) 80.4 (2.1) 84.1 (2.0) 85.1 (2.5) 95.7 (4.6) 100.1 (11.9) 
  4 67.8 (4.6) 64.4 (3.2) 67.8 (4.1) 73.3 (4.4) 85.5 (7.5) 92.3 (11.4) 
 Sevilleta 1 90.4 (1.1) 93.0 (2.1) 94.7 (1.1) 91.8 (0.7) 120.2 (4.9) 118.7 (8.2) 
  2 83.0 (3.2) 76.3 (3.2) 83.7 (2.1) 70.9 (6.7) 80.7 (5.2) 70.4 (6.4) 
  3 89.6 (1.0) 84.1 (2.7) 98.5 (2.5) 96.8 (3.1) 73.2 (9.3) 61.3 (10.7) 
  4 65.1 (4.5) 42.9 (6.9) 75.7 (4.5) 59.8 (10.9) 81.3 (5.3) 54.9 (8.9) 
B. gracilis Cedar Creek 1 78.8 (0.8) 76.9 (0.7) 85.5 (2.2) 85.1 (1.4) 101.2 (2.5) 85.1 (2.7) 
  2 66.5 (0.6) 60.2 (2.5) 65.3 (1.7) 64.7 (3.8) 102.6 (3.6) 96.8 (2.7) 
  3 54.6 (1.0) 47.3 (0.9) 50.2 (0.6) 50.2 (1.0) 92.0 (2.0) 82.9 (2.2) 
  4 38.2 (1.4) 33.4 (1.1) 41.0 (2.9) 35.6 (3.3) 82.9 (3.0) 75.1 (9.1) 
 Central Plains 1 90.8 (1.8) 87.5 (1.3) 90.6 (1.0) 89.0 (1.1) 111.0 (4.5) 122.6 (5.8) 
  2 78.5 (1.3) 74.2 (1.7) 75.6 (1.7) 78.2 (1.7) 77.6 (3.4) 62.5 (7.7) 
  3 65.9 (2.1) 62.2 (1.9) 65.2 (2.3) 69.4 (1.4) 86.3 (2.9) 78.0 (3.2) 
  4 47.0 (4.4) 48.4 (3.1) 46.0 (4.5) 49.3 (3.4) 68.1 (5.0) 64.3 (4.9) 
 Sevilleta 1 83.4 (2.2) 77.2 (2.7) 88.6 (4.0) 85.0 (3.0) 108.7 (13.7) 119.8 (9.9) 
  2 53.5 (3.9) 40.9 (8.6) 51.0 (5.2) 40.0 (10.4) 62.5 (14.9) 57.9 (23.3) 
  3 40.5 (5.4) 41.6 (9.0) 45.4 (5.2) 50.0 (11.1) 57.0 (9.4) 32.0 (9.7) 
  4 NA NA NA NA NA NA 

*Lignin values over 100% indicate a net increase in lignin-like compounds, potentially from a buildup of microbial by-products. 

Table 4-3. Mean (n=10) and standard error of percent hemicellulose, cellulose, and lignin remaining compared to initial values.  

 

 



 

116 

 

Effect  Cedar Creek Central Plains Sevilleta  
 DF F P F P F P 
Hemicellulose        
UV treatment 1 9.81 0.0023 6.54 0.0125 0.29 0.5956 
Time 3 1361.37 <.0001 164.85 <.0001 57.22 <.0001
Litter Type 1 226.13 <.0001 14.71 0.0002 18.49 <.0001
Time*UV treatment 3 1.19 0.3138 1.53 0.2092 0.56 0.6454 
Time*Litter Type 3 25.14 <.0001 2.07 0.1081 12.31 <.0001
UV treatment*Litter Type 1 0.47 0.4945 0.80 0.373 2.50 0.1173 
Time*UV treatment*Litter Type 3 0.80 0.4956 0.22 0.8822 3.06 0.0315 
Cellulose         
UV treatment 1 0.33 0.57 0.64 0.4254 0.93 0.3428 
Time 3 661.96 <.0001 117.79 <.0001 38.52 <.0001
Litter Type 1 112.48 <.0001 2.56 0.1122 2.71 0.1033 
Time*UV treatment 3 2.37 0.07 1.30 0.2791 1.21 0.3109 
Time*Litter Type 3 20.71 <.0001 6.78 0.0003 16.70 <.0001
UV treatment*Litter Type 1 2.76 0.10 0.00 0.9451 0.00 0.971 
Time*UV treatment*Litter Type 3 1.65 0.18 0.85 0.4685 0.44 0.7251 
Lignin        
UV treatment 1 0.34 0.5605 2.58 0.1121 0.36 0.5498 
Time 3 22.85 <.0001 78.40 <.0001 31.50 <.0001
Litter Type 1 8.17 0.0046 2.92 0.0901 0.42 0.5205 
Collection Time*UV treatment 3 3.47 0.0166 0.46 0.7091 2.23 0.091 
Collection Time*Litter Type 3 6.21 0.0004 0.45 0.7154 0.73 0.5567 
UV treatment*Litter Type 1 4.29 0.0393 16.27 <.0001 0.29 0.5887 
Time*UV treatment*Litter Type 3 0.76 0.5195 5.35 0.0017 3.22 0.0302 

 
Table 4-4. F-statistics and p-values from a split plot mixed effects model of the effects of 

the UV treatment, time, and litter type on the percent of each carbon fraction remaining 

compared to initial values. DF=degrees of freedom. Bold values indicate significant 

effects (p>0.05).  



 

 

Figure  4-1. Climate characteristics over the course of the experiment. (a.) Mean daily air 

temperature by month for each site (b.) Total monthly precipitation (left y-axis) and 

cumulative monthly precipitation (right y-axis) for each site (c.) Mean monthly above-

canopy daily erythemal UV-B dose from the nearest USDA UV-B monitoring station. 

Arrows indicate litterbag collection times (S3=Collection time 3 at Sevilleta).  
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Figure  4-2. UV-blocking and passing screen design. Frames were custom designed from 

galvanized steel with removable plastic slats that either blocked or passed UV radiation. 

Screens were oriented southward to achieve the greatest possible UV treatment effect. 

Also shown: litterbags attached to the ground with garden staples and radiometers for 

measuring solar radiation.  
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Figure  4-3. Mean litter decay rate (k, y-1) of ash-free dry mass from a single exponential 

decay model for A. gerardii and B. gracilis litter under the UV block or UV pass 

treatment at (a.) Cedar Creek, (b.) Central Plains, and (c.) Sevilleta. Experimental blocks 

that failed to fit an exponential decay model (p>0.05) due to outliers were excluded from 

the analysis (n>7 in all cases). Standard error shown.  
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Figure  4-4. Mean (n=10) percent ash-free dry mass remaining over time in A. gerardii 

and B. gracilis litter under UV pass or UV block treatments at (a.) Cedar Creek, (b.) 

Central Plains, and (c.) Sevilleta. Standard error shown. 
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Figure  4-5 Mean (N=10) litter nitrogen (% of initial) over time in A. gerardii and B. 

gracilis litter under UV pass or UV block treatments at (a.) Cedar Creek, (b.) Central 

Plains, and (c.) Sevilleta. Values over 100% indicate net N immobilization, and values 

below 100% indicate net N loss. Standard error shown.
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Figure  4-6 Percent ash-free dry mass remaining versus litter nitrogen (% of initial) for 

(a.) A. gerardii and (b.) B. gracilis at the three sites. Lines represent modeled 

relationships based on Parton et al. (2007) for dry grassland (dashed) and mesic (solid) 

sites. Dotted lines show a 1:1 N to litter mass loss relationship.  
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Figure  4-7. Activity of extracellular enzymes: (a.) phosphatase, (b.) β-glucosidase, (c.) 

n-acetyl-glucosaminidase, and (d.) cellobiohydrolase averaged across collection dates. 

Effects of site and species were statistically significant (p<0.0001); A, A. gerardii and B, 

B. gracilis. The UV effect was not significant, and UV treatments were pooled for 

analysis. Means (n=20) and standard error shown. 
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Appendix 1: Additional Litterbag Set, 2007 

 

Because 2006 was drier than average at Cedar Creek and wetter than average at Sevilleta, 

I placed a second set of litterbags in the field in Spring 2007 to test whether any effects 

observed in 2006 were attributable to abnormal field conditions. The same air-dried litter 

collected in 2005 was used for the 2007 litterbags. Litterbags (n=10) containing 10 g of 

A. gerardii or B. gracilis were constructed as before, and an additional set of bags (n=10) 

containing 2 g of each litter type was also constructed. This additional set of bags was 

added to test whether the effects of photodegradation may depend on litter density, which 

has been suggested in previous studies (Henry et al. 2008, Brandt et al. 2009). The high-

density 10 g litterbags (444 g m-2) and low-density 2 g litterbags (89 g m-2) were 

collected in Fall 2007.  

 

Comparison between 2006 and 2007 

Litter mass loss patterns over the first 6 months differed significantly between 2006 and 

2007 (Figure  A-1). In 2006, Cedar Creek lost significantly less mass than Sevilleta. In 

2007, the two sites did not differ significantly in mass loss. These trends may be partially 

explained by climate patterns. Total annual precipitation in 2006 was relatively high at 

Sevilleta and relatively low at Cedar Creek, which would account for the respective high 

and low mass losses at these two sites. The Central Plains site, which had less extreme 

differences in precipitation between years, did not differ in mass loss between 2006 and 

2007.  
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Litter Density Effects  

Litter density had a significant effect on litter mass loss in all three sites (p= 0.0090, 

Figure  A-2). Low density litter had 26% greater mass loss than high density litter. 

However, there was no significant interaction between litter density and UV effects. UV 

effects in low density litter were the same as observed for high density litter over the 

same period (UV effect: p=0.0273). Site and species differences were the same in both 

high density and low density litter. 



 

 
 
Figure  A-1. Mean percent ash-free dry mass remaining after six months of 

decomposition in each site, averaged across species and UV treatments. Letters indicate 

significant pairwise differences (Tukey’s HSD). Standard error shown.  
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Fig A-2. Mean percent ash-free dry mass remaining after six months of decomposition in 

high-density and low-density litter, averaged across sites and UV treatments. Standard 

error shown.  
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Chapter 5 

 

Conclusion 
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The studies presented here show that photodegradation contributes significantly to 

plant litter decomposition in grassland ecosystems. The field study in Colorado (Chapter 

2) was the first study to show that photodegradation plays a role in the decomposition 

process in North American shortgrass steppe and the first to examine the combined 

effects of photodegradation, precipitation, and litter chemistry. The laboratory studies 

described in Chapter 3 are the first published studies to quantify the contribution of 

photodegradation of plant litter in terrestrial systems to the global carbon cycle by 

determining the major carbon fluxes that result from this process. The field study 

presented in Chapter 4 is the first to quantify the role of photodegradation simultaneously 

in multiple sites, which has given valuable insights into how differences within and 

among ecosystems may affect the role that photodegradation plays in the decomposition 

process. The combined results of the laboratory and field studies in the preceding 

chapters suggest that photodegradation is responsible for 20% of total litter mass loss on 

average in grassland ecosystems. However, the contribution of photodegradation to litter 

mass loss varies greatly—between 0 and 50%—within and among sites and litter types, 

and caution should be used in extrapolating the results of these studies to grasslands at 

continental or global scales.  

 

Research Summary  

In Chapter 2, I showed that photodegradation plays a role in litter decomposition 

in semiarid shortgrass steppe in Colorado, USA. The purpose of this study was to assess 

if photodegradation via UV radiation plays a role in the decomposition process in this 

system, and if the role of photodegradation depends on litter chemistry and precipitation. 
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I found that photodegradation did play a role at this site, but only under conditions not 

favorable to microbial decomposition. When litter C:N was high and precipitation was 

low, exposure to UV radiation increased decomposition rates by 25%. However, when 

conditions were favorable for microbial decomposition, exposure to UV radiation did not 

affect decomposition rates. This study also provided evidence that photodegradation may 

lead to increased losses of hemicellulose from the litter layer, instead of lignin losses as 

had been previously hypothesized. Further, the results of this study provide some support 

to the hypothesis that nitrogen immobilization is not associated with litter mass loss when 

photodegradation plays a large role in the decomposition process. The results of this 

study served as a framework for the questions addressed in the studies presented in 

Chapters 3 and 4.  

In Chapter 3, I showed that photodegradation increases carbon loss from litter to 

the atmosphere through direct photochemical production of CO2 as opposed to indirect 

carbon losses via leaching or facilitation of microbial decomposition. I demonstrated that 

photochemical production of CO2 depends on the quantity of radiation received, 

wavelengths of radiation received, and the amount of litter surface area that is exposed, 

but it does not appear that the photochemical production of CO2 depends on litter 

chemistry. In the first published study to estimate photochemical production of CO2 from 

ambient radiation, I estimated that this could lead to CO2 losses of 1-4 g C m-2 per year in 

New Mexico, which can account for up to 20% of litter mass loss annually. This flux is 

small compared to rates of biological CO2 production, which are approximately 100 

times that of photochemical CO2 production even under dry conditions in arid sites. 

While photochemical production of CO2 is most likely a small component of the global 
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carbon cycle, further research is needed to understand the photochemical mechanisms 

behind photochemical production of CO2 because of its importance in the decomposition 

of fresh surface litter.  

My study in Chapter 4 comparing the role of photodegradation in three contrasting 

sites showed that photodegradation does seem to play a larger role in arid systems than 

mesic systems. Photodegradation played the largest role at Sevilleta, which was the most 

arid and had the highest ambient UV radiation. Photodegradation also had the greatest 

effect in Andropogon gerardii litter, which had lower nitrogen and higher lignin than 

Bouteloua gracilis litter. These results are in agreement with the results of the study in 

Chapter 2, which showed that photodegradation played a larger role under dry conditions 

and in litter with a higher C:N ratio. However, one notable exception to this pattern is that 

photodegradation played a larger role in Bouteloua gracilis than Andropogon gerardii 

litter at Cedar Creek, despite the fact that rates of biological decomposition and microbial 

enzyme activity were higher in B. gracilis than A. gerardii litter. This result suggests that 

photodegradation can play a role under conditions that are also favorable to microbial 

decomposition, and more research is needed to understand this phenomenon.  

One of the primary goals of my dissertation research was to test whether 

photodegradation may explain unusual patterns of litter decay observed in arid systems.  

My multi-site field study (Chapter 4) tested whether rapid rates of litter decay, linear 

patterns in litter mass loss, a lack of nitrogen immobilization, and a lack of correlation 

between litter chemistry and decay rates in arid systems may be due to the larger role of 

photodegradation in arid systems. My research showed that while photodegradation did 

play a larger role in the most arid site, it could not fully explain the patterns across all 
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sites. Litter mass loss was still as high or higher at Sevilleta than the most mesic site, 

Cedar Creek, even when photodegradation was excluded, and there was no effect of 

photodegradation on overall litter decay patterns. Nitrogen dynamics at Sevilleta were 

also not affected by the presence or absence of photodegradation, but still no nitrogen 

immobilization was observed for that site, indicating that other factors unique to that site, 

such as seasonal flooding, may drive its nitrogen dynamics. Finally, contrary to other 

studies, I found that the biggest difference in litter decomposition rates between litter 

types was at the most arid site, and this pattern was unaffected by the presence or absence 

of photodegradation. Taken together, my results suggest that there are important drivers 

to litter decomposition in arid systems other than temperature, precipitation, litter 

chemistry, and photodegradation. Future research should focus on identifying and 

quantifying other unique drivers of litter decomposition in arid systems, which may 

include precipitation pulses and wind abrasion as well as other factors that have yet to be 

identified.  

 

Implications for future research 

While I have identified several factors that influence rates of photodegradation, 

there are several other factors that could influence rates of photodegradation that should 

be examined in future research. I showed that initial litter chemistry does not appear to 

affect photodegradation rates, but it is possible that litter chemistry affects 

photodegradation rates in the later stages of decomposition (>2 years). Over time, light-

absorbing compounds in the litter should become depleted due to photodegradation or 

microbial decomposition to the point that they would become limiting to the 
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photodegradation process. Therefore, studies examining litter that has become 

substantially humified, or even soil organic matter, would be expected to yield new 

insights. In addition to litter chemistry, photodegradation rates also may be influenced by 

temperature and water availability. Schade et al. (1999) showed that photochemically-

induced production of carbon monoxide increased with temperature and water 

availability. It is likely that these factors also influence photochemical CO2 production 

rates, and they should be examined in future studies of photodegradation of terrestrial 

litter.  

The fact that photodegradation plays a role in plant litter decomposition has 

important implications for field decomposition experiments in light-exposed systems 

such as grasslands. When trying to estimate rates of decomposition using litterbags in the 

field, researchers should ensure that solar radiation reaching the litterbags in the field 

matches that reaching the natural litter layer. This can be accomplished by using litterbag 

materials that block a minimum amount of solar radiation (e.g. aluminum instead of 

fiberglass), or by using methods other than the litterbag method for estimating 

decomposition rates. Researchers should also ensure that litter layer thickness and 

shading by plants are similar to natural conditions. In addition, comparisons of results 

among litter decomposition studies in these systems should account for differences in the 

exposure of litter to solar radiation. 

The role of photodegradation in the decomposition process has important 

implications for modeling the carbon cycle on local and global scales. I have shown the 

photodegradation leads to the production of carbon dioxide in the absence of microbial 

metabolism. Therefore, an additional flux term should be added to biogeochemical 
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models, one that circumvents microbial decomposition and represents the direct emission 

of CO2 from plant litter to the atmosphere. My results also suggest that, in contrast with 

my original hypothesis, this flux of carbon dioxide likely originates from the 

hemicellulose component of plant litter, which has a much more rapid turnover time than 

lignin. More research is needed to better parameterize future models and better quantify 

the relationships between solar irradiance and photochemical CO2 fluxes, but the results 

presented here suggest that photochemically-induced CO2 production may be on the 

order of 1% of the total CO2 emitted from decomposition from arid systems during the 

dry summer months.  

This research has important implications for predicting ecosystem responses to 

changes in climate and stratospheric and tropospheric ozone. It is predicted that a large 

proportion of North American grasslands will become drier during the summer months 

with future climate change (Christensen et al. 2007). This shift could increase the 

importance of photodegradation by reducing the relative importance of microbial 

decomposition. Increased drought would also lead to a greater number of cloud-free days 

and a decrease in canopy cover through reductions in aboveground net primary 

productivity, thus increasing rates of photodegradation as well. Increased UV-B radiation 

reaching Earth’s surface from CFC-induced reduction in stratospheric ozone will 

continue to be an issue for the coming decades, even at mid-latitudes (Madronich et al. 

1998). This phenomenon could lead to small increases in photodegradation rates. At a 

local scale, tropospheric ozone from motor vehicle exhaust can decrease UV-B radiation 

(Brühl and Crutzen 1989), thus decreasing the role of photodegradation in urban systems. 
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Local land-use changes could also influence the role of photodegradation through 

changes in canopy cover or litter layer thickness.  

 

Conclusion 

 This dissertation on the role of photodegradation in grassland ecosystems 

advances our understanding of photodegradation in the context of ecosystem ecology, 

carbon biogeochemistry, and environmental photochemistry, and has important 

implications for future climate change. The methods and results generated here may be 

applied to studies assessing the future ecological impacts of climate change, particularly 

the effects of local and global changes in UV radiation due to changes in tropospheric 

and stratospheric ozone, as well as studies assessing ecosystem responses to changes in 

precipitation and litter chemistry. The conclusions from this work will serve as a 

foundation for future basic research in biogeochemical modeling, photochemistry of 

natural compounds, and plant litter decomposition in arid ecosystems. 
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