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Abstract

Biological indicators may offer the most comprehensive and accurate means to assess
the integrity of streams and rivers, as changes in a biological community represent an in-
tegrated response to all environmental stressors present in an ecosystem. Biological in-
dicators are typically designed to quantify and/or summarize important aspects of either
ecosystem structure – the types and abundance of organisms found in a given habitat – or
ecosystem function – rates and patterns of ecological processes such as primary and sec-
ondary production, nutrient cycling, and decomposition of organic matter. Increasingly,
resource managers use such indicators to assess whether surface waters fulfill the require-
ments of their designated uses under the Clean Water Act.

Despite the recognition that biological indicators can aid management decisions, crit-
ical questions remain regarding the best way to design, apply, and interpret them. In this
dissertation, I used a suite of statistical and empirical approaches to evaluate the design
and application of several different biological indicators of stream condition in various
contexts and scales across Minnesota. Specifically, I used a bootstrap approach, together
with a database of fish, macroinvertebrate, and environmental data collected by the Min-
nesota Pollution Control Agency (MPCA) between 1996 and 2006 from approximately
1500 stream sites across Minnesota, to quantify variability associated with an Index of Bi-
ological Integrity (IBI) developed by MPCA for fish communities in streams of two Min-
nesota river basins. I placed this variability into a management context by comparing it to
impairment thresholds used in water quality determinations for Minnesota streams. I used
the same MPCA dataset to develop predictive taxa richness models for fish and macroin-
vertebrates as additional indicators of the biological integrity of Minnesota streams, and
evaluated these models for sensitivity and precision. I further determined whether fish and
macroinvertebrate assemblages exhibited significant community concordance, and whether
significantly concordant communities yielded equivalent indications of stream integrity at
three nested spatial scales (statewide, ecoregion and catchment) in Minnesota. Finally,
I used data from the MPCA database to evaluate relationships between selected environ-
mental variables and the composition of fish and macroinvertebrate assemblages at all three
spatial scales.

I collected a second dataset of macroinvertebrate samples over the course of one year
(2010) from three agricultural streams in southern Minnesota to evaluate relationships
between structural and functional indicators of stream condition in response to a com-
mon stream conservation practice (i.e., reach-scale restoration). Specifically, I examined
whether reach-scale restoration in disturbed agricultural streams in southern Minnesota was
associated with changes in (1) macroinvertebrate taxa richness, (2) seasonal variability in
macroinvertebrate community composition, and (3) secondary production (i.e., macroin-
vertebrate biomass over time).

SUMMARY OF FINDINGS:
1. I found that 95% confidence intervals for IBIs scored on a 0-100 point scale ranged

as high as 40 points. However, on average, 90% of IBI scores calculated from
bootstrap replicate samples for a given stream site yielded the same impairment
status as the original IBI score. I suggest that sampling variability in IBI scores is
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related to both the number of fish and the number of rare taxa in a field collection. A
comparison of the effects of different scoring methods on IBI variability indicates
that a continuous scoring method may reduce the amount of bias in IBI scores.

2. Predictive taxa-loss models for fish and macroinvertebrates both distinguished
reference from non-reference sites. Predictive models for fish assemblages were less
sensitive and precise than models for invertebrate assemblages, likely because of a
relatively low number of common fish taxa. Significant concordance between fish
and invertebrate communities occurred at the statewide scale as well as in six of
seven ecoregions and 17 of 21 major catchments examined. However, concordance
was not consistently indicative of significant relationships between rates of fish and
invertebrate taxa loss at those same scales. Fish and invertebrate communities were
largely associated with different environmental variables, although the composition
of both communities was strongly correlated with stream size across all three scales.

3. I found no difference in macroinvertebrate taxa richness between restored and
unrestored reaches of agricultural streams in southern Minnesota. However, both
compositional similarity and secondary production were higher in restored reaches
relative to unrestored reaches, suggesting that reach-scale restoration may have
ecological effects beyond influences on diversity. These findings highlight the added
complexity conveyed by a consideration of functional, as well as structural,
indicators of stream condition. Higher productivity in the restored reaches was due
largely to the disproportionate success of a small number of dominant taxa.
Secondary production estimates were considerably lower than those reported for
other similar-sized prairie streams; these low values may be indicative of stressful
conditions for biotic life in the study streams.
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Chapter 1

Introduction: Defining stream integrity using biological indicators

1.1 Background

“Ecological integrity” and “ecosystem health” have become key concepts and management

goals in natural resource disciplines, particularly among water resource scientists (Karr

and Chu 2000; Karr and Yoder 2004; Norris and Hawkins 2000). These terms have been

defined in a number of ways (Boulton 1999; Karr 1999; Norris and Thoms 1999), but

generally refer to aquatic systems that can sustain levels of biodiversity and ecosystem

processes that are comparable to those provided by systems unaffected by modern human

civilization (Karr 1999; Karr and Dudley 1981). The perceived importance of conserving

or restoring the ecological integrity of streams, rivers, and lakes has increased with the

formal recognition that these ecosystems provide goods and services that are vital to human

economies and survival (Costanza et al. 1997; Karr 1999). In addition to providing water

for human consumption and agricultural use, river and lake systems play critical roles in

nutrient cycling and transport, decomposition of wastes, provision of refugia for aquatic

species, fisheries production, and recreational and aesthetic activities (Costanza et al. 1997;

Kremen 2005).

The vast majority of methods designed to assess the ecological integrity of streams and

rivers are based on various aspects of ecosystem structure; i.e., the types and abundance of

organisms found in a given habitat, as well as the quality and quantity of resources on which

they depend. The values of structural indicators at a set of reference sites (sites which are

relatively unaltered by human activities) are typically used as the benchmark by which the

ecological integrity of other sites is measured; differences between structural indicators at

reference and test sites are attributed to stress (Stoddard et al. 2006). Structural indicators

commonly used in water quality assessments include multimetric indices, such as the In-

dex of Biological Integrity (IBI, for examples see DeShon 1994; Karr and Dudley 1981;
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Stoddard et al. 2008 and Chapter 2 of this dissertation), as well as multivariate predictive

models, such as the RIVPACS (i.e., RIVPACS, Clarke et al. 2003 and Chapter 3 of this

dissertation). Other common structural indicators of ecosystem integrity include diversity

indices (for reviews see Peet 1974 and Pielou 1966); indices that quantify and summarize

taxa tolerance to pollution (Armitage et al. 1983; Hilsenhoff 1987) and summaries of the

dominant traits among biological assemblages (Dolédec and Statzner 2008; Townsend et al.

1997a; Usseglio-Polatera et al. 2000). Variability in stream community composition may

also be used as an indicator of environmental change (Fraterrigo and Rusak 2008).

Increasingly, resource managers use biological indicators to assess whether surface wa-

ters fulfill the requirements of their designated uses under the Clean Water Act (Unites

States Environmental Protection Agency 2002; Yagow et al. 2006). If structural indica-

tors do not meet expected criteria, streams can be added to the 303(d) impaired waters list

and scheduled for subsequent management action under the Total Maximum Daily Load

(TMDL) program. In Minnesota, for example, 10% of surface waters designated as im-

paired in 2009 were listed primarily on the basis of poor IBI scores, in conjunction with

other relevant habitat, water chemistry, and catchment data (Minnesota Pollution Control

Agency 2009b).

Despite the recognition that biological indicators can aid management decisions, how-

ever, critical questions remain regarding the best way to design and interpret them. For

example, which indicators are most sensitive to various kinds of environmental change?

Which perceived changes in stream community composition can be attributed to human-

induced environmental disturbances, rather than to natural variability or sampling error?

Do different assemblages respond to environmental gradients in similar ways, such that

one could be used as a surrogate for the condition of others, and therefore be considered

an appropriately holistic indicator of stream conditions more genernally? Do patterns in

stream ecosystem structure correspond to patterns in stream function? This latter question

may be particularly important for the sustainable management of water resources, because
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ecosystem processes account for many services valued by human society (e.g., the mainte-

nance of viable fisheries, organic matter decomposition, and sediment retention) (Bunn and

Davies 2000; Gessner and Chauvet 2002; Woodward et al. 2012; Young et al. 2008). Our

ability to set management goals that will adequately conserve the ecological services pro-

vided by streams depends on a thorough understanding of these questions across a variety

of geographic contexts and scales.

1.2 Goals and objectives

The broad goal of this dissertation was to improve confidence in stream management deci-

sions made on the basis of biological indicators. The five main research objectives included

under this goal were to:

1. Evaluate whether a biological indicator used in Minnesota (i.e., The Index of Bio-
logical Integrity, or IBI) can provide a consistent indication of stream quality, given
unavoidable sampling error (Chapter 2);

2. Develop a predictive taxa-loss model for Minnesota streams, and test the utility of
this model for measuring the condition of streams statewide (Chapter 3);

3. Evaluate whether one stream assemblage (macroinvertebrates) can be used as a sur-
rogate for the condition of another (fish), and vice versa, and thereby determine
whether one assemblage can be expected to provide a cost-effective measure for
gauging stream health generally (Chapter 3);

4. Evaluate whether macroinvertebrate diversity or community variability is more sen-
sitive to the effects of a widespread stream conservation practice (i.e., reach-scale
restoration) (Chapter 4);

5. Compare patterns in stream biodiversity to patterns in an ecosystem function (i.e.,
secondary production) within a heavily modified agricultural landscape, and evaluate
the effects of stream restoration on both (Chapter 5).

1.3 Design and methodology

My dissertation research is based on two primary datasets. The first dataset consists of fish

and aquatic macroinvertebrate samples, as well as habitat and water chemistry information,

collected by the Minnesota Pollution Control Agency (MPCA) between 1996 and 2006

from approximately 1500 stream sites across Minnesota. This dataset also includes scoring
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criteria for early prototypes of fish and macroinvertebrate IBIs developed by the MPCA to

measure the biological integrity of Minnesota streams, and was used to complete objec-

tives 1, 2 and 3 listed above. The second dataset consists of macroinvertebrate samples I

collected over the course of one year (2010) from restored and unrestored reaches of three

agricultural streams in southern Minnesota. This dataset was used to complete objectives 4

and 5.

1.4 Format of disseration chapters

Each chapter of this dissertation (aside from this introductory chapter) was written as an

independent manuscript to be submitted for publication to peer-reviewed journals. Co-

authors on these manuscripts include: Christopher Chizinski (Chapters 2, 3); David Huff

(Chapter 3); Len Ferrington (Chapters 4, 5); Sue Eggert (Chapter 5); Joe Magner (Chapter

4, 5); Aleksey Sheshukov (Chapter 2); Bruce Vondracek (Chapters 2, 3, 4, 5); and Bruce

Wilson (Chapter 2). Because all chapters were co-authored, I use the plural pronoun “we”

in the text rather than the singular “I”. As of this writing, Chapters 2 and 3 have been

published in the journals Ecological Indicators (Dolph et al. 2010) and Freshwater Biology

(Dolph et al. 2011), respectively.
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Chapter 2

The Index of Biological Integrity and the bootstrap: can random sam-
pling error affect stream impairment decisions?

2.1 Introduction

Biological indicators are now an integral part of water quality monitoring programs world-

wide (Borja et al. 2008; Furse et al. 2006; Marchant et al. 2006; Yagow et al. 2006). In

the United States, multimetric indices such as the Index of Biological Integrity (IBI) have

been widely adopted by water management agencies as the primary tool for assessing the

biological condition of streams and lakes (Karr 1999; Unites States Environmental Pro-

tection Agency 2002). These IBIs consist of a suite of metrics that reflect the taxonomic

composition, trophic relationships, and abundance and condition of organisms within an

aquatic community, and thus aim to convey an integrated picture of ecosystem health (Karr

and Yoder 2004).

Increasingly, resource managers use IBIs to assess whether surface waters fulfill the

requirements of their designated uses under the Clean Water Act (Unites States Environ-

mental Protection Agency 2002). If IBI scores do not meet expected criteria, streams can

be added to the 303(d) impaired waters list and scheduled for subsequent management ac-

tion under the Total Maximum Daily Load (TMDL) program. In Minnesota, for example,

10% of surface waters designated as impaired in 2008 were listed primarily on the basis of

poor IBI scores, in conjunction with other relevant habitat, water chemistry, and catchment

data (Minnesota Pollution Control Agency 2008). The increasing prominence of biological

indices in management decisions warrants careful evaluation of their strengths and limita-

tions, particularly regarding their susceptibility to error.

Whereas the application of IBIs to new geographic contexts and scales continues to

receive broad attention in the scientific literature (e.g., Pinto et al. 2009; Stoddard et al.

2008; Wang et al. 2008), only a few studies have directed attention to the inherent statisti-

cal properties of these indices i.e., their precision and accuracy, as well as their sensitivity
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to variation in biological samples (Blocksom 2003; Carlisle and Clements 1999; Fore et al.

1994). The best known of these efforts was undertaken by Fore et al. (1994), who used

a bootstrapping approach to quantify the response of IBIs to random sampling variation.

Bootstrapping, originally described by Efron (1979 2003), is a computer-intensive statis-

tical technique used to estimate variability of a statistic when the actual distribution is

unknown, such as when that statistic is determined from a single random sample.

We believe the application of bootstrapping to the problem of IBI variability warrants

further consideration for a number of reasons. First, the increased availability of large

biomonitoring datasets and advances in computing processing speed allow for a more ro-

bust estimate of index variability. Moreover, the metrics included in a multimetric index,

and the way in which those metrics are scored, may vary depending upon the unique geo-

graphic location to which an index is applied (Simon and Lyons 1995). The quantification

of variability associated with an alternative set of IBIs (i.e., IBIs designed for Minnesota

streams) can therefore reveal new information about the ways in which these indices may

respond to variability in biological data. Finally, given that IBIs are increasingly relied

upon to determine whether site water quality is impaired, estimates of IBI variability need

to be examined in an updated context that considers the current criteria upon which such

impairment decisions are made.

The broad goals of this research were to assess 1) whether fish IBI scores used in Min-

nesota can provide a consistent indication of stream quality, given random sampling vari-

ability; and 2) whether the IBI score represents an appropriate policy tool on which to base

yes/no decisions about stream impairment. Specifically, we sought to address the following

research questions: What is the range of possible IBI scores that a stream site may receive

given random sampling errors in fish samples (i.e., how sensitive is the IBI to these errors)?

Are stream impairment decisions based on IBI scores likely to change as the result of these

errors? What aspects of fish samples might be related to IBI sensitivity? Are IBIs for some

types of streams more sensitive than others? Do different scoring systems for component
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metrics of the IBI improve index accuracy (i.e., reduce index bias)? How does random sam-

pling error in IBI scores compare to IBI variability over time? To evaluate these questions,

we used bootstrapping to mimic the effects of random sampling on a set of IBIs developed

by the Minnesota Pollution Control Agency (MPCA) for fish communities in the St. Croix

and Upper Mississippi River basins, Minnesota. We then quantified the IBI’s sensitivity

to random sampling errors, and demonstrated how this sensitivity relates to IBI-based im-

pairment decisions for Minnesota streams. Finally, we identified specific characteristics

of fish samples and of the IBI itself that correlated with IBI sensitivity, including whether

continuous or discontinuous methods were used to score the IBI’s component metrics.

2.2 Methods

2.2.1 Study sites and data collection

We used fish IBI scores from stream sites in two of Minnesotas major river basins (Fig-

ure 2.1): the St. Croix (n = 303 site visits at 207 unique sites) and Upper Mississippi (n

= 210 site visits at 181 unique sites). Stream sites included in this study spanned a broad

range of IBI scores and drainage size classes, as well as three different ecoregions: North-

ern Lakes and Forests (NLF), North Central Hardwoods (NCH), and Western Cornbelt

Plains (WCBP).

The IBIs used to assess the health of fish communities in these basins were developed

by the MPCA as part of the state’s biological monitoring program (Niemela and Feist 2000

2002). These IBIs were developed exclusively for warmwater streams; thus, no coldwa-

ter streams are included in our analysis. To stratify natural variability across warmwater

streams, the MPCA classified these stream sites by major river basin, drainage area size,

and ecoregion, resulting in 9 separate stream classes (Table 2.1). Drainage area size classes

are closely related to stream order and discharge (Allan and Castillo 2008), and were chosen

to minimize differences in maximum species richness among headwater, small, moderate,

and large river systems (Table 2.1; Niemela and Feist 2000 2002).
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Separate IBIs were developed for each stream class, with each IBI comprised of a

slightly different set of metrics and metric scoring criteria (Table 3.2). The only excep-

tions were class 3 and 4 IBIs, which used the same metrics and scoring criteria, and class 5

IBIs, which also used the same set of metrics as classes 3 and 4, but slightly different scor-

ing criteria for two of the 10 component metrics (total no. of species, and no. of sensitive

species). For class 5 streams, higher numbers of total and sensitive species were required

to receive a given metric score, relative to class 3 and 4 streams. For example, 29 or more

species were required for the total no. of species metric to receive a score of 10 in class 5

streams, whereas only 23 species were required for this metric to score a 10 in class 3 and

4 streams.

All individual metric scores ranged from 0 to 10; however, some metrics were scored

using five categories (0, 2, 5, 7, 10), whereas others were scored using only three (0, 5, 10).

One metric (no. of individuals per meter) was scored using only two categories (0 or 10).

IBIs in all classes had a possible range of 0-100, and most IBIs consisted of 10 metrics.

Where IBIs consisted of fewer than 10 metrics (stream classes 1, 2, and 6), the sum of

metric scores was normalized to a 100 point scale (Niemela and Feist 2000 2002).

Fish samples used in IBI calculations were collected by the MPCA during summer low-

flow conditions from 1996-2006. Fish were captured by electrofishing, and were identified

to the lowest possible taxonomic level (typically species). Four types of electrofishing

equipment were used to collect fish, with selection of equipment type dependent on stream

size and accessibility (Niemela and Feist 2000 2002). In small, wadeable streams (<8m

wide), a backpack electrofisher was used to sample streams in an upstream direction, with

one person carrying the electrofishing gear and one person collecting fish with a dip net.

Where possible, almost all of the available habitat was sampled, but in streams >3m wide,

the sampling crew weaved among habitat types. In larger wadeable streams (>8 m wide),

a stream electrofisher was used, in which a generator and control box were secured in

a canoe, attached to two anodes. The canoe was pulled upstream by one person, two
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people deployed the anodes, and two people dip-netted for fish, again weaving among

available habitat types. In small but unwadeable streams, a mini-boom electrofisher was

used to sample streams. This unit consisted of a generator and control box placed into a

small jon-boat, and connected to a single anode. A driver directed the boat downstream

and weaved through different habitat types as a single person dip-netted for fish from the

bow. Finally, a boom electrofisher was used to sample large, unwadeable rivers. Two

crew members collected fish with dipnets from the bow, as the boat driver conducted three

separate sampling passes in a downstream direction: one along each shoreline and one

along the middle of the channel.

2.2.2 Bootstrapping

Bootstrapping creates replicate samples from a single sample by randomly resampling from

the original sample with replacement (Chernick 1999; Efron 2003; Manly 2007). In the

case of a fish sample from a single stream site, for example, the bootstrapping algorithm

randomly selects one individual specimen at a time, adds it to a new replicate sample,

and replaces it in the original sample, where it again has the same probability of being

selected as any other specimen. Resampling is repeated in this manner until the number of

individuals in the replicate sample is equivalent to the number of individuals in the original

sample. The result is a series of samples that contain “collections of fish that could have

been caught at the same site and time by electrofishing” (Fore et al. 1994), differing only by

random variation. An IBI score can be determined for each individual bootstrap replicate

sample, and the mean and variance can be calculated across all bootstrap replicates for a

given site visit. The end result is the range of possible IBI scores that a stream site could

receive, given variability in the fish collection that may arise from random sampling effects.

In this study, we created 1,000 bootstrap samples for each original fish sample using

the statistical software R. This number of replicates is generally considered sufficient for

confidence interval generation (Carpenter and Bithell 2000; Chernick 1999). Of the many
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methods available for determining confidence intervals from bootstrap data, (Carpenter

and Bithell 2000), we used the percentile method based on simplicity of use and to enable

comparisons with an earlier study by Fore et al. (1994). The primary disadvantage of the

percentile method is poor performance with small samples and asymmetric distributions

(Chernick 1999).

To estimate a 95% percentile confidence interval for an IBI score at a given stream site,

we first sorted IBI scores from the replicate bootstrap samples into ascending order. For

1,000 replicate scores, the 25th ordered value represents the lower bound of the confidence

interval, and the 975th ordered value represents the upper bound (Carpenter and Bithell

2000). Confidence interval length was determined by subtracting the lower bound from the

upper bound value.

2.2.3 Implications of variability for impairment status

The MPCA derives impairment thresholds for IBI scores from a set of reference sites (i.e.,

sites that are relatively unimpacted by human disturbance) in each stream class. The lowest

IBI score in the range of all IBI scores measured at reference sites in a given stream class

is taken as the impairment threshold for that class (Minnesota Pollution Control Agency

2007). The MPCA also designates a confidence region around the impairment threshold

(approximately +/- nine points for sites in the St. Croix River basin and +/- 13 points

for sites in the Upper Mississippi River basin) that is based on variability of IBI scores at

least impacted (i.e., reference) sites over time (Minnesota Pollution Control Agency 2007).

IBI scores falling above and below this confidence region are considered “unimpaired”

and “impaired” respectively; IBI scores falling within the confidence region are considered

“potentially impaired”, with additional evidence needed to verify status.

In this study, our objective was to evaluate whether stream impairment decisions based

on IBI scores are likely to change as the result of random sampling error. We therefore de-

termined how many of the 1,000 IBI scores generated for each site visit indicated a different
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impairment status (“impaired”, “potentially impaired”, or “unimpaired”) than the original

IBI score. This number was divided by 1,000 to calculate the proportion of bootstrap scores

that diverged from the original score for a given site visit. Finally, these proportions were

averaged across all 513 site visits.

2.2.4 Identifying covariates of IBI sensitivity

In addition to quantifying the IBIs’ sensitivity to random sampling errors, we sought to

identify aspects of fish samples that were related to this sensitivity. In particular, we sought

to investigate whether IBI sensitivity was affected by aspects of community abundance or

richness. We used simple linear regression to assess the relationship between confidence

interval length and several possible covariates, including the total number of fish in a sam-

ple (i.e., sample size), the total number of taxa in a sample (i.e., species richness), Pielou’s

evenness, and the number of species that occurred as single individuals in a sample (i.e.,

the number of singletons). Pielou’s evenness was calculated using the vegan: community

ecology package in R (Oksanen et al. 2009). By including the number of singletons as

a covariate, we sought to capture the effect of rare species on IBI variability. Using the

segmented package in R (Muggeo 2008), we also conducted breakpoint regression analysis

(Muggeo 2003) to further identify whether there were any abrupt changes in IBI sensitivity

with increasing sample size. Finally, we used analysis of variance (ANOVA) to determine

whether the number of singletons varied among stream classes.

2.2.5 Comparative performance of IBIs

We evaluated whether IBI confidence interval length varied among the nine different stream

classes using ANOVA followed by Dunnett’s modified Tukey-Kramer (DTK) multiple

comparison test (Dunnett 1980), to determine whether some combinations of metrics were

more sensitive to random sampling error than others. The DTK test was selected because

it is appropriate for testing multiple pairwise comparisons when sample sizes or sample
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variances are unequal, and was applied using the DTK package in R, with α=0.05 (Lau

2009).

2.2.6 Continuous scoring of metrics and bias among IBI scores

Component metrics of the fish IBIs used in this study are currently scored in a discontin-

uous fashion; that is, metric values typically receive a discrete score of 0, 2, 5, 7, or 10.

This type of scoring method was originally proposed by (Karr and Dudley 1981), and has

been incorporated into many subsequent IBIs. However, Fore et al. (1994) suggested that

a discontinuous scoring system resulted in bias among IBI scores (i.e., in scores that un-

derestimate the integrity of high quality sites and overestimate the quality of poor quality

sites). In this study, we developed a continuous scoring method for IBI metrics, and evalu-

ated whether the use of this method reduced bias among replicate IBI scores compared to

the discontinuous method used by the MPCA.

To score metrics continuously, a linear piecewise polynomial was defined in which

continuous scores were anchored to the discontinuous discrete scores at the midpoint of

the metric values for a given discrete score (i.e., continuous and discrete scores were the

same at this midpoint value), and were everywhere continuous (de Boor 1978). We then

recalculated IBI scores for each bootstrap replicate sample using this new scoring system.

Bias associated with the discontinuous and continuous scoring methods was determined for

each stream site by subtracting the resulting IBI score calculated from the original sample

from the mean IBI score calculated across the 1,000 bootstrap replicate samples. Paired

two-sided t-tests were used to evaluate differences between mean bootstrap IBI scores and

original scores.

2.2.7 Random sampling error vs. variability over time

In the St. Croix River basin, fish samples were available over four consecutive years at

12 unique stream sites. We compared confidence intervals derived from bootstrapping
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for these sites with those determined by calculating variance over time, with the goal of

understanding the relative contributions of random sampling error and temporal variation

to overall variability in IBI scores. Confidence intervals for IBI scores calculated from

repeat visits over time were determined by x̄ ± t∗
(

s√
n

)
, where x̄ = mean IBI score, t∗ =

critical value from the n - 1 student’s t distribution, s = the standard deviation of the repeat

IBI scores, and n = the number of repeat visits for each site. Repeat visits over multiple

years were not available for sites in the Upper Mississippi River basin.

2.3 Results

2.3.1 IBI variability and the impairment threshold

IBI confidence interval length (i.e., IBI sensitivity) in response to random sampling error

ranged from 0 to 40 points (mean=11) across all 513 stream site visits included in this study.

In 510 of these site visits (99.4%), this random sampling variability was not sufficient to

change impairment status from “unimpaired” to “impaired”, or vice versa, relative to the

sites original IBI score (Figure 2.2). In other words, for these sites a bootstrap replicate

sample never received an IBI score classified as “impaired” if the original score had been

classified as “unimpaired”, or vice versa. For the remaining three site visits, 0.3%, 0.4%,

and 1.0% of replicate samples were classified as ”impaired” when the original sample was

classified as “unimpaired.”

Although bootstrap IBI scores rarely indicated the opposite impairment status com-

pared to the original score, 19.8% of a site visit’s replicate samples, on average, were clas-

sified as “potentially impaired” when the original sample was classified as “unimpaired”

(Figure 2.2). Conversely, when the original IBI score was classified as “impaired”, 2.2% of

replicate samples, on average, indicated that the site was “potentially impaired”. Finally,

when the original score was “potentially impaired”, 1.7% and 7.4% of replicate samples,

on average, gave IBI scores that would be considered “unimpaired” and “impaired”, re-

spectively. Overall, 11.3% of bootstrap replicate samples yielded IBI scores that resulted
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in a different impairment outcome than the original IBI score. For sites with original scores

that fell within 20 points of the impairment threshold, 16.0% of bootstrap replicate samples

yielded a different impairment outcome than the original sample.

2.3.2 Covariates of IBI sensitivity

Confidence interval length was not significantly related to species richness or Pielou’s even-

ness for sites in either river basin. However, confidence interval length did increase signif-

icantly with increasing numbers of singletons for sites in the St. Croix (linear regression,

r2=0.12, p<0.001) and the Upper Mississippi (r2=0.06, p<0.001, Figure 2.3). In turn, the

number of singletons was strongly related to stream class, with increasing numbers of sin-

gletons occurring in progressively larger stream size classes in both major basins (ANOVA,

F=34.53, d.f.=8,504, p<0.001, Figure 2.4).

In addition, linear regression indicated a significant negative relationship between con-

fidence interval length and the number of fish in the original sample for sites in St. Croix

basin (r2=0.09, p<0.001), and the Upper Mississippi basin (r2=0.04, p=0.004). Subsequent

analysis using breakpoint regression (Muggeo 2003) indicated a threshold in confidence in-

terval length when samples contained approximately160-170 fish (Figure 2.5). Confidence

interval lengths were more likely to be less than 10 points for sample sizes beyond the

breakpoint value. Sixty-two of 303 (20%) samples from the St. Croix basin and 73 of 210

(35%) samples from the Upper Mississippi basin had total numbers of fish that were less

than the breakpoint values. For these sites, mean confidence interval lengths were 13 (St.

Croix) and 14 (Upper Mississippi) points.

Confidence interval length was significantly related to IBI score in the Upper Missis-

sippi basin (linear regression, r2=0.25, p=0.021, Figure 2.6), but not in the St. Croix

(r2=0.005, p=0.225). Original IBI score was also correlated with the total number of fish

in the original sample in both basins (linear regression, r2=0.27, p<0.001 and r2=0.24,

p<0.001, for the St. Croix and Upper Mississippi, respectively, Figure 2.7).
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2.3.3 Comparative IBI performance

IBI confidence interval lengths were significantly different among the nine separate stream

classes (ANOVA, F=2.787, d.f.=7, 505, p=0.007, Figure 2.8). A multiple pairwise compar-

ison test (DTK test, p=0.05) indicated that IBI scores in stream class 5 (large rivers located

in the St. Croix basin and the NCH ecoregion) and class 8 (moderate-sized streams lo-

cated in the Upper Mississippi basin) had larger confidence intervals than streams in class

3 (moderate-sized streams located in the St. Croix basin); no other significant differences

between stream classes were found.

2.3.4 Metric scoring and bias

Across all sites, mean IBI scores of bootstrap replicates were significantly lower (i.e., ex-

hibited negative bias) than the original IBI score (paired t-test, t=21.09, d.f.=512, p<0.001).

Mean IBI scores were 2.5 points lower, on average, than the original scores (range=-13.4 to

+8.1). Bias was significantly and negatively related to IBI score (linear regression, r2=0.08,

p<0.001, Figure 2.9A). Although replicate samples tended to have lower IBI scores than

original samples, replicate samples for sites with low original scores were more likely to

exhibit zero bias (i.e., replicate samples gave approximately the same score relative to the

original sample), whereas sites with high original scores had almost uniformly negative

bias (i.e., replicate samples underestimated the score).

When IBIs were recalculated using the continuous scoring method, a significant nega-

tive correlation between IBI score and bias was still evident (Figure 2.9B; linear regression,

r2=0.15, p<0.001). However, mean bias was substantially reduced to -0.06 (range=-8.3 to

+12.0), and mean IBI scores of bootstrap replicates were no longer significantly different

from the original IBI scores (paired t-test, p=0.60).
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2.3.5 Comparison with variability over time

Estimates of confidence levels derived from repeat visits over time were compared with

those derived from bootstrap replicates for 12 stream sites (Figure 2.10). For poor to mod-

erate quality sites (IBI<70), estimates of temporal variability tended to exceed variability

attributed to random sampling error. For higher quality sites (IBI>70), both estimates of

variability were in close agreement, except for the two highest quality sites, in which tem-

poral variance greatly exceeded that due to random sampling error. Both of these sites were

rivers with large drainage areas (D.A. > 691 km2).

2.4 Discussion

2.4.1 Can impairment status be affected by random sampling error?

In this study, we found that nearly a quarter of fish IBI scores for Minnesota streams varied

by more than 15 points as the result of random sampling error, with the most variable score

having a range of 40 points. In contrast, when converted to a 100-point scale, confidence

interval lengths for a set of IBIs from Ohio ranged from 0 to 25, with few sites exhibiting

confidence intervals greater than 15 (Fore et al. 1994). Despite the high variability of

some of the Minnesota IBIs, however, only one in 10 replicate IBI scores for a given site,

on average, indicated a different impairment outcome than the original score. Moreover,

random sampling variability was not sufficient to change a site’s status from “unimpaired”

to “impaired” or vice versa in over 99% of stream site visits included in this study (although

an IBI score could change from “unimpaired” or “impaired” to “potentially impaired”,

or vice versa). Not surprisingly, the number of replicate samples that produced different

outcomes relative to the original sample increased for sites with IBI scores close to the

impairment threshold. Taken together, however, we suggest that the effects of random

sampling error on IBI score are not likely to change the impairment status of a stream site

in most cases.
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When random sampling variability did change the impairment outcome, we suggest

that type I error (underestimating stream health) was more common than type II error (un-

derestimating stream impairment). In this study, type I error would occur if bootstrap

samples from sites with original IBI scores above the confidence region (i.e., unimpaired

sites) yielded scores below or within this region. Type II error, on the other hand, corre-

sponds to the probability that IBI scores based on bootstrap replicate samples fell above the

confidence region around the impairment threshold, when the original IBI score fell below

or within the impairment confidence region. The increased prevalence of type I relative to

type II errors suggests that impairment decisions based on IBI scores are conservative in

terms of protecting stream health; that is, by using IBI scores to determine site impairment,

management agencies are more likely to list unimpaired sites as impaired or potentially

impaired than they are to fail to list impaired sites. If a goal among resource managers is to

protect water resources before they become severely degraded, this conservative approach

may be appropriate.

The greater number of type I errors is also indicative of the negative bias among IBI

scores calculated from bootstrap replicate samples. Although we found that mean bias was

relatively small (approximately 2-3 points), in some cases mean IBI scores derived from

bootstrap replicates were 13-14 points lower than the original scores. At the same time,

the negative correlation between bias and IBI score indicates that only the quality of less-

impacted sites tended to be underestimated, whereas the quality of highly degraded sites

tends to be more accurately conveyed by bootstrap replicate samples. Fore et al. (1994)

argued that this bias occurs in part because of the discontinuous scoring system typically

used in many IBIs. They further argued that scoring metrics on a continuous scale would

help reduce the effects of this bias, since small changes in samples would have a smaller

effect on metric and overall IBI scores.

We designed a continuous scoring system for the metrics included in the fish IBIs, and

assessed whether the revised IBI scores determined for bootstrap replicate samples exhib-
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ited reduced bias. Indeed, when metrics were scored using linear piecewise continuous

curves, mean bootstrap IBI scores did not differ significantly from original IBI scores. The

advantages of scoring metrics on a continuous score have long been argued (Minns et al.

1994), and our analysis appears to justify the adoption by management agencies of contin-

uous scoring methods for new IBIs.

Many states try to avoid misdiagnosis of site impairment by collecting more than one

biological sample from streams with IBI scores near the impairment threshold (Fore, per-

sonal communication, 2008). Alternatively, as in Minnesota, a weight of evidence approach

may be used in which additional land use, habitat, or water chemistry data are required to

list a stream site as impaired if the IBI score falls within the confidence region around the

impairment threshold (Minnesota Pollution Control Agency 2007). The size of this con-

fidence region (+/- 9 and 13 points in the St. Croix and Upper Mississippi River basins,

respectively) appears sufficient to account for variability due to random sampling error,

which we have estimated in this study as approximately +/- 5 or 6 points.

2.4.2 Covariates of IBI sensitivity

A number of factors were implicated in this study as possible drivers of variability among

IBI scores. For all sites, bootstrap variability was significantly correlated with the total

number of fish collected in the original field sample. This relationship is intuitive, given that

capturing a larger number of fish provides more information about each of the component

metrics of the IBI score, and thus reduces uncertainty. Based on our analysis, we found

that field samples containing at least 160 fish could be interpreted with a reasonable degree

of confidence. Obtaining a sample this large for all sites would likely require increasing

either the standard length over which a stream reach is sampled, or increasing the sampling

intensity (i.e., conducting multiple sampling passes of the same stream reach). However,

although this sample size is smaller than the minimum of 400 fish recommended by Fore

et al. (1994), achieving collections of 160 fish may not be realistic for highly degraded
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sites. Moreover, increasing the number of fish in a sample may affect IBI score, because

there appears to be a significant positive relationship between these two variables.

IBI sensitivity was also related to the number of rare taxa in a sample. This relationship

likely stems from the susceptibility of singletons to random sampling error; when creating

replicate samples using the bootstrapping algorithm, species that occur as single individuals

have only a 63% chance, approximately, of being selected in any given replicate sample. As

a result, these species will not be consistently represented in all 1,000 bootstrap replicate

samples. In addition, 91% (88 of 97) of the species that occurred as singletons were used

to score one or more richness-based metrics (i.e., metrics that are based on the number of

species in a given category). Thus, the inconsistent occurrence of these species in replicate

samples likely introduced variability into richness metric scores, and ultimately, into overall

IBI scores.

Whether species that occurred as singletons were actually rare in the environment, or

just distributed more patchily and thus difficult to sample proportionately, cannot be deter-

mined from this dataset alone. However, regardless of their true abundance in the field, our

analysis indicates that the failure to accurately account for the presence of these taxa may

affect the resulting IBI score. Moreover, the fact that IBI confidence interval length was

not related to community evenness suggests that IBIs sensitivity will be driven more by the

presence or absence of these rare taxa per se, rather than a skewed community distribu-

tion. This observation contradicts the contention, made by several authors, that the failure

to capture all species present at a site does not significantly affect IBI score (Fore et al.

1994; Reynolds and Herlihy 2003; Steedman 1988), and suggests that managers may want

to carefully weigh trade-offs between minimizing sampling effort and obtaining a sample

that accurately portrays maximum species richness.
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2.4.3 IBI performance and metric sensitivity

A detailed analysis of the contribution of each individual metric to overall IBI sensitivity

is beyond the scope of this study. However, because the IBIs developed for each stream

class contained a slightly different combination of metrics, we used differences in IBI sen-

sitivity among stream classes to evaluate whether some combinations of metrics were more

sensitive to random sampling error than others. Few significant differences in confidence

interval length were found among the nine different stream classes, suggesting that the use

of different combinations of metrics for IBIs in each stream class did not result in dramatic

differences in IBI sensitivity to sampling error. An exception was the IBI for class 5 streams

(large river sites in the NCH region of the St. Croix), which was more sensitive to random

sampling error than the IBI for streams in class 3 (moderate-sized sites in the St. Croix).

Even in this case, however, we speculate that the difference in IBI sensitivity may have

stemmed more from the effects of stream size than from differences in sensitivity among

component metrics. We base this conclusion on the fact that IBIs for these two classes

actually used the same set of 10 metrics, as well as the same scoring categories for each

metric. The only difference between these IBIs was that, for two of the 10 component met-

rics (total no. of species, and no. of sensitive species), the scoring requirements for class

5 streams were more stringent. This difference in scoring stringency is indicative of the

greater species richness expected in large, undisturbed river systems in the NCH region of

the St. Croix basin relative to the moderate-sized stream class, but would not be sufficient

to cause increased sensitivity in the class 5 IBIs. However, samples from class 5 streams

contained considerably more singletons than streams from class 3, on average. Absence

of these species in some bootstrap samples would introduce greater variability in richness

metrics and hence in overall IBI score. It is perhaps not surprising that singletons were

more frequently collected from larger stream classes. As stream size increases, biomoni-

toring crews are often unable to sample the entire channel and are instead constrained to

weave among available habitat types, which in turn may have prevented the collection of
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patchily distributed organisms in great abundance.

The higher sensitivity among class 8 IBIs relative to class 3 IBIs presents a complex

problem because these two IBIs were comprised of two different sets of metrics. One

possible explanation may lie in the fact that the class 8 IBI incorporated a greater number of

metrics that were scored using only three scoring categories (0, 5, 10) compared to the class

3 IBI. Because the addition or loss of a species can cause the metric score to change by a

five point interval, metrics scored in this way could exhibit increased sensitivity to random

sampling error. However, additional analysis is necessary to identify the contribution of

individual metrics to differences in overall IBI sensitivity in this case.

2.4.4 Random sampling error vs. variability over time

In previous analyses of IBI variability at the same sites over time, more highly degraded

sites were often found to exhibit more variability than less-impacted ones (DeShon 1994;

Niemela and Feist 2000; Steedman 1988). Greater variability among degraded sites is typ-

ically viewed as the result of changes in the biological community related to the effects

of ongoing anthropogenic disturbances, or to a compromised ability among the resident

biota of these sites to maintain equilibrium following such disturbances. IBI scores may

also vary to a greater extent at more degraded sites because the IBI as a quantitative tool

is less capable of producing precise results at these sites (Fore et al. 1994). Although our

analysis appeared to indicate that IBIs are less precise at higher quality sites, this trend is

likely driven by the extremely low variability of some highly degraded sites. In both basins,

several sites with low IBI scores (<30) had confidence interval lengths of 0, indicating that

95% of bootstrap replicate samples generated for these sites received the same score. Sam-

ples from these sites typically consisted of only a few species of fish, with most metrics in

the resulting IBI receiving the lowest possible scores. For these sites, random differences in

sample composition were not sufficient to raise metric values and thus introduce variability

in bootstrap samples.

21



Interestingly, however, two high quality sites in this study also exhibited high levels

of temporal variability. Both of these sites were located on the St. Croix River and have

large drainage basins, and thus corroborate a previous study by Niemela and Feist (2000),

who found that river sites in Minnesota have highly variable IBI scores over time. They

suggested that this increased variability was likely due either to an inability to capture a

representative fish sample in larger rivers, or to the greater array of disturbances acting on

larger watersheds compared to smaller watersheds over time. While some large river sites

in the St. Croix appeared more vulnerable to random sampling error than smaller sites (see

above discussion), simulated sampling error alone did not account for the large variation at

these two sites over time. Our analyses suggest, as argued by Jacobson (2000), that further

research may be needed to develop theoretical understanding and biocriteria for larger river

systems.

Temporal variance also exceeded that attributed to random sampling error for poor to

moderate quality sites (IBI scores <70). This higher variance indicated that additional

factors other than random sampling may be driving changes in the biological samples col-

lected at these sites over time. Presumably, these additional factors are related to anthro-

pogenic stress. For the remaining high quality sites (IBI scores >70, excluding the two

large river sites), temporal variance and random sampling error were similar. In these sites,

which presumably experience relatively little anthropogenic disturbance, biological com-

munities appeared relatively stable over time, and temporal variance was relatively small.

We suggest that variability in biological samples from these sites is as likely due to random

sampling errors as temporal changes in biological communities.

2.4.5 Limitations of a bootstrap approach

There are a number of limitations associated with using the bootstrap method to quantify

variability associated with IBI scores. First, the amount of variation across bootstrap repli-

cates is constrained by the bootstrap algorithm, which samples with replacement from the
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original sample until the number of fish in the original sample is reached. As a result, every

bootstrap replicate will have the same number of specimens as the original sample from

which it is derived. We found that fish abundance was significantly correlated with IBI

score; thus, restricting the potential for total abundance to vary may result in a tendency to

underestimate the total amount of random sampling variability associated with IBI scores.

A similar problem occurs with the total number of species in a sample; the bootstrap al-

gorithm does not substitute new species into replicate samples beyond those found in the

original sample.

Moreover, using a bootstrapping approach to calculate IBI scores assumes that the orig-

inal sample used to create bootstrap replicates represents a random sample of all individuals

and species present at a site, and that individuals and species are represented in the sample

in proportion to their true abundance at the stream site. In reality, the original sampling

event was unlikely to have met these criteria in full. Rare taxa, for example, are more

likely to be unrepresented in fish samples, especially in larger river sites where by neces-

sity electrofishing crews are unable to pass through all available fish habitat. In addition,

because some fish taxa may be easier to collect than others, their relative abundance in a

fish sample may not correspond to their true relative abundance in the streams fish commu-

nity. One way that such bias may occur is if electrofishing fails to capture smaller, more

cryptic species or age classes (Peterson et al. 2004).

2.5 Conclusions

In the last several decades, the volume of literature dedicated to the development of new

IBIs and related indices has grown at a vigorous rate. However, despite the sustained

attention to index development, as well as the increased application of IBIs to water quality

management decisions, questions remain regarding the strengths and limitations of these

indices. In particular, the precision and sensitivity of IBIs have never been thoroughly

addressed. Because IBIs do not use a uniform set of metrics or metric-scoring criteria
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across various geographic regions, we cannot assume that all indices will perform with

uniform sensitivity to random sampling error. Indeed, our analyses suggest that Minnesota

fish IBIs are more sensitive to random sampling error than a set of previously studied IBIs

from Ohio.

Moreover, if our understanding of IBI variability is to keep pace with trends in wa-

ter policy, we need to directly examine how such variability relates to stream impairment

thresholds. Here, we demonstrated that, while IBI sensitivity to random sampling error was

somewhat larger than expected, this variability was not sufficient to change the impairment

status in the majority of replicate samples for stream sites in Minnesota. For sites with IBI

scores near the impairment threshold, random sampling variability is more likely to affect

status determination, and more than one field sample may be needed to verify status.

We also highlighted new relationships between IBI variability and aspects of fish sam-

ples including abundance and the number of rare species, and we proposed suggestions for

the number of fish upon which IBI scores should be based if the effects of random sam-

pling errors are to be minimized. Lastly, we have demonstrated that a continuous scoring

approach for the component metrics of the IBI can reduce bias in overall IBI score, relative

to the discontinuous scoring methods that remain the standard approach in IBI development

today.
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Table 2.1: Variables used by the MPCA to classify warmwater stream sites. Ecoregion was used
only to further classify large rivers sites (drainage area > 691km2) within the St. Croix basin.

Stream
Class

Major drainage basin Drainage area
(km2)

Stream
size class

Ecoregion No. site visits

1 St. Croix <51 Headwater 77
2 St. Croix 51 - 138 Small 86
3 St. Croix 138 - 691 Moderate 73
4 St. Croix >691 River Northern Lakes

and Forests
32

5 St. Croix >691 River North Central
Hardwoods

35

6 Upper Mississippi <13 Headwater 25
7 Upper Mississippi 13 - 90 Small 70
8 Upper Mississippi 90 - 512 Moderate 57
9 Upper Mississippi >512 River 58
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Table 2.2: Metrics used by the MPCA to calculate the fish Index of Biological Integrity (IBI) for
warmwater streams in the St. Croix and Upper Mississippi River basins.*Metrics exclude species
that are considered tolerant to disturbance.

Metric Anticipated response to
disturbance

Stream classes using metric
in IBI score

Total no.of species Decrease all classes
no. of benthic invertivore species Decrease 2-5
no. of darter species Decrease 3-5
no. of darter, sculpin, and madtom species Decrease 8-9
no. of invertivore species* Decrease 1; 6-9
no. of minnow species* Decrease 1-2; 7
no. of omnivore species Increase 3-5
no. of sensitive species Decrease 2-5; 7-9
no. of wetland species* Decrease 6-8
no. headwater species* Decrease 1
no. of individuals per meter* Decrease all classes
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Figure 2.1: Stream sites in the Upper Mississippi (n=181) and St. Croix (n=207) river basins
from which quantitative fish samples were collected by the Minnesota Pollution Control Agency
between 1996-2006. In some cases, more than one sample was collected from a stream site over
time, yielding a total of 513 samples across all 388 stream sites.
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Figure 2.2: Examples of confidence interval lengths generated by bootstrapping relative to the
impairment threshold used to make water quality management decisions for (A) streams in class 1
(St. Croix basin; drainage area < 51 km2); (B) streams in class 5 (St. Croix basin; drainage area
> 691 km2; North Central Hardwoods ecoregion). Similar relationships were obtained for sites in
other drainage area and basin classes (not shown). Circles are mean IBI scores sorted into ascending
order; error bars represent 95% percentile confidence intervals around the mean IBI score. Solid
lines represent thresholds used by the Minnesota Pollution Control Agency to determine whether
sites should be considered impaired.
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Figure 2.3: Confidence interval length as a function of the total number of singletons in the original
sample for sites in the St. Croix and Upper Mississippi River basins. Solid lines are statistically
significant linear regression models.
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Figure 2.4: Distribution of the number of singletons within each stream class. Boxes represent first
and third quartiles, black lines are medians, whiskers are 1.5x the Interquartile Range, circles are
outliers.
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Figure 2.5: Confidence interval length as a function of the total number of fish in the original
sample for sites in the St. Croix and Upper Mississippi River basins. Dashed lines are statistically
significant linear regression models; solid lines are statistically significant breakpoint regression
models. Breakpoint regression indicated estimated break points of 160 fish (95% CI, 108-212 fish)
and 171 fish (95% CI, 77-265 fish) for samples collected in the St. Croix and Upper Mississippi
basins, respectively.
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Figure 2.6: Confidence interval length as a function of original IBI score. The relationship is
significant for sites in the Upper Mississippi, but not for sites in the St. Croix.
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Figure 2.7: Original IBI score as a function of total number of fish (log10 scale) in the original field
sample. In both basins, solid lines indicate statistically significant relationships.
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Figure 2.8: Distribution of IBI confidence interval lengths (95% percentile) within each of the nine
stream classes. Boxes represent first and third quartiles, black lines are medians, whiskers are 1.5x
the Interquartile Range, circles are outliers. A Dunnett-Tukey-Kramer multiple comparison test
indicated that confidence intervals for class 5 and class 8 IBIs were significantly greater than those
for class 3 IBIs.
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Figure 2.9: Bias (Mean bootstrap IBI Original IBI) for all stream sites when IBIs are calculated us-
ing (A) the original discontinuous scoring system used by the Minnesota Pollution Control Agency;
and (B) a continuous scoring system using a linear curve drawn between the midpoints of met-
ric values. Dashed lines represent zero bias expected if bootstrap IBI scores matched original IBI
scores; solid lines are statistically significant linear regressions of bias as a function of IBI score.
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Figure 2.10: Comparison of temporal variability with estimates of bootstrap variability for 12 sites
in the St. Croix basin sampled over four consecutive years. Bootstrap variability was calculated as
the mean of the four bootstrap confidence interval lengths generated for each site.
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Chapter 3

Implications of community concordance for assessing stream integrity
at three nested spatial scales in Minnesota, USA

3.1 Introduction

“Ecological integrity” has become a key concept and management goal in natural resource

disciplines, particularly among water resource scientists (Karr and Chu 2000; Karr and

Yoder 2004; Norris and Hawkins 2000). This term has been defined in a number of ways

(Boulton 1999; Karr 1999; Norris and Thoms 1999), but generally refers to whether aquatic

systems sustain levels of biodiversity and ecosystem function comparable to that which they

provided prior to modern human civilization (Karr 1999; Karr and Dudley 1981). Because

funding for conservation planning is limited, water quality monitoring programmes have

typically sought to provide cost-effective assessments of stream integrity by sampling a

small number of aquatic assemblages (e.g., Barbour et al. (1999); Bilton et al. (2006);

Paavola et al. (2003). These assemblages are used as “indicators” or “surrogates” for the

condition of the overall biodiversity and/or functionality of an ecosystem (Flather et al.

1997; Lawler et al. 2003; Lewandowski et al. 2010).

Despite widespread use in stream monitoring, the degree to which indicator taxa actu-

ally reflect trends among other organisms is generally not well known (Bilton et al. 2006;

Paavola et al. 2003). Recently, a growing body of literature has sought to address this

question by quantifying the degree of concordance between various assemblages (Heino

2010; Johnson and Hering 2010). Community concordance refers to the extent to which

different assemblages exhibit similar spatial variation in community structure (sensu Jack-

son and Harvey 1993). Because it is based on species identities (rather than just numbers of

species), concordance can provide a more comprehensive picture of community similarity

than richness measures alone (Pawar et al. 2007; Su et al. 2004).

Community concordance between assemblages can arise from a number of factors, in-

cluding shared responses to the same environmental drivers (Heino 2010; Heino et al. 2005;
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Kilgour and Barton 1999; Pawar et al. 2007), co-losses of sensitive species in response to

environmental stress (Mykrä et al. 2008a; Yates and Bailey 2010), and strong biotic interac-

tions (Heino 2002; Jackson and Harvey 1993; Johnson and Hering 2010). Concordance can

also be affected by the life-history traits of stream assemblages; for example, the dispersal

and reproductive capabilities of various taxa may govern their access to beneficial environ-

ments, thereby limiting the extent to which environmental gradients and biotic interactions

might otherwise drive spatial patterns in community composition (Campbell Grant et al.

2007; Grenouillet et al. 2008; Moritz et al. 2001; Pawar et al. 2007; Shurin et al. 2009;

Townsend et al. 2003). Finally, community concordance among major taxonomic groups

may be greater at broader spatial scales, because large-scale patterns in the composition of

these groups are likely controlled by the same regional environmental gradients (Paavola

et al. 2006).

Because of the potentially complex nature of community concordance, it is unclear

whether concordant communities might exhibit similar responses to environmental distur-

bance and thus constitute appropriate surrogates for one another in the context of stream

assessment. If we are to use evidence of concordance to make generalizations about the

relationships between different organism groups – especially for the purposes of design-

ing biological monitoring programmes – it is necessary to establish 1) whether concordant

communities indicate similar levels of stream integrity when evaluated using standard bi-

ological indicators and 2) whether concordance among multiple taxonomic groups arises

from a shared response by these groups to certain environmental stressors. To our knowl-

edge, however, only Mykrä et al. (2008a) have explicitly evaluated how patterns in commu-

nity concordance relate to patterns in the biotic indices that are typically used to monitor

aquatic systems. Efforts to resolve the implications of community concordance for the bi-

ological assessment of streams must also address the issue of scale (Johnson et al. 2007).

For example, the use of one taxonomic group as an indicator for the condition of others

may not be appropriate if concordance does not occur at the same scale at which biotic in-
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dices are designed (Paavola et al. 2006). Moreover, understanding the response of different

communities to local-, catchment- and regional-scale environmental drivers is a critical pre-

requisite to the effective design of conservation programmes, which are likely to alleviate

biological impairment only insofar as they address stressors on a scale to which organisms

readily respond.

The goal of this study was to evaluate whether significantly concordant communities

yielded equivalent indications of stream integrity at different spatial scales. Specifically,

we examined how concordance between fish and invertebrate assemblages varied among

670 stream sites that occurred across three nested spatial scales (statewide, ecoregion and

catchment) in Minnesota, USA. We then developed predictive models (e.g. RIVPACS or

taxa-loss models; Hawkins 2006; Wright 2000) for fish and invertebrates and evaluated

whether concordant communities exhibited similar degrees of taxa loss at each of the three

spatial scales. Finally, we evaluated whether the spatial patterns observed for fish and in-

vertebrate assemblage composition could be explained by similar environmental variables.

We hypothesized that: 1) concordance between fish and invertebrate communities would

be strongest at broader spatial scales and weaker at narrower scales; 2) concordant com-

munities would respond to similar environmental variables and 3) fish and invertebrate

communities that exhibited concordance at a given scale would exhibit similar responses to

environmental stress, and would therefore show similar degrees of departure from reference

conditions as quantified by taxa-loss models.

3.2 Methods

3.2.1 Study area and data sources

The state of Minnesota is characterized by seven ecological regions (i.e. “ecoregions”;

Omernik 1987) and 81 major catchments (Figure 3.1). The term “major catchment” refers

to a drainage area assigned an eight-digit Hydrologic Unit Code (HUC) according to the

classification system developed by the U.S. Geological Survey (United States Geologi-
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cal Survey 1982). These catchments define drainage areas for the state’s large river (i.e.

generally 4th - 6th order) and lake systems, and were established historically based on a

size criterion, with each catchment constituting an area of roughly 1800 square kilometres.

Some of the catchments exclude upstream contributing areas, and thus are most accurately

described as “administrative” rather than “true” catchments. These 81 catchments now con-

stitute the primary spatial scale at which state agencies implement water quality assessment

and conservation efforts.

The southern and western ecoregions of Minnesota (Driftless Area, Western Cornbelt

Plains, Northern Glaciated Plains and Red River Valley) are predominantly agricultural,

whereas the northern regions (Northern Lakes and Forests and Northern Minnesota Wet-

lands) are predominantly a mix of forests and wetlands. The North Central Hardwoods

region is characterized by widespread urban and suburban development associated with the

Minneapolis-St. Paul metropolitan area, as well as by woodland and crops.

Fish and benthic macroinvertebrate data used in this study were collected from 670

stream sites in Minnesota between 1996 and 2006 (Figure 3.1). This dataset was aggre-

gated from a number of independent studies conducted by the Minnesota Pollution Control

Agency (MPCA) and the U.S. Environmental Protection Agency within Minnesota streams.

While some of these studies adhered to a randomized study site selection, others targeted

specific sites known to occur along a gradient of human disturbance and to represent a

range of stream sizes and habitat types. In addition, the Snake River catchment was in-

tensively sampled as a pilot project in the MPCA’s recently established catchment-based

biomonitoring programme. As a result, while the sampling sites included in this study oc-

cur throughout the state of Minnesota, not all areas of the state are equally represented.

Both fish and macroinvertebrates were collected once from each site during base-flow con-

ditions from mid-June through mid-October. All samples were collected from sampling

reaches equal to 35 times the mean wetted width of a stream, or to a maximum distance of

500 m.
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Macroinvertebrates were collected using a D-Frame dip-net with 500 µm mesh. Each

sample represented a composite of 20 sampling efforts divided proportionately among five

types of productive habitats present at the sampling reach (riffles, undercut banks, sub-

merged/emergent vegetation, snags/woody debris and leaf packs). For each sampling ef-

fort, a 0.09 m2 area of substrate immediately upstream of the D-net was disturbed. Samples

were collected in a downstream to upstream direction until all major habitat types con-

tained within the reach were sampled, and preserved in 100% denatured ethanol. In the

lab, macroinvertebrate samples were subsampled using a 61 cm x 61 cm gridded screen

tray divided into 144 5.1 cm squares. Each sample was spread evenly across this grid and

organisms were picked from randomly selected grid squares until a minimum of 300 organ-

isms were collected, or until all individual specimens had been picked from the sample (if

the sample contained < 300 individuals). All specimens were identified by the MPCA to

the lowest possible taxonomic resolution, typically genus. We eliminated ambiguous taxa

in invertebrate samples (i.e. taxa identified to more than one taxonomic level) by aggregat-

ing or eliminating taxa as described by Yuan et al. (2008), resulting in a set of unambiguous

operational taxonomic units (OTUs; Ostermiller and Hawkins 2004). We sought to stan-

dardize abundance counts to similar values across all samples by randomly sub-sampling

invertebrate samples with > 300 individuals such that each sample contained exactly 300

individuals. Not every invertebrate sample in our dataset contained as many as 300 indi-

viduals; however, all samples did contain at least 200 individuals. Ultimately, our dataset

consisted of 426 sites (64%) with 300 individuals, and 244 (36%) with between 200 and

299 individuals.

Fish were captured using one of four different types of electrofishing gear, depending

on stream size. Fish habitat was sampled in proportion to its availability within the stream

reach, with greater electrofishing time spent sampling proportionally more abundant habitat

types. In smaller streams (<3 m wide), virtually all fish habitat could be sampled, whereas

in larger streams MPCA biologists were constrained to weave among habitat types. All
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captured fish were sorted into buckets and identified to species. The number of fish captured

ranged from 1 to 4275 individuals. Fish samples containing 160 or more individuals have

been shown to yield biological index scores that are resistant to the effects of sampling

error; however, collections this large may not be achievable for highly degraded stream

sites (Dolph et al. 2010). Of the 670 sites in our dataset, 435 (65%) contained 160 fish or

more, and 235 (35.0%) contained fewer than 160 fish. The mean number of fish per sample

was 444. Because we wished to include both degraded and intact streams in our analysis,

we did not exclude sites based on fish abundance. Fish abundance values were standardized

to the length of stream reach sampled; across all stream sites the number of fish per 100

meters ranged from 0.7 - 90.

For concordance and pCCA analysis (see below), the abundance of fish and macroin-

vertebrates were log(x+1) transformed to reduce the influence of abundant taxa (McCune

and Grace 2002). For the development of RIVPACS models, fish and macroinvertebrate

abundance values were converted to presence-absence.

3.2.2 Community concordance

To analyze community concordance, we organized fish and invertebrate data at three nested

spatial scales: 1) statewide, 2) ecoregion and 3) major catchment. We chose to evaluate

concordance at the ecoregion and catchment scale because the composition of stream com-

munities is often thought to respond to gradients operating at these scales (Allan 2004; Pyne

et al. 2007). Although ecosystems are clearly not organized according to state boundaries,

we selected the statewide scale as the broadest geographic unit for our concordance analy-

sis because stream monitoring programmes in the United States are administered primarily

at this scale. We limited our analysis of concordance to those spatial “units” (i.e. individ-

ual catchments or ecoregions) where samples from at least 10 stream sites were available

(Figure 3.1).

We used non-metric multidimensional scaling (NMDS) based on Bray-Curtis (Sørensen)
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ranked distances between stream samples to reveal patterns in fish and invertebrate assem-

blages. For each spatial unit, we determined the appropriate number of dimensions for

each NMDS solution by computing stress values. Clarke (1993) suggested that stress val-

ues <0.2 correspond to reasonably good ordinations, but that stress values <0.1 minimizes

the risk of false inferences. We generated NMDS configurations from 10 random starts at

each level of dimensionality from one to five, and selected the lowest number of dimensions

above which stress values did not decrease appreciably. In selecting a final NMDS solution

for each assemblage in each spatial unit, we avoided solutions based on local optima by

performing the analysis with a maximum of 100 random starts until a stable solution was

reached. If no stable solution was reached after 100 starts, we selected the solution with

the lowest stress value.

We used a Procrustean analysis (Peres-Neto and Jackson 2001) to evaluate the degree

and significance of concordance between fish and invertebrate NMDS configurations at

each spatial scale. In Procrustes analysis, one (NMDS) configuration is kept fixed as

reference, whereas the other is rotated, translated, reflected, dilated and scaled until the

sum-of-squared residuals (m2) between corresponding coordinates in both configurations

is minimized. Lower m2 values indicate higher degrees of concordance. A correlation-like

statistic (R) can also be derived from m2 values and is calculated as R =
√

(1 −m2). We

evaluated the statistical significance of the Procrustean fit using Protest, which repeatedly

(n=999) randomizes the configuration of one matrix and recalculates m2. The percentage

of m2 values < the observed m2 provides the significance level (i.e. the p-value) of the

test. Heino (2010) suggests that strong concordance between multiple organism groups is

indicated by R values >0.7 (or m2 values <0.8).

3.2.3 Partial Canonical Correspondence Analysis (pCCA)

We determined whether the compositions of concordant fish and invertebrate assemblages

were related to similar environmental gradients using Partial Canonical Correspondence
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Analysis (pCCA; Birks et al. 1994; Legendre and Legendre 1998; ter Braak and Verdon-

schot 1995) for each assemblage type at each of the three spatial scales. Because we were

primarily interested in evaluating whether concordant communities were related to similar

environmental variables, we restricted the pCCA analysis to those spatial units in which

significant community concordance had been found. We performed pCCA for fish and in-

vertebrate communities in each of the spatial units using a set of 23 candidate environmen-

tal variables (Table 3.1) while controlling for the effects of seasonal and annual variation by

treating the day (i.e. calendar day, 1-365) and year a site was sampled as co-variables. All

environmental variables were either collected at each stream site by the MPCA, or compiled

from publicly available spatial datasets, and transformed for normality when necessary.

The number of environmental variables was large relative to the number of stream sites

in some spatial units, particularly at the catchment scale. Therefore, we used forward se-

lection to determine the most significant environmental variables in each pCCA model (ter

Braak and Verdonschot 1995), including additional variables until either (1) the resulting

additional canonical eigenvalues were no longer significant (p > 0.05) when the previous

canonical axes were treated as co-variables, or (2) a total of up to five variables had been

included. Although the decision to limit the pCCA models to five variables was arbitrary,

our objective was to identify a limited number of environmental parameters that were the

most relevant to the composition of fish and invertebrate communities.

We tested the significance of each canonical eigenvalue and each overall pCCA model

using Monte Carlo tests with 999 permutations (Legendre and Legendre 1998). In pCCA,

canonical axes with eigenvalues that are statistically significant and greater than 0.30 can

generally be considered important environmental determinants of community composition

(ter Braak and Verdonschot 1995).
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3.2.4 Predictive model development

We developed separate predictive models for fish and invertebrate assemblages using the

‘best-subsets’ method developed by Van Sickle et al. (2006). We identified “best avail-

able” reference sites (sensu Stoddard et al. 2006) using an index designed by the MPCA

to quantify the degree of human disturbance acting upon a stream site (Table 3.2). The

highest index score a site could receive was 81, which indicated a minimal degree of alter-

ation from human activity. Streams in each ecoregion were designated as reference sites

if disturbance scores fell within the upper quartile of scores for that ecoregion. The total

number of reference sits was 169, and disturbance scores among these sites ranged from

43-81 (mean = 64). We randomly selected approximately half of these reference sites (n

= 88, hereafter referred to as calibration sites) to develop predictive taxa-loss models; the

other half was used to test predictive model performance (n = 81, hereafter referred to as

validation sites). The remaining 501 sites were treated as non-reference, or test sites. Total

disturbance scores at test sites ranged from 5 to 78, with a mean of 47.

For each assemblage, we calculated Sørensen dissimilarities between all pairs reference

sites in the calibration dataset, based on the presence/absence of taxa found at one or more

of these sites. A flexible-β algorithm (β = -0.6) was used to cluster calibration sites based

on their dissimilarity (Legendre and Legendre 1998; McCune and Grace 2002), and the

resulting cluster dendrogram was pruned to identify distinct biological groups of reference

sites. Because we used different criteria for selecting reference sites in each ecoregion, we

sought to determine whether disturbance levels were consistent within reference site groups

by using boxplots to evaluate the range of total disturbance scores within each group.

A subset of 11 environmental variables (Table 3.1) was used to predict the probability

that a stream site belonged to each reference site group. These 11 variables were chosen

from the larger group of 23 because they tend to be resistant to human activities. Probability

of group membership was combined with taxa occurrence probabilities within reference

site groups to estimate the occurrence probability for each taxon at each steam site. The
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total number of taxa expected to occur at each site (E) was calculated by summing the

probabilities of all taxa predicted to occur with a probability>=0.5. Restricting the pool

of expected taxa to those with probabilities of capture >= 0.5 has been shown to eliminate

variability associated with the presence or absence of rare taxa (Van Sickle et al. 2007).

The aim of the predictive model is to make site-specific predictions about the number

of expected taxa by explaining natural variability in species richness across the validation

dataset. Thus, predictive model performance can be evaluated by determining the reduction

of the root mean squared error (RMSE) of the O/E values (the ratio of the observed number

of species O to the expected number of species E) at validation sites below the RMSE of

a null model richness ratio (ON /EN ; Van Sickle et al. 2005). The null model predicts the

probability of occurrence for each taxon as the proportion of all calibration sites at which

that taxon was found; it does not, therefore, explain any of the natural variability in species

richness across reference sites. Predictive model performance can also be evaluated by how

closely the standard deviation (SD) of O/E among calibration sites approaches a replicate-

sampling SD (SDR; Van Sickle et al. 2005). The SDR represents the maximum precision

(i.e. minimum variability) in O/E scores that a model could produce given random sampling

variability in biological samples; SDR at calibration sites therefore provides a theoretical

lower limit for SD(O/E) that could be achieved by any predictive model (Van Sickle et al.

2005). RMSE(O/E) at validation sites, RMSE(ON /EN ), SD(O/E) at calibration sites, and

SDR are all included as outputs in the best-subsets approach (Van Sickle et al. 2006).

We tested the congruence between fish and invertebrate O/E scores in each spatial unit

by conducting linear regression between the two score types, and using the coefficient of

determination (R2 values) to evaluate the strength of the linear relationship. Finally, we

gauged the sensitivity of each model (i.e. the ability of each to detect changes in com-

munity composition resulting from human activity) by evaluating whether O/E scores at

non-reference sites differed significantly from those at reference sites using an unpaired,

one-sided t-test.
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3.2.5 Statistical programming

Data analysis was performed in R (version 2.12.0). We used the metaMDS, protest, cca,

and permutest functions (vegan: community ecology package; Oksanen et al. 2009) to

perform NMDS, Procrustean analysis, pCCA, and permutation tests for each assemblage

at each scale, respectively. For predictive model development and selection, we used a set

of R scripts modified from those originally developed by Van Sickle et al. (2006).

3.3 Results

3.3.1 Community concordance

NMDS ordinations with three dimensions had stress values < 0.2 indicating a good fit

for both taxonomic groups at all three spatial scales (e.g. Figure 3.2). Spatial units with

more stream sites tended to have higher stress values, and invertebrate solutions had higher

stress values than fish solutions. Concordance between fish and invertebrate assemblages

was significant at the statewide scale, in six of seven ecoregions and in 17 of 21 major

catchments (Table 3.3). In most cases concordance was relatively weak (R values < 0.7).

However, concordance was relatively strong (R >= 0.7) in four of 21 catchments and in

the Red River Valley ecoregion. The highest concordance (i.e. lowest m2 and highest R

values) occurred in the Rock catchment (R = 0.80).

3.3.2 Environmental gradients affecting concordant communities

Of the 23 candidate environmental variables in our dataset, fish and invertebrate assemblage

composition were often strongly associated with some aspect of stream size (e.g. stream

width or catchment area) across all three spatial scales. For fish communities, at least one of

these parameters was among the first or second environmental variables selected in pCCA

analyses at the statewide scale, in five of six ecoregions and in 10 of 17 catchments (see

Appendix A.1). Similarly, stream width or catchment area was among the top two variables
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most correlated to invertebrate assemblage composition in five of six ecoregions and in 8 of

17 catchments. Catchment area was also among the five environmental variables selected

by pCCA for invertebrate communities statewide.

At the statewide scale, stream gradient and % agricultural land cover were identified as

important variables for both fish and invertebrate communities (see Appendix A.1). Fish

communities were also associated with geographic gradients (i.e. latitude and longitude),

whereas invertebrates were associated with average air temperature and stream flow. At

ecoregion and catchment scales, fish and invertebrate pCCA models often shared no more

than two variables (including catchment area or stream width); two exceptions were the

Snake catchment, where fish and invertebrates were both associated with catchment area,

stream gradient and % urban land use, and the Northern Glaciated Plains ecoregion, where

both fish and invertebrate communities were associated with % fines, latitude and some

aspect of precipitation. Fish and invertebrate communities were associated with longitude

in the Northern Lakes and Forests ecoregion, and with dissolved oxygen in the Northern

Minnesota Wetlands ecoregion. In addition, both assemblages were associated with %

forest in the Baptism-Brule catchment, with pH in the Root catchment and with % fines

in the Rock catchment. Apart from stream size, fish assemblages across all scales were

commonly associated with stream gradient, % forest, % agriculture, longitude and nitrogen

concentrations, whilst invertebrate assemblages were frequently associated with % fines,

stream gradient and stream flow across all scales.

3.3.3 Predictive model performance and congruence in O/E scores

We identified 11 and seven reference-site groups from the cluster analysis of the inverte-

brate and fish assemblages, respectively (Figure 3.3). The final set of reference site groups

for invertebrates was generated by pruning the dendrogram at a height of approximately

1.3, and for fish by pruning at a height of approximately 2.9. Reference sites in inverte-

brate groups six and eight exhibited the highest variability in total disturbance scores; other
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groups were less variable (Figure 3.4). For the fish classification, groups four, five and six

exhibited high variability in total disturbance score, whereas groups one, two, three and

seven were less variable (Figure 3.4).

Discriminant function models for fish and invertebrate assemblages used catchment

area and stream gradient to differentiate reference-site groups, in agreement with the pCCA

results. Both models also included the year a stream was sampled. Other variables included

in the invertebrate model were ecoregion and latitude, whereas the fish assemblage model

included average annual air temperature, precipitation totals during the sampling year and

mean thalweg depth.

The invertebrate dataset contained 15 taxa that occurred in >= 0.5 of all calibration

reference sites (i.e. 15 null model taxa), and the fish dataset had five taxa. Both the fish

and the invertebrate predictive models indicated improvement in RMSE(O/E) relative to

their respective null models (Table 3.4). The fish assemblage model indicated a greater

absolute decrease in RMSE(O/E) relative to the null model, although the fish assemblage

model was also less precise in absolute terms (i.e. higher RMSE(O/E)) than the invertebrate

model. Both models also indicated little ability for predictive improvement; in both cases

the SD(O/E) for the calibration sites was only slightly greater than the SDR (Table 3.4).

Finally, O/E scores derived from both the invertebrate and the fish assemblage models

were significantly lower for test sites than for reference sites (one-sided unpaired t-tests;

fish: t = -1.78, d.f. = 308.32, p = 0.04; invertebrates: t = -6.14, d.f. = 395.32, p <0.001).

For invertebrates, the mean score among reference sites was 0.98, whereas the mean score

among test sites was 0.86. For fish, the mean score among reference sites was 1.00, and the

mean score among test sites was 0.94.

Relationships between fish and invertebrate O/E scores were significant at the statewide

scale, in four of seven ecoregions and in one of 21 catchments (Table 3.3). However, re-

lationships were weak (R2 values <0.3); the strongest relationship occurred in the Lower

Minnesota catchment (R2 = 0.27). Spatial units characterized by significantly correlated
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fish and invertebrate O/E scores also did not necessarily correspond to units in which sig-

nificant concordance between fish and invertebrate assemblages had been found. For exam-

ple, although concordance between fish and invertebrate assemblages was significant and

strong in the Rock basin, no significant relationship was found between fish and inverte-

brate O/E scores. Indeed, we found a significant relationship between fish and invertebrate

O/E scores in only one of the four catchments for which concordance values were rela-

tively strong (R >=0.7). This phenomenon occurred at larger scales as well; communities

in the Northern Lakes and Forests and Red River Valley ecoregions exhibited concordance

at the regional scale, but did not have significantly correlated O/E scores. Conversely, no

significant relationships between fish and invertebrate O/E scores occurred in spatial units

where fish and invertebrate communities were not significantly concordant.

3.4 Discussion

A number of recent studies have sought to evaluate the degree of concordance among

stream assemblages (reviewed in Heino 2010). Practitioners who take this approach have

sometimes argued that communities exhibiting similar spatial patterns may respond to the

same environmental drivers, and therefore exhibit similar responses to disturbance (Kil-

gour and Barton 1999; Mykrä et al. 2008a; Paszkowski and Tonn 2000). The appeal of

using concordance measures to predict whether two communities will respond similarly to

environmental change may be related to the relative straightforwardness of this approach,

especially when compared to the relatively complex process of developing biological in-

dices for each taxonomic group. Measures of assemblage concordance require only species

abundance data, whereas development of biological indices often entails a series of analy-

ses – namely, selection of index type, reference sites and predictor variables. If assemblage

concordance was in fact indicative of a parallel response to disturbance by multiple taxo-

nomic groups, managers could use concordance measures to justify a monitoring approach

that uses one group as a surrogate indicator for the condition of others, rather than dedi-
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cate the additional time and effort required to develop indices for all taxonomic groups of

interest and compare their performance.

From a practical standpoint, we were interested primarily in whether concordant com-

munities would yield congruent O/E scores, or not. In contrast with our initial hypothesis,

our analyses indicated that significant concordance between fish and invertebrates did not

necessarily indicate whether these two communities would respond similarly to environ-

mental change; that is, concordant communities did not always exhibit similar trends in

O/E scores. However, although we found significant concordance between fish and inver-

tebrate assemblage composition at the statewide scale, and in most major catchments and

ecoregions, concordance was generally weak. As Heino (2010) pointed out, significant

concordance should not be confused with strong concordance, especially given that the

randomization tests typically used to evaluate concordance tend to yield statistical signif-

icance even if the strength of correlations is low. Heino (2010) further argues that only

strong correlations (m2< 0.8; R > 0.7) can provide sufficient cause to predict the compo-

sition of one taxonomic group based on the other. Thus, it is perhaps not surprising that

the weakly concordant communities we documented in this study failed to exhibit tightly

linked rates of taxa-loss in response to disturbance.

However, even for spatial units where concordance was relatively strong (i.e. R values

approaching or exceeding 0.7), O/E scores generally did not appear more strongly con-

gruent than in other units. This observation questions whether strong concordance among

communities might constitute sufficient justification for stream monitoring approaches that

use one taxonomic group as a surrogate indicator for others. Concordance measures spatial

patterns in the composition of two assemblages, and is based on the entire composition of

both groups. O/E scores, in contrast, measure losses of taxa relative to reference conditions,

and are based on the presence of a limited number of individual expected taxa. The loss of

one or two taxa predicted to occur under reference conditions must, by definition, decrease

an O/E score. On the other hand, a loss of one or two species from one organismal group
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may not strongly affect the overall level of concordance between two assemblages as long

as the key structural aspects that determine concordance are maintained. Thus, particularly

at low or intermediate levels of disturbance, O/E scores for two assemblages may diverge,

whereas concordance measures may remain more or less constant. Further examination of

how the loss of various taxa from one or both groups might affect the level of concordance

between them could provide additional insight into the statistical properties of concordance

measures relative to biological index scores.

3.4.1 Environmental drivers of stream communities

An examination of the environmental variables most strongly associated with the compo-

sition of fish and invertebrate communities provided insight into the nature of the concor-

dance between them, and into their respective responses to environmental stress. Namely,

the consistent appearance of either catchment area or stream width in the pCCA models for

fish and invertebrates suggests that the concordance we observed at all three spatial scales

may have been driven in large part by parallel differences in both groups associated with

stream size. The importance of stream size to community composition is consistent with

a central tenet in the River Continuum Concept (Vannote et al. 1980), which postulates

that stream order, together with associated organic matter inputs, is the major factor driv-

ing the composition of stream communities. Indeed, a large body of literature has shown

that aquatic communities change in a predictable fashion across longitudinal gradients in

river systems (Grenouillet et al. 2008; Ward 1998 and references therein). In a recent ex-

ample from Minnesota streams, Wan et al. (2010) demonstrated that the number of fish

taxa in Minnesota streams increases uniformly with increasing stream catchment area, and

is highest in the largest river systems; invertebrate taxa richness appears to demonstrate a

similar trend over the same set of study sites (C.L. Dolph, unpublished data). Although

we did not measure stream order per se, progressively larger catchment areas and stream

widths generally indicate increasing stream order within a given study region (Allan and
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Castillo 2008).

Besides the relatively consistent association with stream size, fish and invertebrate com-

munities appeared to correlate largely with different sets of environmental variables. Thus,

although concordance between fish and invertebrates may arise from parallel differences

in the composition of each group associated with stream size, the level of concordance

between them may be limited by their distinct sensitivities to other aspects of their environ-

ment. Catchment-scale land use variables (e.g. % forest, % agriculture) were more often

associated with fish than with invertebrate assemblage composition, whereas reach-scale

variables (% fines, stream flow) were more often associated with invertebrate assemblage

composition. However, both fish and invertebrate assemblages could be associated with ei-

ther reach- or catchment-scale variables. Thus, as a number of other studies have indicated,

the particular variables associated with the composition of stream communities likely de-

pends on specific geographic context (Burcher et al. 2007; Infante et al. 2009; Johnson

et al. 2007; Johnson and Goedkoop 2002; Magalhães et al. 2002; Townsend et al. 2003).

It is also not surprising that % agriculture appeared strongly correlated to both fish and

invertebrate communities at the statewide scale. The conversion of natural landscapes to

agriculture results in changes to habitat structure, hydrology and the availability of nutri-

ents and organic matter, and has frequently been shown to diminish the integrity of stream

assemblages (e.g. Allan 2004; Lecerf et al. 2006; Lyons 2006; Piscart et al. 2009; Roth

et al. 1996; Wang et al. 1997.

3.4.2 Fish and invertebrate taxa-loss models

The differing sensitivities of fish and invertebrates to various environmental drivers may

partly explain why relationships between fish and invertebrate O/E scores were weak. If the

composition of each taxonomic group is structured by different environmental gradients,

a disturbance that alters some aspect of the environment may result in taxa loss from one

group but not the other. For example, stream flow was associated in a number of spatial
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units with invertebrate but not fish assemblage composition. Presumably then, a change in

flow conditions could more readily lead to the loss of invertebrate taxa than the loss of fish

taxa. The apparent discrepancy between fish and invertebrate O/E scores for Minnesota is

consistent with findings by many previous studies showing that different taxonomic groups

fail to yield consistent indications of stream condition (Beck and Hatch 2009; Carlisle et al.

2008; Flinders et al. 2008; Griffith et al. 2005; Hering et al. 2006; Mykrä et al. 2008a).

When two biotic indices convey divergent information about a stream’s condition rel-

ative to reference sites, we must also consider whether these indices operate with uniform

precision and accuracy. Indeed, unless the statistical performance of an index is explicitly

evaluated, the sensitivity of a stream community to stressors cannot be disentangled from

“noise” (Carlisle and Clements 1999; Dolph et al. 2010; Fore et al. 1994). In this study,

both fish and invertebrate predictive models exhibited improved precision relative to their

respective null models. Moreover, both models could detect departures from reference con-

dition. The invertebrate assemblage model also exhibited a high degree of precision (SD

of O/E = 0.19) comparable to other RIVPACS models implemented nationwide (Carlisle

et al. 2008; Hargett et al. 2007; Hawkins 2006). Conversely, the fish model was relatively

imprecise (SD of O/E = 0.40). The lack of precision associated with the fish model was

likely due in part to the low number of common fish taxa in our dataset – only five fish

species were found in >50% of reference sites statewide. With few common fish taxa, a

failure by the model to accurately predict the presence of only one or two species at a site

could substantially alter the O/E score for a site.

The relative imprecision of our fish model can also be explained by a propensity for

random sampling errors in the fish dataset, as indicated by a high SDR (0.38). The value

of SDR increases when the probability of capture Pi for a given taxon tends toward 0.5

(Van Sickle et al. 2005). Because the true occurrence probabilities for taxa at reference

sites are unknown, SDR values are estimated using Pi values produced by the predictive

models (Van Sickle et al. 2005); that is, Pi values for taxa at reference sites are calculated
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by determining the proportion of sites in a reference site group at which each taxon occurs.

A high SDR indicates a failure to consistently capture fish taxa across more than half of

the sites within a reference site group. Given this limitation, an alternative DF model

(i.e. a model consisting of additional or alternative predictor variables) likely would not

substantially improve model performance. Instead, high heterogeneity in fish samples may

limit the development of a precise predictive model for fish assemblages in Minnesota

at a statewide scale. Differences in precision associated with the two predictive models

may have contributed to the weak relationship between fish and invertebrate O/E scores, in

addition to any real differences in the rates of taxa loss exhibited by these two groups that

stem from their contrasting environmental sensitivities.

3.4.3 Predictive modeling, scale, and reference condition

During predictive model development, we sought to account for the potential influence of

geography on stream assemblages by selecting reference sites from every region of the

state. However, reference sites in regions dominated by human land use had poor distur-

bance scores compared to sites in forested regions. When reference sites were clustered,

within-group disturbance levels could thus vary substantially for groups that were com-

prised of broadly distributed sites. Using variably disturbed reference sites to generate

expectations for community composition could result in artificially low expected taxa es-

timates in less disturbed regions and artificially high estimates in more disturbed regions

(because the inclusion of more disturbed reference sites will likely bias expectations to-

wards less diverse, less abundant communities, and vice versa). Moreover, because refer-

ence sites clustered differently for fish and invertebrate assemblages, expectations for each

assemblage at a given site may have been based on two different estimates of reference con-

dition. Such differences could have contributed to the general lack of congruence between

fish and invertebrate O/E scores. Yuan et al. (2008) argued that RIVPACS-type models

should be built at spatial scales that match the scale at which assessment results will be
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reported, to control for the spatial biases such as these. This type of analysis will soon be

increasingly feasible in places where new and intensive sampling regimes implemented by

management agencies should result in the availability of biological data for more stream

sites at smaller (i.e. ecoregion and catchment) spatial scales. Finally, another consequence

of using a statewide model to generate O/E scores is that the assemblage-environment re-

lationships used to predict community composition may rely primarily on large-scale envi-

ronmental gradients, and thus fail to accurately predict community composition at smaller

scales (Marchant et al. 1999; Mykrä et al. 2007; Yuan et al. 2008). However, although

we did not have a sufficient number of study sites available to construct predictive mod-

els for each region and catchment to test this possibility, Mykrä et al. (2008b), found that

taxa-loss models developed at larger and smaller scales performed with similar precision at

small scales as long as rare taxa were excluded (as they were in our study).

3.4.4 Concordance and scale

Paavola et al. (2006) argued that the importance of regional-scale variables in shaping com-

munity composition may result in stronger concordance at broader scales. Our analyses

appear to contradict this hypothesis. Although concordance between fish and invertebrate

communities was significant at the statewide scale and in most ecoregions, we also found

significant assemblage concordance in most catchments (the smallest spatial scale we con-

sidered). Moreover, the degree of concordance at the catchment scale was as strong or

stronger compared with other units and scales included our study. Thus, concordance may

occur at both small and large scales, depending on the geographic context. Strongly con-

cordant communities at the catchment scale could be explained by a strong environmental

gradient operating within certain catchments (Ormerod et al. 1994; Paavola et al. 2006).

The widespread occurrence of catchment area or stream width in pCCA models of fish

and invertebrate assemblage composition indicate that stream size may constitute such a

gradient. However, concordant fish and invertebrate communities at the catchment scale
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were not always associated with stream size, nor with any of the other environmental gra-

dients we considered. In the Redwood catchment, for example, concordance was relatively

strong but fish and invertebrate communities were associated with entirely different sets of

environmental variables. Moreover, catchments characterized by concordant communities

occurred both in regions of intensively managed row crop (i.e. corn and soybean) pro-

duction, as well as in regions of the state that drain into Lake Superior and are dominated

(>80%) by forested areas and wetlands. If concordance at the catchment scale is driven by

some environmental gradient that we failed to measure, the variables may not be the same

in all catchments, given the very different geology, land use and climate patterns associated

with the two types of catchments exhibiting concordance in this study. Alternatively, the

concordance we observed at the catchment scale may also have been driven by biotic inter-

actions or spatial autocorrelation, rather than environmental sensitivities (Bahn and McGill

2007; Currie 2007; Grenouillet et al. 2008; Johnson and Hering 2010).

3.4.5 Implications for biological monitoring and conservation

The results of this study have several implications for the biological assessment of streams.

First, given that concordant assemblages do not appear to yield tightly linked estimates of

stream integrity, we suggest that a finding of community concordance should not be sub-

stituted for an evaluation of how different assemblages respond to disturbance. Instead, an

analysis of whether various assemblages respond to environmental degradation in similar

ways (i.e. via similar rates of taxa loss or some other measure) would constitute the most

direct and therefore strongest evidence in favour of a surrogate taxa approach to biological

assessment.

Secondly, the distinct relationships fish and invertebrate assemblages appear to have

with their environment suggests that a comprehensive assessment of stream integrity will

be best achieved by monitoring for multiple taxonomic groups. Such an approach, however,

poses the challenge of integrating potentially disparate responses of different assemblages
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(Carlisle et al. 2008; Walters et al. 2009). Some authors have argued that the interpre-

tation of biological data could be simplified by employing a single multi-assemblage in-

dex to represent the integrity of the entire stream community (e.g. Griffith et al. 2005),

whereas others contend that combining multiple assemblages into a single score may ob-

scure assemblage-specific alterations, as well as obfuscate the various unique pathways

by which each assemblage is affected by human disturbance (Carlisle et al. 2008; Walters

et al. 2009). In practice, however, the performance of a single index based on a multi-

assemblage dataset has rarely been tested. Additionally, research is needed to understand

how patterns in fish and invertebrates assemblages correspond to other less-studied groups

such as macrophytes, algae, zooplankton, birds, mammals or mollusks.

Our findings also relate to the important concept of stressor identification (Cormier

et al. 2003). Addressing the sources of environmental stress affecting stream assemblages

requires a detailed understanding of how different groups respond to their environment, and

at which scale. Our observations indicate that fish and invertebrate communities may re-

spond to distinct local- and catchment-scale variables depending on the geographic context.

Thus, various conservation and restoration strategies – i.e. improving riparian or in-stream

habitat or water quality, or changes to catchment land use – may affect fish or invertebrate

populations more or less strongly depending on the study region. At the same time, how-

ever, environmental variables that correlated to both assemblages in a given spatial unit

represent good candidate targets for conservation efforts in that particular geographic area.

For example, the appearance of % fines in both fish and invertebrate pCCA models for the

Rock catchment region suggests that efforts designed to mitigate excessive deposition of

sediments might be an appropriate priority for conservation programmes aimed at broadly

improving the integrity of stream communities in this catchment.
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Table 3.1: Environmental variables used in pCCA1; and predictive model development2. Unless
a specific data transformation is noted, no transformation was performed. *Denotes one-time
grab samples collected by the MPCA.

Variable Description/Unit Source
Ecoregion2 seven categories; six dummy variables Omernik (1987)
Catchment area1,2 Land area (km2) draining into sampling reach;

log10 transformed
Digital Elevation
Models

Stream gradient1,2 Change in stream elevation over the sampling
reach (m/km); log10 transformed

1:24k scale USGS to-
pographic maps

Air temperature1,2 Annual mean, 1961-1990 NRCS
Precipitation, average1,2 Annual mean, 1961-1990 NRCS
Precipitation, seasonal1,2 Precipitation accumulated through Oct. 1st of

year in which assemblage data was collected;
log10 transformed

University of Min-
nesota

Year1,2 Year in which assemblage data was collected MPCA
Calendar Day1,2 Day of the year (1-365) on which assemblage data

was collected
MPCA

Latitude1,2 MPCA
Longitude1,2 MPCA
Thalweg depth1,2 Mean thalweg depth of sampling reach MPCA
Stream depth1 Mean depth of sampling reach MPCA
Stream width1 Mean bankfull width of sampling reach; log10

transformed
MPCA

Flow1 m3/s; log10 transformed MPCA
Water temperature1a ◦C MPCA
Conductivity1a µmho/cm at 25◦C; square-root transformed MPCA
Dissolved oxygen1a mg/L MPCA
pH1a Power transformed (=4) MPCA
% Fines1 % of stream substrate covered by fine sediments;

arcsine square-root transformed
MPCA

Nitrogen1a mg/L; 1/square-root transformed MPCA
Phosphorus1a mg/L; log10 transformed MPCA
% Riparian disturbance1 % of 100 m riparian area adjacent to sampling

reach affected by human activities
MPCA

% Forest1 % of catchment draining into sampling reach
characterized by forest; arcsine square-root trans-
formed

NLCD (2001)

% Wetland1 % of land use in catchment draining into sampling
reach characterized by wetlands; arcsine square-
root transformed

NLCD (2001)

% Agriculture1 % of land use in catchment draining into sampling
reach characterized by agriculture (row crops);
arcsine square-root transformed

NLCD (2001)

% Urban1 % of land use in catchment draining into sam-
pling reach characterized by urban land use; arc-
sine square-root transformed

NLCD (2001)

a Denotes one-time grab samples collected by MPCA.
NLCD, National land cover database; NRCS, Natural Resource Conservation Service, U.S. Depart-
ment of Agriculture; pccA, partial canonical correspondence analysis.
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Table 3.2: Metrics used to determine total disturbance index scores for each
stream site. Primary metrics1 receive a minimum and maximum of 0 and 10
points, respectively, with least altered values receiving higher scores. Secondary
metrics2 adjust the total score by one point each. All secondary metrics could
only result in a downward adjustment of the score (i.e. points lost from the to-
tal), except that one additional point was added for sites that were characterized
by a number of road crossings that fell within the lower quartile of all sites. To-
tal index scores were calculated by combining primary and secondary metrics.
Human activity refers to any type of human land use or human-made structure
(i.e. buildings, fences, removal of vegetation, agricultural land use, etc.).

Metrics
% agricultural land use 1,a

% impervious surfaces 1,a

Number of animal units per km2 1,a

Number of point sources per km2 1,a

% riparian habitat affected by human activity 1,a

% of stream channel that is channelized 1,a

% sampling reach that is channelized 1,b

% of 30m riparian corridor adjacent to sampling reach affected by human activity 1,b

% riparian corridor characterized by agricultural land use 2,b

% agricultural land use with > 3% slope 2,a

Number of road crossings per stream km 2,a

Number of feedlots per km2, 2,a

Urban area immediately upstream of sampling reach 2,b

Feedlot immediately upstream of sampling reach 2,b

Continuous discharge present <8 stream km from sampling reach 2,b

a Values pertain to catchment area draining into the sampling reach.
b Values pertain to sampling reach.
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Table 3.3: Concordance between fish and macroinvertebrate communities, and congruence between
fish and invertebrate O/E scores, at three spatial scales. Concordance was performed using non-
metric multidimensional scaling (NMDS) followed by Procrustes rotation and ProTest significance
test with 999 permutations. Significant concordance between fish and macroinvertebrate communi-
ties and significant relationships (p < 0.5) between fish and invertebrate O/E scores are indicated in
bold. Note that lower m2 values indicate higher concordance.

Concordance Congruence in O/E
scores

Scale Unit n m2 R p R2 p
Statewide Minnesota 611 0.8312 0.5560 <0.001 0.04 <0.001
Ecoregion Driftless Area 24 0.9292 0.3695 0.152 0.12 0.098

Northern Central Hardwoods 142 0.7609 0.4890 0.001 0.04 0.016
Northern Glaciated Plains 54 0.7980 0.4494 0.001 0.09 0.026
Northern Lakes and Forests 165 0.6586 0.5843 0.001 0.00 0.993
Northern Minnesota Wetlands 35 0.7270 0.5225 <0.001 0.11 0.048
Red River Valley 11 0.5305 0.6852 0.012 0.18 0.199
Western Cornbelt Plains 180 0.7081 0.5403 0.001 0.09 <0.001

Catchment Baptism-Brule 18 0.5493 0.6713 0.001 0.13 0.138
Beaver-Lester 10 0.7793 0.4698 0.542 0.25 0.139
Buffalo-Whitewater 18 0.8864 0.3371 0.490 0.06 0.309
Cannon 19 0.5845 0.6446 0.001 0.11 0.161
Chippewa 16 0.6283 0.6097 0.002 0.01 0.664
Cottonwood 14 0.6953 0.5520 0.001 0.18 0.149
Des Moines Headwaters 23 0.6035 0.6297 0.001 0.07 0.208
Eastern Wild Rice 10 0.7795 0.4696 0.027 0.06 0.502
Hawk-Yellow-Medicine 16 0.6237 0.6134 0.004 0.18 0.100
Kettle 14 0.6488 0.5926 0.015 0.00 0.999
Little Fork 14 0.6664 0.5776 0.011 0.23 0.084
Lower Minnesota 18 0.5392 0.6788 0.001 0.27 0.027
Lower St. Croix 18 0.6414 0.5988 0.001 0.03 0.531
Redwood 11 0.5229 0.6907 0.005 0.20 0.170
Rock 13 0.3544 0.8035 0.001 0.08 0.344
Root 27 0.7566 0.4934 0.002 0.03 0.374
Snake 59 0.6837 0.5624 0.001 0.00 0.897
St. Louis 23 0.6430 0.5975 0.001 0.10 0.132
Twin Cities 12 0.8478 0.3901 0.633 0.00 0.852
Upper Cedar 13 0.8189 0.4256 0.338 0.13 0.219
Zumbro 18 0.6303 0.6080 0.002 0.04 0.448
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Table 3.4: Summary statistics for fish and invertebrate predictive taxa-loss models.

Statistic Invertebrates Fish
Mean O/E (calibration sites) 1.032 1.044
Mean O/E (validation sites) 0.914 0.956
RMSE(ON/EN) for null model (validation sites) 0.303 0.548
RMSE(O/E) for predictive model (validation sites) 0.199 0.403
Predictive improvement over the null model 0.104 0.145
SD(O/E) for calibration sites 0.191 0.382
SDR(O/E) for calibration site pseudoreplicates (theoretical lower bound of variability) 0.140 0.310

O/E: Observed to Expected taxa ratio; RMSE, root mean squared error.
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Figure 3.1: Stream sites (closed circles, n=670) from which fish and invertebrate samples were col-
lected by the Minnesota Pollution Control Agency between 1996 and 2006. Black outlines indicate
boundaries of major catchments (8-digit hydrologic unit code); coloured areas are level III Omernik
(1987) ecoregions.
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Figure 3.2: NMDS ordination solutions for statewide invertebrate and fish datasets. Only two of
three dimensions are shown. Stress values = 0.19 (invertebrates); 0.18 (fish). Solid circles are
reference sites, open circles are test sites. Colours refer to the ecoregion within which each site
is located: black = Driftless Area, red = Northern Central Hardwoods, blue = Northern Lakes and
Forests, yellow = Western Cornbelt Plains, Turquoise = Northern Minnesota Wetlands, Green =
Northern Glaciated Plains, Pink = Red River Valley.
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Figure 3.3: Reference site groups identified during predictive model development for A) inverte-
brates, and B) fish.
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Figure 3.4: Distribution of total disturbance scores among calibration reference site groups iden-
tified for invertebrate and fish datasets during predictive model development. Boxes represent first
and third quartiles, black lines are medians, whiskers are 1.5x the Interquartile Range, circles are
outliers.
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Chapter 4

Is community variability a more sensitive indicator of restoration ef-
fects than species richness? A case study of reach-scale restoration in
three highly disturbed agricultural streams

4.1 Introduction

Streams are inherently variable ecosystems characterized by temporal and longitudinal

changes in flow, temperature and resource inputs (Palmer et al. 1997b). Human activities

often exacerbate this variability; in heavily disturbed agricultural landscapes, for example,

widespread changes in land drainage and cover have dramatically altered stream hydrol-

ogy, resulting in “flashy” systems that exhibit rapid changes in flow following precipitation

events (Blann et al. 2009). Such hydrological changes further manifest in alterations to

stream channel and riparian morphology (Lenhart et al. 2011).

The goals of many small-scale stream restoration projects are to stabilize stream chan-

nel conditions (e.g., by reducing local erosion and sediment deposition) and to enhance

biodiversity by increasing structural heterogeneity of in-stream and riparian habitat (Roni

et al. 2008). Often, such “restoration” activities are not intended to return streams to a

historical or undisturbed condition, but rather seek to alter a degraded (physically unstable,

habitat-poor) system by enhancing channel stability and habitat availability. Such projects

might therefore more accurately be termed “interventions” rather than restorations (sensu

Hobbs et al. 2011. For simplicity, we use the term restoration in this paper to describe

management activities associated with attempts to stabilize stream channels and augment

in-stream habitat, with the understanding that concepts and terminology within the field of

restoration ecology are evolving (e.g., Hobbs et al. 2011), and that the term as applied to

these actions is imperfect.

Recently, a review of the biological effects of restoration by Palmer et al. (2010) sug-

gested that typical reach-scale stream restoration activities do not appear to significantly

improve stream biodiversity, and therefore may not constitute worthwhile or cost-effective
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components of conservation programs. At the same time, a number of ecological stud-

ies have linked greater in-stream habitat heterogeneity to greater compositional stability of

stream communities, both within a single season (Brown 2003), and across multiple years

(Mykrä et al. 2011). Thus, reach-scale stream restoration – which often aims to increase

habitat heterogeneity and stability – could have implications for stream community dy-

namics, even in the absence of changes in overall biodiversity. In particular, we may gather

new insights regarding restoration effects by examining trends in community variability

over time, as well as diversity measures (Brown and Lawson 2010; Fraterrigo and Rusak

2008); however, to our knowledge, such an analysis has not previously been performed.

The goal of this study was to examine whether reach-scale restoration activities in three

highly disturbed agricultural streams were associated with differences in either macroin-

vertebrate diversity (i.e., richness) or temporal variability in macroinvertebrate community

composition. Our objectives were to 1) quantify macroinvertebrate taxa richness in re-

stored vs. unrestored reaches, 2) quantify compositional variability of macroinvertebrate

communities (based on taxa presence/absence) in restored vs. unrestored reaches, and 3)

identify macroinvertebrate taxa that contributed most strongly to variability or similarity

among samples collected over time from restored and unrestored reaches.

We hypothesized that restored and unrestored stream reaches would yield similar taxa

richness (sensu Palmer et al. 2010), but that compositional variability would be lower in

restored reaches compared to unrestored reaches. We tested this hypothesis by collect-

ing six macroinvertebrate samples over the course of one year (excluding winter months)

from restored and unrestored reaches of three agricultural streams in southern Minnesota.

We evaluated taxa richness in each sample, and quantified the compositional variability

between all pairs of samples using Jaccard’s dissimilarity coefficient.
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4.2 Methods

4.2.1 Study area

Prior to European settlement, land cover in southern Minnesota was primarily prairie inter-

spersed with thousands of poorly drained wetlands known as prairie potholes (Galatowitsch

and van der Valk 1994). The region is underlain by the Des Moines Lobe till; a dense blue-

gray, fine-grained sub-soil covered with rich, black, silty-clay topsoil (Lenhart et al. 2011).

Today, >80% of the region is farmed intensively either as row crops (corn and soybeans)

or animals (hogs and cattle) (Natural Resources Conservation Service 1997). In addition,

a vast network of surface ditches and subsurface drain tiles installed over the course of

the last century has eliminated most wetlands from the landscape, increasing flow to the

drainage network (Brooks et al. 2003; Galatowitsch and van der Valk 1994). These dra-

matic changes in land use and hydrology have resulted in many water quality concerns

for streams and rivers, including high loads of nutrients, sediment, bacteria and pesticides,

and the degradation of in-stream and riparian habitat and aquatic life (Magner et al. 2004;

Minnesota Pollution Control Agency 2009a, 2009b).

4.2.2 Study sites

We examined the effects of reach-scale restoration projects implemented by the Minnesota

Pollution Control Agency (MPCA) within three streams in southern Minnesota: Buffalo

Creek, Elm Creek and Rush River (Figure 5.1). All three study streams are third-order sys-

tems with catchments dominated by similar underlying geology and land use (i.e., corn-soy

agriculture), and have been listed by the MPCA as impaired for one or more of the follow-

ing stressors: turbidity, fecal coliform, low dissolved oxygen, and poor fish and/or inver-

tebrate Index of Biological Integrity (IBI) scores (Minnesota Pollution Control Agency

2009b). Prior to restoration, each of these streams contained a site that experienced severe

bank erosion caused by increased toe-slope shear of the stream channel, thereby endanger-
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ing the loss of adjacent landowner property.

Restoration activities in each stream included placement of boulders and large woody

debris in the channel to reinforce stream banks and redirect flow away from erosion-

sensitive areas and toward the thalweg. Stream banks were also re-vegetated with low

grasses and shrubs, and silt fencing was installed along the edges of the stream where

bare soil was present. Finally, soil was added below steep banks to create lower flood

plain benches, with the intention of decreasing stream power and concordant channel shear

stress at high flows to prevent banks/bluffs from collapsing directly into the main chan-

nel. The primary goal of these efforts was to stabilize the stream channel and the loss of

infrastructure by preventing continued bank erosion and land loss. Secondarily, resource

managers from MPCA sought to improve conditions for fish and invertebrate populations

by increasing the structural heterogeneity of in-stream habitat and reducing localized sedi-

ment deposition. Although restoration activities were similar in all three stream sites, they

were implemented in different years along variable lengths of stream channel: in 2001

along ∼100 m of stream channel at Rush River, in 2006 along ∼750 m of stream channel

at Elm Creek, and in 2008 along ∼100 m of stream channel in Buffalo Creek. Locations

of restoration sites in Universal Trasverse Mercater (UTM) coordinates (zone 15 N, datum

NAD 1983) were: Buffalo Creek (420088, 4966353); Elm Creek (397529, 4845570); Rush

River (424061, 4928052).

Within each study stream, we established two study reaches: a 100m reach of restored

channel, and a 100 m reach of unrestored channel. The unrestored reach was located up-

stream of the restored reach, and was separated from the start of the restored reach by a

distance of 100 m. At Elm Creek, where restoration had been conducted along a longer

section of stream channel (i.e., >100 m), we designated the 100 m at the upstream end of

the restoration as the restored study reach.
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4.2.3 In-stream and riparian habitat

We measured a suite of in-stream and riparian habitat variables at 10 transects within each

study reach, in August 2010. Transects were spaced 10 m apart, and consisted of mea-

surements made for 0.3 m x 0.3 m quadrats at four points spaced equally across the stream

channel, and a fifth point located at the thalweg. In each quadrat, we measured water depth,

and visually estimated the dominant substrate type (boulder, cobble, gravel, sand, silt, clay,

or detritus), the percent embeddedness of coarse substrates, and the percent of coarse sub-

strates covered by algae. We calculated mean values for water depth, depth of fines, and

% algae across the five measurements collected for each transect point. We calculated %

boulder, % cobble, % gravel, % sand, and % silt as the proportion of five measurements

collected for each transect characterized by each substrate type. At each transect, we also

measured the vertical length of bare soil on each bank to estimate the amount of bank ero-

sion, and we visually estimated the amount of contiguous undisturbed land within 100 m of

the stream channel to estimate the riparian buffer width. Finally, we used a spherical crown

densitometer to measure overhead canopy cover from the center of the stream and the right

and left banks at each transect. Mean values for bank erosion, riparian buffer width, and

canopy cover at each study site were calculated across all measurements taken in the 10

transects.

4.2.4 Invertebrates

Invertebrates were collected from all study reaches over a one- to five-day period on six

different occasions in 2010: April 19-21, May 25-26, July 8-9, August 10-12, September

8-10, and November 1-5; unrestored and restored reaches of each stream were sampled

on the same day. During each sampling visit, we examined study reaches for five possi-

ble types of invertebrate habitat including, (1) riffles, (2) undercut banks and overhanging

vegetation, (3) submerged or emergent macrophytes, (4) snags and woody debris, and (5)

debris dams/leaf packs. We collected one subsample from each available habitat type (for
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a total of five subsamples) with a D-frame kick-net (mesh size 500 µm). If all habitat types

were not present, or could not be accessed because of flow conditions, additional samples

were taken from the most abundant habitat types in order of abundance, until a total of

five subsamples had been collected. For each subsample, the D-net was placed on the sub-

strate or within the habitat type and a 0.09 m2 (1ft2) area immediately upstream of the net

opening was thoroughly disturbed. All debris collected in the net for each subsample was

transferred to a separate 0.5 L plastic sample jar, and preserved in 70% ethanol.

In the lab, each subsample was spread evenly onto trays and all organisms were sorted

using a dissecting microscope. All sorted organisms were identified to the lowest possible

taxonomic level (typically genus) using standard keys (e.g., Merritt et al. 2008). Inverte-

brate abundance per visit was standardized to the area sampled.

4.2.5 Sampling effort and taxa richness

We sought to estimate how closely our samples approximated total taxa richness in the

study streams, and whether our estimates of taxa richness were biased according to reach

type (i.e., restored or unrestored), study stream or sampling month. Therefore, we extrap-

olated taxa richness based on the incidence of taxa among subsamples using a first-order

jackknifing estimator (JACK1) provided by the specpool function in R (vegan: community

ecology package; Oksanen et al. 2009). JACK1 has previously been shown to be the least-

biased and most-precise nonparametric estimator of species richness (Palmer 1990), and

estimates extrapolated richness (SP ) as

SP = S0 + a1 ∗ (N − 1)/N

where S0 is the observed number of species in the collection (i.e., across all subsamples),

a1 is the number of species occurring only in one subsample in the collection, and N is the

number of subsamples in the collection.

We divided S0 by SP to estimate the percent of taxa in the species pool that we captured

in our sampling effort, and we compared percent captured values among samples using a
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three-way ANOVA on mean values with site, treatment and month as main effects.

4.2.6 Measuring compositional variability: Jaccard dissimilarity coefficient

We estimated temporal variability in invertebrate community composition by calculating

Jaccard’s dissimilarity coefficient (hereafter, Jaccard distance) between all possible pairs

of samples from each study reach, using presence/absence data. Jaccard distance mea-

sures dissimilarity between samples, and is one of the best known measures of the degree

of species overlap between paired assemblages (Magurran 2004). Jaccard distance (J) be-

tween two samples is calculated as,

J(A,B) = 1 − A∩B
A∪B = |A∪B|−|A∩B|

A∪B

where A and B are the specific sets of taxa found in each of the two samples. A Jaccard

distance value of one between two samples indicates no shared taxa, and a value of 0 in-

dicates complete species overlap (i.e., each sample contains the same exact set of taxa).

Estimating Jaccard distance among each pair of the six samples collected from each study

reach resulted in a total of 15 pair-wise comparisons; we calculated the mean Jaccard dis-

tance across all 15 comparisons for each reach as an indication of compositional variability

over time.

4.2.7 Effect of individual taxa on Jaccard distance

We used a jackknifing procedure to determine the effect of individual taxa on mean Jaccard

distance for each study reach. We sequentially excluded individual taxa from all samples,

and recalculated mean Jaccard distance among samples each time. Jackknifed mean dis-

tance values were compared to original mean distance values to determine, a) which taxa

had the largest effect on similarity among samples over time, and b) if taxa contributed to

increased or decreased distance among samples.

We also evaluated the effects of rare taxa on Jaccard distance by simultaneously exclud-

ing all rare taxa and then recalculating mean Jaccard distance among samples. We defined
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taxa as “rare” if they occurred as one or two individual specimens in a sample.

4.2.8 Statistical analyses

All data analysis was performed in R (version 2.14.0). Macronvertebrate richness and

abundance were calculated per sampling visit and compared across all study reaches us-

ing a two-way analysis of variance (ANOVA) on mean values with site and treatment (i.e.,

restored or unrestored) as main effects. Jaccard distances among the 15 pair-wise sample

comparisons for each study reach were also compared across all study reaches, again using

a two-way ANOVA on mean values with site and treatment as main effects. Tukey’s hon-

estly significant difference (HSD) was used as a post-hoc multiple comparison test follow-

ing significant ANOVA results. We performed unpaired t-tests to compare in-stream and

riparian habitat variables collected along the 10 transects within restored and unrestored

reaches of each stream site.

For all statistical tests, p values <0.1 were considered significant (rather than p<0.05),

because of small sample sizes (sensu Grossman et al. 2010). We used the vegdist function

(vegan: community ecology package; Oksanen et al. 2009) to calculate Jaccard distance

values, and the jackknife function (bootstrap package; Tibshirani et al. 2012) to produce

jackknife estimates of mean Jaccard distance.

4.3 Results

4.3.1 In-stream and riparian habitat

Differences in habitat variables between unrestored and restored reaches depended on

stream site (Table 5.1). Unrestored reaches had significantly higher embeddedness of

coarse substrates than restored reaches at Buffalo Creek and Elm Creek. Restored reaches

also tended to have higher prevalence of cobble and gravel and lower prevalence of sand

relative to unrestored reaches at all three streams, although these differences were not sig-

nificant in unpaired t-tests. Mean bank erosion was significantly greater for restored reaches
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than unrestored reaches at Buffalo Creek. At Rush River, water and thalweg depth were

significantly higher in the restored reach relative to the unrestored reach.

4.3.2 Invertebrate community composition

We collected a total of 121 unique invertebrate taxa in 52 families across all three streams.

Of these, 102 taxa were identified to genus, and 19 were identified to family. These taxa

included 62 Diptera, 19 Ephemeroptera, 13 Coleoptera, 11 Trichoptera, 6 Plecoptera, 4

Hemiptera, 3 Odonata, 1 Amphipoda, and 1 Collembola. A comparison of observed taxa

richness to estimates of extrapolated taxa richness indicated that, for each sampling visit,

we captured approximately 72% of taxa present in the study streams, on average. This

capture rate corresponded to an average of 11 unseen taxa during each sampling event. We

found no significant differences in the estimated percent of taxa captured by reach type,

study stream, or sampling month.

Neither invertebrate richness, nor invertebrate abundance differed significantly between

restored and unrestored reaches, among stream sites, nor according to the interaction be-

tween treatment and site (Figure 4.2). Mean invertebrate taxa richness per sampling visit

was 27 for unrestored reaches and 29 for restored reaches; mean invertebrate abundance

was 1045 for unrestored reaches and 1527 for restored reaches. Mean Jaccard distance

between all possible pair-wise comparisons of samples collected over time from each

reach was significantly lower for restored reaches (mean=0.66) than for unrestored reaches

(mean=0.73) across all three study streams (Tukeys HSD, p<0.001; Figure 4.3).

Jackknife estimates of Jaccard distance based on the exclusion of individual taxa in-

dicated that most taxa tended to slightly increase mean distance among samples collected

over time (i.e., when these taxa were removed during jackknifing, distance values decreased

slightly; Figure 4.4). In contrast, roughly a quarter of the taxa collected from each reach

had more substantial negative effects on Jaccard distance. The exclusion of these taxa

caused an increase in Jaccard distance, indicating that their presence increased similarity
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among samples collected over time.

Taxa that caused the biggest differences in distance values when removed during jack-

knifing were persistent across all or most samples collected over time. Across all three

study streams, restored reaches tended to have slightly higher numbers of these persistent

taxa compared to the respective unrestored reaches (Table 4.2). Only Simuliidae occurred

in all samples collected from each study reach.

4.3.3 Effects of rare taxa on variability

Between 35-40% of taxa collected during all sampling visits occurred as rare taxa, depend-

ing on the study site. Following the exclusion of rare taxa, Jaccard distance values remained

lower for restored reaches (mean=0.73) relative to unrestored reaches (mean=0.78; Tukeys

HSD, p=0.036). Site and the site x treatment interaction had no effect on distance following

exclusion of rare taxa. Distance values among samples were slightly higher after rare taxa

had been excluded, compared to distance values derived from the entire dataset (Figure

4.3).

4.4 Discussion

We found no differences in invertebrate taxa richness between restored and unrestored

stream reaches in this study, consistent with a recent body of literature evaluating the effects

of reach-scale restoration on stream biodiversity (reviewed in Palmer et al. 2010). The lack

of association between reach-scale restoration and taxa richness is perhaps not surprising;

as Palmer et al. (2010) point out, watershed- and basin-scale disturbances likely limit the

pool of species available to colonize restored streams in highly disturbed ecosystems.

Absolute differences in compositional variability between restored and unrestored reaches

were relatively small, suggesting that the potential for reach-scale restoration to alter dy-

namics in community variability may be modest, at least in the streams we studied. Nev-

erthless, the lower compositional variability we observed in restored reaches suggests that
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reach-scale restoration may have effects on invertebrate assemblages that are not captured

by richness measures alone. This difference in variability appeared to be driven by greater

persistence of some taxa in the restored reach of each stream compared to the respective

unrestored reach.

Greater persistence of some taxa in restored reaches suggests these taxa may have had

enhanced opportunities (i.e., refugia) in restored reaches with which to withstand distur-

bances. The availability of such refugia could be critical to the success of macroinverte-

brate populations in the study streams, which must withstand ongoing increases in peak

discharge and decreases in time to peak flow following precipitation; these flow regimes

parallel continued increases in subsurface tile drainage, annual row crop coverage, and

channel modifications in the study region (e.g., Lenhart et al. 2011a, 2011b). The fre-

quency and magnitude of severe weather events in the region is also thought to have in-

creased, a phenomenon that is among the predicted effects of a changing climate (Karl

et al. 2009). Frequent high flow events may negatively affect macroinvertebrate communi-

ties by increasing sediment load to streams, disturbing bed materials, altering habitat avail-

ability, and reducing the retention of organic matter which might otherwise serve as a food

resource (Blann et al. 2009; Brown and Matthews 2006; Lenhart et al. 2010; Townsend

et al. 1997b). Disturbances to bed materials and channel surfaces caused by high flows

could also disrupt the growth of algae and macrophytes, limiting potential food sources for

macroinvertebrates.

The addition of boulders, logs and vegetation to the channel during restoration directly

increased the amount of stable substrate in the stream (as evidenced by the continued avail-

ability of these structures during this study, 2-9 years post-restoration). Additions such as

these also tend to facilitate a number of indirect changes to in-stream habitat, including

increased debris retention (e.g., the accumulation of leaves and grasses in the crevices of

boulders and wood), scouring and exposure of underlying gravel substrates in the stream

channel, and more stable stream banks that allow for the growth and development of sub-
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merged and emergent vegetation (Lepori et al. 2005; Roni et al. 2008). Although we did

not quantify debris retention or the abundance of large woody debris, we did find differ-

ences in substrate prevalence and embeddedness between restored and unrestored reaches,

with unrestored reaches having higher prevalence of fine substrates (i.e., sand) and higher

embeddedness of coarse substrates, and restored reaches having higher prevalence of cob-

ble and gravel substrates. These changes could have provided invertebrates with enhanced

opportunities to withstand disturbances such as changes in flow, thus enabling their greater

persistence.

4.4.1 Integrating diversity, stability and ecosystem function in conservation decision-

making

The apparent increase in persistence by some taxa could be interpreted as a sign of improve-

ment in local habitat conditions following restoration. However, the conservation implica-

tions of such changes should be interpreted with care. For example, whether the persis-

tence of a particular species in restored stream channels might affect patterns in ecosystem

processes may depend on whether that species is the dominate executor of the ecosystem

function in question (e.g., leaf shredding or particle filtering), or whether compensatory

dynamics might allow other species to fill this role (Gonzalez and Loreau 2009; Kremen

2005; Lake et al. 2007). A recent review of biodiversity-ecosystem functioning (B-EF)

relationships in streams suggests that species identities (and associated traits) may indeed

regulate ecosystem function more strongly than taxonomic diversity per se (Lecerf and

Richardson 2010). Thus, we might expect the reduced compositional variability (and asso-

ciated persistence of particular taxa) in restored relative to unrestored reaches to correspond

to differences in ecosystem function between the two reach types.

Aside from the question of species identity, reduced compositional variability could

also be associated with ecosystem process rates if compositional variability at the assem-

blage level was driven by individual- or population-level stability. For example, if in-
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vertebrate populations had a greater propensity to maintain their position in the channel

throughout the year as the result of enhanced in-stream refugia provided by stream restora-

tion, these populations might need to invest less energy in drift and colonization. They

could then presumably trade upon the energy conserved by their relative stability in the re-

stored reaches by investing more energy in fulfilling their functional or trophic roles. Thus,

regardless of their identities, the contribution of various taxa to ecosystem processes oc-

curring at the reach scale could be larger if they could achieve longer residence times in

the reach. This aspect of community variability relative to ecosystem functionality has not

been addressed to our knowledge.

At the same time, increased persistence by a small number of taxa may not necessarily

represent a conservation “win”. The harshness of the environment in the study streams is

likely characterized by a litany of stressors in addition to high flows – including high lev-

els of suspended sediment, nutrient enrichment, pesticides – that likely affect invertebrates

similary in both restored and unrestored reaches. Thus, increases in habitat availability re-

lated to restoration likely benefited only those taxa that could capitalize on habitat improve-

ments while withstanding these ongoing stressors. Indeed, many of the taxa we identified

as more persistent in restored reaches relative to unrestored reaches– Hydropsychid cad-

disflies, an Elmid beetle (Stenelmis), a few collector-gathering chironomids (Cricotopus,

Dicrotendipes, Orthocladius) – are considered tolerant to pollution (tolerance values=4-7,

Merritt et al. 2008). Only Atherix, a predaceous, burrowing dipteran, is considered intol-

erant to pollution (tolerance value=2). Fostering the occurrence and persistence of more

sensitive taxa will likely require water quality improvements beyond those that local reach-

scale restoration activities can provide.

4.4.2 Performance of the Jaccard index

Jaccard indices have been criticized for poor performance when assemblages include a

large proportion of rare taxa (Chao et al. 2005). Rare taxa are more likely to be excluded
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from samples as the result of sampling error (Dolph et al. 2010), and the inconsistent collec-

tion of rare taxa from sites where they occur may cause samples to appear more different

than they actually are. Thus, the unrestored reaches in this study could have had higher

compositional variability because assemblages were characterized by a higher proportion

of rare taxa than in restored reaches. However, a difference in compositional variability

between restored and unrestored reaches was evident even when rare taxa were excluded.

Indeed, Jaccard distance actually increased for both restored and unrestored reaches fol-

lowing the exclusion of rare taxa, suggesting that at least some rare taxa were collected

with sufficient frequency to contribute to assemblage similarity in both reach types.

Higher similarity values in the restored channels also did not appear to be an artifact

attributable to either greater assemblage homogeneity, nor to a sampling bias related to dif-

ferent invertebrate abundances, given that neither taxa richness nor invertebrate abundance

was significantly different between restored and unrestored channels. Moreover, sampling

effort did not appear biased by reach type, as the completeness of our taxa richness esti-

mates (i.e., the estimated percent of all taxa we captured during sampling) did not differ

between restored and unrestored channels.

4.4.3 Conclusion

The goal of this study was to evaluate detailed changes in community composition in re-

sponse to reach-scale restoration activities at a limited number of sites. Thus, broader sur-

veys conducted across a larger number of sites and broader geographic scales are needed

to draw conclusions about the relationship between reach-scale restoration and community

variability more generally. Furthermore, even if lower compositional variability for inver-

tebrate communities in restored reaches is an indication of some local improvements in the

availability or stability of habitat surfaces, this effect should not be viewed as a justification

for failing to address watershed-scale stressors that alter stream structure and function and

limit the recovery of biodiversity. Indeed, any effects of reach-scale restoration upon com-
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munity variability are not likely to be sustained unless larger scale issues, such as land use

and altered drainage systems, are also addressed. For example, following a severe storm

event in late September 2010, the Elm Creek study site exhibited evidence of severe chan-

nel erosion in both the restored and unrestored reaches (C.L. Dolph, personal observation).

The extent of this erosion suggested that additional storm events of similar magnitude could

eliminate the improvements to stream channel conditions sought during restoration (e.g.,

by dislodging large woody debris or boulders, reducing bank vegetation, depositing sedi-

ment in the stream, etc). Moreover, increased intensity of precipitation events is one of the

predicted effects of a changing climate for the Midwestern USA (Easterling et al. 2000).

In addition to potentially reducing any positive effects of restoration activities at the reach

scale, such intense events may exacerbate the stresses that land use and altered drainage

patterns already place upon agricultural stream systems (e.g., Nearing et al. 2005). In other

words, preserving or enhancing the functionality of streams in agricultural landscapes will

not be achieved by reach-scale activities alone. At the same time, managing highly dis-

turbed agricultural landscapes for reduced impact on aquatic systems at larger scales repre-

sents a difficult and long-term challenge. We must, therefore, carefully consider all of the

potential impacts associated with smaller-scale improvement efforts to streams, including

effects on community variability.
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Table 4.1: In-stream and riparian habitat variables collected from all three stream sites in Aug,
2010. Bold values were significantly different between restored and unrestored reaches in unpaired
t-tests (p<0.1).

Buffalo Creek Elm Creek Rush River
Habitat Unrestored Restored Unrestored Restored Unrestored Restored
water depth (m) 0.54 0.50 0.58 0.82 0.44 0.58
thalweg depth (m) 0.69 0.67 0.75 0.69 0.68 0.88
depth of fines (cm) 13 12 10 10 6 6
% embedded 86 64 63 40 24 28
% algae 1 2 1 2 24 28
% boulder 4 8 0 2 16 10
% cobble 8 20 12 14 20 30
% gravel 8 24 52 56 10 16
% sand 70 48 30 24 54 44
% silt 10 0 6 4 0 0
bank erosion (m) 2.0 2.6 1.6 2.4 0.5 0.7
riparian buffer width (m) 19 56 0 0 94 66
% canopy cover 64.2 63.7 6.7 0 24.7 12.7
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Table 4.2: Frequency of occurrence for persistent taxa in restored vs. unrestored reaches, and their
functional feeding and habit groups. Frequency of occurrence was defined as the percent of all sam-
ples collected over time in which taxa were present. Persistent taxa were defined as those present
in at least half of all samples collected from either the restored or unrestored reach of each study
stream over time. Rows shaded dark gray are taxa that were found in all samples from both reach
types in each stream. Rows shaded light gray are taxa that were more persistent in the restored
reach than the unrestored reach of each stream. Unshaded rows are taxa that were more persistent
in the unrestored reach than the restored reach of each stream. Abbreviations for functional feed-
ing group (FFG) and habit group designations are: CF=collector-filterers, CG=collector-gatherers,
M=multiple, P-h=piercers-herbivores, Pr=predators, Scr=scrapers, Sh=shredders, U=unknown,
Cl=clingers, Bu=burrowers, Sk=skaters, Sp=sprawlers, Sw=swimmers.

Abbrev.
name

Order Family Taxa Frequency-
Restored

Frequency-
Unrestored

Habit FFG

Buffalo Creek
Chmtpsyc Trichoptera Hydropsychidae Cheumatopsyche 100% 67% Cl CF
Dcrtndps Diptera Chironomidae Dicrotendipes 83% 67% Bu CG
Hydrpsyc Trichoptera Hydropsychidae Hydropsyche 100% 67% Cl CF
Stenelms Coleoptera Elmidae Stenelmis 83% 67% Cl Scr
ThieGr Diptera Chironomidae Thienemannimyia 100% 83% Sp Pr
Cricotps Diptera Chironomidae Cricotopus 67% 83% Cl Sh
Rhecrctps Diptera Chironomidae Rheocrictopus 67% 83% Sp M
Thnmnnll Diptera Chironomidae Thienemanniella 83% 100% Sp CG
Polypdlm Diptera Chironomidae Polypedium 100% 100% Cl M
Rhtnytrs Diptera Chironomidae Rheotanytarsus 100% 100% Cl CF
Simuliid Diptera Simuliidae Simuliidae 100% 100% Cl CF

Elm Creek
Crtpsych Trichoptera Hydropsychidae Ceratopsyche 83% 33% Cl CF
Rhecrctps Diptera Chironomidae Rheocrictopus 83% 50% Sp M
Stenelms Coleoptera Elmidae Stenelmis 100% 83% Cl Scr
Thnmnnll Diptera Chironomidae Thienemanniella 83% 67% Sp CG
ThieGr Diptera Chironomidae Thienemannimyia 83% 67% Sp Pr
Heptogen Ephemeroptera Heptageniidae Heptagenia 67% 83% Cl Scr
Polypdlm Diptera Chironomidae Polypedium 100% 100% Cl M
Simuliid Diptera Simuliidae Simuliidae 100% 100% Cl CF

Rush River
Atherix Diptera Athericidae Atherix 100% 50% Bu Pred
Caenis Ephemeroptera Caenidae Caenis 83% 50% Sp CG
Cricotps Diptera Chironomidae Crictopus 100% 83% Cl Sh
Dcrtndps Diptera Chironomidae Dicrotendipes 100% 83% Bu CG
Hydrptld Trichoptera Hydroptilidae Hydroptilidae 100% 50% Cl P-h
Orthclds Diptera Chironomidae Orthocladius 100% 83% Bu CG
Tanytrss Diptera Chironomidae Tanytarsus 83% 50% Cl CG
Prkffll Diptera Chironomidae Parakiefferiella 50% 83% Sp CG
Thnmnnll Diptera Chironomidae Thienemanniella 67% 83% Sp CG
Simuliid Diptera Simuliidae Simuliidae 100% 100% Cl CF
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Figure 4.1: Map of study region, indicating Omernik (1987) Level III ecoregions, major sub-basins
of the Minnesota River, watershed areas of study streams, and watershed area for High Island Creek.
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Figure 4.2: Number of invertebrate taxa (left) and invertebrate abundance (right) collected over
time from restored (black bars) and unrestored (gray bars) reaches of Buffalo Creek (top), Elm
Creek (middle) and Rush River (bottom).
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Figure 4.3: Jaccard Distance among invertebrate samples collected over time at restored vs. unre-
stored sites, with (A) all taxa, and (B) rare taxa (i.e., taxa occurring as one or two individuals in a
sample) excluded. Jaccard distance was calculated between all possible pairs of samples for each
study reach (15 pair-wise comparisons in total), using presence/absence data. Boxes represent first
and third quartiles, black lines are medians, whiskers are 1.5x the Interquartile Range, circles are
outliers.
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Figure 4.4: Change in mean Jaccard distance (black dots) for study reaches following jackknife
removal of individual taxon from all samples. Vertical line indicates mean jaccard distance with all
taxa included. Only taxa that had a negative effect on mean distance values >0.005 (i.e., a positive
effect on community similarity) are labeled. Left panels=unrestored reaches; right panels=restored
reaches; top panels=Buffalo Creek’ middle panels=Elm Creek; bottom panels=Rush River.
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Chapter 5

The response of macroinvertebrate community structure and function
to reach-scale restoration in agricultural streams of southern Minnesota

5.1 Introduction

Throughout much of the globe, human activities have resulted in drastic and pervasive

alterations to many of the defining characteristics of running waters, including their habitat

structure, hydrology, and supplies of nutrients and organic matter (Allan 2004). Recently,

scientists have recognized that the extent to which highly disturbed streams can provide

ecological services may depend on whether these systems can be managed or designed de

nouveau to maintain key ecological functions (Hobbs et al. 2011; Palmer et al. 2004). In

light of this realization, attempts to restore or rehabilitate degraded streams have become

widespread (Bernhardt et al. 2005).

The goals of many small-scale stream restoration projects are to stabilize stream chan-

nels by reducing local erosion and sediment deposition and to enhance biodiversity by

increasing structural heterogeneity of in-stream and riparian habitat (Roni et al. 2008). Of-

ten, such “restoration” activities are not intended to return streams to a strictly historical or

undisturbed condition, but rather seek to alter a degraded (i.e., physically unstable, habitat-

poor) system by enhancing channel stability and habitat availability. Typical restoration

activities at the stream reach scale include adding rock and wood structures to the stream

channel, re-vegetating the riparian zone, and re-meandering straightened channels (Roni

et al. 2008).

A foundational and possibly erroneous assumption of reach-scale stream restoration is

that “if you build it, they will come” – i.e., that the provision of physical habitat structure

will enable biotic recovery in streams that have undergone hydrologic and geomorphic dis-

turbances and associated biodiversity losses (Hilderbrand et al. 2005; Palmer et al. 1997a).

Although the number of studies tracking biotic changes in response to stream restoration

is still quite limited (Alexander and Allan 2007), a recent review of the available literature
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indicated that macroinvertebrate biodiversity is not typically enhanced by the restoration

of in-stream habitat, at least over time scales of less than one or two decades (Palmer et al.

2010).

The failure of reach-scale restoration to improve biodiversity may stem from the over-

riding influence of larger-scale drivers, such as patterns in land use throughout the wa-

tershed, that limit the occurrence of sensitive species in disturbed systems (Palmer et al.

2010). Even if larger scale restorations were undertaken, however, there is no guarantee

that ecosystem structure could be made to resemble a prior state, first because ecosystems

are naturally dynamic over time, and secondly because human activities have arguably cre-

ated novel ecological settings to which historical communities would not be well adapted

(Hilderbrand et al. 2005; Hobbs et al. 2011). Thus, the approximation of biodiversity to

historical levels may not represent a sufficient measure by which to gauge the ecological

recovery or enhancement of disturbed systems.

In theory, ecosystem function could be enhanced more readily than biodiversity in dis-

turbed systems, because multiple species may play similar functional roles (Hilderbrand

et al. 2005; Palmer et al. 1997a). Measurements of ecosystem function may also provide

a more comprehensive understanding of biotic condition than biodiversity measures alone

(Bunn and Davies 2000). Secondary production, for example, is an ecosystem function

that integrates several indicators of population success beyond species richness, including

density, biomass, growth rate, fecundity, survivorship, and life span (Benke 2010). Sec-

ondary production has been shown to be a sensitive indicator of a variety of human distur-

bance effects (Carlisle and Clements 2003; Lugthart and Wallace 1992; Sallenave and Day

1991; Shieh et al. 2003; Wallace and Webster 1996). In systems that are characterized as

resource-limited, increases in secondary production may reflect concurrent improvements

in the availability of habitat or food (French McCay and Rowe 2003). Higher values of

secondary production can further be interpreted as a proxy for greater food web support –

i.e., for resources available to higher trophic levels of conservation concern such as fish,
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amphibians, reptiles, or birds (e.g., French McCay and Rowe 2003; Wong et al. 2011).

In southern Minnesota, as throughout the midwestern United States, landscape distur-

bances associated with agriculture include the elimination of most wetlands, the conver-

sion of perennial plants to annual crops, the installation of artificial drainage networks, and

the use of fertilizers and pesticides (Galatowitsch and van der Valk 1994; Lenhart et al.

2011). These changes have altered stream water quality as well as stream hydrology, and

have caused widespread degradation of aquatic life (Minnesota Pollution Control Agency

2009a). Over the last two decades, a diverse group of volunteer organizations, academic

institutions, and local, state and national agencies have undertaken numerous restoration

projects in an attempt to improve water quality in the region; these projects have gener-

ally been conducted at the stream reach scale (Brezonik et al. 1999; Minnesota Pollution

Control Agency 2009a).

Secondary production studies have been used previously to gauge the recovery of stream

ecosystem structure and function following reach-scale restoration in low-order, forested

systems (Entrekin et al. 2009; Wallace et al. 1995). To our knowledge, however, the re-

sponse of secondary production to restoration has never been evaluated for streams in

highly modified agricultural regions.

Previously, we found that reach-scale restoration was not associated with significant

improvements in macroinvertebrate taxa richness in three highly disturbed agricultural

streams in Minnesota, USA (see Chapter 4, this dissertation). The goal of this study was to

evaluate the response of secondary production to reach-scale restoration in these streams,

by collecting invertebrate samples over the course of one year (excluding winter months)

from restored and unrestored reaches of each stream. Our objectives were to 1) quantify

and compare secondary production in restored and unrestored reaches, 2) identify differ-

ences in production between restored and unrestored reaches in terms of the contributions

of specific taxa, functional feeding groups, or habit groups, and 3) identify differences in

the relative production of different macroinvertebrate habitat types in restored and unre-
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stored reaches.

5.2 Methods

5.2.1 Study area

Prior to European settlement, land cover in southern Minnesota was primarily prairie inter-

spersed with thousands of poorly drained wetlands known as prairie potholes (Galatowitsch

and van der Valk 1994). The region is underlain by the Des Moines Lobe till, a dense, blue-

gray, fine-grained sub-soil covered with rich, black, silty-clay topsoil (Lenhart et al. 2011).

Today, >80% of the region is farmed intensively either as row crops (corn and soybeans)

or animals (hogs and cattle) (Natural Resources Conservation Service 1997). In addition,

a vast network of surface ditches and subsurface drain tiles installed over the course of

the last century has eliminated most wetlands from the landscape, increasing flow to the

drainage network (Brooks et al. 2003; Galatowitsch and van der Valk 1994). These dra-

matic changes in land use and hydrology have resulted in many water quality concerns

for streams and rivers, including high loads of nutrients, sediment, bacteria and pesticides,

and the degradation of in-stream and riparian habitat and aquatic life (Magner et al. 2004;

Minnesota Pollution Control Agency 2009a, 2009b).

5.2.2 Study sites

We examined the effects of reach-scale restoration projects implemented by the Minnesota

Pollution Control Agency (MPCA) to three streams in southern Minnesota: Buffalo Creek,

Elm Creek and Rush River (Figure 5.1). All three study streams are third-order systems,

with watershed areas approximately 100 - 300 km2 in size. Watersheds draining into the

streams are dominated by similar underlying geology and land use (i.e., corn-soy agricul-

ture). Each stream has also been listed by the MPCA as impaired for one or more of the

following stressors: turbidity, fecal coliform, low dissolved oxygen, and poor fish and/or in-

vertebrate Index of Biological Integrity (IBI) scores (Minnesota Pollution Control Agency

91



2009b). Prior to restoration, each stream also contained a site that was experiencing severe

bank erosion due to increased toe-slope shear of the stream channel, thereby endangering

the loss of adjacent landowner property.

Restoration activities in each stream included placement of boulders and large woody

debris in the channel to reinforce stream banks and redirect flow from erosion-sensitive

areas and toward the thalweg. Stream banks were also re-vegetated with low grasses and

shrubs, and silt fencing was installed along the edges of the stream where bare soil was

present. Finally, soil was added below steep banks to create tiered flood plain benches, with

the intention of decreasing stream power and concordant channel shear stress at high flows,

thus preventing banks/bluffs from collapsing directly into the main channel. The primary

goal of these efforts was to stabilize the stream channel and the loss of infrastructure by

preventing continued bank erosion and land loss. Secondarily, resource managers sought

to improve conditions for fish and invertebrate populations by increasing the structural

heterogeneity of in-stream habitat and reducing localized sediment deposition. Although

restoration activities were similar in all three study streams, they were implemented in

different years along variable lengths of stream channel: in 2001 along ∼100 m of stream

channel at Rush River, in 2006 along ∼750 m of stream channel at Elm Creek, and in

2008 along ∼100 m of stream channel at Buffalo Creek. Locations of restoration sites in

Universal Trasverse Mercater (UTM) coordinates (zone 15 N, datum NAD 1983) were:

Buffalo Creek (420088, 4966353); Elm Creek (397529, 4845570); Rush River (424061,

4928052).

Within each study stream, we established two study reaches: a 100 m reach of restored

channel, and a 100 m reach of unrestored channel. The unrestored reach was located up-

stream and was separated from the restored reach by a distance of 100 m. At Elm Creek,

where restoration had been conducted along a longer section of stream channel, we desig-

nated a 100m section at the upstream end of the restoration as the restored study reach.
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5.2.3 In-stream and riparian habitat

We measured a suite of in-stream and riparian habitat variables at 10 transects within each

study reach, in August 2010 (Table 5.1). Transects were spaced 10m apart, and consisted

of measurements made for 0.3m x 0.3m quadrats at four points spaced equally across the

stream channel, and a fifth point located in the thalweg. In each quadrat, we measured

water depth, and visually estimated the dominant substrate type (boulder, cobble, gravel,

sand, silt, clay, or detritus), the percent embeddedness of coarse substrates, and the percent

of coarse substrates covered by algae. At each transect, we also measured the vertical

length of bare soil on each bank to estimate the amount of bank erosion, and we visually

estimated the amount of contiguous undisturbed land within 100 m of the stream channel

to estimate the riparian buffer width. We used a spherical crown densitometer to measure

overhead canopy cover from the center of the stream and the right and left banks at each

transect. Stream discharge was measured once for each study stream in August, 2010,

using the velocity-area method (Wahl et al. 1995); discharge was assumed to be the same

for restored and unrestored reaches of each stream.

We calculated % boulder, % cobble, % gravel, % sand, and % silt as the proportion

of all measurements collected for each reach characterized by each substrate type. Mean

values for depth, thalweg depth, %embeddedness, depth of fines, %algae, bank erosion,

riparian buffer width, and %canopy cover were calculated across all measurements taken

in all 10 transects at each study reach.

5.2.4 Invertebrates

Invertebrates were collected from all study reaches over a one- to five-day period on six

different occasions in 2010: April 19-21, May 25-26, July 8-9, August 10-12, September

8-10, and November 1-5; unrestored and restored reaches of each stream were sampled

on the same day. During each sampling visit, we examined study reaches for five possi-

ble types of invertebrate habitat including, (1) riffles, (2) undercut banks and overhanging
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vegetation, (3) submerged or emergent macrophytes, (4) snags and woody debris, and (5)

debris dams/leaf packs. Using a D-frame kick-net (mesh size 500 µm), we collected one

subsample from each available habitat type (for a total of five subsamples). If all habitat

types were not present, or if they could not be accessed because of flow conditions, ad-

ditional samples were taken from the most abundant habitat types in order of abundance,

until a total of five subsamples had been collected. For each subsample, the D-net was

placed on the substrate or within the habitat type and a 0.09 m2 (1ft2) area immediately

upstream of the net opening was thoroughly disturbed. All debris collected in the net for

each subsample was transferred to a separate 0.5 L plastic sample jar, and preserved in 70%

ethanol.

In the lab, each subsample was spread evenly onto trays and all organisms were sorted

using a dissecting microscope. All sorted organisms were identified to the lowest possi-

ble taxonomic level (typically genus) using standard keys (e.g., Merritt et al. 2008), and

measured to the nearest 1mm. Organisms were assigned to functional feeding and habit

groups using information in Merritt et al. (2008). Detrivorous and herbivorous shredders

were assigned to the same functional feeding group (shredders). Clingers and climbers

were assigned to the same habit group (clingers). Taxa with multiple habit modes were

assigned to a group called “multiple”.

Invertebrate biomass was estimated using length-mass regressions from Benke et al.

(1999). Secondary production was estimated for common taxa using the size-frequency

method with a correction for cohort production interval using size-frequency histograms

(Benke and Huryn 2006). For rare taxa, secondary production was estimated using pub-

lished production to biomass ratios (Benke 1993; France 1993; Krueger and Waters 1983;

Stagliano and Whiles 2002) (see Appendix C.1). Nontanypodine chironomid production

was estimated using the instantaneous growth method, where growth was estimated using

temperature and size-specific growth rates from Walther et al. (2006).
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5.2.5 Statistical Analyses

Macroinvertebrate biomass and secondary production were standardized to the total area

sampled during each visit. Biomass collected per sampling visit was compared across

study reaches using a two-way analysis of variance (ANOVA) on mean values with site and

treatment (i.e., restored or unrestored) as main effects. We also calculated mean biomass

collected per unit area of each habitat type sampled; these calculations omitted data col-

lected during April, because habitat subsamples from the April visit were not preserved

separately. We performed unpaired t-tests to compare in-stream and riparian habitat vari-

ables collected from restored and unrestored reaches of each stream site. All data analysis

was performed in R (version 2.14.0).

5.3 Results

5.3.1 In-stream and riparian habitat

Differences in habitat variables between unrestored and restored reaches depended on

stream site (Table 5.1). Unrestored reaches had significantly higher embeddedness of

coarse substrates than restored reaches at Buffalo Creek and Elm Creek. Restored reaches

also tended to have higher prevalence of cobble and gravel and lower prevalence of sand

relative to unrestored reaches at all three streams, although these differences were not sig-

nificant in unpaired t-tests. Mean bank erosion was significantly greater for restored reaches

at Buffalo Creek. At Rush River, water and thalweg depth were significantly higher in the

restored reach relative to the unrestored reach.

5.3.2 Biomass and secondary production

Mean invertebrate biomass collected per sampling visit was more than twice as high in

restored reaches (mean=759.1 mg/m2) than in unrestored reaches (mean=320.0 mg/m2);

however, this difference was only marginally significant (Tukey’s HSD, p=0.075). Biomass
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was highly variable at both reach types depending on the sampling date (Figure 5.2), which

likely diminished the significance of treatment effects. Mean biomass collected per sam-

pling visit was significantly higher at Buffalo Creek relative to Rush River (Tukey’s HSD,

p=0.043); there were no other significant trends in biomass related to stream site or the site

x treatment interaction.

Estimates of annual secondary production for all study sites were generally lower than

values documented in studies of other similarly-sized agricultural or prairie streams (e.g.,

Cache la Poudre River, Big Creek, North Branch Creek, King’s Creek, Table 5.2; also

see Finlay (2011) for a meta-analysis of secondary production in human-dominated vs.

forested landscapes). The secondary production estimates we documented at Elm Creek

and Rush River were among the lowest reported for temperate streams in the literature.

The restored reach in each study stream yielded a rate of secondary production that was

approximately two to three times higher than the respective unrestored reach (Figures 5.3).

In all study reaches, secondary production was dominated by similar groups of taxa.

At Buffalo Creek, eight taxa (Simuliidae, Hydropsyche, Cheumatopsyche, Ceratopsyche,

Nectopsyche, Tricorythodes, Polypedilum, Heptagenia) accounted for 77% and 90% of to-

tal secondary production in the unrestored and the restored reach, respectively (Figure 5.4).

Five of these taxa were more (and in some cases, many times more) productive in the re-

stored reach than the unrestored reach. Production values were similar in both reach types

for Nectopsyche, Polypedilum and Heptagenia. Two taxa (Lepidostoma, Psychoglypha)

each accounted for at least one percent of total secondary production in the unrestored

reach but were not found in the restored reach. Baetisca, Maccaffertium and Rheotany-

tarsus were found in both reach types, but constituted greater than one percent of total

production only in the unrestored reach.

At Elm Creek, 11 taxa (Cheumatopsyche, Simuliidae, Nectopsyche, Hydropsyche, Hep-

tagenia, Ceratopsyche, Tipula, Taeniopteryx, Polypedilum, Stenelmis, Pseudocloeon) ac-

counted for 92% of total secondary production in the restored reach (Figure 5.5). A sim-
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ilar group of taxa dominated secondary production at the unrestored reach, with seven

taxa (Nectopsyche, Simuliidae, Pseudocloeon, Heptagenia, Taeniopteryx, Cheumatopsy-

che, Polypedilum) accounting for 74% of total secondary production. Most of the dom-

inant taxa at Elm Creek were more productive in the restored reach than the unrestored

reach, although the batid mayfly Pseudocloeon, the winter stonefly Taeniopteryx, and the

chironomid Polypedilum were more productive in the unrestored reach. Two taxa, Boyeria

and Glyphopsyche, each accounted for at least one percent of total secondary production in

the unrestored reach but were not found in the restored reach. Cricotopus, Orthocladius,

Thienemanniella and Leptophlebiidae were found in both reach types, but each accounted

for greater than one percent of total production only in the unrestored reach. Likewise,

Ceratopysche, Tipula, and Stenelmis also occurred in both reach types, but each accounted

for greater than one percent of total production only in the restored reach.

At Rush River, 11 taxa (Simuliidae, Tricorythodes, Orthocladius, Polypedilum, Nec-

topsyche, Atherix, Tipula, Stenelmis, Rheotanytarus, Cricotopus, Chironomus) accounted

for 77% of total secondary production in the restored reach (Figure 5.6). A similar group of

taxa (Simuliidae, Tricorythodes, Orthocladius, Polypedilum, Baetis, Dicrotendipes, Atherix,

Lepidostoma, Pycnopsyche, Rheotanytarsus) accounted for 70% of total secondary produc-

tion in the unrestored reach. Dominant taxa were more productive in the restored reach

than in the unrestored reach, except Baetis and Dicrotendipes, which was more productive

in the unrestored reach. A number of taxa that accounted for at least one percent of total

production were present only in one reach type or another – Acroneuria, Nectopsyche and

Tipula were found only in the restored reach, whereas Lepidostoma and Pycnopsyche were

found only in the unrestored reach. Other taxa appearing to occur in only one reach type

(Figure 5.6) actually occurred in both reach types, but each accounted for greater than one

percent of total production only in the reach type shown.
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5.3.3 Biomass and habitat type

Mean invertebrate biomass collected per unit area of each habitat type varied among stream

sites and reach types (Figure 5.7). Overhanging banks, riffles/runs and emergent/submerged

vegetation yielded approximately three to four times more biomass per unit area in the re-

stored reach of Buffalo Creek than the same habitat types in the unrestored reach; other

habitat types yielded similar amounts of biomass in both reach types. At Elm Creek, de-

bris dams, riffles/runs and large wood yielded more biomass per unit area sampled in the

restored reach than in the unrestored reach (fives times more in the case of debris dams).

In contrast, overhanging banks and emergent/submerged vegetation yielded more biomass

per area in the unrestored reach than the restored reach of Elm Creek. At Rush River, rif-

fle/runs, emergent/submerged vegetation and large wood produced more biomass per unit

area in the restored reach than the unrestored reach, whereas overhanging banks and debris

dams contributed more biomass per area in the unrestored reach than the restored reach.

5.3.4 Production by functional feeding groups

Collector-filterers were among the most productive feeding groups in all study reaches,

but were especially prolific in both reaches of Buffalo Creek and in the restored reach

of Elm Creek, where they comprised 54%, 78% and 61% of total secondary production,

respectively (Figure 5.8). Total production of collector-filterers also differed considerably

by reach type, with the restored reach of each stream yielding ∼ two to seven times more

production of collector-filterers than the unrestored reach. This difference corresponded

to the much larger production values associated with a few collector-filterer taxa (e.g.,

Simuliidae, Cheumatopsyche, Hydropsyche, Ceratopsyche) in restored reaches relative to

unrestored reaches.

At Buffalo Creek, other functional feeding groups were similarly productive in the re-

stored as in the unrestored reach. At Elm Creek, shredder and scraper production were ∼

twice as high in the restored reach than in the unrestored reach. Conversely, predator pro-
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duction was ∼four times higher in the unrestored reach, although predators contributed a

relatively small proportion to total production in both reach types. Production of other func-

tional feedings groups were similar in the restored and unrestored reaches of Elm Creek.

At Rush River, most functional feeding groups were ∼ twice as productive in the restored

reach than the unrestored reach. Production of herbivorous piercers was ∼ five times higher

in the restored reach, but in absolute terms was low in both reach types.

5.3.5 Production by habit groups

Clingers were the most productive habit group in all study reaches (Figure 5.9), and were

∼ two to four times more productive in the restored than the unrestored reach of each

study stream. Clinger biomass per area of each habitat type was also higher in restored

reaches than unrestored reaches for most habitat types in all three study streams (Figure

5.10). Burrowers were ∼ two to 10 times more productive in the restored reaches of the

study streams relative to the respective unrestored reaches. Sprawlers in Buffalo Creek

and Rush River were ∼ twice as productive in the restored reaches than in the unrestored

reaches; in Elm Creek, however, sprawlers were ∼ twice as productive in the unrestored

reach compared to the restored reach. Other groups (swimmers, skaters, and taxa with

multiple or unknown habit modes) were similarly productive in the two reach types of each

stream.

5.4 Discussion

Secondary production estimates for the study streams, especially in unrestored reaches,

were low compared to other similarly-sized agricultural systems. In a recent synthesis of

available secondary production studies, Finlay (2011) showed that streams draining water-

shed areas comparable in size (∼100 km2) to those for our study sites and dominated by

agricultural land use generally yielded macroinvertebrate secondary production estimates

>10 g/m2/yr; secondary production estimates for our sites, however, were all ≤10 g/m2/yr.
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Moreover, a comparison of our findings with those from a selected set of temperate agricul-

tural and prairie streams indicated that a headwater prairie stream in Kansas (Kings Creek,

Stagliano and Whiles 2002), a 5th order stream draining urban and agricultural land in the

Colorado Plains (Cache La Poudre River, Shieh et al. 2003), a 3rd order agricultural stream

in Illinois (Big Creek, Walther and Whiles 2011), and a headwater stream in the unglaciated

southeast corner of Minnesota (North Branch Creek, Krueger and Waters 1983) all yielded

secondary production estimates that were at least twice as high (and up to ∼25 - 60 times as

high) as our secondary production estimates for Buffalo Creek, Elm Creek and Rush River.

Relatively low secondary production at the study sites may reflect particularly stressful en-

vironmental conditions for macroinvertebrates, including flashy stream hydrology and high

loads of sediment, nutrients, or pesticides.

Stream reaches for which reach-scale restoration activities had recently been imple-

mented yielded higher secondary production estimates than the respective unrestored reaches

in all three streams we examined. Higher production in the restored stream reaches could

be interpreted as a sign of partial ecosystem recovery from the disturbed conditions these

streams experience. At the same time, however, higher productivity in the restored reaches

was due largely to the disproportionate success of a small number of dominant taxa (e.g.,

Hydropsychid caddisflies and black flies), suggesting that the effects of reach-scale restora-

tion on production in the study streams may be limited. Some dominant taxa in the study

streams have been shown to comprise important components in the diet of various fish

species (e.g., Johnson and Dropkin 1993), and thus could perhaps provide better trophic

support to some higher level consumers. However, additional study is needed to under-

stand whether higher trophic levels residing in or near the study streams would benefit

from the productivity we observed for certain macroinvertebrate taxa in restored reaches.

Such studies could seek to establish whether the success of higher trophic levels is gener-

ally limited by the availability of food as opposed to other constraints (e.g., habitat), and

which macroinvertebrate taxa might represent important or preferred food sources.
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Most taxa that exhibited higher production values in the restored reaches were clingers

that feed by collecting and filtering. Clingers tend to be characterized by traits enabling

flood resistance; namely, small, stream-lined bodies and/or the ability for attachment to

substratum. Because of these traits, clingers have been shown to become more diverse and

abundant relative to other taxa following flood disturbances (Townsend et al. 1997a). The

study streams have undoubtedly experienced recent high flow conditions, both during this

study and more generally. Changes in land cover dating back to the early 20th century, in-

cluding losses of wetland storage and conversion of perennial vegetation to row crops, have

rendered streams in the region more “flashy” than in pre-modern times; as a result, streams

exhibit higher peak discharge and decreased time to peak flow following precipitation. Av-

erage stream discharge has continued to increase further in recent years, following ongoing

increases in subsurface tile drainage, annual row crop coverage, and channel modifications

(Lenhart et al. 2011). The frequency and magnitude of severe weather events in the region

is also thought to have increased, a phenomenon that is among the predicted effects of a

changing climate (Karl et al. 2009). Precipitation totals in 2010 – the year we sampled

macroinvertebrates – were near or above record highs for many locations throughout Min-

nesota, with much of the precipitation occurring as heavy rainfall associated with severe

weather. The most notable storm occurred over a two-day period in late September, during

which more than 25cm of rain fell at several locations throughout southern Minnesota. This

event resulted in one of largest flash floods in Minnesota’s climate history, and flooding of

the study streams was evident a week later (e.g., Figure 5.11).

Previously, we showed that clinger taxa can comprise 60-70% of macroinvertebrate

abundance in the study streams, which likely corresponds to the frequent high flow condi-

tions these streams experience (see Chapter 4, this dissertation). However, the degree of

advantage conferred by clinger traits during flood disturbances is presumably predicated

on the availability of stable surfaces to which clingers can attach. Our finding that clinger

production was higher in restored reaches relative to unrestored reaches of all three streams
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indicates, first, that clinger taxa may be limited by a lack of stable habitat in unrestored

reaches, and second, that reach-scale restoration likely increased the availability of colo-

nizable habitats. Clingers apparently experienced these improvements across most of the

different habitat types we sampled.

We found additional evidence to suggest that the quality of specific habitat types for

macroinvertebrates may have improved following restoration. For example, we found

physical differences in the quality and quantity of coarse substrates between reach types,

with restored reaches having higher prevalence of coarse substrates (gravel, cobble), lower

prevalence of fines (silt, sand), and lower embeddedness compared to unrestored reaches

(though, in general, these differences were not statistically significant). We also found rif-

fle/run habitats in restored reaches yielded more invertebrate biomass per unit area than

riffle/runs in unrestored reaches at all three streams, suggesting that these habitats may

have represented higher quality or more stable resources for macroinvertebrates following

the implementation of restoration activities.

In a recent meta-analysis of 18 published studies, Walther and Whiles (2011) found that

macroinvertebrate production may be driven largely by standing stocks of organic matter

and wood. We did not quantify organic matter; however, we found at least some indirect

evidence that greater production in restored reaches may have resulted from greater reten-

tion of organic matter. Shredders, which are thought to rely primarily on coarse organic

matter for food, were substantially more productive in the restored reach than in the un-

restored reach at both Elm Creek and Rush River. Debris dams at Elm Creek were also

more productive per unit area in the restored reach than in the unrestored reach. This dif-

ference could be attributable to longer-lived or higher quality debris dams trapped by the

larger boulders and root wads added to the stream channel during restoration, a restora-

tion effect which has been documented elsewhere (e.g., Lepori et al. 2005). Some of the

higher production at the Buffalo Creek restored site may also have been a hidden effect of

increased debris retention – much of the emergent and submerged vegetation that yielded
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high amounts of invertebrate biomass per unit area in this reach was comprised of willow

cuttings that were added to the bank during restoration. These cuttings were frequently

submerged at medium to high flows, and tended to trap drifting organic material. In the

unrestored reach, however, submerged vegetation consisted primarily of reed canary grass

growing along the stream bank that appeared to retain less organic matter.

The study streams are highly turbid, a condition that likely results from high levels of

both suspended inorganic sediments and suspended organic matter (Lenhart et al. 2010).

Collector-filterers, which depend on suspended particulates for sustenance, were therefore

probably not limited by the availability of these resources in either the restored or unre-

stored reaches of the study streams. Thus, the higher productivity of collector-filterer taxa

in restored reaches was probably due to greater habitat availability for these taxa, most of

which were clingers, rather than to greater resource availability. However, it is possible that

the availability of food resources for other feeding groups limited their ability to capitalize

on any habitat improvements that may have resulted from restoration. Scrapers, which are

thought to rely on primary production as a food source, accounted for between 4% (unre-

stored reach of Rush River) and 11% (unrestored reach of Elm Creek) of total secondary

production among all study sites. These contributions are much lower than that predicted by

the River Continuum Concept (RCC) for third order, open-canopied, autotrophic systems

(Vannote et al. 1980), and suggests that primary production may have been limited in the

study streams. While unshaded streams are generally thought to support higher primary

production than shaded streams (at least for low-order systems) (Benke 1993; Stagliano

and Whiles 2002), high levels of suspended sediment are known to limit primary produc-

tion (Henley et al. 2000; Wood and Armitage 1997) and may have conteracted the effects of

an open canopy on our study sites. Indeed, secondary production was highest in the most

heavily shaded stream reach (i.e., the restored reach of Buffalo Creek). Sites which had

essentially no canopy cover (i.e., both reaches in Elm Creek) meanwhile did not support

markedly higher production than other sites.
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Apart from resource limitations, any benefits restoration may have had for other taxa

could have been precluded by their inability to tolerate other stressors acting on the study

streams. For example, suspended sediments can adversely impact macroinvertebrates via

multiple pathways beyond limitations to primary production (Henley et al. 2000). Addi-

tional and heretofore unquantified stressors could also be operating at the study streams to

reduce macroinvertebrate production. Elevated pesticide concentrations, for example, are

commonly associated with intensively managed agricultural systems (e.g., Sallenave and

Day 1991; Schäfer et al. 2007), and may have impacted the rates of secondary production

we observed. Although reach-scale restoration may have had a number of local effects on

in-stream habitat and resource availability, such activities can not be expected to address

other land or water quality issues that might limit the occurrence of more sensitive taxa.

As noted by Palmer et al. (2010), improvements in macroinvertebrate diversity in disturbed

landscapes will likely depend on larger scale conservation efforts, such as changes in agri-

cultural practices or the preservation of land.

5.4.1 Stream restoration and pathways for nutrient processing

Our finding of higher secondary production in restored reaches may be explained by in-

creased habitat availability compared to unrestored reaches; however, further study is needed

to examine the ways in which stream restoration may have interacted with other aspects of

in-stream nutrient processing to alter secondary production. For example, microbial activ-

ity regulates organic matter breakdown in many stream systems (e.g., Hieber and Gessner

2002). Microbes (fungi and bacteria) also play an important role in conditioning organic

matter – i.e., improving nutrient bioavailability – for higher level heterotrophic consumers,

such as macroinvertebrates (Anderson and Sedell 1979). From our study, it is unclear how

restoration activities may have directly or indirectly affected microbial community dynam-

ics, and further, how microbial dynamics may have translated to qualitative or quantitative

differences in overall ecosystem productivity. Holistic efforts to understand the implica-
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tions of reach-scale restoration for nutrient and organic matter processing in streams could

consider a number of questions related to these dynamics. Specifically, did changes to the

stream channel following restoration facilitate greater colonization and growth by bacterial

and fungal communities in the study reaches? Could greater microbial activity in restored

reaches have contributed to the release of dissolved and particular organic matter, and thus

fostered higher productivity among filter-feeding macroinvertebrates? Or, alternatively,

did the increase in productivity among collector-filterers in the restored reaches divert food

sources away from the microbial community, altering the path of nutrient flow for higher

consumers compared to unrestored reaches?

5.4.2 Annual variability

Further study is also needed to determine whether the low rates of secondary production

we documented in 2010 are representative of longer trends, and whether high flows, habi-

tat availability, sediment, or some other stressor may be suppressing production in these

streams. Although the study streams exhibited high flows in 2010, they have also experi-

enced low flow conditions during recent dry periods. For example, in September of 2009

(prior to our macroinvertebrate collections), stream width at the study sites was restricted

to a few meters around the thalweg (C.L. Dolph, personal observation; Figure 5.12). Low

flow conditions could create or exacerbate oxidative stress for aquatic life in the study

streams; indeed, Buffalo Creek has been listed as impaired for low dissolved oxygen by

the MPCA. In-stream habitat could be also limited at low flows, as large woody debris

and other structures that macroinvertebrates might otherwise colonize are only partially

submerged (see root wad in Figure 5.12). Low flows could also alter the trophic basis of

production in these streams. When the study sites were visited during September of 2009,

prevalence of algae and of scrapers such as Physa appeared to be much higher than they

were the following year (C.L. Dolph, personal observation). Lenhart et al. (2010) has also

documented lower concentrations of total suspended solids and higher concentrations of
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suspended algal material during lower flows in Elm Creek. Thus, at lower flows, primary

production may be of greater importance to stream trophic dynamics than we observed in

2010. Given the variable nature of these stream systems, a full characterization of the ba-

sis for macroinvertebrate production would likely require studies conducted over multiple

years.

5.4.3 Conclusion

Our findings highlight the added complexity conveyed by a consideration of functional, as

well as structural, indicators of stream condition. We previously found no differences in in-

vertebrate taxa richness or abundance between restored and unrestored reaches of the three

disturbed agricultural streams in this study (see Chapter 4, this dissertation). This find-

ing was consistent with a recent body of literature, reviewed by Palmer et al. (2010), which

suggests that typical stream restoration activities conducted at the reach scale do not appear

to significantly improve stream biodiversity. The lack of association between reach-scale

restoration and taxa richness likely stems from watershed- and basin-scale disturbances that

limit the pool of species available to colonize restored streams in highly disturbed ecosys-

tems. However, the higher secondary production we observed in restored reaches in this

study indicates that reach-scale restoration may have effects on invertebrate assemblages

and ecosystem function that are not captured by measures of taxa richness. Given that al-

tered stream ecosystems may never recover the biological composition that characterized

them in the past, monitoring changes in ecosystem functions such as secondary production

may enable more effective conservation decisions.
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Table 5.1: In-stream and riparian habitat variables collected from all three stream sites in Aug,
2010. Bold values were significantly different between restored and unrestored reaches in unpaired
t-tests (p<0.1).

Buffalo Creek Elm Creek Rush River
Habitat Unrestored Restored Unrestored Restored Unrestored Restored
water depth (m) 0.54 0.50 0.58 0.82 0.44 0.58
thalweg depth (m) 0.69 0.67 0.75 0.69 0.68 0.88
depth of fines (cm) 13 12 10 10 6 6
% embedded 86 64 63 40 24 28
% algae 1 2 1 2 24 28
% boulder 4 8 0 2 16 10
% cobble 8 20 12 14 20 30
% gravel 8 24 52 56 10 16
% sand 70 48 30 24 54 44
% silt 10 0 6 4 0 0
bank erosion (m) 2.0 2.6 1.6 2.4 0.5 0.7
riparian buffer width (m) 19 56 0 0 94 66
% canopy cover 64.2 63.7 6.7 0 24.7 12.7
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Table 5.2: Comparison of annual secondary production values among similar-sized temperate
perennial streams (arranged by decreasing production estimates). Values reported as dry mass (in-
cluding values from this study) or wet mass were converted to ash-free dray mass (AFDM) by mul-
tiplying by 0.9 or 0.18, respectively. Discharge and temperature values are annual means, except
where noted.

Site Location Production
(g/m2/yr)

Temperature
(◦C)

Discharge
(m3/s)

Reference

Cache la
Poudre River

Colorado 26.2 - 62 1.0 - 1.7 Shieh et al (2003)

Big Creek Illinois 15.1 - 26.2 13.8 - 14.7 0.096 - 0.65 Walther and Whiles (2011)
North Branch
Creek

Minnesota 23.8 9.5 0.2 Krueger and Waters (1983)

Kings Creek Kansas 19.7 13.9 0.01 Stagliano and Whiles
(2002)

Coweeta (C53) North
Carolina

13.9 12.9 0.001 Lugthart and Wallace
(1992)

Buffalo Creek:
Restored

Minnesota 10.2 11.0 1.8a This study

Blackhoof
River

Minnesota 7.8 7.4 7.8 Krueger and Waters (1983)

Elm Creek:
Restored

Minnesota 6.2 11.3 2.5a This study

Caribou River Minnesota 5.9 8.5 0.3 Krueger and Waters (1983)
Buffalo Creek:
Unrestored

Minnesota 4.2 11.0 1.8a This study

Bear Brook New
Hampshire

4.1 17.0 0.02 Fisher and Likens (1973)

Elm Creek:
Unrestored

Minnesota 2.2 11.3 2.5a This study

Shane, State &
Walton Creeks

Michigan 1.2-3.3 6.8-7.4 0.03 - 0.07 Entrekin et al. (2007)

Rush River:
Restored

Minnesota 1.6 11.7 0.85a This study

Rush River:
Unrestored

Minnesota 0.9 11.7 0.85a This study

a Discharge values are for low flow conditions in early August, 2010. These values likely underestimate
mean discharge for 2010, which was an exceptionally wet year. For example, mean discharge for 2010
at nearby High Island Creek (also a 3rd order stream, see Figure 5.1 was 6.5 m3/s. However, mean
annual discharge for High Island Creek from 1974-2010 was 1.1 m3/s, closer to the low flow conditions
we recorded for our study sites in August.
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Figure 5.1: Map of study region, indicating watershed areas of study streams, and watershed area
for High Island Creek.
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Figure 5.2: Invertebrate biomass (mg/m2) collected over time from restored and unrestored reaches
of Buffalo Creek (top), Elm Creek (middle) and Rush River (bottom) in 2010. Note the different
scales on the y-axes. Mean invertebrate biomass collected per sampling visit was significantly
higher in restored reaches (mean=759.1 mg/m2) than in unrestored reaches (mean=320.0 mg/m2;
Tukey’s HSD, p=0.075).
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Figure 5.3: Total secondary production of invertebrates (mg/m2/yr) at restored and unrestored
reaches of all three study streams in 2010.
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Figure 5.4: Dominant taxa contributing to secondary production at restored and unrestored reaches
of Buffalo Creek in 2010. Only taxa contributing at least 1% of total secondary production in each
study reach are shown.
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Figure 5.5: Dominant taxa contributing to secondary production at restored and unrestored reaches
of Elm Creek in 2010. Only taxa contributing at least 1% of total secondary production in each
study reach are shown.
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Figure 5.6: Dominant taxa contributing to secondary production at restored and unrestored reaches
of Rush River in 2010. Only taxa contributing at least 1% of total secondary production in each
study reach are shown.
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Figure 5.7: Macroinvertebrate biomass collected from different habitat types (May-Nov) in restored
and unrestored reaches of all study streams in 2010.
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Figure 5.8: Secondary production of functional feeding groups in unrestored and restored reaches
of all three study streams in 2010.
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Figure 5.9: Secondary production of habit groups in the unrestored and restored reaches of all three
study streams, in 2010.
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Figure 5.10: Mean biomass of clinger taxa collected per area of each habitat type sampled in the
unrestored and restored reaches of all three study streams in 2010.
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Figure 5.11: Flood conditions at the restored reach of Elm Creek on October 1, 2010.
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Figure 5.12: Low flow conditions at Elm Creek on September 26, 2009. Note that root wad and
boulder structures along the stream bank are only partially submerged.
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Appendix A

Results of partial Canonical Correspondence Analysis (pCCA) for fish

and invertebrate datasets at statewide, ecoregion, and catchment scales

Table A.1: Results of partial Canonical Correspondence Analysis (pCCA) using forward selection
of variables for statewide1, ecoregion2 and catchment3 datasets. Environmental variables are listed
in order of importance (–) indicates no significant relationship between community composition and
environmental variables was identified.

Spatial Unit Fish Invertebrates
Minnesota1 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.328 0.191 0.153 0.14
% species data explained 3.90 2.30 1.90 1.70
% species-environment relationship ex-
plained

42.80 24.90 32.80 30.10

Most influential environmental variables Latitude Air temperature
Catchment area Stream gradient

Longitude Catchment area
Stream gradient % Agriculture
% Agriculture Flow

North Central Hardwoods2 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.306 0.133 0.162 0.109
% species data explained 6 2.6 2.7 1.8
% species-environment relationship ex-
plained

45.4 19.6 34.7 23.5

Most influential environmental variables Stream width Stream width
Air temperature Stream gradient

Longitude % Forest
% Agriculture % Urban

% Fines Flow
Northern Glaciated Plains2 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.247 0.201 0.234 0.137
% species data explained 7.7 6.3 5.7 3.3
% species-environment relationship ex-
plained

34.9 28.4 34.9 20.4

Most influential environmental variables Catchment area Stream width
% Forest % Fines
Latitude Latitude
% Fines Flow

Precipitation (avg.) Precipitation (seas.)
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Spatial Unit Fish Invertebrates
Northern Lakes & Forests2 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.236 0.163 0.174 0.106
% species data explained 4.4 3 2.7 1.6
% species-environment relationship ex-
plained

39.6 27.3 36.3 22.2

Most influential environmental variables Catchment area % Fines
Gradient Catchment area

Longitude Longitude
Precipitation (avg.) % Urban

Latitude % Wetland
Northern Minnesota Wetlands2 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.238 0.152 0.178 0.115
% species data explained 11.5 7.4 6.4 4.2
% species-environment relationship ex-
plained

38.2 24.4 47.2 30.6

Most influential environmental variables Stream width Stream width
Air temperature Phosphorous

Nitrogen Dissolved oxygen
Precipitation (avg.)
Dissolved oxygen

Red River Valley2 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.413 – –
% species data explained 17.4 – –
% species-environment relationship ex-
plained

100 – –

Most influential environmental variables Conductivity –
Western Cornbelt Plains2 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.283 0.214 0.176 0.166
% species data explained 5.5 4.2 3.1 2.9
% species-environment relationship ex-
plained

39.1 29.6 34.8 32.7

Most influential environmental variables Catchment area Catchment area
% Forest Stream gradient

% Wetland Air temperature
Nitrogen % Agriculture

Stream depth Latitude
Baptism-Brule3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.467 0.418 0.33 0.205
% species data explained 16.6 14.9 11.7 7.3
% species-environment relationship ex-
plained

32.6 29.2 46.3 28.8

Most influential environmental variables % Forest Phosphorous
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Spatial Unit Fish Invertebrates
Conductivity % Forest

Precipitation (seas.) % Wetland
Nitrogen

Flow
Cannon3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.437 0.373 0.33 0.286
% species data explained 12.6 10.8 12.5 10.9
% species-environment relationship ex-
plained

53.9 46.1 53.6 46.4

Most influential environmental variables Longitude Thalweg depth
Stream gradient % Wetland

Chippewa3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.395 0.232 0.391 0.258
% species data explained 14.7 8.6 14.1 9.3
% species-environment relationship ex-
plained

63 37 46 30.4

Most influential environmental variables Longitude % Agriculture
Stream width Flow

Stream gradient
Cottonwood3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.197 – 0.352 0.205
% species data explained 19 – 17.2 10
% species-environment relationship ex-
plained

100 – 63.1 36.8

Most influential environmental variables Thalweg depth Catchment area
Stream depth

Des Moines Headwaters3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.306 0.269 0.363 0.301
% species data explained 14.6 12.8 11.9 9.9
% species-environment relationship ex-
plained

42.5 37.4 31.9 26.5

Most influential environmental variables Catchment area Catchment area
% Agriculture Stream gradient
Conductivity Longitude

Dissolved oxygen
Nitrogen

Eastern Wild Rice3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.268 0.182 – –
% species data explained 20.9 14.2 – –
% species-environment relationship ex-
plained

59.6 40.4 – –

Most influential environmental variables % Urban –
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Spatial Unit Fish Invertebrates
Stream gradient

Hawk-Yellow-Medicine3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.348 0.306 0.428 0.24
% species data explained 20.5 18.1 14.8 8.3
% species-environment relationship ex-
plained

34.8 30.7 51 28.5

Most influential environmental variables Catchment area Water temperature
% Urban Flow

Precipitation (avg.) Latitude
Stream depth

% Forest
Kettle3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.373 0.183 0.382 0.302
% species data explained 21.6 10.6 12.1 9.6
% species-environment relationship ex-
plained

67.1 32.9 55.8 44.2

Most influential environmental variables Catchment area % Fines
% Agriculture Catchment area

Little Fork3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.299 0.238 0.326 –
% species data explained 17.3 13.8 12.2 –
% species-environment relationship ex-
plained

55.7 44.3 100 –

Most influential environmental variables Catchment area % Fines
Precipitation (avg.)

Lower Minnesota3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.299 0.221 0.409 0.247
% species data explained 15.3 11.4 13.1 7.9
% species-environment relationship ex-
plained

36.5 27.1 62.3 37.7

Most influential environmental variables Catchment area Catchment area
% Agriculture Longitude

Latitude
Nitrogen

Lower St. Croix3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.405 0.324 0.345 0.256
% species data explained 16.7 13.3 10.3 7.7
% species-environment relationship ex-
plained

38.4 30.7 33.6 25

Most influential environmental variables Nitrogen Phosphorous
Stream width Stream depth

% Forest Precipitation (seas.)
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Spatial Unit Fish Invertebrates
Stream gradient Conductivity

Redwood3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.5 0.208 0.316 –
% species data explained 37.3 15.5 14.5 –
% species-environment relationship ex-
plained

61.2 25.5 100 –

Most influential environmental variables Longitude
Thalweg depthNitrogen

% Fines
Rock3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.248 0.079 0.384 0.239
% species data explained 26.9 8.6 21.2 13.2
% species-environment relationship ex-
plained

75.7 24.2 48.6 30.2

Most influential environmental variables Stream gradient Catchment area
% Fines Stream width

% Fines
Root3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.532 0.198 0.294 0.174
% species data explained 19.4 7.2 10.3 6.1
% species-environment relationship ex-
plained

50.7 18.9 39.5 23.3

Most influential environmental variables Stream gradient Catchment area
pH Water temperature

Precipitation (avg.) % Fines
Catchment area pH

% Forest
Snake3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.282 0.191 0.223 0.16
% species data explained 11.9 8.1 5.4 3.9
% species-environment relationship ex-
plained

44.2 29.9 34.7 24.9

Most influential environmental variables Catchment area Nitrogen
Stream gradient Catchment area

% Urban Stream gradient
% Agriculture Latitude
Phosphorous % Urban

St. Louis3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.375 0.264 0.259 0.209
% species data explained 16.6 11.7 8.2 6.6
% species-environment relationship ex-
plained

51.5 36.2 55.3 44.7
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Spatial Unit Fish Invertebrates
Most influential environmental variables Catchment area Catchment area

Stream width % Fines
% Wetland

Zumbro3 Axis 1 Axis 2 Axis 1 Axis 2
Eigenvalues 0.249 0.173 0.324 0.202
% species data explained 15.6 10.8 13.6 8.5
% species-environment relationship ex-
plained

46.6 32.3 37.9 23.7

Most influential environmental variables Longitude Flow
Stream width Precipitation (seas.)

Nitrogen % Fines
Stream depth
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Appendix B

Effect of habitat subsamples on compositional variability of macroin-
vertebrates

The number and types of habitats sampled in each study reach differed across sampling

visits, depending on the availability and accessibility of the different types. For example,

due to high flow conditions in early July, we were constrained to take a higher proportion

of subsamples from emergent vegetation than in other sampling months, because these

habitats could be accessed from the stream bank, whereas riffle habitats were too deep

to be sampled. For this reason, we chose to test whether any significant differences in

compositional variability of invertebrates between unrestored and restored reaches might

be explained by a sampling bias (i.e., some habitat types more consistently sampled in one

reach type than another). For each study reach, we calculated a percent similarity index

(PSI; Whittaker and Fairbanks 1958) between each pair of sampling visits based on the

habitat types sampled. PSI between two samples i and j is calculated as

PSIij =
H∑
k=1

min(pik, pjk)

where pi and pj are the percent abundances of habitat types k sampled in visits i and j,

respectively. A PSI value of one indicates that the same number of subsamples was taken

from the same habitat types during two different visits.

Simple linear regression was used to compare Jaccard distance values (based on pairs

of invertebrate samples) with corresponding PSI values (based on habitat types sampled

during each pair of visits).

PSI values were higher for Rush River than for Buffalo Creek (Tukey’s HSD, p=0.054).

However, there was no significant difference in habitat PSI values between unrestored and

restored reaches across all three stream sites (i.e., no effect of treatment in a two-way

ANOVA). That is, the proportion of sampling effort dedicated to each of the different in-

vertebrate habitat types was not more consistent over time in restored reaches compared to

unrestored reaches, or vice versa. Moreover, linear regression of Jaccard distance (between
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invertebrate samples) and the PSI index (for habitat types sampled during corresponding

visits) indicated no significant relationship between these two variables across all three

stream sites (p=0.56). These findings suggest that differences in compositional variability

between study reaches was not an artifact attributed to biased sampling of habitat types.
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Appendix C

Biomass, production, and P/B for individual macroinvertebrate taxa
collected from field sites in southern Minnesota

Table C.1: Macroinvertebrate mean standing stock biomass (B, mg/m2), production(P, mg/m2/yr),
and P/B at all study sites. IGR=instantaneous growth method; SF=size-frequency method*; P/B
estimate=secondary production was calculated assuming P/B=2 for semivoltine taxa, P/B=5 for
univoltine taxa and P/B=10 for bivoltine or multivoltine taxa; P/B KW= secondary production cal-
culated using P/B ratio published in Krueger and Waters (1983); P/B SW=secondary production
calculated using P/B ratios published in Stagliano and Whiles (2002); P/B F= secondary production
calculated using P/B ratio published in France (1993); P/B E=secondary production calculated using
P/B ratio determined from empirical equations in Benke (1993). Abbreviations for functional feed-
ing group (FFG) and habit group designations are: CF=collector-filterers, CG=collector-gatherers,
M=multiple, P-h=piercers-herbivores, Pr=predators, Scr=scrapers, Sh=shredders, U=unknown,
Cl=clingers, Bu=burrowers, Sk=skaters, Sp=sprawlers, Sw=swimmers.∗See Appendix D.1 for CPI
values used to correct production estimates derived using the size-frequency method.

Order Family Taxon B P P/B Method FFG Habit

Buffalo Creek: unrestored
Amphipoda Hyalellidae Hyalella 3.4E-04 1.0E-03 3.0 P/B F CG U
Coleoptera Elmidae Elmidae 0.8 3.9 5.0 P/B CG Cl

Dubiraphia 0.2 0.9 5.0 P/B M Cl
Macronychus 3.0 3.0 1.0 SF CG Cl
Stenelmis 9.9 36.9 3.7 SF Scr Cl

Hydrophilidae Helophorus 4.6E-02 0.2 5.0 P/B U Cl
Scirtidae Cyphon 0.8 3.9 5.0 P/B U U

Scirtes 0.3 1.6 5.0 P/B M Cl
Diptera Athericidae Atherix 6.0 16.3 2.7 SF Pr Bu

Ceratopogonidae Serromyia 1.4E-02 0.1 11.0 P/B SW Pr Bu
Chironomidae Chironomus 4.0E-02 0.6 14.8 IGR CG Bu

Cryptochironomus 0.1 1.9 16.0 IGR Pr Bu
Dicrotendipes 0.2 2.4 13.7 IGR CG Bu
Endochironomus 0.1 1.6 14.8 IGR CG Cl
Glyptotendipes 0.4 5.5 13.3 IGR CG Cl
Paralauterborniella 3.2E-02 1.1 34.3 IGR CG Cl
Phaenopsectra 1.5E-02 0.2 10.7 IGR Scr Cl
Polypedilum 14.9 280.7 18.9 IGR CG Cl
Saetheria 4.5E-02 0.6 14.0 IGR CG Bu
Stenochironomus 1.3 18.0 13.5 IGR CG Bu
Cladotanytarsus 1.3E-02 0.3 20.7 IGR CG U
Micropsectra 0.2 2.9 17.6 IGR CG Sp
Paratanytarsus 0.1 1.6 14.2 IGR CG Sp
Rheotanytarsus 2.5 53.0 20.9 IGR CF Cl
Tanytarsus 0.1 1.4 15.4 IGR CG Cl
Orthocladiinae 7.2E-04 4.0E-02 55.2 IGR Scr Bu
Brillia 0.5 8.7 17.4 IGR Sh Bu
Corynoneura 2.5E-02 1.2 48.7 IGR CG Sp
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Order Family Taxon B P P/B Method FFG Habit

Cricotopus 0.8 10.9 14.2 IGR Sh Cl
Eukiefferiella 1.6E-02 0.2 14.8 IGR CG Sp
Hydrobaenus 4.1E-02 0.2 4.2 IGR Scr Sp
Limnophyes 2.6E-02 1.1 42.1 IGR CG Sp
Lopescladius 4.3E-02 1.9 44.9 IGR CG Sp
Nanocladius 0.2 5.1 28.1 IGR CG Sp
Orthocladius 1.7 10.2 5.9 IGR Scr Bu
Parakiefferiella 0.5 10.2 21.2 IGR CG Sp
Rheocricotopus 0.9 14.0 15.9 IGR CG Sp
Thienemanniella 0.6 22.8 41.5 IGR CG Sp
Tanypodinae 0.8 5.9 6.9 SF Pr Sp

Dolichopodidae Dolichopodidae 6.6E-02 0.7 10.0 P/B Pr Bu
Empididae Hemerodromia 3.2E-02 0.3 10.0 P/B Pr Bu
Ephydridae Ephydridae 0.1 0.6 5.0 P/B M Bu
Simuliidae Simuliidae 14.9 302.2 20.3 SF CF Cl
Tipulidae Tipula 1.2E-02 0.1 8.0 P/B SW Sh Bu

Ephemeroptera Baetidae Baetidae 1.2 6.0 5.0 P/B CG Sw
Acentrella 0.3 0.8 2.5 SF CG Sw
Baetis 3.7 39.7 10.7 SF CG Sw
Centroptilum 0.5 5.2 9.8 SF CG Sw
Fallceon 0.2 5.7 26.0 P/B CG Sw
Procloeon 0.5 4.7 10.0 P/B CG Sw
Pseudocloeon 2.0 11.3 5.6 SF CG Sw

Baetiscidae Baetisca 12.1 60.5 5.0 P/B Pr Sp
Caenidae Caenis 6.7E-02 0.5 8.0 P/B SW CG Sp
Ephemeridae Hexagenia 0.3 1.7 5.0 P/B CG Bu
Heptageniidae Heptageniidae 5.2 26.1 5.0 P/B Scr Cl

Cinygmula 3.6 18.2 5.0 P/B Scr Cl
Heptagenia 28.0 202.1 7.2 SF Scr Cl
Leucrocuta 4.7 23.5 5.0 P/B Scr Cl
Maccaffertium 13.1 111.0 8.4 SF Scr Cl

Isonychiidae Isonychia 3.6 18.2 5.0 P/B CF Sw
Leptohyphidae Tricorythodes 8.6 186.9 21.7 SF CG Sp
Leptophlebiidae Leptophlebiidae 0.6 5.3 9.0 P/B SW CG Sw

Paraleptophlebia 6.7E-02 0.3 5.0 P/B CG U
Polymitarcyidae Ephoron 0.3 1.4 5.0 P/B CG Bu
Potamanthidae Anthopotamus 1.2E-03 6.1E-03 5.0 P/B CF Bu

Hemiptera Corixidae Corixidae 2.3 10.6 4.6 SF P-h Sw
Odonata Coenagrionidae Coenagrionidae 3.5 17.3 5.0 P/B Pr Cl

Argia 1.4 7.0 5.0 P/B Pr M
Plecoptera Perlidae Acroneuria 6.2 12.3 2.0 P/B Pr Cl

Perlesta 0.2 1.5 8.0 P/B SW Pr Cl
Taeniopterygidae Taeniopteryx 7.6 38.2 5.0 P/B Sh Sp

Trichoptera Brachycentridae Brachycentridae 0.5 2.2 4.8 P/B E M Cl
Hydropsychidae Hydropsychidae 1.5 7.7 5.0 P/B CF Cl

Ceratopsyche 59.3 293.4 5.0 SF CF Cl
Cheumatopsyche 89.9 850.8 9.5 SF CF Cl
Hydropsyche 125.3 743.4 5.9 SF CF Cl

Hydroptilidae Hydroptilidae 7.6E-02 0.4 5.0 P/B P-h Cl
LepidostomatidaeLepidostoma 21.8 98.0 4.5 P/B KW Sh M
Leptoceridae Leptoceridae 1.2E-03 6.1E-03 5.0 P/B M M
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Order Family Taxon B P P/B Method FFG Habit

Nectopsyche 31.2 350.7 11.3 SF Sh Sw
Oecetis 5.3E-02 0.3 5.0 P/B Pr M

Limnephilidae Psychoglypha 32.1 160.3 5.0 P/B CG Cl
Pycnopsyche 4.7 23.6 5.0 P/B Sh M

Buffalo Creek: restored
Coleoptera Elmidae Dubiraphia 3.4 16.9 5.0 P/B M Cl

Macronychus 5.8 5.8 1.0 SF CG Cl
Stenelmis 20.2 98.6 4.9 SF Scr Cl

Diptera Athericidae Atherix 18.7 49.4 2.6 SF Pr Bu
Chironomidae Chironomini 1.9E-03 0.1 55.2 IGR CG Bu

Chironomus 0.6 9.0 14.7 IGR CG Bu
Cryptochironomus 0.3 3.8 12.1 IGR Pr Bu
Cryptotendipes 6.4E-03 0.1 13.2 IGR CG Sp
Dicrotendipes 0.6 7.0 11.6 IGR CG Bu
Endochironomus 5.0E-02 0.2 3.8 IGR CG Cl
Glyptotendipes 3.0E-02 0.5 15.7 IGR CG Cl
Microtendipes 0.1 2.7 20.9 IGR CF Cl
Parachironomus 0.1 0.8 15.8 IGR Pr Sp
Paralauterborniella 1.3E-02 0.4 33.7 IGR CG Cl
Phaenopsectra 2.9E-02 0.6 20.7 IGR Scr Cl
Polypedilum 14.8 290.8 19.7 IGR CG Cl
Saetheria 1.5E-02 0.2 10.7 IGR CG Bu
Stenochironomus 0.2 2.6 10.7 IGR CG Bu
Stictochironomus 0.2 2.5 15.9 IGR CG Bu
Cladotanytarsus 3.8E-02 1.4 36.9 IGR CG U
Micropsectra 1.5 24.4 15.9 IGR CG Sp
Paratanytarsus 2.5E-02 0.4 14.6 IGR CG Sp
Rheotanytarsus 1.5 38.9 25.8 IGR CF Cl
Tanytarsini 2.9E-04 3.8E-03 13.2 IGR CG Cl
Tanytarsus 0.2 3.6 18.7 IGR CG Cl
Orthocladiinae 1.1E-02 0.4 38.5 IGR Scr Bu
Brillia 0.5 8.2 17.6 IGR Sh Bu
Corynoneura 3.2E-02 1.3 39.6 IGR CG Sp
Cricotopus 1.8 27.2 15.4 IGR Sh Cl
Eukiefferiella 0.1 0.5 4.2 IGR CG Sp
Lopescladius 1.6E-02 0.3 17.1 IGR CG Sp
Nanocladius 0.5 11.9 22.5 IGR CG Sp
Orthocladius 5.6 30.9 5.5 IGR Scr Bu
Parakiefferiella 0.6 8.2 14.7 IGR CG Sp
Parametriocnemus 2.7E-02 0.6 20.7 IGR CG Sp
Rheocricotopus 1.0 21.2 21.5 IGR CG Sp
Thienemanniella 0.6 25.6 45.6 IGR CG Sp
Tvetenia 4.3E-02 0.9 20.7 IGR CG Sp
Tanypodinae 0.7 4.4 6.4 SF Pr Sp

Simuliidae Simuliidae 138.9 3455.2 24.9 SF CF Cl
Tipulidae Tipulidae 7.8E-02 0.4 5.0 P/B Sh Bu

Erioptera 0.2 1.0 5.0 P/B CG Bu
Ephemeroptera Baetidae Baetidae 0.6 2.8 5.0 P/B CG Sw

Acentrella 0.7 2.2 3.3 SF CG Sw
Baetis 3.8 37.0 9.8 SF CG Sw
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Order Family Taxon B P P/B Method FFG Habit

Centroptilum 0.7 7.6 10.7 SF CG Sw
Fallceon 0.4 10.7 26.0 P/B CG Sw
Pseudocloeon 3.4 17.6 5.2 SF CG Sw

Baetiscidae Baetisca 13.8 68.9 5.0 P/B Pr Sp
Caenidae Caenis 0.1 0.9 8.0 P/B SW CG Sp
Ephemeridae Hexagenia 5.6E-03 2.8E-02 5.0 P/B CG Bu
Heptageniidae Heptageniidae 1.2 5.9 5.0 P/B Scr Cl

Heptagenia 25.7 259.1 10.1 SF Scr Cl
Leucrocuta 1.6 8.0 5.0 P/B Scr Cl
Maccaffertium 6.7 71.8 10.8 SF Scr Cl

Isonychiidae Isonychia 9.6 47.9 5.0 P/B CF Sw
Leptohyphidae Tricorythodes 20.2 439.5 21.7 SF CG Sp
Leptophlebiidae Leptophlebiidae 3.6 32.7 9.0 P/B SW CG Sw

Paraleptophlebia 5.6E-02 0.3 5.0 P/B CG U
Polymitarcyidae Ephoron 3.4 16.8 5.0 P/B CG Bu

Hemiptera Corixidae Corixidae 0.3 0.8 2.9 SF P-h Sw
Odonata Coenagrionidae Argia 0.2 1.1 5.0 P/B Pr M
Plecoptera Perlidae Acroneuria 24.9 49.8 2.0 P/B Pr Cl

Perlesta 0.3 2.6 8.0 P/B SW Pr Cl
Perlolidae Isoperla 2.5 13.7 5.5 P/B KW Pr Cl
Pteronarcyidae Pteronarcys 44.1 53.0 1.2 P/B KW Sh Cl
Taeniopterygidae Taeniopteryx 0.9 4.6 5.0 P/B Sh Sp

Trichoptera Brachycentridae Brachycentridae 14.8 70.9 4.8 P/B E M Cl
Hydropsychidae Hydropsychidae 6.3 31.5 5.0 P/B CF Cl

Ceratopsyche 124.8 746.9 6.0 SF CF Cl
Cheumatopsyche 238.6 1272.0 5.3 SF CF Cl
Hydropsyche 391.7 2298.3 5.9 SF CF Cl

Hydroptilidae Hydroptilidae 0.1 0.6 5.0 P/B P-h Cl
Leptoceridae Leptoceridae 0.5 2.7 5.0 P/B M M

Nectopsyche 35.7 369.0 10.3 SF Sh Sw
Oecetis 0.2 1.1 5.0 P/B Pr M

Limnephilidae Pycnopsyche 11.8 59.1 5.0 P/B Sh M
Psychomyiidae Lype 0.4 2.1 5.0 P/B Scr U

Elm Creek: unrestored
Amphipoda Hyalellidae Hyalella 1.7E-04 5.0E-04 3.0 P/B F CG U
Coleoptera Elmidae Dubiraphia 0.5 2.7 5.0 P/B M Cl

Stenelmis 5.7 12.8 2.3 SF Scr Cl
Gyrinidae Gyrinus 4.4 21.9 5.0 P/B Pr Sw
Hydrophilidae Hydrophilidae 0.8 3.9 5.0 P/B Pr Cl
Scirtidae Scirtes 0.9 4.5 5.0 P/B M Cl

Diptera Ceratopogonidae Atrichopogon 1.4E-02 0.1 11.0 P/B SW CG Sp
Chironomidae Chironomini 5.0E-04 2.0E-02 39.8 IGR CG Bu

Chironomus 0.1 1.7 13.3 IGR CG Bu
Cryptochironomus 0.4 6.1 14.0 IGR Pr Bu
Dicrotendipes 0.5 3.5 7.4 IGR CG Bu
Endochironomus 1.5E-02 0.1 3.9 IGR CG Cl
Glyptotendipes 1.2 9.6 7.8 IGR CG Cl
Paralauterborniella 3.0E-02 0.4 14.8 IGR CG Cl
Phaenopsectra 0.5 6.4 11.9 IGR Scr Cl
Polypedilum 13.4 189.8 14.2 IGR CG Cl
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Robackia 6.4E-03 0.3 46.6 IGR CG Bu
Saetheria 0.1 1.6 16.4 IGR CG Bu
Stenochironomus 0.5 7.8 15.7 IGR CG Bu
Stictochironomus 2.9E-02 0.1 3.9 IGR CG Bu
Cladotanytarsus 9.6E-03 0.3 35.7 IGR CG U
Micropsectra 2.0E-02 0.1 7.2 IGR CG Sp
Paratanytarsus 1.5E-02 0.1 5.1 IGR CG Sp
Rheotanytarsus 0.9 20.0 22.6 IGR CF Cl
Tanytarsus 0.1 1.9 14.4 IGR CG Cl
Orthocladiinae 1.4E-03 0.1 39.8 IGR Scr Bu
Brillia 0.5 2.6 5.9 IGR Sh Bu
Corynoneura 0.1 1.3 24.7 IGR CG Sp
Cricotopus 3.7 58.8 16.0 IGR Sh Cl
Eukiefferiella 0.3 1.7 6.8 IGR CG Sp
Limnophyes 0.1 1.5 25.5 IGR CG Sp
Nanocladius 0.3 8.3 31.1 IGR CG Sp
Orthocladius 7.3 47.3 6.5 IGR Scr Bu
Parakiefferiella 0.2 2.9 15.5 IGR CG Sp
Rheocricotopus 0.6 9.4 15.0 IGR CG Sp
Thienemanniella 1.0 32.0 32.4 IGR CG Sp
Tvetenia 8.5E-03 0.3 40.6 IGR CG Sp
Tanypodinae 1.3 7.9 5.9 SF Pr Sp

Culicidae Aedes 4.7E-02 0.2 5.0 P/B CG Sw
Empididae Empididae 3.2E-02 0.3 10.0 P/B Pr Bu
Ephydridae Ephydridae 0.6 2.8 5.0 P/B M Bu
Simuliidae Simuliidae 11.7 275.7 23.6 SF CF Cl
Tipulidae Tipula 0.2 1.5 8.0 P/B SW Sh Bu

Ephemeroptera Baetidae Baetidae 0.8 4.2 5.0 P/B CG Sw
Acentrella 3.7 12.1 3.3 SF CG Sw
Baetis 7.5 62.1 8.3 SF CG Sw
Centroptilum 0.2 3.1 15.8 SF CG Sw
Pseudocloeon 32.6 231.2 7.1 SF CG Sw

Caenidae Caenis 2.0E-02 0.2 8.0 P/B SW CG Sp
Heptageniidae Heptageniidae 1.2 5.9 5.0 P/B Scr Cl

Cinygmula 1.2 5.9 5.0 P/B Scr Cl
Heptagenia 24.4 214.6 8.8 SF Scr Cl
Maccaffertium 0.7 3.8 5.9 SF Scr Cl

Leptohyphidae Tricorythodes 0.7 13.8 19.7 SF CG Sp
Leptophlebiidae Leptophlebiidae 3.2 28.5 9.0 P/B SW CG Sw

Paraleptophlebia 0.6 2.8 5.0 P/B CG U
Polymitarcyidae Ephoron 0.2 0.9 5.0 P/B CG Bu

Hemiptera Corixidae Corixidae 1.2 6.3 5.1 SF P-h Sw
Odonata Aeshnidae Boyeria 17.6 35.1 2.0 P/B Pr Cl
Plecoptera Perlidae Acroneuria 6.2 12.3 2.0 P/B Pr Cl

Taeniopterygidae Taeniopteryx 40.7 203.7 5.0 P/B Sh Sp
Trichoptera Hydropsychidae Hydropsychidae 0.1 0.7 5.0 P/B CF Cl

Ceratopsyche 3.9 19.4 5.0 SF CF Cl
Cheumatopsyche 48.9 202.3 4.1 SF CF Cl
Hydropsyche 6.0 32.9 5.4 SF CF Cl

Leptoceridae Nectopsyche 43.5 343.1 7.9 SF Sh Sw
Oecetis 1.2E-03 6.1E-03 5.0 P/B Pr M
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Limnephilidae Glyphopsyche 12.4 62.1 5.0 P/B Sh Sp

Elm Creek: restored
Amphipoda Hyalellidae Hyalella 3.9E-04 1.2E-03 3.0 P/B F CG U
Coleoptera Dytiscidae Liodessus 4.6E-02 0.2 5.0 P/B Pr Sw

Elmidae Elmidae 2.0E-02 9.8E-02 5.0 P/B CG Cl
Dubiraphia 0.7 3.6 5.0 P/B M Cl
Macronychus 2.3 7.0 3.0 SF CG Cl
Stenelmis 34.0 118.6 3.5 SF Scr Cl

Diptera Ceratopogonidae Ceratopogonidae 5.5E-02 0.6 11.0 P/B SW Pr U
Chironomidae Chironomini 2.5E-04 1.2E-02 46.6 IGR CG Bu

Chironomus 0.5 7.4 14.7 IGR CG Bu
Cryptochironomus 0.3 2.6 8.9 IGR Pr Bu
Dicrotendipes 0.7 6.4 9.7 IGR CG Bu
Glyptotendipes 1.5 12.1 8.3 IGR CG Cl
Phaenopsectra 2.9E-02 0.3 11.4 IGR Scr Cl
Polypedilum 8.8 151.2 17.2 IGR CG Cl
Saetheria 0.2 2.3 13.0 IGR CG Bu
Stenochironomus 0.6 8.4 14.6 IGR CG Bu
Cladotanytarsus 1.8E-02 0.3 16.0 IGR CG U
Micropsectra 0.1 0.4 4.5 IGR CG Sp
Paratanytarsus 5.7E-03 0.1 12.6 IGR CG Sp
Rheotanytarsus 1.4 33.7 23.3 IGR CF Cl
Tanytarsini 5.7E-04 1.9E-02 32.9 IGR CG Cl
Tanytarsus 5.4E-03 0.2 32.9 IGR CG Cl
Potthastia 0.1 1.0 14.2 IGR CG Sp
Orthocladiinae 9.0E-03 0.1 12.6 IGR Scr Bu
Brillia 2.0 14.1 7.2 IGR Sh Bu
Corynoneura 4.1E-03 0.1 12.6 IGR CG Sp
Cricotopus 3.2 51.6 16.0 IGR Sh Cl
Eukiefferiella 1.5 7.7 5.0 IGR CG Sp
Hydrobaenus 4.3E-02 0.2 3.9 IGR Scr Sp
Limnophyes 1.7E-02 0.9 50.5 IGR CG Sp
Nanocladius 0.1 1.7 31.2 IGR CG Sp
Orthocladius 8.2 43.5 5.3 IGR Scr Bu
Parakiefferiella 0.1 1.0 16.6 IGR CG Sp
Rheocricotopus 0.6 10.6 17.6 IGR CG Sp
Thienemanniella 0.2 6.2 36.8 IGR CG Sp
Tvetenia 1.6E-02 0.3 17.7 IGR CG Sp
Tanypodinae 0.2 2.1 8.8 SF Pr Sp

Empididae Empididae 0.1 1.2 10.0 P/B Pr Bu
Simuliidae Simuliidae 54.1 1251.8 23.2 SF CF Cl
Tipulidae Tipula 92.4 739.4 8.0 P/B SW Sh Bu

Ephemeroptera Baetidae Baetidae 0.8 4.1 5.0 P/B CG Sw
Acentrella 1.1 3.3 3.0 SF CG Sw
Baetis 7.0 76.4 10.9 SF CG Sw
Centroptilum 0.1 0.7 6.3 SF CG Sw
Fallceon 0.4 9.7 26.0 P/B CG Sw
Pseudocloeon 12.9 121.3 9.4 SF CG Sw

Caenidae Caenis 9.9E-03 7.9E-02 8.0 P/B SW CG Sp
Heptageniidae Heptageniidae 2.1 10.3 5.0 P/B Scr Cl
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Heptagenia 32.8 275.5 8.4 SF Scr Cl
Leucrocuta 0.6 2.8 5.0 P/B Scr Cl
Maccaffertium 2.0 22.0 10.9 SF Scr Cl
Stenacron 0.6 5.2 9.0 P/B KW Scr Cl

Isonychiidae Isonychia 6.0 29.8 5.0 P/B CF Sw
Leptohyphidae Tricorythodes 1.3 32.8 24.5 SF CG Sp
Leptophlebiidae Leptophlebiidae 2.0 17.9 9.0 P/B SW CG Sw
Polymitarcyidae Ephoron 0.6 2.9 5.0 P/B CG Bu
Potamanthidae Anthopotamus 1.5 7.3 5.0 P/B CF Bu

Hemiptera Corixidae Corixidae 0.7 1.9 2.8 SF P-h Sw
Odonata Coenagrionidae Coenagrionidae 1.9 9.3 5.0 P/B Pr Cl
Plecoptera Perlidae Perlesta 0.5 4.3 8.0 P/B SW Pr Cl

Taeniopterygidae Taeniopteryx 29.5 147.6 5.0 P/B Sh Sp
Trichoptera Hydropsychidae Hydropsychidae 3.6 17.8 5.0 P/B CF Cl

Ceratopsyche 74.5 342.0 4.6 SF CF Cl
Cheumatopsyche 374.3 1702.5 4.5 SF CF Cl
Hydropsyche 75.7 406.9 5.4 SF CF Cl

Hydroptilidae Hydroptilidae 0.8 3.9 5.0 P/B P-h Cl
Leptoceridae Nectopsyche 52.4 449.6 8.6 SF Sh Sw
Limnephilidae Pycnopsyche 1.3 6.3 5.0 P/B Sh M

Lenarchus 0.6 3.2 5.0 P/B CG Sp

Rush River: unrestored
Amphipoda Hyalellidae Hyalella 6.9E-04 2.1E-03 3.0 P/B F CG U
Coleoptera Elmidae Elmidae 6.3E-02 0.3 5.0 P/B CG Cl

Dubiraphia 7.8E-02 0.4 5.0 P/B M Cl
Stenelmis 3.0 10.9 3.7 SF Scr Cl

Diptera Athericidae Atherix 8.8 39.2 4.5 SF Pr Bu
Chironomidae Chironomus 1.5 22.7 15.1 IGR CG Bu

Cryptochironomus 0.6 10.7 18.9 IGR Pr Bu
Dicrotendipes 2.3 40.0 17.2 IGR CG Bu
Glyptotendipes 0.6 10.6 17.3 IGR CG Cl
Microtendipes 4.8E-02 1.0 20.5 IGR CF Cl
Parachironomus 2.5E-02 0.6 24.7 IGR Pr Sp
Paracladopelma 2.9E-02 0.4 14.2 IGR CG Sp
Paralauterborniella 6.4E-03 0.1 11.7 IGR CG Cl
Phaenopsectra 1.9E-02 0.4 19.2 IGR Scr Cl
Polypedilum 2.8 59.7 21.1 IGR CG Cl
Saetheria 0.3 4.0 15.4 IGR CG Bu
Stictochironomus 0.2 2.6 13.9 IGR CG Bu
Cladotanytarsus 4.4E-02 1.2 26.8 IGR CG U
Micropsectra 1.8E-02 0.4 22.5 IGR CG Sp
Paratanytarsus 0.3 7.2 22.4 IGR CG Sp
Rheotanytarsus 1.1 33.7 31.5 IGR CF Cl
Stempellina 3.6E-04 1.8E-02 49.1 IGR CG M
Stempellinella 7.6E-03 0.3 44.9 IGR CG Sp
Tanytarsini 9.6E-03 0.5 49.1 IGR CG Cl
Tanytarsus 0.4 11.7 26.4 IGR CG Cl
Diamesa 0.3 1.4 5.4 IGR CG Sp
Orthocladiinae 1.4E-03 0.1 56.0 IGR Scr Bu
Brillia 0.4 8.0 22.2 IGR Sh Bu
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Corynoneura 1.7E-02 0.8 46.4 IGR CG Sp
Cricotopus 0.8 17.7 21.2 IGR Sh Cl
Eukiefferiella 0.2 1.6 6.8 IGR CG Sp
Hydrobaenus 0.1 0.9 13.4 IGR Scr Sp
Limnophyes 1.6E-02 0.2 13.9 IGR CG Sp
Nanocladius 0.2 8.8 44.7 IGR CG Sp
Orthocladius 20.5 98.2 4.8 IGR Scr Bu
Parakiefferiella 0.6 12.1 21.9 IGR CG Sp
Psectrocladius 4.3E-02 2.1 49.1 IGR CG Bu
Rheocricotopus 0.1 1.6 17.7 IGR CG Sp
Thienemanniella 0.4 22.6 53.5 IGR CG Sp
Tvetenia 8.5E-03 0.5 56.0 IGR CG Sp
Tanypodinae 0.2 1.1 4.9 SF Pr Sp

Ephydridae Ephydridae 0.3 1.4 5.0 P/B M Bu
Simuliidae Simuliidae 6.6 144.6 21.9 SF CF Cl
Tipulidae Dicranota 1.8E-02 5.8E-02 3.3 P/B Pr Bu

Ephemeroptera Baetidae Baetidae 0.2 1.0 5.0 P/B CG Sw
Acentrella 2.3 11.8 5.2 SF CG Sw
Baetis 5.5 52.0 9.5 SF CG Sw
Centroptilum 1.6 17.7 11.4 SF CG Sw
Pseudocloeon 2.7 21.6 7.9 SF CG Sw

Caenidae Caenis 1.5E-02 0.1 8.0 P/B SW CG Sp
Heptageniidae Heptageniidae 0.3 1.7 5.0 P/B Scr Cl

Cinygmula 2.6E-02 0.1 5.0 P/B Scr Cl
Heptagenia 4.5 18.1 4.1 SF Scr Cl
Leucrocuta 0.2 1.0 5.0 P/B Scr Cl

Heptageniidae Stenacron 0.1 1.1 9.0 P/B SW Scr Cl
Leptohyphidae Tricorythodes 5.9 92.1 15.7 SF CG Sp

Hemiptera Pleidae Neoplea 8.3E-03 8.3E-02 10.0 P/B Pr Sw
Plecoptera Leuctridae Leuctridae 4.4E-02 0.2 5.0 P/B Sh Sp

Perlidae Perlidae 0.6 3.1 5.0 P/B Pr Cl
Pteronarcyidae Pteronarcys 4.2 5.0 1.2 P/B KW Sh Cl
Taeniopterygidae Taeniopteryx 0.2 1.2 5.0 P/B Sh Sp

Trichoptera Hydropsychidae Hydropsychidae 0.8 4.1 5.0 P/B CF Cl
Ceratopsyche 1.6 4.8 3.0 SF CF Cl
Cheumatopsyche 0.3 1.1 4.1 SF CF Cl
Hydropsyche 2.6 9.0 3.5 SF CF Cl

Hydroptilidae Hydroptilidae 0.7 3.5 5.0 P/B P-h Cl
LepidostomatidaeLepidostoma 9.0 40.6 4.5 P/B KW Sh M
Leptoceridae Leptoceridae 1.5 7.3 5.0 P/B M M

Oecetis 0.5 2.4 5.0 P/B Pr M
Limnephilidae Pycnopsyche 7.8 39.0 5.0 P/B Sh M

Rush River: restored
Coleoptera Elmidae Dubiraphia 3.5 17.5 5.0 P/B M Cl

Optioservus 0.2 0.8 5.0 P/B Scr Cl
Stenelmis 11.9 54.0 4.5 SF Scr Cl

Diptera Athericidae Atherix 21.4 82.4 3.8 SF Pr Bu
Chironomidae Chironomini 2.5E-04 1.2E-02 49.1 IGR CG Bu

Chironomus 2.4 38.4 15.9 IGR CG Bu
Cryptochironomus 0.2 5.0 21.7 IGR Pr Bu
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Dicrotendipes 1.8 33.3 18.7 IGR CG Bu
Glyptotendipes 0.1 1.5 23.0 IGR CG Cl
Microtendipes 0.3 3.7 11.0 IGR CF Cl
Paralauterborniella 6.4E-03 0.3 49.1 IGR CG Cl
Paratendipes 1.9E-03 0.1 49.1 IGR CG Bu
Phaenopsectra 0.1 1.7 16.8 IGR Scr Cl
Polypedilum 3.7 78.7 21.3 IGR CG Cl
Robackia 0.1 1.7 19.2 IGR CG Bu
Saetheria 0.4 9.7 26.3 IGR CG Bu
Stenochironomus 0.5 7.7 15.4 IGR CG Bu
Cladotanytarsus 0.1 1.7 33.1 IGR CG U
Micropsectra 0.1 1.7 31.8 IGR CG Sp
Paratanytarsus 0.2 8.4 34.5 IGR CG Sp
Rheotanytarsus 1.7 44.4 26.2 IGR CF Cl
Stempellinella 1.9E-03 0.1 40.6 IGR CG Sp
Sublettea 5.7E-03 0.3 49.1 IGR CG U
Tanytarsini 2.9E-04 1.4E-02 49.1 IGR CG Cl
Tanytarsus 0.3 10.6 32.6 IGR CG Cl
Orthocladiinae 7.2E-04 4.0E-02 56.0 IGR Scr Bu
Brillia 0.3 5.9 19.3 IGR Sh Bu
Corynoneura 2.6E-02 1.4 54.0 IGR CG Sp
Cricotopus 1.7 39.8 24.1 IGR Sh Cl
Eukiefferiella 0.2 1.9 9.4 IGR CG Sp
Nanocladius 0.3 13.2 49.2 IGR CG Sp
Orthocladius 28.5 122.6 4.3 IGR Scr Bu
Parakiefferiella 0.3 6.3 20.0 IGR CG Sp
Paraphaenocladius 1.6E-02 0.1 3.7 IGR CG Sp
Rheocricotopus 0.1 2.0 22.3 IGR CG Sp
Thienemanniella 1.0 29.5 30.1 IGR CG Sp
Tvetenia 2.4E-02 0.7 30.1 IGR CG Sp
Tanypodinae 0.3 2.9 8.8 SF Pr Sp

Ephydridae Ephydridae 0.3 1.5 5.0 P/B M Bu
Muscidae Muscidae 0.1 0.6 5.0 P/B Pr Sp
Simuliidae Simuliidae 14.5 358.8 24.8 SF CF Cl
Tipulidae Tipula 9.3 74.6 8.0 P/B SW Sh Bu

Ephemeroptera Baetidae Baetidae 0.2 1.1 5.0 P/B CG Sw
Acentrella 1.9 7.9 4.1 SF CG Sw
Baetis 3.9 33.6 8.6 SF CG Sw
Centroptilum 1.8 15.3 8.5 SF CG Sw
Fallceon 1.4E-02 0.4 26.0 P/B CG Sw
Pseudocloeon 2.0 14.5 7.3 SF CG Sw

Caenidae Caenis 2.2E-02 0.2 8.0 P/B SW CG Sp
Heptageniidae Heptageniidae 0.2 0.8 5.0 P/B Scr Cl

Cinygmula 2.6E-02 0.1 5.0 P/B Scr Cl
Heptagenia 1.0 9.4 9.4 SF Scr Cl
Leucrocuta 0.7 3.6 5.0 P/B Scr Cl
Maccaffertium 6.4E-02 0.3 4.2 SF Scr Cl

Leptohyphidae Tricorythodes 10.2 252.6 24.7 SF CG Sp
Leptophlebiidae Leptophlebiidae 3.3E-02 0.3 9.0 P/B SW CG Sw
Polymitarcyidae Ephoron 1.2E-02 5.9E-02 5.0 P/B CG Bu

Hemiptera Corixidae Corixidae 8.3E-03 1.8E-02 2.2 SF P-h Sw
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Veliidae Veliidae 4.5E-03 2.3E-02 5.0 P/B Pr Sk
Odonata Coenagrionidae Coenagrionidae 1.3E-02 6.3E-02 5.0 P/B Pr Cl

Gomphidae Gomphidae 2.2E-02 4.4E-02 2.0 P/B Pr Bu
Plecoptera Perlidae Acroneuria 9.6 19.2 2.0 P/B Pr Cl

Perlodidae Perlodidae 1.4E-02 7.0E-02 5.0 P/B Pr Cl
Taeniopterygidae Taeniopteryx 0.8 3.8 5.0 P/B Sh Sp

Trichoptera Brachycentridae Brachycentridae 1.4 6.9 4.8 P/B E M Cl
Hydropsychidae Hydropsychidae 0.2 1.0 5.0 P/B CF Cl

Ceratopsyche 7.0 27.4 3.9 SF CF Cl
Cheumatopsyche 2.6 11.3 4.3 SF CF Cl
Hydropsyche 3.4 11.5 3.4 SF CF Cl

Hydroptilidae Hydroptilidae 3.2 16.0 5.0 P/B P-h Cl
Leptoceridae Leptoceridae 1.2E-03 6.1E-03 5.0 P/B M M

Nectopsyche 7.0 77.1 11.0 SF Sh Sw
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Appendix D

Cohort production intervals estimated from size-frequency histograms
for selected taxa collected from field sites in southern Minnesota

Table D.1: Cohort production intervals estimated from size-frequency histograms for selected taxa
collected from field sites in southern Minnesota

Taxon Voltinism Cohort CPI (days)

Macronychus semivoltime – 730
Stenelmis univoltine – 365
Atherix semivoltime – 449
Tanypodinae bivoltine summer 161

winter 204
(mean) (183)

Simuliidae multivoltine spring 43
summer 34
winter 197
(mean) (91)

Acentrella univoltine – 365
Baetis bivoltine winter 259

summer 106
(mean) (183)

Centroptilum spring 113
bivoltine summer 118

(mean) (116)
Pseudocloeon univoltine – 197
Heptagenia bivoltine winter 259

summer 106
(mean) (183)

Maccaffertium bivoltine winter 259
summer 106
(mean) (183)

Tricorythodes bivoltine summer 77
winter 84
(mean) (81)

Corixidae univoltine – 329
Ceratopsyche univoltine – 329
Cheumatopsyche univoltine – 345
Hydropsyche univoltine – 329
Nectopsyche univoltine – 106
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